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Abstract
Microplastics (MPs) and surfactants are generally recognized as emerging contaminants with complicated 
ecotoxicological impacts. The majority of study data refers to laundry wastewater as a substantial source of MPs 
and surfactants in the aquatic system, which reaches aquatic environments through sewer discharges even when 
wastewater treatment facilities retain them. This study focused on releasing and removing contaminants from 
laundry wastewater, particularly MPs and surfactants. The electrocoagulation method was used to remove the 
pollutants from laundry wastewater. According to the results, a reference load of 2 kg of synthetic materials 
releases 92,700 to 1,14,300 synthetic microfibers (MFs). MFs, surfactants, and chemical oxygen demand (COD) 
removal efficiency are higher at neutral pH. The percentage removal efficiency of MFs, surfactants, and COD was 
97.9%, 91.2%, and 86.3%, respectively, at an operating time of 25 min, a current density of 300 A/m2 with 
optimum power consumption. The total operation cost of laundry wastewater treatment by electrocoagulation was 
US$0.53 /m3. The readers will gain a complete understanding of the removal of MFs and surfactants from laundry 
wastewater using the electrocoagulation technique.
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INTRODUCTION
Domestic laundry wastewater is a kind of greywater. The report estimates that there are 590 million washing 
machines in 38 countries, and the average yearly water use of each washing machine is approximately 
10 m3[1,2]. If such a huge volume of laundry effluent is released straight into the environment without 
treatment, it will enormously impact the ecosystem. Direct discharge of laundry wastewater may not only 
cause eutrophication but may also impair the functioning of wastewater treatment plants. The majority of 
laundry effluent enters the wastewater treatment facility directly via municipal wastewater piping, which, if 
reused after treatment, can conserve water resources. Laundry activities generate a large amount of 
wastewater high in lint, dye, oils, fats, suspended particles, surfactants, and microplastics (MPs)[3-5]. 
Surfactants and MPs are two common contaminants in laundry effluent that can affect the ecosystem. 
Surfactants have been shown in studies to not only harm the morphology and physiology of plants but also 
to significantly reduce sludge dewaterability[1,6,7]. The substantial majority of research data suggests that a 
significant source of microfibers (MFs) (Microplastics in the form of fibers: size is less than 5 mm) in the 
freshwater system is from laundry outlets[8-12]. For instance, De Falco et al. (2018), Belzagui et al. (2019), and 
Galvão et al. (2020) determined that laundry outlets released MFs at rates of 1.75 × 105 - 5.6 × 105, 12 × 105 
and 30 × 105 MFs/kg of cloth loads, respectively[8,9,11]. A significant accumulation of MPs and surfactants, 
along with their degraded products in aquatic environments, resulted in frequent exposure to living species, 
causing an ecological imbalance[13-15]. To date, the majority of research has focused on surfactant 
concentration, microplastic sources, distributions, estimates, and hazardous consequences[1,8,10,11,16-18]. 
Globally, the removal of MFs and surfactants from laundry outlets is a significant problem as well as a 
challenging task. There is an immediate need to take steps to eliminate these contaminants from laundry 
effluent.

Several literatures on the treatment of laundry wastewater based on various methodologies have been 
reported. The most often used methods include adsorption, chemical coagulation, biological, membrane 
filtration, electrocoagulation, floatation, and sand filtration or a combination of these techniques[4,17,19-22]. In 
spite of satisfactory results, each process has its own drawbacks. For example, adsorption is a pH-dependent 
process that requires longer treatment time, decreases adsorption capacity as the number of cycles increases, 
and requires high energy for regeneration. Similarly, the chemical coagulation approach necessitates the use 
of several chemicals. It cannot form flocs across a larger pH range. The pH must be regulated during the 
process, with the addition of acids and various coagulants. During the coagulation-precipitation process, a 
significant number of secondary pollutants, such as chloride and sulfates, are produced, and a large amount 
of sludge is also produced, which causes serious environmental issues[23]. In biological treatment, a large 
amount of space and prolonged time is required for effluent treatment. When it comes to membrane 
filtration, it causes fouling, which has a negative influence and reduces permeate flow. In this method, 
equipment and cleaning costs are expensive[19,24]. Floatation can easily separate microplastics from water or 
sediment. The drawback of this technique is that the removal efficiency is affected by the surface 
hydrophilicity of microplastics. The sand filtration technique is an easy and alluring option for wastewater 
treatment. However, it is reported that MPs can easily escape from sand filtration media in the presence of 
surfactants[25]. As a result, there is an urgent need for more reliable and cost-effective technologies that use 
fewer chemicals, consume less energy, and have a high capacity for pollutant removal. Electrocoagulation 
has gained widespread acceptance for pollutant removal from industrial and municipal wastewater. The 
reason could include the simple equipment design, ease of operation, rapid reaction rate, integration with 
various treatment techniques, and low operating costs[26,27].

Various researchers have also studied this process’s effectiveness in removing MPs and surfactants from 
multiple sources. Shen et al. (2022) reported the removal of MPs from synthetic wastewater[22]. The findings 



Yaranal et al. Water Emerg Contam Nanoplastics 2024;3:1  https://dx.doi.org/10.20517/wecn.2023.46 Page 3 of 15

indicate that aluminum anodes performed better than iron anodes in terms of removal rate, which was over 
90%. Perren et al. (2018) reported the removal of microbeads from synthetic wastewater using 
electrocoagulation with removal efficiency ranging from 90% to 99%[28]. Similarly to this, Elkhatib et al. 
(2021) collected final effluent from municipal wastewater and incorporated the synthesized MPs[21]. The 
finding indicated that 96.5% of MPs were removed using the aluminum electrode from electrocoagulation. 
Oktiawan et al. (2021), the study focused on the removal of surfactants using electrocoagulation[5]. Study 
results revealed that the efficiency of removal of surfactants was higher in aluminum electrodes compared to 
iron electrodes. From the literature, it is envisaged that electrocoagulation with the aluminum electrode is 
best suited for eliminating MPs and surfactants from wastewater. Therefore, electrocoagulation with an 
aluminum electrode is selected for the present study for the treatment of laundry wastewater; to the best of 
our knowledge, the electrocoagulation technique has not been investigated much for the treatment of 
laundry wastewater, especially focusing on MFs and surfactants.

This study provides insight into the discharge of MFs and anionic surfactants from regular household 
washings. Optical microscopy and Attenuated total reflectance - Fourier transform infrared spectroscopy 
(ATR-FTIR) spectroscopy were used for checking microfiber counts and chemical compositions. In 
addition, the methylene blue active substance (MBAS) method was used to determine surfactant 
concentration. A cost-effective and straightforward method was adopted to reduce the MFs, chemical 
oxygen demand (COD), and surfactant concentration from laundry wastewater. Further, a preliminary 
economic evaluation of the electrocoagulation process, which includes the overall power consumption and 
mass of electrode material utilized for treating laundry wastewater, was carried out. Consequently, based on 
this quantification, an estimate of the number of MFs released into the environment is performed and 
compared to previously published studies. The current study will assist readers in developing a thorough 
grasp of the features and treatment of laundry wastewater comprising key contaminants such as MFs and 
surfactants.

MATERIALS AND METHODOLOGY
Materials
All the chemicals used in the experimental study were Analytical and laboratory reagent-grade chemicals. 
Chloroform (CHCl3) and phenolphthalein indicator (C20H14O4) were purchased from Finar Chemicals. 
Methylene blue dye (C16H18ClN3S), and sodium dodecylbenzene sulfonate/linear alkylbenzene sulfonate 
(C18H29NaO3S) were purchased from Merck Life Science Pvt. Ltd, Mumbai, India. Hydrogen peroxide 30% 
(H2O2), hydrochloric acid 37% (HCL), ethanol 99% (C2H6O), sodium hydroxide (NaOH) and sodium 
chloride (NaCl) were purchased  from Sigma-Aldrich Chemical Pvt. Ltd. Sulfuric acid 98% (H2SO4) was 
procured from Thermo Fisher Scientific Pvt. Ltd. Nile red dye (C20H18N2O2), sodium Lauryl Sulfate 
(C12H25NaO4S),  sodium bicarbonate (NaHCO3) and sodium carbonate anhydrous (Na2CO3) were purchased 
from HI-Media Laboratories Pvt. Ltd, Mumbai, India. Polycarbonate track etching (pore size 0.2 m, dia 
25 mm) and nylon (pore size 0.2 m, dia 47 mm) filter papers were purchased from Sterlitech Corporation, 
USA and Axiva Sichem Pvt. Ltd, respectively. The electrocoagulation technique was carried out using 
aluminum electrodes. In order to maintain the effectiveness of the electrodes, diluted HCl (0.01 M) was 
used to clean the electrodes.

Washing machine discharge collection
Polyester lining fabrics were brought from different stores in India and washed (2 kg fabric materials). A 
top-load convection washing machine and liquid detergent were used. The quick program option in the 
washing machine was used to conserve energy and water (15 min, 45 L of ambient temperature water). 
Regularly, the discharge from washing machines was collected from residential areas, and it was determined 
that the sample’s average residual turbidity was 145 NTU (Lutron, TU-2016). The washing machine effluent 
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was turbid and muddy in color. Before beginning the experiment, the washing machine went through 
several blank washes to clean it.

Sample preparation
The fabrics were measured in terms of length and weight and classified based on materials before starting 
the experiments. After washing fabrics, machine outlet samples were collected and stored in glass containers 
at 4 °C. Further stored samples were characterized and utilized for electrocoagulation tests. To calculate the 
number of MFs present in washing machine outlet samples, 1 L washing machine outlet samples were taken 
and digested with hydrogen peroxide to remove organic and dirt materials[29,30]. After digestion, samples 
were filtered with polycarbonate track etching or nylon filter paper. To prevent contamination, the filters 
were always stored in glass Petri dishes. Subsequently, the filtered membrane was dried at 50 °C for 24 h and 
then characterized. Complete sample filtration was conducted in laminar flow to avoid any airborne MPs. 
Throughout the experiments, no plasticware was used, and special precautions were taken to avoid 
contamination.

Electrocoagulation experiment
The electrocoagulation operation was carried out using an electrochemical setup (semi-batch process) built 
of acrylic material with a 1.2 L volumetric capacity. Both of the electrodes were made with aluminum sheets 
with a surface area of 6.42 × 10-3 m2 and dimensions of 0.088 m × 0.073 m. In order to deliver consistent 
current, anode and cathode electrodes were connected to a direct current (DC) power source (0-30 V/10 A, 
DC Crown regulated power supply). Induced polarization takes place when a voltage is applied to the 
electrode ends, leading to the monopolization of the whole assembly. The distance between electrodes was 
maintained at 5 mm. A detailed schematic diagram of the electrocoagulation system is shown in Figure 1. 
Several current densities, ranging from 100 to 400 A/m2, were applied. It is observed that the removal 
effectiveness of the process approaches saturation when trials are carried out at current densities of more 
than 300 A/m2. These investigations demonstrated a comparable decrease in percentages in terms of 
pollutant concentration. However, current densities of less than 200 A/m2 were unable to completely 
eliminate all the contaminants that were over the acceptable limit. As a result, the experiments’ ideal current 
density of 300 A/m2 was chosen. Similarly, an electrocoagulation duration of 25 min was determined as the 
best working time since continuing the trials beyond this point results in negligible pollutant removal. As a 
result, the optimum conditions for all following experiments were 300 A/m2 (current density) and 25 min 
(treatment duration). To properly spread the coagulant matter generated by anodic oxidation, a magnetic 
stirrer with a continuous stirring speed of 180 rpm was used. The experiments were carried out using 
aluminum electrodes. The entire experimental and analysis process took place at room temperature. The 
after-electrocoagulation process samples were allowed to settle overnight, and then the supernatant solution 
was decanted for further MFs and surfactant analysis. The reactions that take place during 
electrocoagulation (at the anode, cathode, and bulk medium) are detailed below[31].

At anode:
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After settling the sludge, the supernatant solution was taken gently to further analyze MFs, anionic 
surfactants, and COD concentrations. The sludge was separated and then dried for 24 h at 45 °C in a 
vacuum drying oven. Each experiment was repeated three times. To study the influence of initial pH, the 
pH values were adjusted by using diluted H2SO4 and NaOH solutions.

Visual inspection, quantification, chemical composition, and morphological characterization
After the sample preparation, filtered membranes were subjected to visual sorting under an optical 
microscope, which is the most generally used approach for identifying MFs. Microfiber particles were 
categorized based on their forms and sizes. To determine the functional groups contained in the obtained 
samples, FTIR analysis of the MFs sample was performed using PerkinElmer Spectrum II. This type of 
spectroscopic investigation enables the accurate identification of the smallest synthetic plastic particles. 
After each electrocoagulation experiment, the sludge was recovered and dried at 45 °C for 48 h and further 
examined with a field emission scanning electron microscope (FESEM) (Manufacturer: Carl Zeiss; Model: 
Gemini 300) to study the morphological characterization of the sludge and MFs.

Anionic surfactant
Anionic surfactants were assessed via spectrophotometric techniques using methylene blue as the active 
substance, and this standard method was utilized to determine surfactant concentration in tap water (IS 
3025: Part 78: 2021, which is identical to ISO 16265: 2009). The technique works by forming an ionic pair 
between anionic surfactants and methylene blue. Anionic surface-active agents form salts in reaction with 
methylene blue in an alkaline medium. These salts are extracted with chloroform and acid treatment of the 
chloroform solution. Later, the absorbance of the isolated organic phase at the maximum absorption 
wavelength of 650 nm was measured by a double-beam UV spectrophotometer (Shimadzu, UV-2600)[3,32,33]. 
Identification of surfactant concentration using the UV spectrophotometer method was a tedious process, 
which has been simplified in the schematic diagram and shown in Figure 2. A detailed analytical procedure 
for determining anionic surfactant has been mentioned in the Supplementary material.

RESULTS AND DISCUSSION
The characteristics of laundry wastewater effluent parameters are shown in Table 1. Effluent waste from 
laundry was collected from domestic in October 2022 at IIT Guwahati, Assam, India. In this study, the 
results shown in Table 1 are the mean values of three test samples. The experiment was conducted at room 
temperature. Sample pH, turbidity, COD anionic surfactant, and concentration of MFs were analyzed.

Effect of pH
The pH of laundry wastewater is a very significant factor in the performance of the electrocoagulation 
process. To investigate the influence of pH, the laundry effluent pH was adjusted with dilute aqueous NaOH 
and H2SO4. Figure 3 depicts the removal efficiency of MFs, surfactant concentration, and COD at different 
pH after 25 min of electrocoagulation operation. From the figure, it can be seen that the removal efficiency 
of MFs in all the samples was above 90%, with pH levels ranging from 4 to 10. However, the removal 
efficiency of MFs at pH = 4 and 10 is slightly lower compared with pH = 6-8. Further, the removal efficiency 

In solution:

At cathode:

https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202311/wecn2046-SupplementaryMaterials.pdf
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Table 1. Characteristics of laundry wastewater before and after electrocoagulation treatment

SI. 
No. Parameters Initial effluent 

characteristics
Electrocoagulation operating parameters and 
cost estimation

After electrocoagulation 
treatment

1 pH 9.1 ± 0.5 8.9 ± 1

2 Turbidity 145 ± 10 NTU 1.2 ± 0.7 NTU

3 COD 830 ± 25 (mg/L) 112 ± 5 (mg/L) (> 85%)

4 Anionic 
surfactant

48 ± 3 (mg/L) 4.3 ± 1 (mg/L) (> 90%)

5 MFs 2,300 ± 240 MFs/L

T= 25 min, pH= 7, 
CD 300 A·m-2, Stirring speed 180; 
0.53 US$·m-3 (44 Rs·m-3)

50 ± 18/L (> 95%)

COD: Chemical oxygen demand; MFs: microfibers; NTU: nephelometric turbidity units.

Figure 1. Schematic diagram of the electrocoagulation set up. DC: Direct current.

of surfactant and COD was 91% and 85%, respectively, at pH 7. At pH = 7, the maximum removal efficiency 
of all contaminants was determined to be optimal. The results show that a more neutral pH is likely to 
provide greater removal due to the favorable formation of coagulants at neutral pH, which is in line with the 
results of Perren et al. (2018) and Dimoglo et al. (2019)[26,28]. The difference in removal efficiency with pH is 
due to the hydrolysis and polymerization of Al3+ in the pH range of 6-8, which leads to the formation of 
particles Al(OH)2+, [Al2(OH)2]4+, Al(OH)3, and highly charged polymeric hydroxy complexes [Al13(OH)32]7+, 
which are effective for coagulation. As the pH rises over 10, the main hydrolysis product is Al(OH)4, which 
inhibits the synthesis of anodized aluminum species as well as the adsorption of dispersed particles. The 
adsorption effect is negligible at low pH = 4 because only aluminum ions are present[14,26,28].

Effect of current density
Current density is an essential parameter in electrocoagulation operations since it is an operating factor that 
may be directly regulated using the DC power source. Figure 4 depicts the average removal rates for the 
various current densities from 100 to 400 A/m2. It can be observed from the figure that the change in 
current density has a considerable impact on the removal efficiency of MFs, surfactants, and COD 
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Figure 2. Schematic representation of the normalized analytical method for identifying anionic surfactants.

Figure 3. Efficiency of removing MFs, surfactants, and COD after 25 min of electrocoagulation at various starting pH levels. Electrode 
spacing is 0.5 cm, stirring speed is 180 rpm, and current density is 300 A/m2. COD: Chemical oxygen demand; MFs: microfibers.

concentrations. The removal efficiency increased with an increase in current densities. This is in line with 
Faraday’s law of electrolysis. When the current density of the cell is increased, metal ions released from the 
electrodes are also increased, and flocculants are likely to be present at high current density. Yet, there was 
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Figure 4. The effect of current density on MFs, surfactant, and COD removal efficiency reaction time 25 min time, pH 7, electrode 
spacing 0.5 cm, and stirring speed of 180 rpm. COD: Chemical oxygen demand; MFs: microfibers.

no apparent change in removal efficiency between 300 and 350 A/m2; taking operational cost into 
consideration, a current density of 300 A/m2 was found to be optimum, with a removal efficiency of 97%, 
90.6%, and 86% for MFs, surfactants, and COD, respectively. Hence, 300 A/m2 has been considered for 
further experiments.

Effect of processing time
The results of MFs, surfactant, and COD removal from laundry wastewater by electrocoagulation as a 
function of processing time are depicted in Figure 5. Contaminant removal efficiency starts increasing when 
the electrolysis duration is raised from 5 to 35 min, as seen in the figure. The results show that reaction time 
has a favorable influence on electrochemical treatment efficiency. Anodic electro-dissolution causes the 
release of coagulating species during electrocoagulation. Pollutant removal efficiency is directly related to 
metal ion dissolution concentration. The concentration of metal ions and associated hydroxide flocs in the 
water solution increases as the electrolysis duration increases. An increase in the treatment time results in a 
significantly greater removal. The time when coagulants are in excess and flocculation takes control appears 
to be between 20 and 25 min since current density seems to have a greater impact on contaminate 
elimination during this time period. Running the reactor for more than 25 min would result in excess 
coagulant with minimum effect on removal efficiency.

Additionally, prolonged operation results in increased electrode and energy consumption. Therefore, the 
operating time of 25 min was found to be optimum with a removal efficiency of 97.9%, 91.2%, and 86.3% for 
MFs, surfactant, and COD, respectively, at pH 7 and 300 A/m2. The initial turbidity decreased from 145 ± 10 
to 1.2 ± 0.7 NTU.

Characteristics of microfibers and flocs
Optical microscopic analysis
Laundry wastewater was observed under an optical microscope. The results confirmed the existence of MFs 
in all of the laundry wastewater samples [Figure 6A]. It was observed that laundry wastewater contained 
around 2,300 ± 240 MFs/L or 46,350 -57,150 MFs/kg fabrics. The length of the collected MFs varied between 
20 to 5,000 μm with a diameter between 10 to 20 μm. After electrocoagulation, the supernatant solution and 
sludge were observed under the optical microscope.
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Figure 5. Effect of electrolysis time on the removal efficiency of MFs, surfactants and COD. Reactor CD 300 is A/m2, pH 7, electrode 
spacing 0.5 cm, and stirring speed 180 rpm. COD: Chemical oxygen demand; MFs: microfibers.

Figure 6. (A) Microscopic images of MFs in laundry effluent; (B) sludge obtained after electrocoagulation. MFs: Microfibers.

Around 50 ± 18 MFs/L was observed in the supernatant solution. It was found that there was a huge 
deposition of organic and inorganic particles (soil/dust, surfactants, dye, heavy metals) on the surface of 
MFs, which makes the MFs precipitate easily [Figure 6B].

FTIR analysis
A total of ten samples of laundry effluent were collected, including replicates. After the procedure, the 
validation of microfiber polymer types was performed using ATR-FTIR. Spectra were scanned in the range 
of 4,000-400 cm-1. The raw spectra were processed using Bio-Rad KnowItAll software and identified the 
composition of MFs polymers. The graph obtained from the ATR-FTIR of microfiber particles was 
examined and depicted in Supplementary Figure 1. It can be seen from the figure that laundry wastewater 
contained a polyester type of polymer. The results were compared with reference samples using Bio-Rad 
KnowItAll software.

https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202311/wecn2046-SupplementaryMaterials.pdf
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FESEM analysis
After electrocoagulation, the flocs were analyzed using scanning electron microscopy. The presence of MFs 
in the sludge can be clearly seen in FESEM images, as shown in Figure 7. The FESEM study is reliable, 
consistent, and accurate, making it possible to measure the size of fibers present in laundry wastewater and 
sludge. The MFs are long and thick and often occur in aggregates within flocs. The size of the flocs was 
> 50 µm, which was confirmed using a scanning electron microscopic technique.

A proposed possible mechanism
Electrocoagulation is a complicated process that uses a combination of procedures that work together to 
remove contaminants from wastewater. It allows for anodic oxidation and the formation of in situ active 
adsorbent (for example, aluminum hydroxides). Simultaneously, cathodic reactions take place, and H2 gas is 
generated, allowing the absorbents to float[28,34]. The produced Al3+ ions instantaneously hydrolyze to form 
equivalent hydroxides and poly hydroxides at a suitable pH. Generated aluminum hydroxides and 
aluminum poly hydroxides have a stronger attraction to collect the contaminants in the wastewater, 
producing more coagulation compared to the typical aluminum coagulants[35,36]. Furthermore, the gas 
bubbles produced by water electrolysis might promote the floating of contaminants and coagulated 
materials. A possible mechanism is proposed based on the results obtained [Figure 8].

Natural clay particles, heavy metals, and dyes are usually negatively charged[28,37,38]. Monomeric species such 
as Al(OH)2+, Al(OH)2

+, Al2(OH)2
+, Al(OH)4, and polymeric species such as Al6(OH)15

3+, Al7(OH)17
4+, 

Al8(OH)20
4+, Al13O4(OH)24

7+, Al13(OH)34
5+, can neutralize the surface charges of heavy metals[23,31] dye, and clay 

particles[35,39], which ultimately leads to their surface deposition onto MFs during electrocoagulation.

(ii) Amorphous flocs of aluminum hydroxides have a wide surface area, which is advantageous for faster 
MFs adsorption[22,37].

(iii) Anionic surfactants are adsorbed on MFs, and the negative surface charges can be neutralized with an 
opposite charge or floc of aluminum hydroxides generated during the process. Further, it leads to the 
formation of larger flocs, and these flocs can be removed from the aqueous medium by precipitation or 
hydrogen flotation.

Operating cost analysis of electrocoagulation
The operating cost (US$·m-3 of effluent) of the electrocoagulation process mainly includes electricity and 
electrode costs. The operational cost was calculated using Equation 5[23].

where Qelectrode and Qenergy denote electrode material and electrical energy usage, respectively. “a” indicates the 
cost of the electrode (2.82 US$·kg of aluminum), and “b” means the cost of electricity use 
(0.0924 US$·kW·h-1). Faraday’s law was used to determine the consumption of electrode material[31]:
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Figure 7. Scanning electron microscopic images of MFs flocs after electrocoagulation. MFs: Microfibers.

Figure 8. Schematic illustration of surfactant stealth effect of MPs/MFs during coagulation. MFs: Microfibers; MPs: microplastics.

where I designates the current (A), t indicates the time of electrocoagulation process (s), M.W is the molar 
mass of aluminum (26.98 g·mol-1), V is the voltage (V), VL is the effluent volume (m3), F is the Faraday’s 
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constant (96,487 C·mol-1), and z is the number of electrons transported (z = 3). The energy and electrode 
costs for the electrocoagulation process increase with increasing current density. This is due to increased 
energy consumption and greater anodic oxidation. At 25 min of study, the total operation cost was 
0.53 US$·m-3 with a rising current density of 300 A·m-2.

A comparative study with various literature
The release of MFs from the laundry is influenced by various parameters, including textile properties (for 
example, fabric type and age), washing temperature, detergent properties and dosage, and abrasion during 
laundry[40,41]. New clothes shed more MFs during washing because of residues from the fabric production 
process[9]. Various literature estimates MFs detachment from fabrics. However, their results are difficult to 
compare since they employed utilized materials, different washing durations, and other detergents are 
presented in different units. A summary of these previously published works is shown in Table 2. According 
to what can be observed in the table, our data show fewer MFs than those of earlier studies. This may be due 
to less washing time, lower water temperature (25-30 °C), and use of liquid detergent, which resulted in less 
release of MFs in laundry outlets. Similar interference was also reported by[40,41].

The studies on the removal of MFs and surfactants in various wastewater using the electrocoagulation 
process are shown in Table 3. Significantly, the available research on the removal of MFs and surfactants 
from laundry wastewater by the electrocoagulation process is very limited. The comparison of targeted 
parameters and data based on pollutant removal obtained in this work suggests that aluminum electrodes 
are best suited compared to other electrodes. This is also comparable with the studies that have used 
aluminum electrodes for pollutant removal from various wastewater, as shown in the table. Further, the 
research conducted in this work could serve as benchmark data in the field of treatment of MFs and 
surfactants from the laundry industry.

CONCLUSION
Synthetic MFs accumulation and deposition in the aquatic ecosystem are presently undeniable. This work 
aimed to evaluate the presence of MFs in laundry wastewater and the effective removal of pollutants by the 
electrocoagulation process. From the study, it was envisaged that initial pH, operating time, and current 
density have a substantial impact on the removal of contaminants from laundry wastewater. The removal 
efficiency of MFs, surfactants, and COD is higher at neutral pH. The percentage removal efficiency of MFs, 
surfactants, and COD was 97.9%, 91.2%, and 86.3%, respectively, at an operating time of 25 min, a current 
density of 300 A/m2 with optimum consumption of electrodes. The Electrocoagulation system was effective 
in reducing more than 86% of the amount of pollutant concentration in laundry wastewater. Further 
research should look at the impact of NaCl percentage and current density on the efficiency and cost 
operations. A two-stage, continuous electrocoagulation reactor with membrane or adsorption or sand-based 
separation appears to be the most practical solution for a large-scale industrial electrocoagulation process. 
Additional studies may be conducted to investigate different reactor designs and combinations to improve 
the process.
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Table 2. Comparison of various works of literature with the present work

Type of fabric New 
clothes MFs numbers MFs length Surfactant 

concentration Ref.

Commercial garments (polyester, 
polypropylene)

Yes 12 × 105 - 35.40 × 105 MFs/kg 20 to 2,000 m n.d De Falco 
et al. (2018)[9]

Commercial garments (polyester) Yes 6.40 × 105 - 15 × 105  MFs/kg Avg. 360-660 m n.d De Falco 
et al. (2019)[10]

Textile garments (Polyester, 
polyester-elastane and polyamide-
elastane)

Yes 30,000-465,000 MFs/m2 20 to 5,000 m (avg. 0.2-0.4 mm) n.d Belzagui 
et al. (2019)[8]

Household clothes and linens 
(cotton, polyester, polyamide, 
viscose, elastane, acrylic)

No 30 × 105 MFs/kg 0.17 mm (50 to > 500 m) n.d Galvão et al. 
(2020)[11]

Polyester, polyamide, and 
polyacetate fabrics

Yes 74,816 ± 10,656 MFs/m2 5-4,000 m 
                                                                                (avg. polyester: 499.49 ± 505.65 μm, 

polyamide: 1,056.53 ± 761.42 μm, 
acetate: 1,128.00 ± 750.72 μm)

n.d Yang et al., 
(2019)[41]

Household clothes No 4,400-10,800 MFs/L 6-4,000 μm 8 ± 2 to 
                                                                                                                                                                                                                               800 ± 50 (mg/L)

Luo et al. 
(2022)[1]

Household lining fabric No 2,300 ± 240 MFs/L 
or 46,350-57,150 MFs/kg

> 50 to 5,000 μm 48 ± 3 (mg/L) Present 
work

Avg.: Average length; MFs: microfibers; n.d: not determined.

Table 3. Removal of MFs and surfactants in various wastewater using the electrocoagulation process

Type of 
wastewater Pollutants Treatment method Electrode Removal efficiency Ref.

Domestic 
wastewater (PE, 
PVC)

MPs Electrocoagulation-
electroflotation and 
membrane filtration

Al and Fe MPs 100% (Electrocoagulation and 
membrane)

Akarsu et al. 
(2021)[20]

Effluent from the 
local wastewater 
treatment plant

Polyester MPs 
(25 mg/L) were 
added

Electrocoagulation Al MPs 96.5% Elkhatib et al. 
(2021)[21]

Synthetic 
wastewater

MPs (PE, PMMA, 
CA, PP)

Electrocoagulation Al and Fe For Al: PE 93.2%, PMMA 91.7%, CA 
98.2%, PP 98.4%. For Fe: PE 71.6%, 
PMMA 58.6%, CA 85.4%, PP 82.7%.

Shen et al.
(2022)[22]

Secondary effluent of 
the sewage 
treatment plant

PE MPs 
(25
 were added

Electrocoagulation Al Surfactants 97.5% Xu et al. (2022)[12]

Laundry wastewater Surfactants Electrocoagulation Al Surfactants 80% Ramcharan and 
Bissessur 
(2017)[18]

Laundry wastewater Surfactants Electrocoagulation/ 
electroflotation

Al Surfactants 90% Dimoglo et al.
(2019)[26]

Laundry wastewater Surfactants Electrocoagulation Al-Al, Fe-Fe,
Al-Fe, and 
Fe-Al

72.89% in Al-Al, 54.33% in Fe-Fe, 
62.70% in Al-Fe, and 49.01% in Fe-Al

Oktiawan et al. 
(2021)[5]

Laundry wastewater MFs and 
surfactants

Electrocoagulation Al MFs 97.9%, Surfactants 91.2%, Present work

Al: aluminum; CA: Cellulose acetate; Fe: iron; MFs: microfibers; MPs: microplastics; PE: polyethylene; PMMA: polymethyl methacrylate; PP: 
polypropylene; PVC: polyvinyl chloride.
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Abstract
Although microplastics (MP) have been documented in estuarine habitats, limited published data exist for New
Hampshire and northern Massachusetts hampering meaningful, regional comparison with other geographies. Here
we synthesize previously unpublished data from several independent baseline studies spanning three estuarine
systems including Great Bay Estuary (GBE), Hampton-Seabrook Estuary (HSE), and Great Marsh Estuary (GME) to
compare geographic data for MP to other published regional studies. Data include water column in GBE (n = 179
from 7 sites), surface waters and salt marsh sediment cores from HSE (n = 72 water samples from 12 sites and
n = 77 sediment cores from 8 sites), and surface waters from GME (n = 42 water samples at 17 sites). Samples
were analyzed for MP characteristics initially via either automated confocal microscopy or light microscopy,
allowing initial estimation of the number and size distribution of putative MP. Particles from representative samples
were analyzed using laser direct infrared spectrometry (LDIR) to determine elemental analysis. MP were found in
> 98% of samples collected including surface waters, water column, and marine sediments. Counts ranged from 1
to 144,000 MP particles m-3 and mean MP differed significantly among regions, sites within regions, and across
years. In the GBE water column, MP tended to peak during June-August in 4 of the 5 years studied. Most MP were
roughly circular and ~50 μm in diameter. LDIR confirmed that many types of plastics are in these estuarine waters
and also revealed that despite the digestion processes, biogenic materials often remained, predominantly chitin,
rubber, wood, and coal. These data allow us to address the realistic levels of risk that estuarine MP pose in NH and
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northern MA estuaries and can be used to populate existing hydrodynamic models that will predict the tributary 
sources, movements, and fate of MP within these aquatic habitats.

Keywords: Microplastic, estuary, rural runoff, New England

INTRODUCTION
As early as the 1970s, marine scientists noted the occurrence of microplastic particles (MP, particles < 5mm) 
in nearly every aquatic system studied[1-7] and because of their persistence, MP is an emerging water 
pollutant of concern[8]. Recent studies have confirmed the roles that coastal systems play in attenuating 
microplastics[9], including deposition in marine sediments[10] and salt marsh peat[11-13]. Subsequently plastics 
have been found to serve as the substrate for the growth of microbes, both prokaryote and eukaryote[6,14-17], 
and as such, scientists have posited that MP are responsible for movement and redistribution of organisms 
both benign and harmful, within and across ecosystems[15,16,18-23]. Having codified that this new 
“Plastisphere”[17] realm constitutes a new and diverse microbial niche with biogeochemical 
consequences[21,24-26], there now exists a series of questions regarding the environmental fate and 
consequences of plastics and their epiplastic communities[27]. Numerous studies show that zooplankton, 
mollusks, fishes, crustaceans, birds, and cetaceans consume MP, and those particles are found in soft tissues, 
muscle, liver, and gut (10-1,000 s of particles per individual)[8,28-37]. Recent reports quantify actual levels of 
MP in seafood[38-42] with specific reference to MP location (gut, gills, tissues) within organisms. Numerous 
studies indicate that MP may damage aquatic organisms (including higher trophic levels) by blocking 
digestive tracts, and by altering feeding and reproductive patterns. To understand how MP are acquired and 
concentrated in living resources, data are needed for the ambient occurrence of MP in aquatic systems. A 
recent study of MP in Great Bay Estuary sediments[10] found levels as high as 100 ± 50 MP·g-1. Results of 
inputting MP sediment data into a hydrodynamic and particle transport model suggested the highest MP 
deposition occurs in regions with weaker hydrodynamic flows and lower bed shear stress such as eelgrass 
meadows and along the fringes of the Bay. Other models of MP settlement in estuaries recently have been 
published[43], and together such tools will enable prediction of the tributary sources, movements, and fate of 
MP within these aquatic habitats. To better inform such hydrodynamic models, data are needed for the 
ambient quantities, types, densities, sizes, etc. of MP currently present within these estuaries. Because MP 
have not been well studied in estuarine habitats of New England, additional studies were performed in three 
estuarine systems in this geography, including Great Bay Estuary (GBE) in New Hampshire, Hampton-
Seabrook Estuary (HSE) in New Hampshire and Great Marsh Estuary (GME) in Massachusetts to gather 
baseline knowledge of ambient levels of MP in the water column and intertidal sediments. Provided here is 
a summary of MP data from samples derived from contemporaneous independent studies conducted by our 
group. While it is important to note there are differences in approach, analysis, and study goals reported 
herein, the data constitute an important regional summary and a baseline in support of future work in this 
region.

METHODS
Sampled regions
The coastal GBE is surrounded by rural, agricultural, and forested areas and is fed by 7 tributaries that are 
typically low-discharge systems, providing limited freshwater[44]. In contrast, HSE and GME are barrier 
marsh systems that were formed behind the multi-state barrier beach system, serving as the primary coastal 
landform that protects homes, businesses, infrastructure, and estuarine resources of the marsh complex. 
Although these two systems each have their individual tidesheds, both ecologically and hydrologically, HSE 
is a component of GME, collectively spanning 10 municipalities from Cape Ann, Massachusetts to 
Hampton, New Hampshire. These three estuarine systems [Figure 1] contain some of the most outstanding 
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Figure 1. Map of New England (top left) and individual maps of estuarine sites where samples were analyzed for microplastics between 
2018-2023. (A) GBE, New Hampshire; (B) HSE, New Hampshire; (C) GME, Massachusetts. GBE: Great Bay Estuary; GME: Great Marsh 
Estuary; HSE: Hampton-Seabrook Estuary.

ecological and economic resources on the Eastern Seaboard thanks to unparalleled conservation actions and 
coordination of multiple regional organizations and agencies.

Multiple sites and sampling approaches within three New England regions were accessed to assemble a 
regional summary of MP in the geography provided herein [Table 1]. Although each of these studies is 
reported here, it should be noted that these efforts were not necessarily coordinated efforts; thus there are 
differences in methodology and approach. Nevertheless, all resulting data were analyzed using a uniform 
approach to create this summary regional report. In GBE and HSE, both in New Hampshire, water samples 
of different types (bulk and manta trawl) were collected. The GBE water column samples had been collected 
previously (2018-2022) for a multiyear survey of oyster larva abundance. Analysis of archived samples from 
a previous study of sediment size characteristics provided data for MP in GBE sediments[10]. Thus, sediment 
cores were collected only in HSE (at high and low marsh areas in 2021). There were no prior samples from 
GME, which is situated on the north shore of Massachusetts. At that site, only water samples were collected 
between 2021-2023 [Figure 1].

Field collections
Water sampling (GBE, HSE, and GME)
Water column samples from GBE were derived from samples archived from a prior study designed to 
document presence of oyster larvae. Previously preserved samples were derived from replicate horizontal 
tows using a 64 μm mesh net held at ~0.3 m below the surface, resulting in an average of 38 m3 of water 
sampled per tow[45]. In a separate study area, surface water in HSE was sampled using both manta trawl with 
330 μm mesh[46,47] and bulk sampling[47] whereas surface water sampling in GME employed only the 330 μm 
mesh manta trawl. At both HSE and GME, horizontal surface-water tows were performed resulting in an 
average of 166 m3 of water sampled per tow. Tows in GBE were made at slack tide and sample collections 
were timed to be as unaffected as possible by rainfall. Tows in HSE and GME were collected on an outgoing 
tide and rainfall within 48 hours was noted. The collected material was preserved and stored in the dark 
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Table 1. Details of samples from three New England estuaries that were investigated for microplastic content

Sampling location Sampling 
sites

Number of 
samples

Sampling 
period

Collection 
method

Flow rate 
(m·s-1)

Filter size 
cutoff

GBE water (Column) 7 179 Feb-Nov  
2018-2022

Subsurface trawl 0.5-1.0 5 μm - 5 mm

HSE water (Surface) 12 72 Jul-Sep 2021 Bulk N/A 5 μm - 5 mm

HSE water (Surface) 12 72 Jul-Sep 2021 Manta trawl 0.2 ± 0.01  
(0.003-0.6)

5 μm - 5 mm

HSE intertidal 
sediment

9 18 Jul 2021 4 cm × 10 cm cores N/A 1 μm - 5 mm

GME water (Surface) 17 42 May-Nov
2021-2023

Manta trawl 0.5 ± -0.04  
(0.2-1.3)

5 μm - 5 mm

GBE: Great Bay Estuary; GME: Great Marsh Estuary; HSE: Hampton-Seabrook Estuary.

until processed for MP. Field blanks were integrated with sampling; one blank was collected for every six 
environmental samples[47-49]. Manta trawl blanks were taken by rinsing the outside of the clean net with 
1 gallon of DI water and transferring liquid within the cod end into a glass jar[47].

Bulk water sampling (HSE)
Bulk samples were collected in tandem with all manta trawl samples at HSE. At each site, 1 L glass jars 
triple-rinsed with filtered H2O were used to collect water samples by submerging the jar just below the 
surface, allowing it to fill, and capping it underwater. Field blanks were integrated into the sampling plan, 
with one blank taken for every six samples collected by pouring ~1 L of DI water into a glass jar in the 
field[47]. All blanks were taken at established sampling locations to best replicate actual sampling 
conditions[47-49]. To assess variability among samples, replicates also were collected in the field[50,51] 
immediately following the initial sample collection.

Sediment core sampling
A prior published study[10] provides MP data for GBE. To investigate the potential for differential deposition 
by habitat location, HSE sediments were sampled in both high and low marsh habitats. A piston coring 
device (4 cm diameter and 10 cm long) was used to collect sediments proximal to surface water sampling 
sites in HSE [Figure 1]. The top 10 cm of the core was used for MP determinations, representing 
approximately 35-40 years of sediment accretion based on regional accretion rate data[52]. Cores were held 
on ice for transportation to the laboratory[46] and stored at 40 oF until processed.

Laboratory analyses
Efforts completed across the three estuaries were disparate, and various approaches were used to minimize 
cross contamination in the field and lab. All studies included filtering all reagents (0.2 μm), triple-rinsing 
glassware with filtered diH2O, performing manipulations under a fume hood, wearing cotton garb, and 
covering all containers with aluminum, glass, or paper lids whenever possible. Given that this report 
synthesizes data from a number of discrete studies that were not uniform in design or goals, the individual 
methods applied in each case follow.

Water column MP (GBE)
Preserved material from water column tows was thoroughly mixed and 3-5 μm filtered (47 mm PTFE; 
Sigma-Aldrich, USA) in a glass funnel system. Biofilms and organic matter were removed by stoppering the 
funnel and adding a 1:1 mixture of KOH (30%) with NaClO (14%, Alfa Aesar) to the filter and holding at 
60 °C for 24 h to digest biogenic matter[53]. The digest was vacuum filtered followed by one rinse with 



Page 5 of Brown et al. Water Emerg Contam Nanoplastics 2024;3:2 https://dx.doi.org/10.20517/wecn.2023.54 17

filtered diH2O and one subsequent rinse with filtered 50% methanol. After plugging the filter again, 2 mL of
Nile Red Working Solution (10 μg·mL-1 in n-hexane[54-56]) was added and allowed to incubate in the dark at
25 °C for 30 min. Following incubation, the filter was washed with 50% methanol then dried at 60 °C and
kept sandwiched between two large glass slides (Home Science Tools, USA) and allowed to dry in darkness
until subsequent analysis[57].

Microplastic particle counts were estimated initially using a fluorescent staining and automated imaging
approach. Confocal microscopy was performed by scanning filters (or portions thereof) using excitation:
487 nm and emission: 525 nm for Nile Red and (only for the HSE samples - see below) excitation: 409 and
emission: 450 nm for DAPI using a Nikon A1R HD according to standard methods described
by[10,49,54,56,58]. Depending on the number of particles, either whole, half, or one-quarter of each filter was
scanned and the images stitched together to create a composite. Automated image analysis of the full scan
was accomplished using the NIS-Elements program (Nikon Instruments Inc., USA).

Following confocal analysis, filters from representative samples (samples across years, sites, and with both
high and low MP counts) were handled according to the manufacturer’s recommendation to remove MP
and analyze them by LDIR. The prior filters were placed in a glass beaker with 2 mL of 70% ethanol and
stirred for 15 min to release MP particles into solution. The solution containing MP was introduced into
Fastwells™ reagent barrier (Grace Bio-labs, Bend, Oregon, USA) attached to a Kevley MirrIR™ slide (Kevley
Technology, Chesterfield, Ohio, USA), covered with a petri dish, and allowed to dry completely. Prepared
slides were marked with a black marker along the horizontal edge to improve sample flatness detection
prior to automated infrared analysis of count, size, shape, and elemental composition using the Agilent 8700
LDIR[59,60] and the supplied Microplastics Starter spectral library[61] using Clarify™ software. The library
contained a default set of > 50 polymer IR spectra plus spectra of biogenic particles such as coal, chitin, and
rubber, and spectra of other particle types that might typically be present in an environmental sample, e.g.,
silica. Counts of MP in these paired samples were analyzed to determine concurrence of the two methods.

Surface water and bulk sample MP (HSE and GME)
Manta trawl samples were wet sieved through stacked 5 and 0.3 (GME) or 0.1 mm (HSE) stainless-steel
mesh sieves using diH2O. Particles remaining on the 5 mm sieve were discarded. Solids collected on the
smallest sieve were transferred to a pre-weighed clean glass beaker, covered with aluminum foil, and placed
in a drying oven set to 60 °C until completely dry. Due to high amounts of organic matter, samples with
more than 15% settled visual organic matter were sub-sampled prior to sieving. Once dry, organic material
was eliminated using 30% hydrogen peroxide (30% H2O2, LabChem, USA) at 60 °C[46]. Following digestion,
samples with sand or sediment were density separated using a ZnCl2 solution (1.5 g·cm-1; Fisher Scientific,
USA)[62]. Following digestion and density separation, the remaining sample was vacuum filtered onto 5 µm
PTFE filters. GME samples were visually assessed using light microscopy while HSE samples were stained
for confocal microscopy. Bulk surface-water samples were immediately filtered onto 5 µm PTFE filters and
peroxide digested (op. cit.). Subsampling and density separation was not performed for bulk grabs as sand 
and sediment levels did not require this step.

Samples from HSE were subjected to confocal imaging following the same Nile Red staining process
described for GBE, after which MP in surface water and bulk samples were immediately incubated with
DAPI (1 mg·mL-1, Sigma-Aldrich, USA)[63] for another 30 min in the dark to counter-stain. This procedure
identified putative MP as those reflecting strongly for Nile Red (mean reflectance < 850 nm) but not
reflecting strongly for DAPI (max reflectance < 170 nm). Identified particles were counted, measured, and
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reflectance noted. Samples representing sites and MP count ranges were selected and processed for LDIR 
analysis as described for the GBE water samples. The LDIR spectra were compared to a library containing 8 
different polymer spectra. Samples from GME were analyzed using light microscopy only to identify MP by 
type and color, and were not subject to confocal or LDIR analysis.

Sediment core processing
Sediment cores were separated into 2 cm segments, dried, homogenized[10], and 1 µm sieved using filtered 
diH2O. Filtrates were again dried, digested over two days using wet peroxide at 60 °C[46], and vacuum filtered 
onto a 5 µm PTFE filter, after which particles were manually identified using light microscopy. Samples 
containing a large amount of material following digestion were density separated using 25 mL of ZnCl2 
solution (1.5 g·cm-1; Fisher Scientific, USA)[62]. Floating solids were collected by vacuum filtration onto a 
5 μm PTFE filter. MP in this fraction also were identified by type and color using light microscopy, and 
were not subject to confocal or LDIR analysis.

Statistical treatments
Normal distribution of data was tested by Shapiro-Wilk normality test. Kruskal-Wallis test was performed 
to investigate ambient MP concentration in all sample types and the P-values were adjusted by Bonferroni 
correction. Data derived from confocal and LDIR analyses were compared using paired two-sample t-test 
for means. All tests were performed in R.

RESULTS
Across the 179 GBE water column samples analyzed, the range of numbers of MP detected was 
0.08-4,528 MP particles m-3, with a mean of 467 ± 811 (median 115) MP particles m-3. Significant variation 
was observed across GBE sites (χ2 = 15.2, 6 df, P = 0.002), despite the fact that the estuary is 
uncharacteristically well-mixed[44,64] [Figure 2]. In GBE, where the same sampling procedure was used every 
year, there was significant variation in MP counts across the 5 years (P < 0.0001) [Figure 2]. Within years, 
because of high levels of variation, there were few significant differences in temporal (monthly) or spatial 
MP counts in GBE [Figure 3]. The majority of particles observed in GBE were very small, < 100 μm and 
fairly tightly focused around 50 μm. Elemental morphology of MP in the water column was highly variable 
where some samples contained only a few polymer types and others had complex mixtures of low and high 
density (ranging the gamut from PP to PVC), copolymers, and biogenic particles (especially cellulose, 
chitin, coal, and rubber) [Figure 4]. The size distributions (roughly 50 μm) and polymer variation (variable 
but often with more high density MP) of GBE water column MP were similar to the distributions observed 
in GBE sediments[10], an observation that was expected as MP and sediments co-transport[43]. Of recent 
particular interest is the occurrence of rubber particles (a.k.a. Tire Wear Particles, TWP) that have been 
identified in areas near urban runoff[65]. Rubber was detected in all GBE samples (ranging from 1%-28% of 
particles). This proportion is similar to that observed (15%-38% of all “MP” particles) in Guanabara Bay 
Brazil bottom sediments[65].

Across the 14 manta water samples from HSE, the range of MP counts was 0.45-30 MP particles m-3, with a 
mean of 11 ± 9 (median 8) MP particles m-3. For the 72 bulk water samples from HSE, the range of numbers 
of MP detected was 0-143,763 MP particles m-3, with a mean of 27,690 ± 29,860 (median 10,927) MP 
particles m-3. As observed in GBE, the majority of particles observed in HSE waters were very small, around 
50 μm [Figure 5]. Elemental morphology of MP in these water samples also was highly variable generally 
showing representatives of at least eight polymer types. Bulk grabs in HSE contained significantly more MP 
per volume than those collected with a manta trawl net. Similar findings have been noted across a range of 
MP studies comparing discrete grabs with manta trawls[47,66-69]. This outcome can be explained by differences 
in methodology; 300 mm trawl mesh captures only a subset of MP present, whereas bulk grabs of water 
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Figure 2. Overall variability in MP counts in water column samples from Great Bay Estuary shown by (A) location sampled; (B) year 
sampled; and (C) month. Significance level indicated by “*”. MP: Microplastics.

Figure 3. (A) Temporal and (B) spatial variation in MP counts from water column samples collected in GBE. Significance level indicated 
by “*”. GBE: Great Bay Estuary; MP: microplastics.
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Figure 4. Spectrally determined (LDIR) elemental composition of MP detected in representative water samples from Great Bay Estuary. 
Panels show data for (A) Nannie Island August 2020; (B) Nannie Island April 2021; (C) Oyster River July 2020; and (D) Adams Point 
October 2020. LDIR: Laser direct infrared spectrometry; MP: microplastics.

Figure 5. Physical parameters of MP collected in different estuarine water systems of New England using three types of water samplers, 
all estimated using a confocal microscopic analysis. Manta and bulk sample types were from Hampton-Seabrook Estuary only. Net 
samples were from Great Bay Estuary. MP: Microplastics.
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capture the full size-range of MP[47,70]. When comparing particle abundance derived from nets only (manta 
trawl in HSE versus plankton net in GBE), far fewer MP were observed in HSE than in GBE waters, very 
nearly 1,000× fewer particles. Those differences were most likely due to the hydrology of HSE, which has 
greater ocean influence and flow in/out. It also is possible that differences in particle density could account 
for lower MP abundance in the HSE surface sampling approach (top 0-0.2 m of the water column), vs. the 
slightly deeper water column GBE sampling (~0.3 m below the surface). Minor differences could be due to 
differences in spectral libraries used for LDIR, with the library used for the HSE samples having a smaller 
number of polymer types (8 vs. > 50 used for the GBE samples). The GME water samples, being analyzed 
only via light microscopy, yielded many fewer MP than the samples from other studies that were subjected 
to confocal fluorescent analysis. Across the 42 GME surface water trawl samples, the range of MP detected 
was 0.05-5 MP particles m-3, with a mean of 1 ± 0.2 (median 0.6) MP particles m-3. Significant variation was 
observed across GME sites (P = 0.002).

The numbers of MP vary considerably among each of these New England habitats. This is not surprising 
given the differences in methodologies, hydrology, and particular geographies[71]. The MP counts also are 
well-within the ranges reported for many other estuaries around the globe [Table 2].

As the study of MP progresses and expands, so do the methods utilized. The fortunate application of both 
confocal and LDIR analysis for many of the samples accessed in this survey provided for comparison of MP 
counts derived from both methodologies at two sites and using three sampling methods. In every case, 
LDIR microscopy yielded more particles than was obtained by confocal microscopy. For samples collected 
with plankton nets, MP were underestimated by a factor 5× when analyzed by confocal. For bulk samples, 
MP were undercounted by confocal microscopy by a factor of 6×. Samples collected by manta trawl were 
undercounted by a factor of 10×.

Across the eight salt marsh locations tested for MP sequestration, there were significant differences in the 
counts of MP·kg-1 (χ2 = 6.8, df = 7, P = 3 × 10-6). The majority of MP (60%-70%) found in HSE sediments 
were in the top 4 cm [low marsh (19,800 ± 6,900 kg-1), high marsh (13,900 ± 2,800 kg-1)]. More MP particles 
were found in HSE low marsh sediment samples (16,400 ± 3,900 kg-1 dry weight) than were found in high 
marsh samples (10,600 ± 1,500 kg-1), which floods less frequently than the low marsh on a lunar tidal cycle. 
The difference translated to 60%-70% more MP particles, but due to high variation among samples this 
difference was not significant (P = 0.45) [Figure 6]. The absolute numbers of MP detected in HSE marsh 
sediments were within the typical ranges of many other estuarine MP burdens [Table 3] and were an order 
of magnitude less than the numbers of MP found in GBE sediments[10].

DISCUSSION
Use of fluorescent staining is popular for MP studies because it is inexpensive and can be accomplished with 
less sophisticated microscopes. This study illustrates the ease with which hundreds of samples can be 
analyzed by that method but by no means is an endorsement of one approach over another. A caveat is that 
the numbers of particles can be greatly underestimated by staining for reasons that are well-documented, 
namely variations in handling (time and temperature of incubation with the stain[84]) and also the lower 
staining intensity of many polymers. Infrared spectral analysis of representative samples that previously 
were analyzed with Nile Red confocal fluorescence analysis provided a precise and accurate means to 
confirm size and shape analyses from the less stringent procedure and provided estimates of the 
proportional elemental composition of MP from waters and sediments.
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Table 2. Microplastic counts in selected estuaries

Sediment location MP count (max particles m-3) Ref.

Hampton-Seabrook Estuary (USA) 143,763 This study

Great Bay Estuary (USA) 4,528 This study

Great Marsh Estuary (USA) 5 This study

Chesapeake Bay (USA) 0.2 Bikker et al. 2020[72]

Delaware Bay (USA) 1 Cohen et al. 2019[73]

Estuary (India) 752 Suresh et al. 2020[74]

Estuary (China) 4,137 Zhao et al. 2014[75]

Estuary (Australia) 172 Hitchcock et al. 2019[76]

Estuary (Mauritius) 412,000 Ragoobur et al. 2023[77]

MP: Microplastics.

Table 3. Selected studies of microplastic counts in some coastal sediments

Sediment location MP count (max particles kg-1) Ref.

Hampton-Seabrook Estuary (USA) 20,000 This study

Great Bay Estuary (USA) 675,000 Cheng et al. 2021[10]

Narragansett Bay (USA) 13,000 Fulfer and Walsh 2023[78]

Tampa Bay (USA) 290 McEachern et al. 2019[66]

Coastal (Belgium) 213 Claessens et al. 2011[79]

Estuary (China) 340 Peng et al. 2017[1]

Salt marsh (Portugal) 23 Cozzolino et al. 2020[80]

Mangrove (Singapore) 63 Nor et al. 2014[81]

Lagoon (Italy) 2,175 Vianello et al. 2013[82]

Estuary (Mauritius) 135 Ragoobur et al. 2023[77]

Beach (Germany) 62,100 Liebezeit et al 2012[83]

MP: Microplastics.

Many of the data recounted here were made possible because samples for other (non-MP) studies were 
archived long ago and still were available. Because the studies took place over multiple years and by 
investigators in different laboratories, there was variation in the methodologies used to assess MP. Many 
water samples were collected using a plankton net whereas some other samples were collected using a 
manta trawl, also constructed of gradient mesh material. It is important to note that net sampling in 
estuarine waters is nearly always affected to some degree by the ambient levels of organic material, which 
can vary rapidly and greatly. Mesh can clog with phytoplankton chains, resuspended sediments, and 
gelatinous creatures such as ctenophonres, cnidaria, and organic debris (i.e., plant material and wrack, 
especially in estuarine waters). When nets become clogged, particles smaller than the actual mesh size are 
entrained and maintained in samples. For this reason, grab samples also were utilized in the recent HSE 
sampling. Furthermore, the increasing accessibility of high-throughput infrared analysis allowed 
improvement over time in the analysis of plastic type. This allowed the finding that although confocal 
analysis of Nile Red stained particles is a reasonable method to begin a survey, the LDIR is consistently a 
more valuable method because it identifies particles that are not effectively stained and the LDIR provides a 
definitive morphology. In the future, as sampling continues to evolve with apparatus such as the MuMi[85], 
more precise data can be obtained. Despite the limitations of net mesh sampling, this set of studies provides 
a remarkably consistent baseline for the presence and types of MP in these New England estuaries.
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Figure 6. MP found at eight locations in coastal marsh sediments of Hampton-Seabrook Estuary, each subsampled at high and low 
marsh elevations. MP: Microplastics.

There are a variety of environmental and anthropogenic factors that may influence how MP enter, circulate, 
and alternatively are sequestered or exit an estuarine system. Variation in watershed size, number of 
tributaries, water depth, geomorphology, hydrology and tidal energy, and presence intertidal and subtidal 
coastal habitats can influence MP presence, as can human population densities, amounts and proximity of 
impervious surface, and the abundance of associated infrastructure. Precipitation events have been tied to 
increased surface-water MP abundance[86-88], with higher numbers in nearshore waters compared to offshore 
waters likely due to land-based runoff[87]. Tides have also been found to impact the distribution of MP, with 
greater amounts of plastic litter found on the outgoing tidal phase[89] and larger MP particles correlated to 
the spring and flood tidal cycle[90]. Coastal flooding may have a similar impact as precipitation on 
transporting land-based MP into estuarine environments[86-88]. With increasing storm events and associated 
surge, flooding events may resuspend and force stranded near-shore marine MP deeper into the estuary[91].

GBE is surrounded by rural, agricultural, and forested areas and is fed by seven tributaries that typically are 
low-discharge providing limited freshwater[44]. GBE is unique from other estuaries in that it is well-mixed 
due to strong currents that introduce oceanic water into the Bay, but flushing rates and residence times are 
slower/longer than HSE and GME. Although the extent to which the tributaries are the primary source of 
MPs in GBE is unclear, water resource recovery facilities from more than 50 rural communities in New 
Hampshire and Maine discharge into GBE. Thus, the MP and other point and non-point source pollutants 
may be higher in GBE. Despite being well-mixed overall, most of the stations in GBE that were sampled are 
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a considerable distance from the estuary’s outlet at the mouth of the Piscataqua River. Various authors 
suggest the flushing time for Great Bay is between 2 and 30 days[64,92,93], depending on the tide and river 
discharge states involved. The most recent estimate of residence time for Great Bay is between 5 and 
20 days[92] which is a more appropriate metric for particles moving through a system. Note that residence 
time does not account for whether such particles re-enter the system[94].

To our knowledge, quantitative estimates of flushing time have not been published for the HSE, nor were 
any calculated estimates found in grey literature. However, recognizing that 88% of the water in the estuary 
is exchanged on each tide and 6% of the ebb tide plume returns to the estuary on the next tidal cycle based 
on estimates from Public Systems of New Hampshire[95], the flushing time is estimated to be less than one 
day[96], which is considerably faster than GBE. Although there are no published residence time estimates for 
HSE and GME, both estuaries have a more direct connection to coastal waters and have higher flushing 
rates despite the considerable watershed areas and associated population densities. GBE is the smallest of 
the three estuarine systems studied here at an estimated area of 200 ha with relatively low population 
density, yet it had orders of magnitude greater MP per unit volume than the significantly larger HSE 
(5,300 ha) or GME (~10,000 ha) systems.

The uniquely different geomorphology of GBE as a post-glacial drowned river valley landform may play an 
important role. GBE lacks the extent of broad fringing salt marsh that buffer the waterways in HSE and 
GME. Unlike the shallow barrier-beach systems of HSE and GME that are flanked by hundreds of hectares 
of salt marsh[97,98], terrestrial runoff may be washing directly into the waters of GBE with little to no natural 
filtration through high and low marsh habitats along much of its extent. The salt marshes in GBE are 
limited to relatively small, narrow and disparate patches that do not extend far seaward from upland shores 
and many are struggling to keep pace with sea level rise[99]. As a result, GBE is expected to have far less 
capacity to eliminate MP through sequestration in vegetated wetlands given significantly less acreage of 
fringing saltmarsh and riparian buffer zones than the barrier beach marsh complexes of HSE and GME. In 
fact, the high levels of MP in GBE waters have little destiny other than to settle. This corroborates the higher 
sediment levels of MP in GBE[10] than in GME (current data).

The HSE sediment MP were dramatically lower than found for GBE sediments[10]. Although higher MP 
concentrations have been correlated with population density[86,100], their presence also can be influenced by 
point sources such as water resource recovery facilities[101,102]. These facilities are located on two of the seven 
tributaries to GBE, just upstream of several sampling areas. It is possible that these potential MP point 
sources, coupled with slower (and lower) tidal flushing rates and diminished ability to sequester MP in 
fringing salt marsh sediments, could be collectively contributing to the greater abundance of MP in GBE 
waters as compared to HSE and GME. Similarly, the greater MP in GBE subtidal sediment (100 ± 50 
particles g-1)[10] as compared to HSE intertidal marsh peat cores (2.3 ± 0.3 particles g-1) may be attributed to 
lower flush rates and longer residence times allowing denser MP to settle. Together, the detection and 
comparisons of MP in these New England estuarine waters and sediments illustrate that baseline MP will 
vary based on anthropogenic impacts (e.g., water treatment methods), hydrology (e.g., estuary type and 
circulation), and habitat type (e.g., subtidal mudflats vs. intertidal salt marshes).

CONCLUSIONS
This work illustrates that the occurrence and fate of MP in the New England estuarine habitats studied vary 
widely and are generally comparable to the broad ranges of MP identified by other published studies of 
estuarine waters and sediments. These water and intertidal sediment data complement the only other 
published study on MP in this geographic area, a study of MP in bottom sediments of GBE[10]. The data are 
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essential to populate new hydrological models that are expected to help trace the sources of MP and other 
pollutants in GBE. The results provided here are of immediate importance and value to resource users, 
harvesters, aquaculturists, and managers to inform and evaluate contaminant risks, to choose low MP sites 
for their activities, and provide information on the time of year with the highest or lowest MP 
concentrations.
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Abstract
The COVID-19 pandemic has triggered an unprecedented need for single-use face masks, leading to an alarming 
increase in plastic waste globally. Consequently, the improper disposal of face masks has added to the existing 
burden of plastic pollution in the oceans. However, the complete environmental and marine ecotoxicological 
impact remains unclear. This study aims to investigate the ecotoxicological impact caused by the weathering of 
disposable face masks (DFMs) in the marine environment on mussels Mytilus galloprovincialis (M. galloprovincialis) 
by assessing biochemical, cytotoxic, and genotoxic effects. The mask leachate was analysed for the presence of 
nano and microplastics. Furthermore, the leachate was used in in vivo and in vitro toxicity bioassays to assess its 
impacts on M. galloprovincialis. The in vivo exposure of M. galloprovincialis to face mask leachate for 14 days induced 
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INTRODUCTION
The severe acute respiratory syndrome of coronavirus (SARS-Cov-2), first detected in 2019, gave rise to the 
COVID-19 pandemic[1]. Social distance, travel restrictions, lockdowns, and sanitary measures were globally 
adopted to avoid airborne virus transmission and reduce its spreading. One of the most widely accepted 
actions was the usage of single-use plastics (SUPs)[2], and personal protective equipment (PPEs), including 
protection suits, surgical face masks, examination gloves, and face shields, employed by frontline health 
professionals and the general population[3]. As a result of the remarkable shift in the demand for disposable 
items, a new plastic waste boom emerged, scaling up the already existing plastic pollution crisis[3,4].

In this context, with the mandatory use of disposable face masks (DFMs) worldwide, an explosive demand 
for its supply at exceptional levels occurred. On the rise of the coronavirus outbreak, projections estimate 
that 129 billion face masks were used monthly worldwide, amounting to over 1.24 trillion discarded globally 
since the start of the pandemic[5,6], and in the case of Portugal, PPE usage represents an additional 
contribution of 4.97% to the municipal solid waste[7].

Global improper disposal of these face masks led to their ubiquitous presence in urbanised areas, lakes, 
beaches, and mountains worldwide[8-11]. In addition, face masks that end up in landfills or open dumps may 
easily leak into the surrounding environment and be flushed into rivers and coastlines by rainfall or 
wind[12,13], ultimately reaching the ocean. Considering the global production, it is estimated that about 1.56 
billion face masks entered the marine environment in 2020[14].

Once in the marine realm, DFMs pose a physical threat to marine life through entanglement or ingestion[15]. 
Moreover, face masks undergo weathering (also known as ageing) by sunlight, mechanical abrasion, 
oxidation, and biodegradation, breaking down the textile material into microplastics (MPs) and 
nanoplastics (NPs) (plastic fragments less than 5 mm and 1 µm, respectively), whereby fibres are dominant 
(70%)[16,17]. Research revealed that a single face mask might release between 3,600 to 1.6 × 107 microfibres 
into the water, depending on the duration and intensity of physical and chemical disturbances[17-19]. A 
myriad of synthetic microfibres are dispersed in the marine environment[20,21] and DFMs have been pointed 
out as a critical secondary source of plastic burden in the ocean[7,16].

Polypropylene is the most used plastic polymer assembled in DFMs, but other polymers like polyurethane, 
polyester or polyacrylonitrile can also be incorporated into its structure[1]. The release of plastic polymers 

stress, oxidative damage, cytotoxicity, and genotoxicity in M. galloprovincialis, indicating that the plastic burden 
generated by DFMs in the ocean and its subsequent weathering represents a ubiquitous and invisible threat to the 
marine biota.

The in vitro Neutral Red (NR) cytotoxicity assay indicated that leachate concentrations ≤ 0.5 g/L-1 pose a significant 
risk to the health of mussel haemocytes, which seems a reliable tool for the cytotoxicity impact assessment of face 
masks in the marine environment. Therefore, the leachate obtained from face masks in seawater causes oxidative 

a significant increase in catalase (CAT) activity in mussel gills, although not enough to prevent oxidative damage to 
cell membranes. DNA damage was also registered in mussel haemocytes after in vivo exposure to mask leachate. 
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may act as vectors of hazardous substances, such as persistent organic pollutants (POPs), polycyclic 
aromatic hydrocarbons (PAHs), polychlorinated biphenyls (PCBs), pesticides, or emerging contaminants. 
Moreover, chemical additives from face masks’ matrices may also be released into the marine environment, 
including plasticisers, pigments, dyes, metals, antioxidants, stabilisers, and lubricants[13]. The plastic burden 
from MPs and NPs released from DFMs may enter marine biological systems through ingestion, dermal 
contact, or filtration[16], particularly in the case of filter-feeding bivalves.

Microfibres are known to be ingested by crustaceans, molluscs, fishes, birds, and seals[22-24]. An extensive 
body of evidence demonstrated that marine organisms undergo MPs and NPs ingestion, leading to 
inflammatory responses, oxidative stress, membrane damage, cytotoxicity, genotoxicity, cell death, and 
reproductive impairments, detected either through in vivo or ex vivo exposures[25-28]. Likewise, 
ecotoxicological assessments also indicate the extent of the biological effects following the exposure to 
microplastic fibres (nylon, polyester, polypropylene polymers) on marine zooplankton representatives[29,30] 
and mussels[31-33].

However, to the best of the authors’ knowledge, the present study is the first marine ecotoxicological 
assessment conducted on the weathering of DFMs. Considering the high representation of DFMs in the 
current marine litter composition and the biological disturbances associated with MPs and NPs across 
several biological levels in the marine biota, there is a pressing need to investigate whether the weathering 
and fragmentation of DFMs in the ocean pose an additional ecotoxicological threat to the marine 
environment. The present study hypothesizes that DFMs ageing release plastic particles and further cause 
biochemical, cytotoxic, and genotoxic injuries to the marine mussel Mytilus galloprovincialis (M. 
galloprovincialis). The main objective is to unravel the biological responses posed by DFMs on the mussels 
through in vivo and in vitro assays. The use of a cell-based in vitro approach conducted with M. 
galloprovincialis haemocytes under DFM leachate exposure revealed a notorious advantage in reducing the 
considerable number of mussels needed to carry out experiments, allowing the screening of a broader 
spectrum of exposure conditions and rapid generation of consistent data[34], which is line with demanding 
regulatory needs of the European Union. The findings herein will shed light on the biological effects that 
result from the presence of this ubiquitous and unprecedented type of plastic litter on marine mussels.

MATERIAL AND METHODS
Weathering procedure
Due to its broad use during the COVID-19 pandemic and its wide disposal in urban and natural spots, 
DFM was selected to assess the release of plastic particles to seawater, simulating natural weathering 
conditions. Instead of applying virgin DFM, timeworn face masks were collected to mimic realistic 
conditions of the masks ending up in the marine environment. After their collection, the elastic ear loops 
were removed from the surgical masks.

Twelve DFM (10 g of masks) were immersed in three litres of natural seawater (salinity 35) from the Ria 
Formosa lagoon, previously UV-sterilized and filtered (FSW) through 0.8 µm glass microfibre filters 
(Whatman), and the leachate prepared according to the method proposed by Almeda et al.[35]. For this 
purpose, the container was vigorously agitated over 72 h to simulate wave abrasion. After that period, masks 
were removed and dried in an oven at 60 ºC for three days to identify the polymer composition. The mask 
leachate was then frozen at -20 ºC until further use. To limit the overestimation of MPs present in the 
leachate, glassware and cotton clothing were adopted and applied during the whole assay to avoid plastic 
contamination, and a blank was run in parallel to assess possible MP and NP contamination.
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Plastic polymer composition of face masks
Wave-weathered DFMs were analysed using Fourier Transform Infrared Spectroscopy (ATR-FTIR, Thermo 
Fisher Nicolet iS10) to identify the polymers present in the masks’ structure. The spectra were acquired 
using a resolution of 4 cm-1, 16 scans, 4,000-650 cm-1 spectral region, and transmittance mode. The obtained 
spectra were compared with existing databases using the OMNIC software. This software uses Pearson 
correlation to give a coincidence value. After the analysis, only the results above 70% of coincidence were 
considered positive. The different layers from all the masks used to generate the leachate were separated and 
tested individually, namely the outer lyophobic non-woven layer (O layer), the middle melt-blown layer (M 
layer), and the inner hydrophilic non-woven layer (I layer).

Analysis of plastic particles in mask leachate
Another leachate from used masks was prepared, following the same procedures described in section 
“Weathering procedure” to analyse the presence of MPs in the extract. The liquid was filtered through 
0.8 µm glass microfibre filters (Whatman) and the filters were dried in an oven at 60 ºC to ensure that the 
chemical composition of the MPs and NPs was not altered. Filters were evaluated under an Edublue 
stereomicroscope (Euromex) at ×4 magnification. The present particles were counted, and their colour was 
assessed. In addition, the particles were measured in length and width, and their equivalent diameter was 
calculated.

To avoid interference from other submicron materials in seawater, NPs released in mask leachate were 
determined using artificial seawater (ASW), salinity 35, prepared according to ASTM D1141-98 standard.

To analyse the NPs, total organic carbon (TOC) measurements were performed in a Shimadzu TOC-VCSH 
equipped with an autosampler. Samples were filtered through Puradisc 25 TF filters (1 µm pore size) and 
analysed in Non-Purgeable Organic Carbon (NPOC) mode. Moreover, the size of the NPs in the leachate 
was confirmed with a Malvern Zetasizer Nano ZS apparatus. This equipment uses Dynamic Light Scattering 
(DLS) technology to analyse the particles present in the submicron portion of the leachates. With this aim, 
samples were filtered through 1 µm with Puradisc 25 TF filters. Comparison between fragments and fibres 
was allowed by calculating an equivalent diameter , converting the two flat dimensions into comparable 
diameters as done elsewhere[36,37].

M. galloprovincialis in vivo bioassay
Mussels M. galloprovincialis (n = 90; 6.0 ± 0.34 cm shell length) were handpicked during low tide in the Ria 
Formosa lagoon (Faro, Southern Coast, Portugal) and transported alive to the laboratory, scrap-cleaned and 
distributed over six glass aquaria containing 7 L of natural seawater. Mussels were acclimated over 5 days, at 
16 ± 1 °C, salinity 35 ± 1.0 and pH 8.0 ± 0.2, with continuous aeration during a 12 h light : 12 h dark 
photoperiod. Seawater was renewed every 48 h during the acclimation period, and organisms were fed with 
marine microalgae Tetraselmis chuii.

After the acclimation period, ninety mussels were randomly selected and exposed for 14 days to each 
treatment (CT and 100 mg·L-1 of DFM leachate) in a triplicate design in 10-L glass aquaria filled with 7 L of 
seawater (15 animals per aquaria, density = 2 mussels L-1. The seawater was changed every 48 h, and the 
leachate concentration was re-established. Animals were fed with the only food present in the seawater. 
Throughout the 14 days of the bioassay, the system was kept under constant aeration, controlled 
photoperiod, salinity (36), pH (8.0 ± 0.2), temperature (16 ºC), and oxygen saturation (96% ± 4%). On the 
14th day of the bioassay, mussels (n = 6 per treatment) were collected for the determination of the 
individual biometric parameters (length, height, and width) and for the calculation of the condition index 
(CI). For that purpose, the soft and drained body tissues were weighted, and the CI for each organism was 
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calculated according to the equation:

On the last day of the experiment, mussels from each treatment (n = 6) were collected and dissected into
gills and digestive glands, which were subsequently flash-frozen in liquid nitrogen and stored at -80 ºC until
further biochemical analysis to assess antioxidant and oxidative damage effects by measuring the activity of
antioxidant enzymes [superoxide dismutase (SOD), catalase (CAT) and glucose-6 phosphate dehydrogenase
(G6PDH)], gllutathiona-S-transferases (GST), lipid peroxidation (LPO) and respective total protein
content.

In vitro cytotoxic assessment
Adult specimens of M. galloprovincialis (n = 15) from the Ria Formosa coastal lagoon (5.0 ± 0.3 cm shell
length) were kept in a 25 L tank filled with clean natural seawater (salinity 35 ± 1), pH 7.8, temperature
18.5 ºC and constant aeration, until haemolymph extraction. Mussels were fed every two days by
incorporating ~10 mL microalgae mix of T. chuii into the aquaria. After the three days of mussel
acclimation, individuals (n = 10) were randomly chosen, and their haemolymph was retrieved under aseptic
conditions[38,39]. Briefly, haemolymph was obtained from the posterior adductor muscle using a 2-mL sterile
hypodermic syringe. Haemolymph collected from the ten specimens was pulled into one 15-mL Falcon tube
and mixed with anti-aggregation solution (pH 6.7; 171 mM NaCl; 0.2 M Tris; 0.15% v/v HCl 1 N; 24 mM
EDTA) in a 1:3 ratio, to prevent cell clumping and agglomeration[39,40]. Aliquots of this cell suspension were
then used for cell counting in the Neubauer chamber (Hirschmaan, Eberstadt, Germany) through cell
staining with the addition of Trypan blue dye (0.4% in physiological solution; v/v). Cell viability was
determined by the percentage of live cells in cell suspension (100 cells counted). The following equation was
used to calculate cell density:

Subsequently, the cell suspension was seeded into 96-well flat microplates (2 × 105 cells·mL-1; 50 µL per well) 
and exposed, over 24 h in the dark, to a range of leachate concentrations prepared from a stock solution of 
mask leachate (10 g·L-1) sequentially diluted in Dulbecco’s Modified Eagle Medium (hereafter DMEM, 
pH 7.4) to obtain the following tested concentrations of the leachate: 1, 2.5, 5 and 7.5 g·L-1. These solutions 
were prepared on the day of the bioassay and maintained at 4 ºC, in the dark, until incubation of mussel 
haemocytes to the respective exposure conditions. Blanks containing only DMEM cell culture media and 
anti-aggregation solution, absent of cells, were prepared as a reference, jointly with a negative control group 
(CT-; cells jointly with an anti-aggregation solution and DMEM) and a positive control group (CT+) 
prepared with sodium dodecyl surfactant (5 mM SDS, in DMEM), known to cause cytotoxic effects in the 
endpoint measurement. Eight replicates were prepared per treatment and control conditions. After the 24-h 
incubation, centrifugation at 1,200 rpm (10 min, at 4 ºC) was carried out to promote cell adhesion to the 
bottom. The supernatant (medium) was discarded, and cell viability assessed through the NR assay 
described in section “NR cytotoxicity assay”.

NR cytotoxicity assay
The NR assay was applied to reveal the viability of mussel haemocytes through the capacity of live cells to 
incorporate the dye in lysosomes via non-ionic passive[41], according to the protocols of Katsumiti et al.[39] 
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and Fonseca et al.[42], with slight adaptations. Subsequently, 50 µL of filtered (Sartorius, 0.22 µm cellulose 
acetate filters) NR working solution was added to each microplate well and left in the dark for incubation 
over 1 h. Afterwards, to remove the excess dye from the medium, microplates were again centrifuged and 
gently washed with PBS until complete removal of the dye from the blanks. An acetic acid and ethanol 
solution (1:100 v/v) was seeded into a microplate and left over 20 min in the dark at 18 ºC for dye extraction 
from viable cells. Then, the cell suspension was transferred into a new V-bottom 96 well microplate and 
centrifuged. The supernatant was carefully placed into a new flat bottom microplate to measure the 
absorbance obtained from the neutral red extracts of the viable cells (550 nm, Infinite M200 Pro, TECAN®). 
Live and viable cells present higher absorbance, given the higher embodiment of dye into the lysosomes.

Cell viability and genotoxicity
Haemolymph was extracted as previously described (Section “In vitro cytotoxic assessment”) and divided 
into two aliquots: one for the Trypan blue exclusion assay to measure cell viability, and the other was used 
for the Comet assay to assess genotoxicity.

Cell staining was performed with Trypan blue dye (0.4% in physiological solution; v/v) in a proportion of 
1:1 (cell suspension: Trypan Blue 0.4%), whereby the percentage of live cells was determined. Cell viability 
was obtained through the relative number of viable and non-viable cells by counting blue-stained cells as 
dead and the translucid ones as alive. Results were expressed as a percentage of viable cells over total cells.

DNA damage was estimated using the alkaline Comet assay, adapted for marine mussels by Gomes et al.[43]. 
Microscope slides were pre-cleaned with ethanol and cast with normal melting point agarose (NMA) in 
Tris-acetate EDTA. Individual haemolymph aliquots were centrifuged at 3,000 rpm over 3 min (4 ºC), and 
the pellets were suspended in 0.65% low melting point agarose (LMA, in Kenny’s salt solution) and cast over 
the microscope slides. Cells in the slides were then submitted to a lysis step over 1 h, and electrophoresis 
was carried out for 5 min at 25 V and 300 mA, followed by immersion in a neutralising solution (0.4 mM 
Tris, pH 7.5) over 15 min.

For the evaluation of the DNA in the comet tail (tail DNA %), slides were stained with DAPI, and pictures 
were taken from 50 random cells from each slide under a magnification of ×400 in an optical fluorescence 
microscope (Axiovert S100) coupled with a camera (Sony). Scoring analysis was performed using Imaging 
Software Komet 7.1 (Kinetic Imaging Ltd). Results are expressed as mean tail DNA % ± STD.

Biochemical analysis in M. galloprovincialis
Antioxidant and biotransformation enzyme activities
Antioxidant (SOD, CAT, G6PDH) and biotransformation (GST) enzyme activities were determined in gills 
and digestive glands from unexposed and leachate-exposed mussels. For that purpose, tissues of organisms 
(n = 6 per treatment) were individually homogenised in 5 mL of Tris-sucrose buffer (20 mM Tris, 0.5 M 
sucrose, 0.075 M KCl, 1 mM DTT, 1 mM EDTA, pH 7.6). The homogenate was centrifuged at 500 g, under 
4 ºC, and the supernatant re-centrifuged at 12,000 g (45 min, 4 ºC). Cytosolic fraction was isolated and 
stored at -80 ºC to determine enzymatic activities and total protein content.

SOD activity was determined through the method described by McCord and Fridovich[44], whereby the 
decrease in the absorbance of the substrate cytochrome-c, by competition with the xanthine oxidase/
hypoxanthine system, is measured spectrophotometrically at 550 nm. Results are expressed as U·mg-1 
protein. To evaluate CAT activity, the decrease in the absorbance of the hydrogen peroxide (H2O2) was 
measured, revealing its consumption at 240 nm. CAT activity is herein presented in nmol·min-1·mg-1 
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protein.

The activity of the housekeeping enzyme G6PDH was indirectly determined through the method described
by Glock and McLean[45], adapted by Almeida et al.[46], through which the reduction of nicotinamide adenine
dinucleotide phosphate (NADP) to NADPH is measured spectrophotometrically at 340 nm. Results are
expressed as U·mg-1 protein. The metabolism of biotransformation mediated by GST activity was quantified
according to the method of Habig et al., adapted for microplate reader, by the conjugation of 0.2 mM
reduced form of glutathione (GSH) with 0.2 mM 1-chloro 2,4 dinitrobenzene (CDNB), in a reaction
mixture of 0.2 M KH2PO4/K2HPO4 buffer (pH 7.9), at 340 nm[47]. The respective enzymatic results are
expressed as CDNB nmol·min-1·mg-1 protein.

Lipid peroxidation
Gills (n = 6) and digestive glands (n = 6) of M. galloprovincialis were individually homogenised in Tris-HCl
buffer (20 mM, pH 8.6) with butylated hydroxytoluene (BHT) and centrifuged over 45 min (30,000 g, at
4 ºC). The resulting supernatant was stored under -80 ºC for further measurement of total protein content[48]

and the determination of lipid peroxidation by-products, namely malondialdehyde (MDA) and
4-hydroxyalkenals (4-HNE), both products of the peroxidation of polyunsaturated fatty acids. The levels of
MDA + 4-HNE were determined according to the method described by Erdelmeier et al.[49]. For that
purpose, malondialdehyde bis-(dimethyl acetal) (Sigma-Aldrich) was used as standard, and the absorbance
of the samples was measured at 586 nm in a microplate reader (Infinite M200Pro, TECAN®). Results are
expressed as nmol MDA + 4-HNE mg-1 protein.

Determination of total protein content
Total protein concentration was determined in the cytosolic fraction of the aliquots regarding the analysis of
antioxidant enzyme activity, GST activity and LPO levels, using Bovine Serum Albumin (BSA) as a
standard[48]. Absorbance was read at 595 nm, and total protein concentrations were expressed as mg protein
g-1 wet-weight tissue.

Statistical analysis
Results regarding biomarker responses were first checked for normality and homogeneity by the
Kolmogorov-Smirnov and Bartlett’s tests using GraphPrism 9 (GraphPad Software, Inc.). Student’s t-test
was applied to determine significant statistical differences between the effects addressed in paired samples
from mask-leachate and control treatments. The critical value for statistical significance was P < 0.05.

RESULTS
FTIR analysis
The FTIR analysis of the surgical masks confirmed that the composition of the three protective layers was 
polypropylene. All the layers showed the same typical bands of this polymer with the CH3 and CH2 stretches 
(asymmetric and symmetric) in the region 3,000-2,850 cm-1, as well as the methyl group present near 
1,380 cm-1 and the aromatic ring in 1,450 cm-1 [Figure 1].

Particle size distribution in the mask leachate
Face mask leachate revealed the presence of 126 microparticles·m-3. The main morphology was fibres (97%) 
of different colours, except for some coloured fragments, at a density of 3.4 fragments·m-3 [Figure 2]. The 
average size for fibres was 66.5 ± 24.4 µm and 34.6 ± 15.9 µm for fragments, showing the bigger size of the 
fibres in these samples.
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Figure 1. FTIR spectra and visual appearance of the different layers that form the facial masks. Polypropylene was the only polymer 
present in all layers. FTIR: Fourier Transform Infrared Spectroscopy.

Figure 2. Images from stereomicroscope (×4 magnification) of the microparticles found in the leachate from used masks. Fibres and 
fragments of different colours were observed.

The TOC calculation determined the presence of NPs (below 1 µm). In all cases, the amount of carbon in 
leachate was higher than in negative controls. The concentration of carbon after 72 h was 3.21 mg·m-3 in 
leachate, in contrast to the 0.72 mg·m-3 found in the ASW control, indicating that NPs have been leached 
from the facial masks. DLS analysis confirmed the presence of submicron particles in the leachate in the 
195.6 ± 96.6 nm range [Figure 3] that were not present in the controls. In addition, few NPs in the 
10-100 nm size range were present.

Antioxidant and biotransformation enzyme activities
After 14 days of exposure to the mask leachate, mussels revealed an increasing trend in SOD activity in gills, 
although not significant compared to controls (P > 0.05) [Figure 4A], whereas digestive glands experienced 
a significant increase in SOD activity compared to unexposed mussels (P < 0.05) [Figure 4B]. In contrast, 
the mechanism that H2O2 scavenging exerted by CAT activity increased significantly in leachate-exposed 
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Figure 3. Size distribution of nanosize particles (< 1 µm) in ASW control and in mask leachate measured with DLS in artificial seawater 
medium (ASTM D1141-98 standard). ASW: Artificial seawater; DLS: Dynamic Light Scattering.

mussels’ gills [Figure 4C], while in digestive glands, levels were comparable to the controls (P > 0.05) 
[Figure 4D]. Regarding G6PDH activity, although there was a decreasing trend in the gills exposed to the 
mask leachate, this decrease was not significant compared to unexposed mussels (P > 0.05) [Figure 4E] 
while in digestive glands, G6PDH activity from leachate exposed mussels significantly decreased in 
comparison to control levels (P < 0.05) [Figure 4F]. The results of the biotransformation metabolism 
showed that GST activity decreased in the gills of mussels exposed to mask leachate, while there was a slight 
increase in GST activity in the digestive glands. However, this trend was not significant in either tissue 
compared to the control group (P > 0.05) [Figure 5].

Lipid peroxidation
Levels of LPO by-products detected in gills from mussels exposed to mask leachate were significantly higher 
(2.7-fold) than those from the controls (P < 0.05) [Figure 6A], whereas in digestive glands, no significant 
differences were detected (P > 0.05) [Figure 6B].

Genotoxicity
Haemocytes retrieved from mussels exposed over 14 days to mask leachate experienced a significant 
increase of 150% of DNA tail compared to the control treatment (P < 0.05) [Figure 7].

In vitro cell viability
As observed in Figure 8, haemocytes revealed a significant and monotonic dose-responses relationship with 
a decrease in cell viability from the concentration of 0.5 g·L-1 and onwards (P < 0.0001). This significant 
change in cell viability indicates that concentrations of the leachate > 0.25 g·L-1 led to the mussel’s 
haemolymph cell death.
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Figure 4. Antioxidant enzymes activity (mean ± STD) of: (A) and (B) SOD; (C) and (D) CAT; and (E) and (F) G6PDH, respectively in
gills and digestive glands from unexposed (CT) and mask leachate-exposed mussels, after 14 days of bioassay. Asterisks indicate
significant differences between control and mask leachate-exposed mussels (t-test; P < 0.05). CAT: Catalase; G6PDH: glucose-6 
phosphate dehydrogenase; SOD: superoxide dismutase.

DISCUSSION
Findings from the present study are the first data unravelling the biochemical, cytotoxic, and genotoxic 
disturbances caused by weathering of DFM that releases MPs and NPs into seawater in the relevant marine 
sentinel species M. galloprovincialis.

Simulation of face mask weathering carried out in the present investigation was accountable for generating a 
total of 126.4 microparticles·m-3 in the aquatic system, most of which are fibres (95%). The number of fibres 
released depicts a high disparity with other weathering assessments with tri-layer masks[17]. Variations in the 
number of fibres released by non-woven face masks can be noted based on the weathering duration and 
exposure conditions to which they are submitted[17]. Current challenges were enumerated and emphasised 
regarding the realistic simulation of fibres pollution due to the lack of harmonisation of techniques applied 
across studies for analytical detection and quantification of fibres[50,51].
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Figure 5. GST activity (mean ± STD) in gills (A) and digestive glands (B) from unexposed (CT) and mask leachate-exposed mussels,
after 14 days of bioassay. GST: Gllutathiona-S-transferases.

Figure 6. LPO levels by-products (mean ± STD) (nmol MDA+4-HNE mg-1 protein) in gills (A) and digestive glands (B) of unexposed 
(CT) and mask leachate-exposed mussels, after 14 days of bioassay. Asterisks indicate significant differences between control and 
mask leachate-treated mussels (t-test; P < 0.05). LPO: Lipid peroxidation; MDA: malondialdehyde; 4-HNE: 4-hydroxyalkenals.

In previous studies, face masks were submitted to mechanical and chemical external forces under laboratory 
conditions (rotating blender, treatment with alcohol/detergents) that are not similar to those experienced in 
the open environment[51,52]. Methodologies based on unrealistic simulations of shear stress forces are prone 
to generate a substantially higher amount of submicron fragments and particles, and the calculation of MPs 
and NPs generated from mask leachates may be overestimated[6]. The impact of face masks in the marine 
environment is in its infancy, and therefore, there are currently no standardised methods for analytical 
procedures and ecotoxicological assessment on this topic. As a consequence, there is a lack of calibrated 
procedures to ensure the realistic estimation of the impact and weathering of face masks under marine 
environmental conditions[51,52]. The vibration of functional groups [Figure 2] confirmed the polypropylene 
composition of the disposable surgical face masks, whose breakdown mainly occurs in the marine 
environment through photo- and thermo-oxidative degradation[53]. It is hypothesised that the application of 
used face masks in the present assessment, with different times of utilisation, contributed to contamination 
of the mask leachate with coloured fibres other than blue and transparent-white[54], potentially from the 
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Figure 7. % of DNA tail (mean ± standard deviation) in mussel haemocytes unexposed (CT) and mask leachate-exposed, after 14 days 
of bioassay. Asterisks indicate significant differences between control and mask leachate-treated mussels (t-test; P < 0.05).

Figure 8. NR assay absorbances levels. Viability of M. galloprovincialis cells exposed to leachates, as well as a negative (CT-, unexposed)
and positive controls (CT+, exposed to 5 mM SDS). Significant differences among treatments were labelled with different letters (one-
way ANOVA test; P < 0.0001). NR: Neutral Red.

entrapment of MPs and NPs suspended in the air, or from tissues or clothing which may be accountable for 
the broader burden of MPs and NPs amount released in the leachate[13,16]. Furthermore, when MPs and NPs 
are present in seawater, they tend to aggregate[55]. This aggregation might significantly affect the 
bioavailability of the mixtures of these particles in the marine environment[55,56].

To date, scarce ecotoxicological investigation regarding face mask weathering has been conducted using 
aquatic species, with few approaches focused on marine biological models[57]. In the present ecotoxicological 
assessment, the gills of mussels submitted to the mask leachate presented a SOD activity similar to 
unexposed mussels. However, a significant increase in CAT activity was addressed as a hydrogen peroxide 
scavenging mechanism [Figure 4C] to counteract the harm generated by the physical stress promoted by 
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MPs and NPs ingested. Such a trend was also reported in marine mussels M. galloprovincialis under
exposure to NPs and to emerging chemical contaminants[33,40,55,58], revealing that sources of hydrogen
peroxide generation other than upon superoxide anion dismutated by SOD could be operating for CAT
activation[59,60]. In contrast, SOD, the first line of defence in protecting tissues against oxidative stress[61],
demonstrated to be an efficient response in the digestive glands of M. galloprovincialis to overcome the
harm caused by the accumulation of the micro and nanoparticles ingested by the mussels[31], potentially
jointly with the accumulation of other chemical additives released from the face masks[16,62,63] that were not
analysed in the present work. Although CAT activity works in coordination with the activity of SOD,
catalysing the reduction of hydrogen peroxide into water, the activity of such enzyme was not significantly
altered in digestive glands, possibly due to the H2O2 clearance carried by peroxidases present in various
subcellular compartments, such as glutathione peroxidases (GPx), which have a critical role in protecting
cells against oxidative stress[60,61,64]. The decrease in the activity of G6PDH in gills, although significant only
in the digestive gland, hypothesises the interference of the mask leachate on the activity of the glutathione-
dependent system. Such an enzyme consists of an additional component of the antioxidant system
accountable for catalysing the regeneration of the reduced NADPH. This essential cofactor operates jointly
with glutathione reductase (GR) in the regulation of the intracellular supplies of the GSH, a potent in vivo
antioxidant agent against oxidative damage caused by reactive oxygen species[65]. G6PDH-deficient cells
experience a decrease in the GSH recycling mechanism that promptly compromises the ability of the
antioxidant systems to detoxify hydrogen peroxide, thus being unable to withstand oxidative stress[66,67].

GST activity is associated with the biotransformation metabolism of organic compounds by catalysing the
conjugation of the GSH to non-polar compounds that contain an electrophilic carbon, nitrogen, or sulphur
atom[68,69], leading to the generation of less reactive products, with an ultimate protective role against
oxidative stress[68,70]. The present findings revealed the absence of a biotransformation mechanism carried
out by GST activity after mussels’ exposure to mask leachate. This denotes low levels of organic chemicals
taken up by mussels, possibly due to the low levels of organic chemicals present in the leachate or on the
masks[71,72]. Beyond the physical stress carried out by micro and nano-sized fibres and particles, weathering
and deterioration of the face masks are also accountable for contributing to the input of chemical additives
in the environment, such as dye compounds, fragrances, and antiviral and antibacterial agents[73]. Sullivan
et al. addressed the release of leachable inorganic and organic substances from the blue DFMs (like those
used herein), namely metals, plastic additives, polyamide-66 monomer and oligomers (nylon-66 
synthesis), surfactant molecules, dye-like molecules and polyethylene glycol[54]. These chemicals could 
have been released and then taken up by mussels in the present case, although further chemical 
confirmation is required. No significant alterations in GST activity were also registered in the digestive 
glands of mussels M. galloprovincialis exposed to 50 nm NPs (10 μg·L-1) compared to unexposed 
individuals, in contrast to a significant suppression in GST activity in the gills of respective animals[28]. 
Paul-Pont et al. also addressed that the biotransformation mechanism was not altered in the digestive 
glands of Mytilus spp. when exposed to polystyrene (PS) MPs (2-6 µm) at 32 mg·L-1 over seven days[26]. 
However, at the end of the depuration period of seven days, following PS-MPs exposure, GST
activity significantly increased compared to unexposed individuals. Accordingly, Li et al. emphasised that
wide variability in GST activity response was also reported in bivalves exposed to MPs and NPs[13].

Likewise, as addressed by Prokić et al., organisms exposed to MPs and NPs exhibited varied responses in
their overall antioxidant systems, ranging from no significant changes to a decrease or induction in
enzymatic activities[74]. The diversity in ecotoxicological outcomes is influenced by a massive variability
between features and parameters, namely the form of the plastic material (e.g., fibres, particle, bead, and
powder), polymer composition, size of the particle, time of exposure, and acclimation conditions. These
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factors are collectively accountable for generating diverse ecotoxicological profiles of responses, which 
further vary across species and tissues analysed.

Although the reactive oxygen species(ROS)-scavenging antioxidant system was herein activated due to 
exposure to the mask leachate, the high levels of LPO by-products in the mussels’ gills evidenced that the 
protective mechanisms could not efficiently neutralise ROS to prevent cellular lipids from oxidative damage 
in this tissue[75,76]; and that micro and nanoparticles induce oxidative damage in the gills. Results from the 
meta-analysis conducted by Li et al., aiming to elucidate the role of oxidative stress in toxicity elicited by 
MPs and NPs in marine species, evidenced that end products of LPO are a reliable index of membrane 
damage when the ability of the cells to maintain redox balance declines, and the antioxidant system is 
suppressed, leading to cellular damage of the tissues and potentially fitness costs[13].

Accordingly, it is noteworthy that DNA damage was registered in haemocytes under in vivo exposure to the 
mask leachate, indicating genotoxicity, which may be mainly linked to oxidative damage. These findings 
collectively corroborate with a vast body of research revealing significant disturbances caused by 
polypropylene microfibres and fragments and NPs on antioxidant systems from Mytilus spp.[26,34,77]. 
Considering the stress depicted by microfibres, Choi et al. observed a disruption in SOD and CAT activities, 
both in the gills and digestive glands of M. galloprovincialis exposed to 1 mg·L-1 of PET microfibre[33]. In 
addition, a monotonic dose-response pattern was verified for apoptotic mechanisms and the induction of 
DNA damage in haemocytes, registered from the concentration of 0.1 mg·L-1[33].

Herein, mussel haemocytes in the in vitro NR assay confirmed their sensitivity and reliability in assessing 
the cytotoxicity posed by weathering and degradation of DFMs in the marine environment. A concentration 
of 0.5 g·L-1 of weathered face masks showed cellular disturbances leading to cytotoxicity and cell death. 
Sendra et al. addressed that after a 3-h exposure of M. galloprovincialis haemocytes to PS MPs (1 µm - 
10 mg·L-1), a subpopulation of large granular cells exhibited significant cytotoxicity compared to the control 
group[78]. Additionally, these cells reached values higher than 58% of apoptotic cells when individually 
exposed to PS NPs of 50 and 100 nm at 10 mg·L-1. Chang and Wang[79] assessed the cytotoxicity of filtered 
face masks’ leachate (300 g·mL-1) on human alveolar basal epithelial cells (A549), revealing significant 
inhibition in cell proliferation and induction of DNA damage, ultimately leading to cell death with 
enhanced exposure time, as a result of exposure to multiple phthalate acid esters. However, to date, no 
studies have been conducted on the cellular disturbances caused by face masks in the innate immune system 
of marine mussels.

The global problem of plastic pollution caused by MPs and NPs significantly impacts various biological 
levels in marine species. Given the biological disturbances observed and the subsequent effects on 
representative marine species it is imperative to incorporate the study of face masks in plastic pollution 
research, which will facilitate a more accurate projection of the global plastic budget[51]. In addition, the 
available research evidence suggests that exposure to MPs and NPs can induce more pronounced 
ecotoxicological effects than microbeads or powdered plastic[80]. Bearing in mind the uncertainties regarding 
future sanitary crises, there is an urgent need to reduce the environmental impact of the face mask legacy. 
This necessitates constraints on the amount of these items and the implementation of all measures aimed at 
preventing their entry into coastal and marine ecosystems. In this sense, the manufacturing use of 
plasticisers in disposable masks needs strict control and regulation to minimize environmental and public 
health concerns related to exposure to substances such as phthalates, metals, MPs, and NPs[79,81]. Strong 
cooperation among scientists, healthcare professionals, industries, and policymakers is essential. Together, 
they can work towards transitioning to a circular economy that enables the repurposing of products at the 
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end of their life cycle, either for reuse or as raw materials[82].

CONCLUSIONS
Despite the growing scientific evidence on the mechanistic ageing and weathering of single-use face masks 
and subsequent interactions with aquatic biota, there are still many uncertainties regarding the overall 
toxicity caused by the multitude of chemical compounds and types of particles that leach from single-use 
face masks into the marine environment. The present study brings novel findings of the harmful legacy of 
global face masks in the marine environment by unravelling the oxidative, cytotoxic, and genotoxic 
disturbances caused by disposable face mask weathering in the mussel M. galloprovincialis. Herein, mussel 
haemocytes arise as a reliable tool for the in vitro cytotoxicity assessment regarding the impact of face masks 
in the marine environment.
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Abstract
The ubiquity of plastics in environments worldwide is raising concerns about their toxicity to organisms. The 
purpose of this study was to investigate simple means to determine the exposure and effects of nanoplastics (NPs) 
in the freshwater mussels Elliptio complanata (E. complanata). NP tissue levels were determined using a plasmonic 
nanogold sensor probe and effects were determined using the refractive index (RI) and thiol-reaction rates (TRR) 
in protein-dense tissue extracts. This method was adapted to quantitatively measure the concentration of NPs in 
tissues using a salting-out extraction in the presence of acetonitrile (ACN). Concentrated solutions of albumin 
were first spiked with NPs to evaluate changes in RI and TRR to determine crowding effects. The data revealed that 
NPs readily decreased the RI and TRR in albumin in vitro. These three simple assays were then applied on 
freshwater mussels caged for 3 months at various sites in a largely populated area. Mussels downstream of the city 
center and found at the street runoff discharge sites were highly contaminated by NPs and the RI and TRR were 
also reduced. In conclusion, simple and readily accessible assays to assess the NP contamination based on a visual 
nanogold sensor technology, and the effects of plastics are proposed for freshwater mussels.

Keywords: Polystyrene nanoplastics, nanogold sensor probe, refractive index, thiol-reaction rates, Elliptio 
complanata, municipal effluents
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INTRODUCTION
Plastic materials are commonly found in many objects in our daily lives, such as clothing, personal care 
products, food packages, and drink containers. They provide numerous benefits in the fabrication of 
domestic and industrial products owing to properties such as their relative inertness, lightweightness, 
resistance to shock, and low cost of production[1]. Given the global and exponential consumption of plastics 
and the limited regulation of plastic waste disposal, it is estimated that five trillion fragments exceeding 
weights of 250,000 tons of plastics already found their way into oceans[2]. In the environment, plastics are 
gradually degraded into smaller particles termed microplastics (MPs, for sizes between 5 mm to 1 µm) and 
nanoplastics (NPs, for sizes between 1-1,000 nm[3]). The small size and high surface area of NPs make their 
analysis tedious in various environmental compartments[4,5]. While MPs are commonly analyzed using 
microscopic Fourier transform infrared, Raman spectroscopy, and thermo-analytical methods, NPs 
represent an ongoing challenge. At the moment, methods to detect NPs, which behave differently than MPs 
and dissolved contaminants, are lacking for organisms. Traditionally, methods used to study plastics involve 
specialized imaging techniques, separation by chromatographic/field flow techniques, and infrared 
spectroscopy. An important proportion of plastic materials are retained by municipal effluents and ongoing 
studies examine ways to remove and degrade plastic on-site[6]. These processes involve separation 
approaches such as absorption, filtration, and advanced oxidation to separate and degrade these materials at 
the wastewater treatment plant. The wide range of particle sizes adds to the complexity of global plastic 
contamination and raises questions as to the ability of the ecosystem to tolerate this pollution on such a 
large scale. In opposition to MPs, NPs can diffuse across cellular membranes and may perturb cellular 
physiology. A recent review highlighted that NPs are bioavailable and lead to oxidative stress, inflammation, 
and potentially cancers[7]. Hence the ability of NPs to diffuse across biological membranes and their ubiquity 
in the environment may pose risks to the sustainability of aquatic ecosystems and need to be further 
addressed.

The accumulation of NPs in crowded intracellular compartments can disrupt the complex fractal 
organization of protein networks[8,9], resulting in the loss of protein function and ultimately impair enzyme 
activity. These interactions involving hydrophobic surfaces of NPs and local ionic properties of proteins can 
result in the coating of various proteins [e.g., lysozyme, albumin, and lactate dehydrogenase (LDH)] and 
can lead to changes in the protein organization. During the aging of NPs, the hydrophobic surface is 
oxidized by UV or ozone-forming carboxylates at the surface, which can also add to the interaction with the 
hydrophobic and local positive charges of proteins[10]. The refractive index (RI) of proteins represents a 
simple and cheap analytical measure to determine the changes in protein concentration, conformation, and 
composition[11,12]. Changes in the RI per protein mass reveal changes in the conformation and composition 
of proteins at concentration scales approaching those found in cells (100-400 mg/mL). Within this 
concentration range, free diffusion of solutes is restricted and could expectedly limit enzyme-catalyzed 
reaction rates. For example, the LDH activity was decreased by polystyrene (Ps) NPs (PsNPs) of 100 nm 
diameter[13]. In turn, decreased LDH activity was also reflected by a reduced affinity for pyruvate co-
substrate (higher KM) owing to the reduced fractal dimension of LDH kinetics. Cytoplasmic proteins and 
lipids could agglomerate during sustained oxidative stress, forming insoluble complexes associated with 
age-related pigments or lipofuscins[14]. Mediterranean mussels exposed for 7 days to plastic and tire rubber 
leachates showed elevated levels of oxidative damage and loss of lysosomal stability with increased levels of 
lipid peroxidation and lipofuscins. When β-amyloid proteins (or other proteins with β-sheet conformation) 
undergo oxidative degradation, they form insoluble plaques involved with neurodegeneration and 
amyloidosis in various organs and tissues[15]. Hence, the evaluation of amyloids in organisms exposed to 
pollution could prove a useful chronic toxicity biomarker associated with the disruption in protein 
organization in the cytoplasm. These changes could be easily determined by measuring (1) the changes in 
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RI in concentrated protein suspensions; and (2) the formation of 2-nitro-5-thiobenzoate (TNB), which is 
produced by the reaction between free thiols and 5,5-dithio-bis-2-nitrobenzoic acid (DTNB). The basis of 
these simple assays consists of the measurements of the reorganization of dense protein networks by NPs 
that influence the RI and lower the enzymatic reaction rate in a restricted diffusion microenvironment.

This study aimed to suggest simple and quick markers for the assessment of exposure and effects of PsNPs 
in aquatic organisms. For this study, we chose a freshwater mussel Elliptio complanata (E. complanata), 
endemic to the Saint-Lawrence River, as a sentinel species to reflect the NP contamination in various urban 
contexts. To assess the exposure of mussels to NPs, a newly developed plasmonic nanogold (nAu) sensor 
probe allowing the visual detection and quantitation of NPs, requiring only a cell phone camera and free 
application for color analysis[16], was adapted in biological tissues. Effects of NPs were determined by 
changes in the RI and thiol-reaction rates (TRR) first with concentrated solutions of albumin in vitro. We 
also tested these markers, along with neutral lipids, aldehydes, and amyloids, in the previously exposed 
E. complanata. These methods were applied to experimentally caged mussels (1) downstream of a large city; 
(2) in a municipal effluent dispersion plume; (3) at a rainfall/road overflow site, which is an important 
source of tire wear nanoparticles (TWNPs); and (4) in a pristine lake for comparisons.

MATERIAL AND METHODS
In vitro effects of polystyrene nanoparticles
The influence of PsNPs on the RI and TRR in concentrated albumin was examined in vitro to highlight 
potential biophysical properties of interest in the development of NP biomarkers. A solution of bovine 
serum albumin (100 mg/mL; MilliporeSigma Canada Ltd., Oakville, Canada), which corresponds to the 
concentration range of proteins in eucaryotic cell cytoplasm[17] (100-400 mg/mL), was prepared in 
phosphate-buffered saline (PBS, 140 mM NaCl, 1 mM KH2PO4, 1 mM NaHCO3, pH 7.4). The aliquots of 
200 µL were exposed to increasing concentrations of PsNPs (0, 0.05, 0.1, and 0.15 µg/mL; Polyscience Inc, 
Warrington, USA) for 5 min at RT. The PsNPs were uncoated spheres with a diameter of 20 nm, and 
dilutions were prepared in MilliQ deionized water to limit aggregation. The RI was determined in the 
albumin-rich solutions using PBS as blank (RI = 1.3326) using an electronic RI device (HDR-P5, Fisher 
brand, Canada). This preliminary experiment revealed that PsNPs alone did not influence the RI. Then, the 
TRR was determined by adding 20 µL of 1 mM 5,5’-dithiobis-2-nitrobenzoate (DTNB; MilliporeSigma 
Canada Ltd., Oakville, Canada) to 200 µL of albumin concentrate[18]. The absorbance was recorded at 
412 nm using a microplate reader (model: Synergy-4, Bioteck Instruments, Winooski, USA) for 15 min with 
30 s intervals.

Gold nanoparticle - mercaptoundecanoic acid assay
The detection of NPs was achieved using a recently developed nAu plasmonic sensor methodology initially 
designed for the visualization of NPs in drinking water and from the leaching of heated tea bags or other 
materials[16]. This methodology was adapted to biological tissues by introducing a preliminary PsNPs 
salting-out extraction step and recuperation with acetonitrile (ACN) as previously described[19]. The nAu 
suspension (mean diameter of particles: 14 nm) was commercially obtained from nanoComposix (San 
Diego, USA) as 50 µg/mL suspension containing 1 mM citrate. The nAu suspension (10 mL) was treated 
with 0.01% mercaptoundecanoic acid (MUA; prepared in ethanol 100%) for 12 h at RT in the dark to allow 
binding of the lipophilic acid MUA to nAu to form nAu-MUA complexes [Figure 1]. This solution was 
filtered through a 0.22 µm cellulose membrane and centrifuged (15,000 × g, at 20 oC) for 5 min. The 
supernatant was discarded, and the pellet was resuspended in half the volume (5 mL) of distilled water (10% 
ethanol or water) to remove the unbound MUA and citrate. The assay consisted of adding 10 µL of the test 
sample to 200 µL of the nAu-MUA suspension, followed by the addition of 10 µL of 100 mM HCl 
(MilliporeSigma Canada Ltd., Oakville, Canada). To investigate the responsiveness of the assay to various 
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Figure 1. Methodology overview for the nAu sensor for the detection of NPs. Gold nanoparticles (nAu) of 10 nm diameter are first 
labeled for 24 hr to mercaptoundecanoic acid (MUA) to form nAu-MUA (A). The nAu-MUA complexes are separated from unreacted 
MUA by centrifugation and resuspension in 10% ethanol. The nAu-MUA is colored violet in the presence of 5 mM HCl in the absence of 
NPs (B). When it binds to the hydrophobic NPs, the violet color (610 nm) changes to a red wine color (550-580 nm) in a concentration-
dependent manner[16]. MUA: Mercaptoundecanoic acid; NPs: nanoplastics; nAu: nanogold.

types of plastics, we examined the following types of plastics: PsNP of different sizes (20, 50, and 100 nm 
diameter), polyethylene terephthalate (PET) leachates from a 4-year-old water bottle, and tire wear 
nanoparticles (TWNP) leachates. The different sizes of PsNPs were examined to determine the influence of 
size on the plasmonic signals at 523 and 610 nm (see below). The TWNP leachates were prepared from 
drilling dust in new tires with a diamond-coated drilling probe (0.5 cm diameter) and from an ethanol-
based commercial formulation of recycled used tire crumbs (particle size: 0.5-1 mm, 40 mg/mL) as 
previously described[20]. This suspension was exposed to the following cycle three times: frozen at -85 oC, 
thawed at RT, and sonicated for 1 h on the highest setting. Then, the suspension was filtered through a 
0.22 µm cellulose membrane and kept at RT until analysis. For PET water bottles, the bottles (150 mL) were 
left on a shelf for 4 years under normal light (12-10 h) and dark diurnal (12-14 h) cycles. The bottles were 
then opened, filtered on a 0.22 µm pore filter and the sample was analyzed directly (no addition of ACN). 
Without NPs, the addition of HCl causes the bright red color of the nAu-MUA solution (523 nm) to shift to 
a dark purple color (610 nm). This purple color indicates aggregation of nAu-MUA complexes, whereas 
monomeric nAu-MUA appears light red. When NPs are present under aggregation conditions (HCl), the 
nAu-MUA complexes interact with the hydrophobic surface of the NPs, thereby limiting aggregation of the 
nAu-MUA complex. A blue shift in the absorbance from the aggregated form of the nAu-MUA complex at 
610 nm to 560-590 nm indicates increased distance between aggregated nAu-MUA by interaction with 
NPs[21]. After 5 min, the absorbance (plasmon resonance) was measured (523, 570, and 610 nm) using both a 
microplate reader (model: Synergy-4, Bioteck Instruments, Winooski, USA) and a Samsung smartphone 
camera using a free application (RGB color detector) for color analysis (R band). This application analyzes 
the intensity in the R band of the sample from the picture taken. The limit of detection (blank standard 
deviation × 2) was estimated at 8 µg/mL for the 50 nm diameter PsNP, which corresponds to tissue 
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concentrations in the order of 50 ng/mg tissues.

Extraction and detection of NPs from mussel homogenates
As stated before, this method was further adapted for biological mussel tissues by conducting a preliminary 
salting-out extraction of NPs using saturated NaCl (5 M)/ACN[19]. The freshwater mussels were collected at 
a reference site, a pristine lake 100 km north in the Laurentians area, far from anthropogenic activity. 
Following an acclimation period of 3 weeks, they were caged (from July to October 2017) at the following 
sites: (1) a rainfall overflow site (OVF); (2) a site 15 km downstream from the center of Montréal, QC, 
Canada (Down-city); and (3) a site in the Saint-Lawrence River 8 km downstream of the municipal effluent 
dispersion plume of the city of Montréal (Down-Effluent). We also selected Down-Effluent, a site where 
wastewater treatment occurs and where a lower plastic exposure is expected. For each site, three cages 
containing 20 mussels were placed at 1 m depth. At the end of the 3-month exposure period, mussels were 
brought back to the laboratory (Montréal, Québec, Canada) and purged in clean water overnight at 15 oC, 
and their digestive glands were excised and homogenized in Hepes-NaOH buffer (10 mM, pH 7.4) 
containing 100 mM NaCl, 1 µg/mL aprotinin (protease inhibitors; MilliporeSigma Canada Ltd. Oakville, 
Canada) and 1 mM ethylenediaminetetraacetic acid (EDTA). The homogenates were centrifuged at 
2,500 × g (5 min, 20 oC) to remove large tissue debris. The extraction procedure was carried out as follows: 
the supernatant was mixed with 2 volumes of saturated 5 M NaCl followed by 0.5 volume of ACN. After 
15-30 min mixing, the sample was centrifuged (1,500 × g, 5 min) to separate the organic phase (upper 
phase) from the aqueous (lower phase). Preliminary experiments with fluorescently labeled PsNPs (50 to 
100 nm) showed that NPs readily partitioned (> 98%) in ACN in high salt conditions. For the detection 
assay, 200 µL of the nAu-MUA suspension was mixed with 10 µL of samples, and the color changes were 
measured as described above. Preliminary experiments also revealed that ACN did not influence the 
reaction process (color changes) and could replace ethanol at 5% concentration [Table 1]. Blanks and 
additions of PsNPs in the homogenate fractions were prepared in the presence of ACN for method 
validation [Table 2].

Refractive index, neutral lipids, and amyloid estimations
The changes in RI and TRR were also determined in the digestive gland fractions (10,000 × g, 20 min, 2 oC). 
The levels of proteins were determined in the homogenate and in S10 digestive gland fractions (10,000 × g, 
30 min, 4 oC) using the Coomassie blue dye binding principle, and bovine serum albumin was used for 
calibration[22]. The RI was directly measured in homogenate fractions (between 8 and 16 mg/mL protein 
concentration) as described above. To measure the TRR, the homogenate samples were diluted to 1 mg/mL 
in PBS and 1 mM of DTNB was added and 412 nm absorbance changes followed for 40 min as described 
above[18].

The levels of neutral lipids were determined in the homogenates using Nile red dye[23]. Briefly, a 20 µL of the 
homogenates was mixed with 200 µL of Nile red dye (10 µM, in PBS) and fluorescence was measured 
(excitation 485 nm, emission 520 nm) with a fluorometer (model: TB-380, Turner Biosystems, San Jose, 
USA). Calibration was achieved using 0.01% Tween-20 and the data were expressed as mg lipids/mg 
proteins.

The levels of amyloid proteins were estimated by the centrifugation methodology using Congo red 
(MilliporeSigma Canada Ltd. Oakville, Canada) as previously described[24]. The principle of the assay resides 
in the observation that amyloid proteins (insoluble in saline media such as PBS but soluble in distilled 
water) decrease the absorbance of the dye at 490 nm in a concentration-dependent manner. Briefly, the 
homogenate 1,500 × g fraction was centrifuged at 10,000 × g for 10 min and the pellet resuspended in PBS. 
This process was repeated 4 more times, and the pellet was washed once in distilled water and centrifuged 
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Table 1. Comparison of the nAu-MUA methodology in the presence of EtOH or ACN

Added PsNP Absorbance1 (λ = 570 nm) Absorbance2 (λ = 570 nm) RI2

0.0 mg/mL (blank) 0.00 0.00 1.3365

0.6 mg/mL 0.10 0.09 1.3362

1.3 mg/mL 0.15 0.13 1.3363

2 mg/mL 0.23 0.21 1.3363

1Final concentration of EtOH = 10%; 2Final concentration of ACN = 5%. ACN: Acetonitrile; PsNP: polystyrene nanoplastic; RI: refractive index.

Table 2. Calibration of the nAu-MUA assay for PsNPs

Concentration R signal Absorbance 
(λ = 570 nm) RI Extrapolated concentration Concentration standard addition

Direct calibration (external)

0 (blank) 162 0.00 1.3362

20 µg/mL 168 0.04 1.3365

40 µg/mL 174 0.07 1.3363

60 µg/mL 193 0.10 1.3363

Standard addition (internal)

0 (sample) 170 30 27.4 µg/mL

+20 µg/mL 176 53

+40 µg/mL 181 63

+60 µg/mL 189 97

Calibration of the nAu-MUA assay in the presence of 5% ACN using external and standard addition calibration. The detection limit of the assay 
was determined at 9 µg/mL based on 2 × standard deviations of the blank samples. ACN: Acetonitrile; MUA: mercaptoundecanoic acid; nAu: 
nanogold; PsNPs: polystyrene nanoplastics; RI: refractive index.

again. The pellet was resuspended once more in distilled water to release amyloids and centrifuged again. 
The presence of amyloids was determined by the decrease in absorbance at 490 nm (1/490 nm) after adding 
10 µM Congo Red in the supernatant and the data were expressed as the inverse of the absorbance/mg 
proteins in the digestive gland.

The levels of aldehydes were determined in the 10,000 × g supernatant of the homogenate using the 4-amino 
fluorescein fluorescence methodology[25]. Briefly, 20 µL of S10 fraction was mixed with 200 µL of 10 µM 
4-aminofluorescein (MilliporeSigma Canada Ltd., Oakville, Canada) in PBS and the fluorescence was taken 
at 485 nm excitation and 520 nm emission. The data were expressed as relative fluorescence units/mg total 
proteins. The instrument sensitivity was calibrated with an external standard of 1 µM fluorescein (to 1,000 
fluorescence units; supplied with the instrument package).

Data analysis
The experiments were repeated 3 times (n = 3), and the data were presented as mean (± standard error). The 
data were subjected to the Kruskal-Wallis non-parametric analysis of variance followed by the multiple 
comparison Conover-Iman test to find differences between groups. Only differences with the reference site 
were discussed. Correlation analysis was performed using the Pearson-moment procedure. All statistical 
tests were performed using the StatSoft software package (version 13). The level of significance α of 0.05 was 
used.
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RESULTS AND DISCUSSION
In this study, we adapted and used a simple visualization assay using a nAu sensor probe[16] to assess the 
exposure of mussels in situ to different urban effluents. In addition, we investigated the effects of NPs 
in vitro on the RI and the TRR in an albumin-rich solution and tested these markers, along with neutral 
lipids and amyloids, in mussels exposed to urban pollution.

Methodological improvement of the nAu-MUA assay
The levels of NPs were determined in biological tissues using the nAu-MUA assay initially developed for the 
estimation of plastics in simple matrices such as water or plastic tea bag leachates[16]. However, more 
complex matrices such as digestive gland homogenates inevitably require a primary fractionation step. 
Therefore, a simple salting-out extraction was designed in the presence of ACN to recuperate NPs in mussel 
tissues. The nAu-MUA assay was tested in the presence of ACN (5% final concentration). The absorbance 
at 570 nm and the R color measurements were taken directly in microplates with a smartphone camera or a 
microplate reader [Table 1]. The absorbance did not change compared to the original method (10% 
ethanol), suggesting that ACN could also be a suitable solvent for this assay. Additionally, the RI did not 
change with the addition of PsNPs to nAu-MUA reagent, suggesting negligible aggregation of nAu-MUA. 
The calibration data revealed that the R color (and the absorbance at 570 nm) increased with the addition of 
increasing concentrations of PsNPs [Table 2]. Calibration by the standard addition method of a spiked 
tissue sample revealed the same results as the external calibration method, with regression coefficients 
ranging from 0.96 to 0.99 [Table 2]. For the standard addition calibration, the test sample was a NaCl/ACN 
extract of the digestive gland of mussels E. complanata. The estimated concentration of PsNPs in the sample 
was estimated at 30 and 27 µg/mL with the direct and standard addition methodologies, respectively. This 
suggests that the extraction of PsNPs in ACN from tissues did not introduce important matrix effects. The 
aggregation of nAu-MUA could be favored by the presence of salts at concentrations over 10 mM, such as 
HCl or NaCl[16,26]. However, the assay was conducted in ACN fraction devoid of salts. The saturated NaCl/
ACN extraction is based on the salting out of large molecules. In this context, less dense plastic particles 
(usually 0.75-0.95 g/mL) will tend to float at the surface. The ACN step will extract and concentrate these 
lighter particles. Larger molecules such as peptides/proteins and other large molecules (humic and fulvic 
acids present in natural organic matter in surface waters) would then precipitate during the centrifugation 
step[27]. Although the ACN can extract less polar organic compounds (e.g., neutral lipids) along with PsNps 
(20 to 100 nm in diameter), interference from large amounts of neutral lipids could interfere in the distances 
between the nAu-MUA-NPs complex. However, significant differences between the direct calibration 
method and the standard addition method were not found, suggesting the absence of interferences in the 
conditions used in this study. Moreover, changes in lipids in digestive gland homogenates were not 
significantly correlated with NPs as determined by the plasmonic nAu-MUA assay. Interference from 
dissolved organic matter (> 15 mg/L) was observed with the nAu-MUA assay when used directly on surface 
water samples[27]. In amounts exceeding 15 mg/L, only 15%-20% of the NPs were detected when the assay 
was used directly on the water samples. An extraction step should be considered when the assay is to be 
applied directly to the sample with high levels of dissolved organic carbon, as used in the present study.

Responsiveness of the nAu-MUA assay to various plastics
The nAu-MUA assay was tested against various types of plastics such as PsNPs (20, 50, and 100 nm), water 
from 4-year-old PET water bottles, and tire/recycled tire leachates [Table 3]. As expected, the test responded 
to PsNPs. Tire wear leachates also elicited a contrasted positive signal compared to the blanks, suggesting 
that this assay also responds to petroleum-based rubber materials from tire wear and recycled tires. The 
nAu-MUA assay was tested on water from 4-year-old PET drinking water bottles and the assay also 
detected the presence of NPs. The nAu-MUA assay responded well to different types and sizes of plastics 
such as PS, rubber (tire), and PET. The detection of NPs in water bottles corroborates previous findings[16], 
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Table 3. Response of the nAu-MUA assay to various types of plastics

Materials1 Response factor2

Blank 1.00

Distilled water 1.00

PsNPs 20 nm3 1.21

50 nm3 1.17

100 nm3 1.20

Tire wear particle leachates4 1.20

Tire crumb4 1.14

Water from 4-years-old PET bottle5 1.17

110 µL of sample added to 200 µL nAu-MUA; 2Obtained by dividing the R color sample by the R color blank; 315 µg/mL standard solutions; 
4400 µg of ethanol tire wear and aged recycled tire rubber (crumb) powders (1 g/10 mL ethanol); 5See material and method for details. Note: no 
extraction or concentration step. MUA: Mercaptoundecanoic acid; nAu: nanogold; PET: polyethylene terephthalate; PsNPs: polystyrene 
nanoplastics.

i.e., NPs < 100 nm are released from plastic bottles. This assay also proved to work with polypropylene and 
polyethylene (tea bags) samples and seemed unaffected by the positive or negative charges at the surface of 
PsNPs, which are likely to be found in aged plastics.

Detection of NPs in mussel digestive glands
The relative levels of NPs were determined in the extract of the digestive gland of the freshwater mussel 
E. complanata following 3 months of caging experiments at various sites in the province of Québec 
(Canada). We observed a significantly (P < 0.05) higher signal for the nAu-MUA assay at the three sites 
compared to the control [Table 4]. The data revealed that mussels caged 15 km downstream from the city 
center of Montréal had higher levels of NPs compared to the reference site, in which a very low signal was 
detected. The levels of NPs were lower in the municipal effluent dispersion plume and were similar to the 
ones at the overflow site. These results indicate that plastic contamination arises in every site, but more 
importantly, downstream urban areas, and to a lesser extent, rainfall overflow sites draining nearby roads 
(tire wear and asphalt erosion) and municipal effluents. In a previous study with caged mussels, similar 
observations were found in mussels exposed to combined sewer overflows and municipal effluents using 
size exclusion gel chromatography and fluorescence detection using a molecular rotor probe for NPs in 
tissues[28]. Increased detection of microplastics and NPs was found in irrigated edible plants downstream 
municipal wastewater[29]. Interestingly, although plastics are found in most lakes and river samples, their 
levels were increased at sites close to urban pollution, including street runoffs in combined sewer overflows. 
The lower NP signals in the digestive gland extracts of mussels exposed to municipal effluent compared to 
Down city suggest that wastewater treatment retains NPs during the process. Following wastewater 
treatments, levels of MPs and NPs were shown to be drastically reduced compared to the raw influent 
wastewater in two different municipal effluents[30]. In this study, the removal of MPs (from 26 to 1.75 µg/L) 
and NPs (from 12 to 0.71 µg/L) represented diminutions of 93% and 94%, respectively. Although 
proportions of NPs (particle size: 0.01 to 1 µm) were similar in both effluents, the removal efficiency was 
least effective with NPs (< 1 µm) compared to MPs (> 1 µm). In another study on larger MPs, the average 
abundance of MP in the influent was lowered (from 196 to 9 particles/L), which represents efficiency 
between 90% and 97%[31]. These observations indicate that the removal of MPs by the wastewater treatment 
plant, yet incomplete, cannot be ignored. This is consistent with the low levels of NPs in the digestive glands 
of mussels caged downstream of the municipal effluent plume observed in our study compared to the 
highest downstream of the city site. Another explanation could be that a lowered filtration rate leading to 
reduced uptake by mussels could also explain the discrepancy observed between both sites. However, this 
was not evaluated in our study. Decreased filtration rates and acetylcholinesterase activity were found in 
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Table 4. Case study with caged lake mussels downstream a large city, rainfall overflow, and municipal treated effluent  in the Saint-

Lawrence River

Caging sites (
nAu-MUC method
µg/g)

Lipid 
(mg/g tissue)

Aldehydes 
(RFU/mg proteins)

Amyloids 1/ 
(Abs × mg proteins)

Reference lake 0.02 ± 0.01 16 ± 3 h 110 ± 30 4.9 ± 0.02 h

Down-city 0.11 ± 0.01* 31 ± 5* 200 ± 30* 4.7 ± 0.47 h

Down-Effluent 0.05 ± 0.02* 21 ± 5 h 450 ± 53* 4.3 ± 0.20 h

OVF 0.06 ± 0.01* 21 ± 3* 330 ± 27* 5.5 ± 0.04*

Comparisons were made with the control site. *P < 0.05. nAu: Nanogold; OVF: overflow site.

clams exposed to 80 nm NPs, 6 µm MPs, and ciprofloxacin[32]. Ciprofloxacin, an antibiotic found in 
municipal wastewater, was shown to worsen the inhibition potential of NPs when co-administered to clams. 
In another study, marine mussels exposed to elevated PsNP concentrations (0.5 and 5 mg/L) had total 
antioxidant capacity and acetylcholinesterase activity induced and inhibited, respectively[33]. 
Acetylcholinesterase activity is usually coupled with filtration rates, indicating that reduced filtration rates 
could represent an adaptive mechanism to limit exposure and damage caused by NPs. Although not as 
contrasted as the Down-city site, the overflow site also showed significantly higher NP detection in the 
mussel digestive glands. This observation suggests that the combined excess of rain and untreated 
wastewater also contributes to the NPs burden of mussels. The release of NPs from asphalt and tire erosion 
could also be a contributor to the levels of NPs observed in our study.

Biological and biochemical markers in the mussel digestive glands
In addition to NPs, other biomarkers such as the RI, TRR, aldehydes, neutral lipids, and amyloids in the 
digestive gland fractions were assessed. Globally, exposure of mussels to urban pollution increased levels of 
lipids, aldehydes, RI (digestive gland homogenates), and denatured proteins (amyloids). Their levels were 
highest at the rainfall overflow and downstream the city center sites for lipids and amyloid levels [Table 4]. 
In our study, we observed a significant increase in neutral lipids at the overflow site and downstream of the 
city, but not following exposure to the wastewater effluent site [Table 4]. Furthermore, an increased signal 
for aldehyde formation was observed at all sites [Table 4]. We observed that the RI was significantly lower 
in mussels downstream of the city as shown below. Interestingly, the highest levels of NPs were also found 
at this same site. In our study, we also noticed a significant increase in the amyloid contents in mussels 
exposed to the overflow site [Table 4]. Amyloid formation is involved in several degenerative diseases as a 
result of a long-term accumulation of oxidatively denatured protein plaques in various tissues and organs[15] 
(e.g., brain, muscle, and liver) and was referred to as a typical cellular disorder in the physiopathology of 
aging[34]. To this date, we ignore why amyloids were increased in these mussels, but we observed a 
significant correlation between amyloids and the RI (r = 0.66; P < 0.01). This observation strengthens the 
possible association between these two markers in the digestive gland homogenates.

In vitro investigations of effects of PsNPs in albumin-rich solution and biological matrices
To further investigate the observed changes in the RI and TRRs following exposure to NPs, we conducted 
an exploratory in vitro test to determine the effects of PsNPs on RI and TRRs in an albumin-rich solution 
and the digestive gland homogenates of E. complanata [Figure 2A-D]. Thus, a concentrated albumin 
solution was prepared at 100 mg/mL near the reported density of intracellular environments[18] and spiked 
with increasing concentrations of PsNPs. The presence of 50 nm PsNPs decreased the RI of the albumin 
solution in a concentration-dependent manner (between 0 and 0.15 µg/L, Figure 2A). It is important to state 
that the addition of PsNPs (without albumin) did not influence the RI of the solution. Furthermore, the 
TRRs in albumin-rich solutions were determined and revealed a decrease in the reaction rates when over 
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Figure 2. Refractive indexes and TRR following in vitro exposure to plastic nanoparticles (A and B) or in E. complanata digestive gland 
extracts following in situ exposures (C and D). The RI (A) and the TRR (B) were determined in concentrated albumin solutions. Mussels 
were encaged for 3 months at various sites and dissected, and digestive glands homogenates were assessed for RI and TRR. OVF: 
Overflow site; PsNP: polystyrene nanoplastic; RI: refractive index; TRR: thiol-reaction rates.

100 ng of PsNPs were added [Figure 2B]. In turn, this rearrangement could lower the free albumin in the 
dissolved phase and explain the decreased RI. Overall, these results obtained in albumin-rich solutions 
contribute to a better understanding of the effects of NPs in protein-rich samples and strengthen the link 
between the effects of NPs and the biological and biochemical effects observed in the exposed mussel’s 
digestive gland homogenates.

Indeed, albumin could interact with PsNPs, forming local and dense albumin-coated PsNP clusters that 
restrict the diffusion of substrates[9,35]. Analysis of the reaction rates revealed that the reaction rates over time 
(a measure of the spectral dimension of the reaction in crowded environments[9]) decreased more strongly 
in mussels downstream of the urban area compared to the reference lake (results not shown), consistent 
with the formation of elongated aggregate arrangements of percolation organization. Similarly, TRR could 
be decreased by the rearrangement of albumin in the presence of PsNPs and perhaps by a non-specific 
binding of the reagent on the hydrophobic surface of PsNPs. Additionally, the RI and the TRR were also 
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measured in the digestive gland extracts [Figure 2C and D]. The analysis revealed that the RI of the 
homogenate (normalized to protein content) was significantly decreased at the site with the highest levels of 
NPs (downstream city center site). Although other contaminants might be at play in these complex 
environments, it is plausible that NPs contribute to the decreased RI as a result of alteration in protein 
organization and reaction rates in the digestive gland extracts. Such changes in protein organization were 
also measured by anisotropic changes in the digestive gland homogenates, consistent with nematic crystal 
formation in mussels exposed to PsNPs and municipal effluents[36]. The complexation of albumin to PsNPs 
was previously shown to result from the hydrophobic environment of both albumin and PsNPs[37] and could 
be positively influenced by the presence of anionic charges on the surface of PsNPs[38]. This complexation is 
likely to happen given the local cationic patch that albumin displays on its surface and the hydrophobic 
environment of the NPs, especially when anionic charges are present on aged/weathered NP surfaces. 
Anionic charges (R-COO-) were reported to form during the weathering/degradation of plastic materials by 
UV and ozone[10]. The addition of these anionic charges on the surface of NPs could expectedly weaken the 
interaction with anionic natural organic matter (e.g., humic acids and alginates) and support interactions 
with cationic proteinaceous compounds usually found in wastewater. Ultimately, these interactions with 
NPs could lead to spatial changes in proteins and protein networks and consequently alter enzyme activity. 
Such influence of PsNPs on the enzymatic activity of LDH was previously reported in vitro and mussels 
exposed to PsNPs[13]. The changes in LDH activity by these NPs were consistent with the altered fractal 
organization of complex protein networks. Indeed, the calculated fractal dimension of LDH reaction rate 
was reduced by PsNPs as with F-actin, the natural ligand for LDH, suggesting a loss of affinity for its 
substrate pyruvate and NADH (increased affinity constant KM). Indeed, the spectral dimension of the 
reaction rates reached 1.2, also indicative of a percolation structure (continuous linear dust fragments). 
Thus, NPs interacting with albumin or protein networks in cells would form percolation-like structures, 
leading to reduced RI and TRR.

CONCLUSION
In this study, we adapted a simple extraction and detection method for NPs, and we investigated the in situ 
exposure of the freshwater mussel E. complanata in polluted urban environments. We also assessed the 
biochemical effects using several simple markers in exposed mussels and conducted an exploratory in vitro 
test to further understand the effects of NPs in protein-rich samples. Our results suggest that mussels 
exposed to city effluents are exposed to NPs and show disorders typical of NP exposure. Overall, 
E. complanata proved to be a potential surrogate for NP contamination in biomonitoring studies and 
responded to various effluents. Given that plastic pollution is ubiquitous and that the traditional NP 
detection methods (e.g., pyrolysis gas chromatography, thermogravimetric Fourier transformation 
spectrometry, transmission electron microscopy[39]) are labor- and cost-extensive, the access to quick and 
cheap assessment methods for the monitoring of plastic contamination and effects are needed. Although 
this method will need further validation, this study contributes to the development of new accessible tools 
for institutions and opens new perspectives for preliminary screening strategies to tease out sites with high 
levels of NPs.
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Abstract
Plastic pollutants have emerged as one of the biggest environmental concerns in recent times. The potential 
hazards arise from the presence of additives within microplastics (MPs), which can leach into the environment. 
These additives serve a multitude of purposes, resulting in a diverse range of compounds used in plastic 
formulation. These elements are commonly integrated into plastic molding processes to enhance usability, 
optimize material performance, and reduce costs. Throughout the lifespan of plastics, there exists a potential for 
the release of unpolymerized monomers (sometimes more toxic) and additives that are not chemically bound to 
polymers; these elements pose risks to the environment and, ultimately, human well-being. Assessing the potential 
impact of MPs on life requires determining the precise chemical composition and the level of exposure to these 
additives. Phthalates and chemical flame retardants are currently the focus of extensive examination due to their 
widespread presence in the environment. Following closely behind are stabilizers and antioxidants, which are also 
undergoing evaluation. Chemical compounds like hexabromocyclododecanes (HBCDs) and polybrominated 
diphenyl ethers (PBDEs) possess characteristics such as persistence, bioaccumulation, and toxicity. The 
understanding of the ecotoxicological implications of plastic additives and their discharge from primary plastic 
materials remains limited at present. The current state of issues concerning the regulations and transparency 
regarding plastic additive chemicals is marked by a significant lack of openness and clarity. It is paramount to 
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thoroughly comprehend and assess the risks that ecosystems face due to the leaching, degradation, 
bioaccumulation, and eventual fate of additive compounds when plastics are released into the environment.

Keywords: Plastic leaching, plastic additives, ecotoxicology, microplastics

INTRODUCTION
The use of plastics, a revolutionary invention, has significantly increased in the 20th and 21st centuries. In 
2021, global plastic production was estimated at 390.7 million metric tons. This surge in production stems 
from the manifold economic and social benefits of plastics, which have been instrumental in enhancing the 
quality of life[1,2]. Synthetic and semi-synthetic materials are part of plastic. Plastics comprise two categories, 
i.e., thermosets and thermoplastics. Thermoplastics represent a class of plastics that can be easily modified 
under high-temperature conditions. This category includes polycarbonate (PC), polystyrene (PS), 
polypropylene (PP), polyarylsulfone (PAS), polyethylene terephthalate (PET), polyvinyl chloride (PVC), 
polyamides (PA), and thermoplastic elastomers, all of which are commonly found in the environment. 
Conversely, thermosets denote plastics that retain their form even when subjected to heat, such as vinyl 
ester, polyurethane, acrylic resin, silicone, melamine resin, phenolic resins, and phenol-formaldehyde[3-7].

Numerous international policies have been established to address the improper disposal of plastic waste; 
however, mismanagement often leads to the release of such waste, causing detrimental effects on the 
ecosystem[8,9]. Plastic undergoes degradation via chemical and physical weathering processes, breaking down 
into smaller fragments known as MPs. These particles come in various sizes, with those measuring < 5 mm 
categorized as MPs and those smaller than < 1 µm termed nanoplastics[10,11]. Apart from the degradation of 
large plastics, MPs can also be produced through anthropogenic activities such as in the manufacturing of 
clothing, cosmetics, nurdles, industrial processes, and wastewater treatment[12].

MPs pose a significant challenge to marine ecosystems globally[13]. Their impact extends beyond the marine 
environment, as they are increasingly recognized as pollutants across various environmental 
compartments[14]. Due to their ubiquitous nature and bioavailability, MPs are found extensively in terrestrial 
environments, marine ecosystems, and plant tissues[4,7,12,15]. This widespread presence potentially amplifies 
the concentration of contaminants in the environment and burdens biological organisms that inadvertently 
consume microplastic particles[16]. The interaction between toxic pollutants and MPs presents a considerable 
environmental concern, impacting the ecosystem and its biota[17,18]. Various toxic chemicals, such as 
persistent organic pollutants (POPs), also known as hydrophobic organic contaminants (HOCs), include 
organochlorine pesticides (OCPs), polychlorinated biphenyls (PCBs), and polyaromatic hydrocarbons 
(PAHs), as well as heavy metals such as lead, copper, zinc, silver, manganese, iron, and aluminum. These 
contaminants attach to the pitted surfaces of floating MPs in water, facilitated by their wide distribution in 
water.

Besides contaminants that adsorb onto MPs, additives are another agent that intensifies their ecotoxicity. 
Approximately 7% of additive compounds are used during the plastic manufacturing process to shape the 
material and provide specific functions[19,20]. These additives fall into distinct categories such as plasticizers, 
flame retardants, stabilizers, and antioxidants. Among plasticizers, examples include terephthalates, DEHT, 
di-2-ethylhexl terephthalate, TOTM, tris-2-ethylhexyl trimellitate, 1,2-cyclohexane dicarboxylic acid, 
diisononyl ester, and adipates[21]. Beyond their incorporation into MPs, additives find applications in 
manufacturing biocides, UV protection materials, dye agents, clothing, and formaldehyde-releasing 
chemicals[22]. Plastic contains a diverse range of additives, monomers, and oligomers. Most of these 
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substances are not chemically bound to the plastic, causing them to leach out and migrate into various 
matrices (soil, air, water, food, and even human body), leading to harmful consequences[23,24]. For example, 
the plasticizer di (2 ethyhexyl) phthalate (DEHP) disrupts the endocrine systems of humans and animals. 
Studies by Tanaka et al. demonstrated the accumulation of additives in seabird tissues, revealing the 
leaching of these substances from plastics, particularly facilitated by the oil components in the digestive 
tract[25,26]. Moreover, exposure to DEHP for 15-30 days in Carassius auratus (goldfish) resulted in reduced 
sperm production and diminished motility[27,28].

The existing literature on the leaching of additives from plastic pollution is limited, showcasing a variety of 
experimental methodologies used in previous studies. Plastic leaching is a widely recognized phenomenon 
extensively studied in the assessment of potential risks posed by leached additives to various ecosystems. 
This study aims to investigate the transfer of plastic leachate to organisms in order to address the existing 
uncertainty and debates surrounding its potential hazards. This paper provides a comprehensive analysis of 
the distinctive features that differentiate MP additives from other toxic pollutants. Moreover, it investigates 
the process of additive leaching from MPs and its subsequent dispersion into the environment. 
Furthermore, it evaluates the environmental impact of MP additives on various ecosystems, including 
marine, freshwater, and terrestrial environments. Specifically, this study aims to scrutinize the release of 
these MP additives and their detrimental effects from an environmental perspective.

CO-CONTAMINANTS OF PLASTICS
Microplastics, due to their large surface area, act as transporters of hazardous contaminants in the
environment and within organisms. Various pollutants, such as POPs and heavy metals, adhere to the
expansive surface area of MPs. According to Maršić-Lučić et al., MPs have the ability to accumulate heavy
metals from water, which can then be taken up and consumed by various species[29]. The presence of MPs in
the natural environment significantly affects the global transport of detrimental pollutants[30]. In some
instances, contaminants may detach from MPs while organisms ingest them.

POPs
POPs, such as PCBs and OCPs, remain in the environment for long periods. Verla et al. explained that
POPs resist photolytic and biochemical breakdown processes, making them easily transportable and prone
to binding with various objects. Due to their poor solubility, organic contaminants tend to adhere to MPs in
the environment[31]. Pascall et al. demonstrated the presence of 113 chlorinated chemicals among a total of
200 comprising polychlorinated biphenyls, also known as PCBs, in the environment[32]. The first observation
of PCB adsorption on polystyrene MPs dates back to 1972[33]. Studies investigating microplastic distribution
on New Zealand beaches and in sediments revealed high PCB adsorption on PP microplastic pellets[34].
Subsequent research indicates an increasing adsorption concentration of up to 18,700 ng/g over time[35].
Samples of resin PP pellets were collected from four coastal areas in Japan, revealing polychlorinated
chemicals in concentrations ranging from 97 to 117 ng/g. Among 55 polypropylene pellets, a significant
quantity of PCBs was detected, indicated by regional differences and discoloration of pellets[36]. Additionally,
MPs collected from two beaches in Portugal exhibited concentrations of PCBs ranging from 0.02 to
15.56 ng/g[37]. PAHs, another organic molecule, were found attached to MPs in the North Pacific Gyre,
ranging from 39 to 1,200 ng/g in concentration. Researchers noted that when the concentration of
connected PAHs increased from 6,100 to 12,000 ng/g, the color of the plastic faded, turning yellow[38].

Heavy metals
Heavy metals refer to metals with a higher density, typically around 5 g/cm3. Recent studies by several
authors have provided evidence supporting the attachment of heavy metals to MPs. In a comprehensive 12-
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month investigation conducted by Rochman et al., the attachment of heavy metals to newly manufactured 
MPs, such as PP, LDPE, PVC, HDPE, and PET collected from three different sites in San Diego Bay, USA, 
was examined. The final data yielded at the end of 12 months indicated that Zn, Cd, and Pb were found 
attached to MPs at concentrations of 4.16 µg/g, Cd 3.8 µg/g, and 0.8 µg/g, respectively[39]. Another study 
focused on eight farms in China, six of which were culture ponds, while two were open area farms for sea 
cucumber culturing. This study identified the presence of eight heavy metals, including arsenic, cadmium, 
lead, zinc, manganese, nickel, copper, and chromium, attached to MPs at varying concentrations across 
these farms[40].

ATTACHMENT AND DETACHMENT MECHANISM OF TOXIC POLLUTANTS ONTO PLASTIC
Attachment mechanism
The attachment of different pollutants to MPs relies significantly on factors like surface structure, affinities 
towards pollutants, and the types of polymers involved, such as polyethylene (PE), PS, and PP. Toxic 
chemical pollutants generally become embedded within the pitted surface of MPs[41]. Several key elements of 
plastics - like surface area, surface chemistry, and size - influence the interaction between MPs and 
environmental pollutants. For instance, polychlorinated organic pollutants exhibit a higher tendency to be 
adsorbed by PE pellets than PP pellets, as demonstrated in an in situ experiment by[36]. According to Wu et 
al., alkyl benzenes show higher adsorption onto PVC than onto PE-MPS[42]. This consistent adsorption 
pattern of MPs towards heavy metals has been observed in numerous studies[43]. For example, when exposed 
to Zn, PS showed greater adsorption than PVC. Conversely, PVC exhibited higher adsorption when 
exposed to copper. Moreover, PVC demonstrated increased adsorption after exposure to Cu. Aging also 
plays a crucial role, potentially affecting the interaction between metal ions and MPs. For instance, in a 
NaCl solution, the ultraviolet irradiation aging process inhibits the assembly of PS-NPs. Natural organic 
matter present in natural waters is likely to adhere to plastic surfaces, thereby influencing the properties of 
plastic particles[44,45]. Ali et al. reported that natural organic matter forms a protein layer on the surface of 
MPs[46]. However, humic acid improves the aggregation of PE-MPs, while sodium alginate enhances the 
assembly of PS-MPs[47,48].

There are two mechanisms by which MPs attach to various toxic chemical pollutants: (1) attachment of 
pollutants onto MPs hydrophobically; and (2) incorporation into the biofilm matrix.

Hydrophobic attachment of pollutants
MPs exhibit low surface polarity, rendering them more hydrophobic, facilitating increased adsorption of 
hydrophobic pollutants. Due to their lower density compared to water, MPs commonly accumulate in the 
microlayer of seawater. POPs, such as organochlorine (DDT), PAHs, and PCBs, are all lipophilic and 
typically remain in the upper layer of seawater, where they undergo hydrophobic adsorption with MPs. The 
combination of the low polarity and a relatively lower pH than most environmental PHs creates favorable 
conditions for MPs and aqueous metal ions on their surfaces. The pH of the medium, particularly when 
nearing 0, significantly promotes the electrostatic interaction between polymers and oppositely charged 
organic compounds. Micelle shaped structures are formed by the attachment of positively charged aqueous 
ions to the negatively charged surface of MPs. Upon adsorption, the charge is neutralized. In a natural 
environment, the adsorption or attachment of toxic pollutants onto MPS is a lengthier process compared to 
artificial laboratory experiments[49]. Research on the degradation of MPs has indicated an increased 
generation of oxygen groups during the process, altering the surface charge and enhancing polarity, thereby 
making the plastic surface more reactive. Consequently, it takes longer to reach equilibrium[50,51]. However, 
laboratory experiments often reach equilibrium more rapidly. For example, Holmes et al. performed a lab 
study exposing virgin PE pellets to six heavy metals: Cr, Cu, Co, Ni, Pb, and Cd, demonstrating a rapid 
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equilibrium[52].

Van der Waal forces: These are the weak intermolecular electric forces between molecules. Polyvinyl 
chloride and polyethylene microplastic adhere to toxic pollutants through Van der Waal interactions[53,54].

The Pi-Pi (Electron-Donor-Acceptor) interaction: this type of sorption behavior observed in polymers that 
incorporate benzene rings within their structure. This interaction is non-covalent, involving both electron 
donation and acceptance. Both the polymer and contaminant types act as electron donors and acceptors. 
The sorption capacity of polystyrene, polyvinyl chloride, and polyethylene was observed with aromatic 
organic compounds. Among all phenyl groups, polystyrene plastic shows higher sorption towards organic 
compounds[55]. PS plastic and tetracycline (TC) demonstrate more sorption via Pi-Pi interaction than 
polyethylene and polypropylene due to the presence of benzene rings in both PS and TC[56].

Incorporation into biofilm matrix
A phenomenon known as quorum sensing plays a pivotal role in the formation of biofilms. Initially, 
microbes attach to the surface of MPs, forming micro colonies that eventually mature into biofilms. In 
addition, biofilms may absorb toxic chemicals due to their unique structure. When virgin MPs come into 
contact with the bacteria in water, the initiation of biofilm formation within the water can occur in a matter 
of seconds[57,58]. Temperature and light are essential factors for the formation of biofilm[59,60]. Quorum sensing 
controls the gene expression of diverse microorganisms that produce extracellular polymeric substances by 
adhering to each other on non-living or living objects. Studies have shown that biofilms can be present 
wherever water exists, attaching themselves to hard surfaces or floating freely within the water[61,62]. 
Extracellular polymeric substances (EPS) govern the distribution and mobility of metals in aquatic 
environments, either by chelating the metals or by integrating them into their cellular structure[63]. In 
biofilms, microorganisms create pits on the surface of MPs, thereby increasing the available surface area of 
MPs available for the sorption of different types of heavy metals. Additionally, this process significantly 
enhances the hydrophobicity of MPs[63,64].

Detachment mechanism of pollutants
Toxic pollutants may readily attach themselves to MPs via non-covalent bonds, enabling the contaminants 
attached to plastic surfaces to detach easily [Figure 1]. Goss and Schwarzenbach demonstrated that the 
forces that hold atoms together include weak van der Waals forces, hydrogen bonds, and the creation of 
cavities. During the desorption process, pollutants initially travel from their original location to the plastic 
surface and are then subsequently released into various mediums, such as sediment, water, human or 
animal bodies, or dirt. The specific desorption mechanisms vary based on the adsorption sites. Moreover, 
several factors impact desorption, including the type of polymer, the pH of the medium, the salinity of the 
medium, and the presence of inorganic and organic ligands in the medium[65]. Research by Violante and 
Pigna revealed that when contaminants discharge into soil or sediment, they tend to adsorb trace elements, 
humic compounds, inorganic components, and carbonates. Once hazardous pollutants are released from 
the plastic into an unpolluted environment, the situation is considered resolved[66]. Pollutants, along with 
organisms in the medium (soil or sediment), also adsorb on the organic and inorganic ligands in the 
medium[67]. In aqueous environments, the desorption process is largely influenced by medium salinity. 
According to research by Awet et al., the adsorption of the contaminant DDT onto plastic reduces as the 
salinity of the solution rises[68].

PLASTIC ADDITIVES
Plastic not only comprises polymers but also contains some other substances known as additives. These 
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Figure 1. Unpolluted MPs come into contact with chemical pollutants (heavy metals, organic compounds) adsorbed onto MPs (A). 
When all the organic matter on MPs is used up by pollutants, they slowly move to the outer surface of MPs (B) and migrate to the 
unpolluted sediment particle that is rich in humic and fulvic acid (C). MPs: Microplastics.

additives serve the purpose of modifying the physical and chemical properties of plastic. The selection of 
additives significantly influences both the cost and production of plastic materials[69]. The ecotoxicity of MPs 
is not only affected by their shape and size but also by the concentration, composition, and sheer quantity of 
additives. The concentration of additive chemicals in MPs surpasses that of toxic anthropogenic pollutants 
in the environment[20,24]. The specific type of additives plays a crucial role in determining the 
physicochemical properties of MPs and their behaviors and interactions within the environment[70].

In 2021, the global plastic additives market witnessed substantial growth, reaching 48.41 billion USD with a 
growth rate of approximately 6%, and is expected to be 51.04 billion dollars by 2026 and 75.29 billion dollars 
by 2028 (Fortune, plastic additives market size, growth, and forecast report 2022). The manufacturing of 
plastic involves around 6,000 chemical classes of additives. Along with that, light stabilizers are incorporated 
to slow down chemical degradation, while added pigments contribute to creating different colors, thereby 
enhancing the appeal of plastic products.

Identification of MPs-derived pollutants
The current presence of microplastics in the environment can be identified by the chemical additives they 
contain, such as phthalates, nonylphenol, polybrominated diphenyl ethers, and Bisphenol A (BPA)[47,70]. 
These pollutants derived from microplastics have been identified through electrochemical oxidation on 
electrodes. Carbon nanomaterials, including graphene oxides (Gr), carbon nanotube (CNTs), boron-doped 
diamond (BDD), carbon quantum dots (CQDs), and grapheme oxides (GO), are employed for monitoring 
and identifying EPS. They are chosen due to their rich surface chemistry, low cost, high conductivity, 
electrochemical property, chemical stability, and large surface area[71,72]. Jiang et al. reported that boron-
doped diamond glassy carbon electrode shows a higher detection ability towards bisphenol A than for 
hydroquinone and 1,2-dihydroxybenzene in urban wastewater[73]. Molecularly imprinted polymers (MIPs) 
act as synthetic polymeric receptors for dibutyl phthalate and bisphenol A[74,75]. MIPs demonstrate selective 
identification even in the presence of interfering EPS. For the detection of EPS, carbon materials modify the 
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structure of MIPs, such as QDs, MWCNTs, and CdTe, providing abundant active sites with high stability 
and surface area, good electrical conductivity, and high sensitivity for bisphenol A analysis[76]. Metal/
covalent-organic frameworks (MOFs/COFs) have emerged as excellent electrodes for electrochemical 
identification of MPs-derived pollutants. When MOFs are modified with CTAB (cetyltrimethylammonium 
bromide), the response for bisphenol A detection is enhanced threefold compared to MOFs.

The classification of additives is divided into: plasticizers, antioxidants, flame retardants, and monomers, as 
described in Table 1.

Plasticizers are added to enhance the flexibility and softness of plastics. They encompass substances like 
phthalates, epoxides, etc. On the other hand, antioxidants are incorporated to mitigate the degradation of 
plastic caused by chemicals, light, or heat.

Antioxidants, including phenols, arylamines, etc., are introduced into plastics to impede oxidation and 
prevent aging[94]. Similar to other plastic additives, antioxidants sometimes leach out and enter the 
environment. Particularly in food packaging, antioxidants from containers can migrate into food, posing a 
threat to food safety.

Flame retardants are used in plastic to meet fire safety standards, rendering the plastic materials resistant to 
fire or the spread of flames. Various flame retardants are employed, such as halogens and bromine 
compounds. For instance, BPA is an additive monomer.

MECHANISM OF LEACHING OF PLASTIC ADDITIVES
Since these additives are either loosely attached or not chemically bonded to plastic, they can escape from 
the plastic during use or after disposal. Once they leach out, they may degrade and form other toxic 
chemical pollutants, persisting in the environment and accumulating in living organisms[95]. The presence of 
additives in the environment or MPs largely depends on their origins[96]. However, pinpointing the source 
can be challenging, as some additives are not exclusively used in plastic but also in various other products. 
For instance, bisphenol A is used not only in plastic bottle production but also in food can lining and 
thermal paper manufacturing. Perfluorinated compounds (PFCs), employed in textiles and food packaging, 
exhibit persistent qualities, remaining in sediment, soil, water, and biota[97].

The leaching of additives from plastic is influenced by various factors, including solubility, volatility, 
additive size, pH, physical or chemical properties of media, temperature, permeability of the polymer 
matrix, and gaps between polymer molecules allowing migration [Figure 2]. Additive chemicals possess the 
ability to migrate from plastic materials to external matrices, such as water, soil, and food, as well as 
internally within plastic to its surface[20]. In many cases, the unintended and uncontrolled leaching of 
additives from plastic has significant consequences for the environment and human health. For example, a 
flame retardant, polybrominated diphenyl ethers (PBDEs), is ubiquitous, environmentally persistent, and 
accumulates within organisms. It has been banned in the European Union since 2004[98]. However, there are 
instances where the intentional and controlled migration of additives is beneficial, such as the release of 
mold agents on the surface to prevent silver oxidation and enhance mechanical, optical, and antistatic 
properties, thereby improving food preservation[99,100].

The process of leaching/migration of additives from plastics can be categorized into four steps: 
1. Diffusion leads to the additive moving towards the surface of polymer. 
2. Desorption occurs as the additive separates from polymer surface. 
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Table 1. Polymers and their additive compounds with different classifications

Polymer type Additive compound Classification of additive Ref.

PS, PP, PA, PE, PVA, HDPE DEP Plasticizers [77,78]

ABS BHT Antioxidant [79]

PC BPA Monomers [80]

PE, PS, PP, PVC PBDEs Flame retardants [81]

PP, PE Tris (2,4-di-tert-butylphenyl) phosphite Antioxidant [82]

PVC, PE BBP Plasticizer [83,84]

Modified PS, PVC, ABS, PS ATBC Plasticizer [85]

PP, PE, PA, PS 2,4-Di-tert-butylphenol Antioxidant [77,86]

PVA Acetic acid Monomer [87]

PET, PS, PVC, ABS TBBPA Flame retardants [88,89]

PVC, PET, PS, ABS TCEP Flame retardants [90]

PVA Diisobutyl phthalate Plasticizer [91]

PP, LDPE Octadecyl 3-(3,5-di-tert-butyl-4-hydroxyphenyl) propionate Antioxidants [92]

PVC, PE DINP Plasticizer [83]

PE, PBT Calcium bis (ethyl 3,5-di-tert-butyl-1-44-hydroxybenzylphosphonate Antioxidant [93]

PS: Polystyrene; PP: polypropylene; PA: polyamides; PE: polyethylene; PVA: polyvinyl alcohol; DEP: diethyl phthalate; ABS: acrylonitrile butadiene 
styrene; BHT: butylated hydroxytoluene; PC: polycarbonate; BPA: bisphenol A; PVC: polyvinyl chloride; PBDEs: polybromodiphenyl ethers; BBP: 
butyl benzyl phthalate; ATBC: acetyl tributylcitrate; PET: polyethylene terephthalate; TBBPA: tetrabromobisphenol A; TCEP: tris(2-chloroethyl) 
phosphate; DINP: di-isononyl phthalate; PBT: polybutylene terephthalate.

Figure 2. Factors affecting the migration of pollutants from MPs into the medium[18]. MPs: Microplastics.

3. Sorption takes place as the additive becomes absorbed within the plastic matrix in the surrounding 
medium. 
4. Dispersion and absorption occur within the matrix.

Moreover, the leaching or migration of additive chemicals is directly related to the particle size. Smaller 
particles are more easily and quickly removed. For example, monomers with low boiling points tend to 
escape even at room temperature. According to Hahladakis et al., these monomers include ethylene, vinyl 
chloride, butadiene, and formaldehyde. Once released, the additive chemicals become absorbed into a 
matrix consisting of two phases: a solid phase represented by the polymer, and a liquid phase represented by 
either water or air[20]. Both adsorption and absorption are part of the sorption concept. During adsorption, 
the chemical remains at the interface between the solid phase and the fluid phases, while in absorption, 
additive compounds are embedded and penetrate the layer of the solid phase as polymers[101].
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RISK OF LEACHED ADDITIVES ON THE ECOSYSTEM
In recent years, there has been growing evidence indicating the harmful effects of plastics and their 
constituent substances. This heightened awareness has emerged due to both direct and indirect sources of 
exposure. According to Wright et al., the intake of plastic particles results in direct poisoning. On the other 
hand, indirect toxicity occurs when plastic breaks down and releases dangerous chemical components into 
the environment[102]. This is primarily because most additive components are physically rather than 
chemically bonded to the plastic.

Effects on marine organisms
The natural compartments of the marine ecosystem serve as reservoirs for all the impurities released by 
anthropogenic discharges. Across the global marine environment, significant quantities of chemical plastic 
additives have been identified[103,104]. In a field study, six types of phthalates were detected in sediments, with 
DEHP accounting for 95% of the total. Additionally, plastic additive compounds have been linked to heavy 
metals such as Cu, Mn, Ni, Cd, Co, Pb, and Fe. This association has been observed to potentially impact the 
reproductive and immune systems of H. diversicolor[105]. In Osaka Bay, Japan, the plastic additive 
compounds BPA, NP, and octylphenol (OP) have exhibited bioaccumulation and caused endocrine 
disruption in Paraprionospio sp. (Polychaete)[106]. Furthermore, exposure to leached additives from seven 
commercially used recyclable plastics has been linked to increased mortality among larvae of Amphibalanus 
amphitrite due to toxicity[47]. Leachates from polypropylene pellets encountered during the embryonic 
developmental stage of Perna perna (mussels) exhibited increased toxicity, inhibiting the growth of the 
embryos of mussels across all samples[107].

Data were obtained from various marine invertebrate species, including D. magna, Lytechinus variegatus, 
A. amphitrite, N. spinipes, and P. perna. The effects of leached additives from three different plastic types on 
these invertebrate species were observed. It was indicated that additives leached from PVC are more toxic 
towards species, while PP and PE are less toxic or, in some cases, not toxic towards these diverse 
species[47,107-109] [Figure 3].

Another study investigated the toxicity and bioaccumulation of PBDEs, a flame retardant, when exposed to 
Capitella sp during the larval settlement stage. Tests were conducted under both hypoxic and normoxic 
conditions. Under hypoxia, larva settlement was observed[110]. The presence of additives, including flame 
retardant, had adverse effects on polychaetes, leading to reduced growth and various other biological effects. 
Moreover, these effects were significantly exacerbated when additional stressors, such as PVC 
contaminants, were introduced in conjunction with hypoxia conditions and additives, amplifying the 
impacts on the organisms’ immune systems. Table 2 presents an overview of recent studies conducted on 
the effects of additives found in MPs on various marine species.

Effects on freshwater biota
Wastewater treatment plant effluents often contain various additives of plastics released by industries, dust, 
sewage sludge, municipal waste, and domestic waste when discharged into freshwater. Another significant 
contributor to these additives in freshwater is the wear and tear of tire rubber (CTR), which enters 
freshwater through surface runoff. In their study, Capolupo et al. investigated the adverse effects of 
additives released from tire wear and MPs of PP, PVC, PS, and PET on the freshwater microalga 
Raphidocelis subcapitata. Among the most notable additives detected were cobalt, zinc, and benzothiazole 
from car tire rubber; antimony and cobalt from PET; acetophenone and lead from PP; and phthalide and 
zinc from PVC. The quantities of these additives extracted from MPs varied in freshwater, with the highest 
counts recorded as 19 (PP), 17 (CTR), 9 (PS), 9 (PVC), and 1 (PET). PET, in its purest form, did not exhibit 
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Table 2. Recent studies on exposure of MP additives to different marine species and the end results

Additives compound Microplastic type Species Exposure 
time End results Ref.

Phthalate; bisphenol A; nonylphenol; 
brominated flame retardant; boric acid; 
tris(2-chloroethyl) phosphate

Polystyrene microbeads Marenzelleria spp 1 day Ingestion by organism [111]

Phthalate; bisphenol A; nonylphenol; 
brominated flame retardant; boric acid; 
tris(2-chloroethyl) phosphate

Polyvinyl chloride, polypropylene, 
PET

Nitroca sinipes 96 h Leads to mortality [108]

Polybrominated diphenyl ethers (BDE-47) Polyethylene Laeonereis acuta 14 days Bioaccumulation of 
MPs

[112]

Brominated flame retardant; boric acid High-density polyethylene, 
polypropylene, polyvinyl chloride, 
epoxy resins 

Daphnia magna 24-48 h Leads to mortality [113]

BPA Polypropylene Perinereis
aibuhitensis

4-14 days Change in the 
expression of Pa Ga 
gene

[114]

Polybrominated diphenyl ethers (BDE-47) Polyethylene Pseudochromis 
fridmani

2 days Mortality happens [115]

Phthalate; bisphenol A; brominated flame 
retardants; boric acid

Polyvinyl chloride, polyactic acid, 
high-density polyethylene.

Arenicola marina 31 days Biomass survivorship [116]

Bisphenol A; nonylphenol; brominated flame 
retardant; boric acid; tris(2-chloroethyl) 
phosphate

Polystyrene, polypropylene, 
polycarbonate, low-density 
polyethylene

Amphibalanus 
amphiteite

24-96 h Settlement [47]

Dibutyl phthalate Polystyrene Galeolaria 
caespitosa

15 min - 2.5 h Toxicity in embryo [117]

Phthalate; bisphenol A; nonylphenol Polyvinyl fragments Hediste 
diversicolor

10-28 days Organism survived [118]

Dibutyl phthalate; PA 6,6; PA 11; 
PA 12; PA 4,6

Polystyrene and polyamide 
fragments

Arenicola marina 106-240 
days

Survival of organisms [119]

Polybrominated diphenyl Polyethylene Capitella sp. I 1 day Settlement of larva 
occurs

[110] 

Brominated flame retardant; boric acid; 
tris(2-chloroethyl) phosphate

Polyurethane, Polymethyl 
Methacrylate

Daphina magna 24 and 48 h Mortality occurs [109]

Polybromodiphenyl ethers; PCBs Polystyrene, polyethylene Nereis virens 28 days Bioaccumulation of 
MPs

[120]

MP: Microplastic; PET: polyethylene terephthalate; BPA: bisphenol A; PA: polyamides; PCBs: polychlorinated biphenyls.

any inhibitory effects on the growth of R. subcapitata even at 100% leachate concentration. However, the 
leachates from CTR, PP, PS, and PVC microplastic materials showed full toxicity and resulted in reduced 
growth of the microalgae[121].

Phthalate compounds, commonly found in polyvinyl chloride plastics, are not chemically bound, allowing 
them to quickly leach into the environment[122]. These phthalates serve various purposes across multiple 
products, including medical devices, building materials, electrical cables, food packaging, and toys. Due to 
their widespread use, these compounds have permeated ecosystems, accumulating in organisms. The 
presence of MPs, including phthalates, poses a severe threat to freshwater biota, notably keystone species 
like D. magna. This pollution endangers biodiversity and destabilizes entire food systems. D. magna, a filter 
feeder with a diet encompassing particles ranging from 1-70 µm, inadvertently consumes MPs in aquatic 
ecosystems[123]. Upon ingestion, the chemicals from these microplastics leach into the organisms’ 
gastrointestinal tracts. Particularly, polystyrene carboxylated MPs sized between 20-1,000 nm can permeate 
the epithelium of D. magna, resulting in adverse effects on reproduction, organism growth, and mortality. 
Recognized as an essential indicator species for environmental pollution, Daphnia magna plays a crucial 
role in detecting contaminants in aquatic ecosystems[124].
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Figure 3. Physical obstruction occurs through different types of MPs encountered by fish in water. A-Sorption occurs after interaction. B-
Firstly, pollutants such as chemicals, ions, and C- organic compounds leach from MPs, and then D- additives from plastic released into 
the fish body. MPs: Microplastics.

Daphnia magna was exposed to three different types of phthalates - DEHP, dibutyl phthalate (DBP), and 
DEP - ranging from 1-10 µm in concentration. After 14 days of exposure, no significant impact on 
reproduction or hatching was observed. However, an unexpected outcome emerged: DEHP increased 
reproduction at a concentration of 1 µm. On the other hand, growth and development were reduced by all 
the three phthalates, whereas the lipid content of Daphnia increased upon exposure to these substances. 
Negative effects on the lifespan of D. magna were observed with DBP at both 1 and 10 µm concentrations, 
and with DEP at 10 µm[125]. Blinova et al. demonstrated in a laboratory assay the negative impacts of 
1-Hydroxycyclohexyl phenyl ketone (1-HCHPK) on two planktonic organisms, Thamnocephalus platyurus, 
Daphnia magna, and the benthic organism Heterocypris incongruens. 1-HCHPK is a chemical additive used 
in plastic construction, coating materials, and 3D printing UV-radiation-curable technologies such as 3D 
printing. This compound enters freshwater systems through consumer waste flows. After 6 days of exposure 
to 1 HCHPK (25 mg/L), H. incongruens exhibited a visible reduction in body size (1.3-1.8-fold) compared to 
the control[126]. By contrast, Murugan et al. found that in T. platyurus, hatching was promoted by the 
introduction of medium calcium into embryonic cells[127]. Zhang et al. demonstrate the capacity for 
biodegradation of dimethyl phthalate (DMP) by three species of freshwater unicellular cyanobacteria, i.e., 
Synechocystis sp., Synechococcus sp., and a diazotrophic Cyanothece sp. Low concentrations of DMP were 
found to enhance the growth of cyanobacteria, but increased concentrations resulted in reduced growth. At 
pH 9 and a temperature of 30 °C, degradation of dimethyl phthalate occurred. Cyanothece cyanobacteria 
exhibited the highest rate of phthalate degradation compared to the other two species. Phthalic acid was 
identified as an intermediate product of dimethyl phthalate after degradation[128].

Effects on terrestrial ecosystem
Plastic additives have been discovered not only in marine and freshwater ecosystems but also in terrestrial 
ecosystems, accumulating in the soil and posing risks to human health. A small number of studies have 
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indicated their presence in soil[129]; however, major additives and plasticizers have not been detected yet. 
One prominent plasticizer found in soil is phthalate, primarily originating from agricultural plastic 
use[130,131]. Recently, terrestrial ecosystems have been recognized as major receptors of plastic in the 
environment[132]. MPs in soil degrade into smaller particles through diffusion, the leaching of plasticizers 
onto their surface, and subsequent release into the soil[129]. The leaching potential of plasticizers depends on 
the polymer type and physical state of the plastic. Plasticizer content varies in every plastic type; for 
instance, PE contains minimal plasticizer, while PVC comprises over 80% plasticizers[133].

Billings et al. performed a field study in central and southern England (UK), aiming to assess microplastic 
and leached plasticizer concentrations in UK soil. They collected 19 samples from different sites, including 
woodlands (7 samples), urban roadsides (3 samples), urban parklands (3 samples), and landfill areas (6 
samples). These samples comprised both soil and surface plastic collections. Varying quantities of 
microplastic items were evident across different land uses. The highest count was found in landfills, 
registering 42 items per 25 m2 of soil, followed by urban roadsides with 21 items per 25 m2, parkland 
exhibiting 1.3 items per 25 m2 of, and the lowest amount in woodland, measuring 0.1 items per 25 m2. 
Notably, woodlands exhibited the lowest account due to their historical tree cover dating back to 1,600 CE 
(Natural England, 2021). The high counts in landfills and roadsides are attributed to the widespread 
disposal of waste by humans[134]. Upon microplastic deposition in soil, additive compounds are released 
through fragmentation or degradation. Phthalate, for example, is 25 times higher in concentration in urban 
roadside soil than in landfills (2.3 times), parklands (1.6 times). In deciduous woodlands, the substantial 
presence of organic matter accelerates plasticizer biodegradation by bacteria[129].

The detrimental impact of phthalates, widely regarded as one of the most hazardous chemicals in plastic, on 
human health has been well-established. Phthalates enter the human body through dermal contact, eye 
contact, ingestion, and inhalation. They are present in numerous everyday items, such as personal care and 
consumer products[135,136]. Additionally, infants are exposed to and ingest phthalates through various sources 
such as infant formula milk, breast milk, food packaging, or cow milk[137]. Recent studies have revealed the 
presence of phthalates in cord blood, human breast milk, and other pregnancy specimens[135,138,139]. Colon 
et al. documented the presence of mono-(2ethylhexyl) phthalate (MEHP) and DEHP in 41 Puerto Rican 
girls, associating it with endocrinal disruption. Moreover, other effects such as damage to the pulmonary 
system, asthmatic reactions, rhinitis, direct toxicity, and allergies have been observed[140]. In Sweden, a study 
involving 198 children with asthmatic symptoms and 202 without symptoms, aged between 3 and 8 years, 
found that asthmatic symptoms were relate to exposure to air with dust containing butyl benzyl phthalate 
(BBzP)[141].

BPA, an additive compound, finds use in various products such as food can linings, epoxy resins, 
polycarbonate, polyester-styrene plastics used in containers and other baby bottles, as well as some dental 
sealants, protective coatings, adhesives, and water storage and supply pipes[142-146]. Many findings have 
detected the presence of BPA in both animal and human bodies, indicating its effects on thyroid 
function[147]. Research indicates that women experiencing miscarriages tend to exhibit higher BPA serum 
levels compared to those who are not parents[148]. A major concern in females is the prevalence of PCOS 
(polycystic ovary syndrome). It has been evidenced that females facing PCOS issues have a higher level of 
bisphenol A in their bodies compared to those without PCOS[149,150]. PBDEs are a flame-retardant present in 
a variety of products, including mattresses, upholstered furniture, televisions, computers, and textiles[151]. A 
study on humans has shown that exposure to PBDEs causes thyroid hormone level disruption[152].
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Urban wastewater serves as a significant source and repository for NPs and MPs. After entering the urban 
wastewater system, these particles can either travel with the water flow or accumulate within sediment 
deposits. Notably, NPs have more prominent effects on wastewater treatment processes than MPs. 
Specifically, PS-NPs (100 nm) impede the removal of nitrogen in activated sludge systems due to their 
release or induction of reactive oxygen species (ROS) and lactate dehydrogenase (LDH), which cause acute 
toxicity in activated sludge, consequently suppressing the nitrification and denitrification genes through the 
reduction of denitrifies and nitrifies[153]. Lee et al. also reported the inhibitory effect of nitrification by 
PS-NPs, which causes disruption of cells membrane potential. Furthermore, NPs show significant effects on 
the production of hydrogen and methane in anaerobic digestion processes[154].

CONCLUSION AND FUTURE PROSPECTIVE
MPs and plastic additives are both emerging contaminants that have garnered considerable attention from 
researchers. MPs, together with naturally occurring microorganisms and synthetic chemicals, significantly 
impact the environment due to the continuous release of chemical pollutants, including heavy metals and 
organic compounds resulting from human activities. These anthropogenic pollutants have detrimental 
effects on the environmental matrix. Along with MPs, another major concern is additive compounds 
constituting the structure of plastic. Additives and plasticizers enhance the stability, shape, and properties of 
plastic. However, the non-covalent bonding of additives with the polymer often leads to their migration or 
leaching from plastics. Additives serve as antioxidants to prevent aging and as flame retardants to ensure 
safety against fire hazards. It is clear that aquatic ecosystems bear a substantial brunt of this pollution. 
Additionally, terrestrial ecosystems are grappling with issues arising from these additives. Consequently, 
organisms are exposed to MPs through water, soil, and food ingestion, where these pollutants and additives 
are retained after physical obstruction. Firstly, pollutants are released from MPs, followed by the 
detachment of additives due to loss of binding. This results in various dangerous effects on organisms, 
damaging their endocrine systems and reproductive stages, and ultimately increasing mortality rates.

Currently, there is a significant lack of comprehensive understanding regarding MPs and their leaching into 
the environment. This knowledge gap spans multiple areas, underscoring the imperative for future research 
to bridge these limitations. Despite extensive studies on the effects of leached plastic additives on marine 
and freshwater organisms, there remains a notable scarcity of literature concerning their impact on 
terrestrial organisms. Terrestrial environments significantly contribute to the accessibility and utilization of 
MPs from an ecological perspective. Therefore, expanding the experimental investigation of plastic additives 
to encompass diverse ecosystems, particularly soil, holds significant importance. Further research should 
prioritize investigating the ecotoxicological impacts of plastic additives on animals, insects, and plants in 
terrestrial environments. The feasibility of removing MPs from marine water or rivers faces limitations due 
to their widespread presence and ongoing fragmentation into smaller particles. It is imperative to 
extensively study methods for removing or converting MPs, assessing their toxicity, and monitoring their 
presence. Another field that needs to be explored is the potential conversion of these MPs into valuable 
products as a means of mitigating ecosystem contamination. Efforts targeting the control of MP pollution, 
particularly focusing on wastewater discharges and leachates, should prioritize transforming MPs into 
valuable products. Investigating the origins and destinations of MPs and their associated additives in 
various urban settings is crucial. The development of new technologies and methods is necessary to 
effectively control MPs in both wastewater treatment plants (WWTPs) and waterways to halt the continued 
spread of MPs and their subsequent leachates in terrestrial ecosystems.

Moreover, there is a gap in comprehensive research concerning the adsorption of contaminants onto MPs 
in landfill settings. Understanding the degradation process of MPs and the mechanisms involved in 
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contaminant adsorption in landfills is crucial for the development of an efficient treatment methodology. 
This significance arises from the fact that leachates within landfills often contain heightened levels of MPs, 
which may be associated with bound contaminants that can hinder the effectiveness of biological treatment 
phases. Therefore, acquiring knowledge about MP degradation and contaminant adsorption in landfills is 
crucial in order to establish an effective treatment strategy. Further investigation is warranted in the area of 
biological process development. An essential aspect of the study pertains to characterizing microbes, 
functional enzymes, and their respective genes concerning the degradation of synthetic plastics. Such an 
understanding not only helps in curbing MP pollution but also aids in mitigating their toxic effects on 
various organisms.
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Abstract
This study aimed to assess the initial presence of microplastics on two sandy beaches along a rugged coastline in
the Northwest Atlantic, an area with limited prior investigation. Sediment samples were collected from High, Mid,
and Low intertidal zones at two beaches on the eastern shore of Nova Scotia, Canada. Microplastics were isolated
from 100 g sediment samples using density flotation with a sodium iodide solution. Particle characterization
included size, shape, and color analysis, with polymer identification performed using Fourier Transform Infrared
(FTIR) spectroscopy. Results indicated that the predominant microplastics were small (< 1.4 mm) transparent
microfibers, primarily composed of polyethylene terephthalate (PET), nylon, or alkyd polymers from paints. Mean
concentrations were comparable between the two beaches, averaging 5.08 ± 3.20 and 5.58 ± 4.52 microplastics
per 100 g of sediment, respectively. Non-plastic microfibers, including natural and semi-synthetic cellulosic
materials, were notably more abundant, with mean concentrations ranging from 75.9 ± 60.1 to 97.7 ± 87.9 per 100 g
sediment. Statistical analysis revealed no significant differences in microplastic counts across tidal zones due to
high variability over small spatial scales (tens of meters). Sources of microfibers were potentially from high
recreational use at these sites. This study highlights the lower-than-expected levels of microplastic pollution
compared to earlier research at these sites and global beach studies. Future monitoring efforts could focus on
longitudinal studies to track microplastic trends on these exposed sandy beaches.
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INTRODUCTION
Microplastics (MPs), synthetic polymers ≤ 5 mm in size[1], are ubiquitous marine pollutants found in all 
regions of the world ocean, from the surface[2] to the seafloor[3], and from the poles[4,5] to the tropics[6,7]. 
Primary MPs originate from the release of small particles into the environment during industrial 
manufacture, transportation, or use; secondary MPs, on the other hand, form when larger plastics undergo 
fragmentation due to chemical and/or mechanical abrasion as they disperse throughout the ocean[8]. The 
persistence of MP pollution on a global scale, combined with their small size, gives rise to concerns about 
their impacts on the marine environment and biota across all trophic levels[9], from microbes[10] and 
plankton[11] to marine mammals[12]. MPs have been shown to pose ingestion hazards to marine biota[13], 
increase exposure to toxic contaminants[14,15], and provide substrate to harmful microorganisms and/or 
invasive species[16]. Despite the increase in research on plastic pollution over the last decade[17], major gaps in 
understanding of baseline plastic concentrations remain, particularly in the Northwest (NW) Atlantic[18,19].

Beaches and intertidal environments are at a heightened risk of MP pollution, due to their proximity to 
plastic pollution sources and their role as (temporary) sinks for plastic pollution[20,21]. Thus, assessing 
baseline concentrations and patterns of deposition in intertidal areas is necessary for a better understanding 
of the fate of MPs along shorelines. To date, there have been numerous studies examining the abundance of 
MPs on beaches and shorelines around the world, reporting a range of particles typically in the 10 to 100s 
per kg of dry sediment, and a predominance of fibers over other types of particles[20,22-27]. Polyethylene and 
polyester are the most commonly reported MPs in marine sediments[28]. However, reporting anthropogenic 
(human-made) non-plastic particles derived from cellulose separately from synthetic, petroleum-based 
fibers[29-31] is becoming more common.

In contrast, very little research has focused on temperate areas of the NW Atlantic, particularly in Atlantic 
Canada[19,32]. The first study to investigate MP pollution in intertidal sediments (mud and sand) in Nova 
Scotia, Canada, documented notably high MP fiber abundances[33]. However, in 2012, Mathalon and Hill 
were unable to validate the identity of their sampled fibers using spectroscopic or other methods[33]. While 
these methods were not as prevalent in the literature at the time[34], it is now recognized that visual 
identification alone is insufficient to accurately determine MP concentrations[35,36]. In addition, Mathalon 
and Hill suspected laboratory contamination of samples, which is now a well-documented issue[33,37-39]. 
Given the uncertainty in these MP abundance estimates, yet their widespread use in the scientific literature 
(cited in 556 publications[40]), repetition of their study is clearly warranted.

The region of Atlantic Canada presents an intriguing opportunity for analysing the distribution of MPs, due 
to its low human population density but a long history of utilizing its coastal and marine environments, 
particularly for fishing, shipping, transportation, aquaculture, and tourism and recreation[41,42]. In this study, 
we investigate concentrations of MPs in beach sediments along an exposed coastline in Atlantic Canada, 
and compare our results to a previous study conducted in the same region[33] through new investigative 
tools. Our study contributes additional insight into the fate of a persistent environmental pollutant in an 
understudied region of the global ocean.
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METHODS
Study sites and field sampling
Sediment samples were collected at Rainbow Haven beach (44° 38' 46.69" N, 63° 25' 10.131" W) on April 16,
2019 and at Martinique beach (44° 41' 27.86" N, 63° 08' 18.68" W) on April 17, 2019 in Nova Scotia
[Figure 1]. Located along the Eastern Shore of Nova Scotia, Rainbow Haven (https://parks.novascotia.ca/
park/rainbow-haven-beach) is a 3.2 km long, primarily sand and cobblestone beach, while Martinique
(https://parks.novascotia.ca/park/martinique-beach) is a 5 km long crescent white sand beach that is also a
protected area for shorebirds and a wildlife refuge for migratory waterfowl. Both beaches are popular
swimming and day-use recreational areas and are located eastward along the coast from Halifax Harbour, a
major shipping port and population center in the province. The mean tidal range at both beaches is
approximately 1.5 m.

On each beach at low tide, four cross-shore transects, approximately 50 m apart, were created, starting just
below the wrack line and extending towards low water. On each transect, one sediment core was collected at
High, Mid (at the midpoint between High and Low positions), and Low intertidal positions, following 
Mathalon and Hill[33]. This resulted in a total of 12 cores per beach. Beach sediment cores were 
collected using 15 cm tall, 750 mL pre-cleaned glass mason jars with metal lids. Immediately prior to 
collecting each sample, the jar was inverted (with the lid facing downwards), the lid was removed from 
the jar, and the jar was then driven into the sand until 2.5 cm of space remained within the jar. This
covered an approximate depth of 12.5 cm of sediment. A metal trowel was placed underneath the opening
of the jar to prevent the contents from falling out as the jar was removed. The jar was turned upright and
the lid was quickly secured and the sample was kept in a cooler with ice packs. After returning from the
field, the jars were frozen (at -20 °C) until processed.

Laboratory processing
Prior to processing, jars were thawed at 4 °C for a minimum of 72 h. Once thawed, the sediment
representing > 5 cm depth was removed from the jar; the remaining sediment in the jar, representing the
0-5 cm depth, was covered with aluminum foil and placed in an oven at 60 °C until dry (~72 h to 1 week).
Once dry, the sediment was transferred to a glass beaker and was homogenized by manually mixing the
sediment for 1 min in a laminar flow hood. After mixing, a 100.0 g subsample was removed with a metal
spoon, and placed in a 500 mL glass beaker for density flotation.

A maximum density sodium iodide (NaI, Sigma Aldrich) solution (mean density of 1.8 ± 0.04 g·cm-3) was
prepared, using ultrapure water (Milli-Q®; Millipore Sigma) at 25 °C, to separate plastics from the sediment
via floatation[43]. NaI was chosen over other solutions, such as sodium chloride (NaCl), as it can more
efficiently extract higher-density MPs, such as polyvinylchloride (PVC, 1.3-1.7 g·cm-3) and polyethylene
terephthalate (PET, 1.4-1.6 g·cm-3)[34]. In a fume hood, the NaI solution (210 mL) was added to the 500 mL
glass beaker containing 100.0 g (~70.0 mL volume) of sediment to attain a 3:1 NaI to sediment volume ratio.
The solution was manually stirred for 2 min with a glass stirring rod. After stirring, the rod was rinsed with
a small amount of ultrapure water into the solution, and the solution was covered with aluminum foil and
allowed to stand for 30 min. The supernatant was decanted and vacuum filtered onto a 47 mm, 20 µm
polycarbonate membrane filter (PCTE, Sterlitech). The 500 mL beaker (with the remaining sediment) was
rinsed three times with ultrapure water to capture any remaining particles on the sides of the beaker, and
the remaining small amount of supernatant was pipetted into the vacuum funnel. The sides of the vacuum
funnels were also rinsed three times with ultrapure water to ensure all particles were transferred onto the
filter. Filters were carefully removed and transferred to Petri slides (Millipore Sigma) and then dried
(covered) in a desiccator overnight. Once dried, the Petri slides were stored at room temperature.

https://parks.novascotia.ca/park/rainbow-haven-beach
https://parks.novascotia.ca/park/rainbow-haven-beach
https://parks.novascotia.ca/park/martinique-beach
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Figure 1. Locations of the two beaches (red stars) sampled in this study. Inset: Sample area (orange box) in relation to the Province of 
Nova Scotia, Canada.

Particle characterization
Filters were examined under a dissecting microscope at 40-100× magnification. Suspected MPs were
removed by hand using ultra fine-tipped jeweler’s forceps and placed on double-sided tape in Petri slides.
Suspected particles were photographed using a microscope-mounted digital camera (Nikon SMZ-25 fitted
with a Di-3 digital camera, Nikon Instruments, Inc.). All suspected particles were classified according to
morphology, colour, and transparency, following specific criteria[44-46]. Particle size, measured as the longest
dimension, was determined from the microscope photographs using image analysis software (NIS-Elements
D, Nikon Instruments, Inc.). We counted all transparent fibers, but only measured the length of a subset of
these particles due to their high abundance.

Polymer composition for select particles was identified by Fourier transform infrared (FTIR) spectroscopy
at Surface Science Western, University of Western Ontario, London, Ontario, Canada. Selected particles
were randomly chosen from each major colour and morphology combination (i.e., transparent fibers, blue
fragments, black films, etc.), totalling 200 particles or 7% of the dataset. Selected particles were transferred to
a diamond compression cell and analyzed by FTIR in transmission mode under the Hyperion 2000
microscope attached to a Bruker Tensor II spectrometer. Particle spectra were matched to a known polymer
through manual comparison of individual spectral components using spectral libraries, references, and the
knowledge of multiple IR experts; thus, particle matches are considered to be highly certain. For microfibers
that had FTIR spectra consistent with a cellulosic material, the method of Cai et al. was applied to
distinguish between dyed cellulosic textiles (e.g., cottons) and semi-synthetic cellulosic (e.g., regenerated)
materials[47]. Each spectrum in question was visually examined for a peak, shoulder, or no peak at
~1,105 cm-1. Particles with spectra that contained a peak at this wavelength were classed as cellulosic fibers;
particles with no peak or a shoulder at this wavelength were classed as semi-synthetic fibers. Thus, we report
a MP count that includes plastics and alkyds (paints and surface coatings), as well as a separate
anthropogenic cellulosic fiber count (following Huntington et al.[48]), which includes both cellulosic fibers
(i.e., textile fibers made from processed and dyed plant fibers, such as cotton or linen but have been
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manipulated for human purposes), and semi-synthetic fibers (i.e., particles comprised of rayon or viscose).

Contamination reduction protocols
Following Dimitrijevic et al., many steps were taken to minimize MP contamination during sample 
collection and processing[49]. In the field, researchers wore clothing made from natural materials (i.e., not 
fleece) or non-shedding clothing, wore nitrile gloves, and minimized the amount of time samples were 
exposed to air during the collection process. Mason jars were pre-cleaned in the laboratory and transported 
to and from the field sites in pre-cleaned totes, and researchers rinsed their gloves with ultrapure water 
between taking each sample. In the laboratory, researchers wore yellow coveralls (Tyvek 2000, Dupont) or 
100% cotton lab coats, a muslin headscarf, and nitrile gloves, which were all cleaned with a lint roller prior 
to sample processing. Prior to sample processing, all work surfaces, including the laminar flow hood, fume 
hood, and microscope work area, were cleaned three times using a distinctly-coloured sponge (yellow or 
pink) dampened with ultrapure water. The microscope work area was covered with plastic sheeting to limit 
the amount of airborne contamination[37]. Prior to use in density floatation, the NaI solution was vacuum 
filtered through a 2.7 µm, 90 mm grade D Whatman glass filter and stored in glass jugs. As much field and 
laboratory equipment as possible was either made of metal or glass and all were rinsed with ultrapure water 
three times prior to use.

Background and procedural blanks were collected during the laboratory processing of all samples. 
Individual background blanks for each sample were created by placing a 47 mm, 3 µm PCTE filter, 
dampened with ultrapure water, in a Petri slide. The background blank was opened whenever its respective 
sediment sample was exposed to air during sample processing. A procedural blank was conducted each day 
of sample processing, corresponding to approximately every three samples processed. Each blank was 
prepared following the same floatation procedure as the sediment samples, but 70 mL of ultrapure water 
instead of sediment was used. Background and procedural blank filters were examined under 40X 
magnification and the morphology and colour of any observed particles were recorded.

Statistical analysis
All calculations and statistical analyses were conducted using the R software environment (version 4.2.1, R 
Core Team[50]) in RStudio (version 2023.06.0, Posit Software).

Particles found in background and procedural blanks were used to correct the final particle counts by 
establishing a Limit of Detection (LOD) following Dawson et al.[51]. The LOD was calculated as the mean + 
3* standard deviation (SD) for each particle colour and morphology combination. Corrective action 
(subtraction of the LOD across all blanks from the number tallied in the sample) was only taken if an item 
of the same colour and morphology was found in both the blanks and the samples. If the corrected values 
were less than zero (i.e., subtraction resulted in a negative number), the value was set to zero. Following the 
blank correction of samples, particle counts per sample were further adjusted to account for the amount of 
visual identification errors. Using the results of FTIR spectroscopy, the number of particles in each colour-
morphology combination was multiplied by a correction factor to account for the amount of visual 
identification error[46,52]. Final counts were rounded up to the nearest whole integer (to maintain the nature 
of count data). See Supplementary Materials for original particle counts, LOD values, correction factors, and 
corrected data.

We tested the difference in particle counts between Beaches (Rainbow Haven, Martinique) and among 
Intertidal Positions (High, Mid, and Low tide) using generalized linear models (GLMs). We used a negative 
binomial error distribution to provide a better fit for our over-dispersed count data (number of particles per 
standard 100 g samples). GLMs for anthropogenic cellulosic fiber counts and MP counts were conducted 

https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202401/wecn2066-SupplementaryMaterials.xlsx
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separately, using the glm.nb function in the MASS package[53]; Tukey post-hoc testing was conducted using 
the emmeans function in the emmeans package[54]. Model assumptions were assessed from plots of residuals 
and normal quantiles using the DHARMa package[55].

RESULTS
Background blanks that accounted for airborne laboratory contamination contained a mean of 4.2 ± 5.7 SD 
particles per sample. Particles found on background blanks were primarily transparent, blue, brown, and 
black fibers. Procedural blanks that accounted for particle contamination during sample processing 
contained a mean of 3.6 ± 3.4 SD particles per sample. Particles found on procedural blanks were primarily 
transparent, red, and blue fibers [Supplementary Materials].

MPs were found in 23 of 24 samples from High to Low intertidal positions, with counts ranging from 0-14 
particles per 100 g of sediment. The overall mean concentration was 5.08 ± 3.20 SD and 5.58 ± 4.52 SD MPs 
per 100 g of sediment at Rainbow Haven and Martinique beaches, respectively. The mean counts of MPs 
per 100 g of sediment were generally greater at Mid than at High or Low intertidal positions, and High 
intertidal positions had greater mean counts than Low intertidal positions [Figure 2A]. However, there was 
no statistically significant difference in mean MP counts per 100 g of sediment detected between Beaches 
(GLM Likelihood ratio Χ2 = 0.25, df = 1, P = 0.62), nor a significant interaction between Beach and Intertidal 
Position (GLM Likelihood ratio Χ2 = 0.97, df = 2, P = 0.61), but there was a significant difference detected in 
Intertidal Position (GLM Likelihood ratio Χ2 = 6.22, df = 2, P = 0.045). Across both beaches, mean MP 
counts were significantly greater at Mid than Low intertidal position (P = 0.047), although there was no 
significant difference between High and Low (P = 0.73) nor High and Mid (P = 0.23) intertidal positions 
[Figure 2A].

At both beaches, anthropogenic cellulosic fibers were up to 19 times more abundant than MP particles, 
ranging from 1-270 particles per 100 g sediment. The overall mean concentration was 75.9 ± 60.1 SD and 
97.7 ± 87.9 SD anthropogenic fibers per 100 g sediment at Rainbow Haven and Martinique beaches, 
respectively. Mean counts of anthropogenic fibers per 100 g of sediment at Martinique Beach followed the 
same general pattern across the intertidal zone as for MPs [Figure 2B]. In contrast, at Rainbow Haven, mean 
anthropogenic cellulosic fiber counts were greatest at the Mid intertidal position, followed by Low and then 
High intertidal position, respectively [Figure 2B]. Overall, these differences between Beaches (GLM 
Likelihood ratio Χ2 = 0.94, df = 1, P = 0.33), among Intertidal Position (GLM Likelihood ratio Χ2 = 3.89, 
df = 2, P = 0.14), and their interaction (GLM Likelihood ratio Χ2 = 1.38, df = 2, P = 0.50), were not statistically 
significant.

Across all samples combined (n = 2,220 particles), 99.2% of all particles extracted from beach sediments 
were fibers, with the remaining fraction composed of films (0.36%), fragments (0.27%), and foams (0.18%), 
respectively. Of the subset of particles identified by FTIR spectroscopy (n = 200), 93.5% were of 
anthropogenic cellulosic origin (88% natural, 5.5% semi-synthetic), 5% were plastics [3% were PET, 1% 
nylon (polyamide), and 1% alkyds], and the remaining 1.5% were either natural particles (i.e., plants) or 
unable to be identified (i.e., no match in spectral library).

The characteristics of particles (both anthropogenic and plastic) were markedly similar between beaches 
[Supplementary Figure 1], and thus were compared among intertidal positions for the beaches combined. 
Particle morphology did not vary among intertidal positions, with fibers dominating at all three tidal heights 
[Figure 3A]. Transparent particles dominated at all intertidal positions, but yellow, red, blue, and black 
particle colours were also observed, with the occasional brown, green, and grey coloured-particles 

https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202401/wecn2066-SupplementaryMaterials.xlsx
https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202401/wecn2066-Supplementary Figure 1.pdf
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Figure 2. Mean (± SE) (A) MPs and (B) anthropogenic fiber counts (no. particles 100 g-1 sediment) by intertidal position sampled at 
Martinique (blue line) and Rainbow Haven (grey line) beaches. Note the difference in vertical axis scales between panels. MPs: 
Microplastics.

Figure 3. Characteristics of MPs and anthropogenic particles by intertidal position, collected from Martinique and Rainbow Haven 
beaches combined. (A) Particle shape and (B) colour, as a percentage of all particles found (n = 2,220); (C) polymer composition as a 
percentage of all particles identified using FTIR spectroscopy (n = 200); and (D) size, measured as the longest dimension (in mm). See 
Materials and Methods for further details. PET: Polyethylene terephthalate; MPs: microplastics; FTIR: Fourier transform infrared.

[Figure 3B]. Yellow particles at Low intertidal positions, and red particles at High intertidal positions, were 
slightly more abundant than elsewhere. However, we suspect a few of the yellow fibers were actually 
transparent cellulosic fibers stained from the NaI salts used in the extraction process, suggesting our counts 
of yellow-coloured fibers may be slightly overestimated.
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Of the particles analyzed using FTIR spectroscopy, cellulosic particles were the most common at all tidal 
heights, followed by semi-synthetic celluloses and PET [Figure 3C]. Alkyds (as paints or surface coatings) 
were found only at Mid and Low intertidal positions, while nylon (polyamide) fibers were found only at 
Mid intertidal positions [Figure 3C]. Sodium benzoate was a common secondary contaminant found on 24 
(or ~14%) of the anthropogenic cellulosic fibers as identified from FTIR spectroscopy.

While particle sizes ranged from 65-9,176 µm, most anthropogenic and plastic particles were small, being 
≤ 1.4 mm (1,400 µm) in longest dimension [Figure 3D]. At Low intertidal positions, there were slightly 
fewer particles < 1.4 mm and slightly more particles between 1.8-3 mm; otherwise, the distribution of 
particle lengths was very similar among intertidal positions.

DISCUSSION
In this study, we demonstrate a high abundance of anthropogenic microfiber pollution in the intertidal 
sediments of two exposed sandy beaches along the Eastern Shore of Nova Scotia. Transparent 
anthropogenic cellulosic fibers ≤ 1.4 mm in size were the most commonly encountered particle type across 
the intertidal, being up to 19 times more abundant than MP pollution. Globally, fibers are the dominant MP 
morphology found on beaches, accounting for 90% of all particles[20,28]. However, in recent years, more 
attention has been given to documenting human-made, non-plastic microfibers (e.g., anthropogenic 
celluloses) in addition to synthetic and semi-synthetic textile fibers[29-31]. Similar to our findings, small 
(≤ 1 mm) non-plastic, cellulosic microfibers have been previously documented to comprise a large portion 
of sediment samples collected from beaches worldwide, ranging from 19%-93.8% of extracted particle 
types[20,25,26,56]. Such fibers have also been reported to occur in other marine habitats[31,57], as well as ingested 
by marine species[58-60], suggesting their distribution is as widespread as other types of plastic pollution. 
Although the relative rate of degradation is faster for anthropogenic cellulosic fibers than for plastics in 
marine environments[61] - potentially reducing their persistence in the environment compared to plastics - 
many anthropogenic celluloses are treated with a range of colourants (dyes, pigments) and finishes (flame 
retardants, antimicrobial agents, stabilizers, softeners) that may leach into the environment[62,63]. As 
anthropogenic cellulosic fibers may have similar toxicological impacts as plastics to marine biota once 
ingested[64], additional research is needed to determine the ecotoxicological risk of anthropogenic microfiber 
pollution to intertidal fauna in Atlantic Canada and elsewhere.

MP contamination at Rainbow Haven and Martinique beaches was towards the lower end of the range of 
particles reported by studies in other areas of the globe [Table 1], suggesting low MP pollution at our sites. 
We identified plastic polymers of nylon, alkyds, PET, and non-plastic semi-synthetic celluloses (e.g., viscose, 
rayon). Once deposited on the beach, the higher density of these polymers compared to seawater (e.g., 
nylon = 1.13-1.15 g·cm-3; PET = 1.29-1.40 g·cm-3; viscose/rayon = 1.53 g·cm-3, cellulose = 1.5 g·cm-3; alkyds = 
1.2-1.7 g·cm-3; seawater = 1.027 g·cm-3) may make them more likely to be retained within the sediments 
along this wave-exposed coastline. Further, turbulent mixing of beach sediments during high wave action 
may bury MPs within the sand, and protect them from washing back into the water column[21]. PET is 
frequently used in the construction of food packaging, beverage bottles, and clothing, while nylon is widely 
used in textiles, nets and ropes, and sportswear[49,70]. Fragments of alkyd plastics, frequently used in paints 
and other surface coatings, suggest an urban or marine source for these particles, possibly from fishing or 
recreational boats[7,25,46]. However, in combination with the high abundance of anthropogenic celluloses in 
our samples, some of which were contaminated with sodium benzoate (a widely used antifungal and 
antimicrobial agent in foods and cosmetics, including sunscreens), it suggests that certain MP sources might 
be local rather than arriving from distant locations (i.e., from wear and tear of textiles, such as swimsuits, 
beach towels, blankets, clothing, etc., and fragmentation of plastic containers discarded on the beach). 
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Table 1. Comparison of MP abundance in sandy sediments reported from other published studies around the globe

Location MP abundance (no. kg-1 d.w. sediment) Source

Atlantic coast, Canada 50.8 ± 32.0 to 55.8 ± 45.2a Our current study

Atlantic coast, Canada 2,000-8,000a,b Mathalon and Hill[33]

Bay of Fundy, Canada 268 ± 208.7c Forsythe[65]

Atlantic coast, USA 63.8 ± 19.1 to 126.3 ± 43.2 Whitemire and Van Bloem[66]

Pacific coast, USA 38.8 ± 7.2 to 140.0 ± 24.8 Whitemire and Van Bloem[66]

Pacific coast, Mexico 179 ± 50 Piñon-Colin et al.[27]

Pacific coast, Gulf of California 76 ± 12 Piñon-Colin et al.[27]

Baja California, Mexico 135 ± 92 Piñon-Colin et al.[27]

Pacific Islands, USA 98.8 ± 27.7 to 187.5 ± 22.4 Whitemire and Van Bloem[66]

Alaska, USA 21.3 ± 4.3 to 128.8 ± 36.1 Whitemire and Van Bloem[66]

Bohai Sea, China 102.9 ± 39.9 to 163.3 ± 37.7 Yu et al.[25]

India 45 ± 12 to 220 ± 50 Tiwari et al.[67]

Arabian Gulf 13.5 (range 6-38) Abayomi et al.[56]

Europe, Mediterranean coast 291 ± 62 Lots et al.[26]

Slovenia coast 133.3 (median) Laglbauer et al.[68]

Baltic coast 14-532b Stolte et al.[24]

Baltic coast 88.10 (median) Hengstmann et al.[69]

Europe, Baltic coast 270 ± 90 Lots et al.[26]

Belgian coast 92.8 ± 37.2 Claessens et al.[23]

Europe, Atlantic coast 190 ± 35 Lots et al.[26]

Values are means ± SD unless otherwise indicated. aunits converted to no. kg-1 sediment to enable inter-study comparison; breported as fibers 
only; cintertidal mud and sand. MP: Microplastic.

Tourism has been implicated as a large contributor of MPs at beaches worldwide[24,25,27,71,72]. Due to their 
proximity to urban centers, Rainbow Haven and Martinique beaches are popular recreational sites 
throughout the year[73], lending further support to local tourism as the source of some microfiber pollution 
in this area.

Combining the results of two previous regional studies[33,65] with our current findings on MP pollution in 
intertidal zones can shed light on the distribution of this pervasive environmental pollutant on Atlantic 
Canadian coastlines. Compared to our 0-1.4 MPs per 10 g sediment, Mathalon and Hill documented 
20-80 MP fibers per 10 g sediment at Rainbow Haven beach[33]. Given that our sample processing methods 
differed (Mathalon and Hill used a chemical digestion and short density floatation with NaCl compared to 
our longer NaI floatation only[33]), it is difficult to directly compare absolute values of MP concentrations 
between studies. However, at the time, Mathalon and Hill could not validate the identity of their sampled 
fibers using spectroscopic or other methods, and laboratory contamination of samples was also suspected, 
suggesting their MP fiber estimates were overestimated by 1-2 orders of magnitude[33]. More recently, 
Forsythe[65] examined MPs (validated using FTIR) in the intertidal zone at various locations in the Bay of 
Fundy, an area known for its dynamic tidal range[74], documenting a mean concentration of 268 ± 208.7 MPs 
per 1 kg sediment, of which 89% were fibers. As in our study, Mathalon and Hill[33] and Forsythe[65] did not 
find any significant differences in MP quantities across tidal ranges. Collectively, these results suggest MPs 
and anthropogenic microfibers are evenly distributed along intertidal gradients in the sandy sediments 
around Nova Scotia. However, the high variability within beaches among samples and transects taken over 
small spatial scales (10 s of meters) documented in our and these studies also stresses the need for caution 
when extrapolating to identify broader spatial patterns of pollution in the intertidal zones of Atlantic 
Canada. More research is clearly needed before the fate of MP pollution is fully understood in these wave- 
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and tidal-dominated systems.

Blue, black, and other brightly coloured MPs are the most frequently detected particles in sediments 
worldwide[24,28], due to the high global production of plastics with these colours, and/or the ease of visually 
distinguishing particles of these colours from sediment during sampling[75]. The distribution of colours we 
report herein may be an indicator of the residence time of these microfibers on Nova Scotia beaches, as the 
high load of transparent microfibers suggests significant exposure of these particles to UV solar radiation[76]. 
As we sampled in April before the height of the recreational and tourism season, it is possible that the 
majority of microfibers were deposited the previous year and lost their colour over the fall and winter 
through environmental exposure[7]. Future sampling to examine the seasonal deposition of microfibers 
along the coastline of Nova Scotia would provide additional insight into the sources and residence time of 
anthropogenic pollution to Atlantic Canadian coastlines. For example, targeted sampling before, during, 
and after summer could test not only for seasonal changes in plastic loading, but also whether the sources of 
contamination and MP types change with seasonal recreational use.

Our study documented MP and anthropogenic (non-plastic) microfiber pollution along exposed beaches in 
Atlantic Canada, and added new investigative tools (e.g., FTIR, contamination control protocols) to refine 
previous estimates in this understudied region. While our sampling design replicated that of Mathalon and 
Hill[33] in order to enable a regional comparison, the design shares similarities to those recommended by 
other monitoring programs for beach litter assessments[77,78]. However, since our results suggest MPs (and 
anthropogenic microfibers) are patchily distributed over small spatial scales (10 s of m) in this region, many 
more replicates would be needed to detect differences in the spatial patterns of MP distribution and 
attribute potential differences to environmental or anthropogenic factors. With additional sampling effort 
comes increased costs and time, making monitoring potentially less feasible to conduct. Fisner et al. suggest 
that time series assessments may be more realistic than aiming for estimates of absolute particle density[79]. 
We suggest future work in this region could target Rainbow Haven beach as a focal point for time series 
analysis of MP change on exposed sandy beaches.
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Abstract
Many studies have reported the occurrence of microplastics in different environmental compartments, through the 
description of their morphological characteristics and chemical identification, obtained mainly by spectroscopic 
techniques. However, the scientific community still lacks the implementation of standardized analytical methods 
that aim to assess not only the identification of the particle, but also its stage of degradation. It is understood that 
this information would be extremely useful in helping elucidate the main sources of pollution and contributing to 
strategies and mitigating measures for the management of solid waste and microplastics in the environment. In this 
respect, the aim of this study was to evaluate the efficiency of Fourier-transform infrared spectroscopy, Raman 
spectroscopy, carbon elemental analysis coupled with mass spectrometry, and scanning electron microscopy with 
energy dispersive X-ray spectrometry for the characterization of virgin and aged polyethylene and polypropylene 
microplastics samples. The degraded samples were subjected to accelerated aging in a QUV chamber in 
accordance with American standard for measuring accelerated weather testing (ASTM G-154). This work 
discusses the efficiency and limitations of each technique for the detailed chemical characterization of microplastic 
samples collected from the environment.
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INTRODUCTION
Microplastics (MPs) are defined as small polymeric particles (≤ 5 mm) found in the environment[1]. The 
presence of these particles was first reported in marine environments in 1972[2]. More recently, these 
particles have been reported in various studies, in different geographical locations, and widely distributed 
throughout the different environmental compartments, including the hydrosphere, pedosphere, and 
atmosphere[3-8]. Considering their persistence, small size, and difficult removal from the environment, MPs 
can be identified as potential persistent pollutants in terms of negative impacts on ecosystems[9,10]. In the 
aquatic environment, because they are mistaken for food, MPs are easily ingested by various organisms, 
which can cause harmful effects through physical or physiological mechanisms[11-14]. MPs have also been 
reported in products intended for human consumption, such as foods and water[8,15,16]. Therefore, humans 
are also potentially being exposed to MPs through the consumption of these products and also through the 
contaminated air we breathe, which can cause oxidative stress, inflammation, neurotoxicity, and 
reproductive toxicity, as well as altering the structure of the intestinal microflora in cells or biota[8,17].

In this way, in order to accurately assess the possible ecological risks of these particles to the environment 
and potential impacts on human health, the scientific community has dedicated itself to gaining accurate 
knowledge of the main polluting sources of MPs, and their environmental concentration, composition, and 
morphology in different environmental matrices, food, drink, and biological samples[8]. It is known that the 
emission of MPs into the environment occurs throughout the life cycle of the polymeric material, including 
production, transport, domestic sewage disposal, industrial activities, atmospheric deposition from 
synthetic fabrics, and the improper disposal of larger plastic objects[18]. The scientific community classifies 
the entry of these particles into the environment as being from primary or secondary sources[19,20].

Primary MPs are those already produced in small sizes by the plastics industry, called pellets, that are 
released directly into the environment[18-21]. The industry uses these pellets as raw material for the 
production of plastic objects in the most varied sectors of society. Accidental loss to the environment occurs 
during transport and from processing plants[22,23]. In addition, these pellets are used as abrasive “scrubbers” 
to clean containers, machinery, and ships, and are often found near harbors, in industrial areas, on beach 
sands, and in the sea[19,24]. Primary source MPs, in micrometer sizes, are also part of the formulation of 
cosmetics and personal care products for abrasive effects[21,24]. These particles, of different shapes, sizes (from 
4 to 2,000 μm), and chemical compositions, are transported to watercourses, for example, through domestic 
effluents[25,26]. Secondary MPs are small particles of plastic waste derived from the fragmentation of larger 
objects discarded in the environment. These plastic objects, when exposed to natural stressors, degrade 
through various processes: photochemical, thermal, mechanical, hydrolysis, and/or ozone-induced[19,27]. 
These processes are directly related to environmental conditions, the chemical composition of the polymer, 
and its production process[10,19,27-31].

Studies that report the occurrence of MPs in environmental samples must consider several important 
factors to provide and accurate analysis and potential exposure risks. These include the abundance of 
particles in relation to seasonality, and morphological and chemical characterization, as well as the stage of 
particle degradation, information that helps to elucidate the main pollutant sources. In order to qualitatively 
analyze the MPs collected, it is essential to use improved analytical techniques, as basic studies that identify 
MPs only use visual inspection and/or optical microscopy, which is an ineffective analysis and lacks 
conclusive information, contributing to false positives in the identification of MPs[32].
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Currently, the most frequently reported chemical characterization techniques in studies involving MPs are 
spectroscopic, such as Fourier-transform Infrared spectroscopy (FTIR) and Raman spectroscopy[33]. 
However, despite the numerous studies involving analytical methods for identifying MPs and the extensive 
knowledge already clarified about the main characterization techniques used in the analysis of degraded 
plastics, the scientific community still lacks studies that consider samples of degraded MPs in the 
implementation of analytical methods[8,27,30]. The qualitative analysis of samples of degraded MPs is 
extremely important information for assessing the impact of these MPs on the environment and clarifying 
their classification in terms of the origin and main sources of pollution. This practice could encourage the 
discussion and comparison of the results of different studies and geographical locations, in order to 
understand, in greater detail, the extent and distribution of environmental contamination by MPs.

The current study aimed to evaluate the efficiency and limitations of the main techniques used to 
characterize synthetic organic polymers; FTIR, Raman spectroscopy, carbon elemental analysis coupled 
with mass spectrometry, and scanning electron microscopy (SEM) with energy dispersive X-ray 
spectroscopy (EDS), using samples of virgin and aged polyethylene (PE) and polypropylene (PP) MPs. 
These polymers were selected because they have the highest percentages of production and consumption 
worldwide[34] and also because they are the most representative of those reported in the environment[35]. In 
the aquatic environment, for example, due to the low density of these polymers, they float and remain at the 
top of the photic zone, where they are directly exposed to sunlight, i.e., photochemical degradation. 
Therefore, the condition of the polymer sample in the aged stage was also considered in this study, in order 
to be closer to the real condition in the environment and also to include MPs of secondary origin[6,36,37].

METHODS
Materials
High-density polyethylene (HDPE, HE150) and polypropylene polymers (PP, H117) were supplied in the 
form of pellets by Braskem (Triunfo, Brazil). The density and fluidity index values are 0.948 g·cm-3 and 
1 g/10 min for HDPE and 0.905 g·cm-3 and 45 g/10 min for PP, respectively.

Sample preparation
The PE and PP pellets were used to prepare specimens with dimensions of 105 mm × 75 mm × 2 mm in a 
heated press (Marconi, model 098) at 185 °C and 38.1 kgf·cm-2 for 2 min and cooled to 27 °C. These 
specimens were subjected to accelerated aging in an accelerated aging chamber (QUV - Accelerated 
Weathering Tester) in accordance with American standard for measuring accelerated weather testing 
(ASTM G-154), 2012[38].

After exposure, the specimens of both polymers were ground in a mill (Marconi, Model 580) to obtain MP 
particles, and the same procedure was also carried out with the virgin pellets. These virgin and aged MPs 
were then transferred to a stacking system with 1,000 μm (top) and 106 μm (bottom) mesh sieves to ensure 
their classification by size on the MPs scale (≤ 5 mm).

Accelerated aging
The samples were subjected to thermal and photochemical aging in an accelerated aging chamber 
(Accelerated Weathering Tester, Q-Lab), which simulates natural weathering, in accordance with the 
guidelines of ASTM G-154 [Standard Practice for Operating Fluorescent Ultraviolet (UV) Lamp Apparatus] 
for the exposure of non-metallic materials[38]. The radiation sources were Philips 80W lamps (Cleo 
Performance WR80 model) with spectral distribution in the UVA region (340 nm). The samples were 
subjected to the following cycle: 8 h of radiation (irradiance 1.55 W/m2/nm) at 60 °C, controlled by a 
cooling system, followed by a 2-h condensation cycle. The samples were collected for characterization, in 
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triplicate, after 1,240 h for PP and 2,000 h for PE. It was necessary to reduce the exposure time of the PP 
polymer due to the accelerated fragmentation and formation of MPs of the specimen inside the aging 
chamber at 1,240 h.

Analytical methods
FTIR-ATR
In order to identify the polymers, the chemical characterization of the MPs was carried out by FTIR-ATR, 
in the attenuated total reflectance (ATR) mode, using a Bruker spectrometer (Massachusetts, USA). The 
spectra were recorded in attenuated total reflectance mode with a 15× Ge crystal objective on a Hyperion 
microscope coupled to a Vertex 80v. Spectra were acquired with a resolution of 4 cm-1 in 64 scans, in the 
spectral range from 4,000 to 400 cm-1. The spectra were measured in a temperature and humidity-controlled 
environment and analyzed in absorption mode using Bruker’s OPUS 8.0 software. The spectra obtained by 
FTIR-ATR were also used to characterize the stage of degradation of the surface of the PE and PP polymer 
MP particles by calculating the carbonyl index (CI) according to Equation 1:

where A corresponds to the intensity stretching mode of the carbonyl band between 1,735 and 1,715 cm-1 
and B to the reference band at 1,471 and 1,460 cm-1 due to CH2 scissor vibrations for PE and PP polymers, 
respectively[39].

Raman spectroscopy
Raman spectra were recorded using a Witec confocal spectrometer, model Alpha 300R, with a CCD 
(charge-coupled device) detector, using the exciting radiation at 632.8 nm (He-Ne laser), coupled to a Zeiss 
microscope. Measurements were acquired in the 500 to 3,000 cm-1 range, with a resolution of 4 cm-1 in 5 
accumulations, with an exposure time of 20 s. Laser power varied from 1 to 5 mW depending on the 
sample. The spectra were processed using Fityk 1.3.1 software.

Elemental carbon analysis coupled with mass spectrometry
The percentage of carbon by mass of virgin and aged PE and PP MPs samples was determined using an 
elemental analyzer (EA 1110, Carlo Erba) coupled to a mass spectrometer (Finnigan - Delta Plus). The 
equipment operated in dynamic flash combustion mode, where around 1.0 mg of each sample was inserted 
into a quartz tube at 1,000 °C and subjected to combustion, followed by oxidation and reduction reactions. 
The resulting gases separated by gas chromatography were analyzed by thermal conductivity.

SEM-EDS
For the SEM-EDS characterization, the MP particles were deposited on carbon tape (PELCO TabsTM, Ted 
Pella, Inc; Redding) mounted on metal stubs. They were then sputter-coated for 180 s with gold to a 
thickness of 80 nm (Leica ACE 600, Vienna, Austria). Micrographs were taken on an SEM (Jeol JSM-IT300 
LV, Tokyo, Japan) operating at 15 kV and the images were digitized. EDS analysis was carried out using the 
same microscope coupled to an X-ray detector (EDS, Oxford Instruments, Abingdon).

RESULTS AND DISCUSSION
Figure 1 shows the spectra obtained by micro ATR-FTIR for the MPs samples of virgin PE and PP polymers 
after accelerated aging. The typical spectral profile of PE can be seen in the presence of the bands at 
2,915 cm-1 (υC−H), 2,845 cm-1 (υC−H), 1,472 cm-1 (δCH2), 1,462 cm-1 (δCH2), 730 cm-1 (δCH2), and 720 cm-1 
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Figure 1. FTIR-ATR spectra of PE and PP polymer samples. PE and PP correspond to virgin samples and PE-d and PP-d correspond to 
degraded samples after accelerated aging in the QUV. FTIR: Fourier-transform Infrared spectroscopy; ATR: attenuated total reflectance; 
PE: polyethylene; PP: polypropylene.

(δCH2). On the other hand, the bands at 2,950 cm-1 (υC−H), 2,915 cm-1 (υC−H), 2,838 cm-1 (υC−H), 
1,455 cm-1 (δCH2), 1,377 cm-1 (δCH3), 1,166 cm-1 (angular deformation CH and CH3, stretching C−C), 
997 cm-1 (δCH3 and CH), 972 cm-1 (δCH3 and υC−C), 840 cm-1 (δCH2 and υC−CH3), and 802 cm-1 (δCH2, 
υC−CH and υC−C) are characteristics of the PP.

Thus, the spectral profiles observed correspond to the chemical signatures of these polymers, which allows 
for quick, effective, and conclusive identification[40], where υ = stretching and δ = angular deformation.

The stretching bands present in the 1,700 cm-1 region (ѵC=O) in the PE-d and PP-d spectra are evidence of 
the photodegradation of the material when subjected to thermal and photochemical degradation in the 
QUV[39]. Knowing that these bands are not characteristic of PE and PP polymers, as polyolefins only have 
saturated carbon-carbon bonds in their composition, it is clear that the surface of the material has 
undergone photo-oxidative degradation, i.e., the introduction of oxygen into its polymer chain, due to 
exposure to UV radiation[41].

The absorption of sunlight by these polymers is due to other chemical groups present in the polymer chain. 
These could be chemical contaminants produced during the polymerization reaction, chemical compounds 
added as additives, polymer degradation products, contaminants present in the environment that have been 
sorbed onto the surface of the material, or even an anomaly in the macromolecular structure[20,42]. A small 
amount of radiation absorbed by these extrinsic chromophores and/or polymer structures is enough to 
initiate a free radical chain reaction[42]. This reaction, in the presence of oxygen, produces free radicals, 
leading to photo-oxidation, which consists of autocatalytic oxidation, with the formation of carbonyl groups 
such as ketones, aldehydes, and esters[27,42,43].
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Due to these degradation reactions, polymers undergo changes in their chemical composition and 
morphological properties, such as the formation of carbonyl groups, chain scission with a decrease in molar 
mass, discoloration, and changes in mechanical properties. They become more fragile and break down more 
easily into small particles[19,20,27,44].

PE and PP polymers are widely used for the production of plastic packaging and utensils and are often 
reported as the main classes of solid waste disposed of inappropriately in the environment, which can suffer 
degradation, fragmentation, and the generation of secondary MPs[35]. These same polymers are also used, for 
example, as microspheres in cosmetics, meaning that they can reach environmental matrices through the 
discharge of domestic effluents[45].

Therefore, the presence of carbonyl in the FTIR-ATR spectra of the MPs of these polymers may be a 
relevant and decisive factor in classifying the polluting source. The aged PE and PP samples showed the 
same chemical alterations as those already mentioned and observed, and high values in the carbonyl index 
calculation were found at the end of each polymer’s aging cycle [Table 1]. The evidence of degradation was 
more significant for PP than for PE; this is caused by the presence of tertiary carbons in PP with CH bonds 
with lower energy than those in the primary and secondary carbons. C−H covalent bond scission in the PP 
chain is thus favored over PE[27]. This explains the results found in the PP samples, with a high CI due to the 
insertion of the oxygen atom in its structure and faster fragmentation during the aging cycle. Despite the 
absence of tertiary carbons, the same degradative process of chain scission can also occur with PE, as 
indicated by the increase in the CI.

In this sense, the possibility of assessing the aging stage of the samples by analyzing the intensity of the band 
referring to the ѵ(C=O) mode and calculating the index of the same group highlights the FTIR-ATR 
technique as a potential tool for non-destructive analysis of MPs.

However, as a disadvantage, qualitative analysis by FTIR-ATR presents a limitation in terms of particle size, 
as this method generally requires a minimum size of 100 µm in conventional equipment or, using µ-FTIR, 
MPs with a lower limit of 10 µm and with a spatial resolution of 5 µm[46,47]. In addition, during sample 
preparation, in conventional FTIR-ATR analysis, MP particles are analyzed individually, and the particle 
selection step needs to be performed manually, which requires a lot of work and time. Automated analysis 
of MPs samples on a filter, for example, is only possible with µ-FTIR and often requires the use of a focal 
plane detector (FPA) or an electron multiplier charge coupled device (EMCCD), which allow multiple 
points to be measured; these analyses are more complex and require sophisticated instrumentation and a 
qualified analyst[48]. Another disadvantage is related to the need for sample preparation; FTIR analyses must 
be purified and dried before detection, otherwise, interferences can occur in the spectra due to the humidity 
of the samples[49].

Figure 2 shows the spectra obtained by Raman spectroscopy for samples of virgin PE and PP polymers and 
after accelerated aging. The chemical identification of the polymers is possible and conclusive, due to the 
presence of two characteristic bands at 2,846 and 2,881 cm-1, referring to the vibrational mode of the PE 
polymer. Similarly, PP is identified due to the presence of a set of characteristic bands from 2,800 to 
3,000 cm-1[50]. However, when comparing the spectra of the same polymers, PE with PE-d and PP with PP-d, 
in contrast to the spectra obtained by FTIR-ATR, it is not possible to clearly observe evidence of 
manipulation in the samples subjected to accelerated aging, as the vibrational transitions occurring with this 
technique do not include the introduction of bands characteristic of the degradation mechanisms occurring 
in the samples, with the mode referring to carbonyl stretching being much more intense in the infrared, 
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Table 1. Variation in the carbonyl index as a function of the accelerated aging time of the PE and PP samples

Carbonyl index
Exposure time QUV (h)

PE PP

0 0.0 ± 0.0 0.0 ± 0.0

1,240 - 2.38 ± 0.1

2,000 0.71 ± 0.0 -

PE: Polyethylene; PP: polypropylene.

Figure 2. (A) Raman spectra of the PE and PP polymer samples PE and PP correspond to the virgin samples and PE-d and PP-d 
correspond to the degraded samples after accelerated aging in the QUV; (B) corresponds to the prominence of the altered bands after 
accelerated aging. PE: Polyethylene; PP: polypropylene.

which requires a more detailed analysis in the Raman analysis of the MPs samples collected in the 
environment. On the other hand, although the evidence of degradation in the Raman spectra is more subtle 
and difficult to interpret, it can be identified due to the relationship between the amorphous and crystalline 
regions, with the increase in crystallinity being related to the aging of the material. For the PE polymer, the 
intensity of the band at 1,080 cm-1, characteristic of the C−C stretching mode of amorphous chains, 
decreases as the exposure time increases, representing an increase in crystallinity. Another characteristic 
indicating degradation is the change and increase in the area of the peaks and the C−C crystalline stretching 
modes at 1,063 and 1,130 cm-1 with the irradiation time. Changes in the 1,400 cm-1 region also show a 
change in the state of degradation, especially in the orthorhombic crystallinity band at 1,418 cm-1 and the 
amorphous band at 1,460 cm-1[51,52]. Considering the PP polymer, the presence of tertiary carbon in its 
structure makes it more prone to degradation processes compared to PE. The main variations in 
crystallinity due to aging can be observed through changes in the peaks at around 810, 842, 973, 998, 1,153, 
and 1,168 cm-1, for example[53].

The analysis of MPs using Raman spectroscopy requires a long measurement time and is more laborious 
than FTIR analysis, for example, as this technique involves more instrumental variables. It is also more 
sensitive to interference due to the possibility of chemical additives present in the plastic, such as dyes, or 
the presence of contaminants, which can cause fluorescence-induced spectral distortion and compromise 
the analysis, and does not occur in FTIR analysis. On the other hand, as well as FTIR analysis, Raman 
spectroscopy allows assertive chemical identification of the polymer due to the existence of a spectral 
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library, and also the analysis of MPs on an even smaller size scale than µ-FTIR, with a lower limit of 1 µm. 
In this respect, it can be considered the most promising technique, depending on the type of sample to be 
analyzed, for example, for drinking water samples[54]. Another advantage of this technique is the possibility 
of mapping a certain area with numerous MP particles, like a filter. Finally, like FTIR analysis, Raman 
analysis represents a non-destructive analysis of the sample[47,49].

Table 2 presents the average results of the mass percentage of carbon in virgin MPs samples and aged PE 
and PP MPs samples obtained by elemental carbon analysis. As a consequence of the degradation 
mechanism, it is possible to observe the loss of mass suffered by both polymers subjected to aging, which is 
more pronounced in PP than in PE. This is due to the presence of tertiary carbon in the PP structure, which 
facilitates the degradation mechanism by homolytic scission, which further favors the reduction in molar 
mass[41].

The carbon elemental analysis shows accuracy and good reproducibility of the results, as well as being a 
relatively low-cost analysis compared to other techniques. The equipment used for elemental analysis only 
provides %C, and this value, close to 80%, aids in the identification of both virgin and aged MPs, as well as 
making it possible to observe the loss of carbon mass in aged MPs. However, this analysis alone does not 
make it possible to discriminate between the chemical identities of the MPs, since they have similar carbon 
content. There is also the possibility of misinterpreting the result, knowing that other solid materials present 
in the environment such as biochar, commonly reported in the soil profile, also have a C content similar to 
that of MPs[55].

Another drawback of elemental carbon analysis is that it is destructive and requires at least 1.0 mg of sample 
to provide a reliable result. On the other hand, ATR-FTIR requires only one particle to fill the minimum 
space in the equipment’s accessory, which consists of direct contact between the sample and the tip of the 
germanium crystal lens. In the case of MPs samples collected from the environment, the mass 
corresponding to 1.0 mg is very significant and often unfeasible.

Figure 3 illustrates the results obtained by SEM-EDS of the virgin and aged PE and PP MPs samples. Both 
the PE and PP MPs samples showed a loss of mass percentage of carbon and an increase in mass percentage 
of oxygen after accelerated aging, as well as the presence of some trace elements. The micrographs also 
make it possible to characterize the morphological alterations resulting from the thermal and photochemical 
degradation of the samples, with cracks and porosity being observed in the aged samples.

The advantages of SEM-EDS analysis are that it can be used to analyze the surface of small particles and 
requires only a small amount of the sample. However, this analysis is relatively expensive and does not 
provide the composition of the entire sample, but only of the elements that are actively selected at a given 
point, which can result in an inaccurate analysis of the chemical composition of the material. Therefore, it is 
not possible to identify the MPs with this method, added to which, this is a destructive form of analysis of 
the sample, and an unfeasible option considering the large number of MPs samples to be analyzed.

CONCLUSIONS
The techniques evaluated here are extremely relevant and are already widely known by the scientific 
community in the context of characterizing synthetic organic polymers. However, when considering the 
qualitative analysis of MPs collected in the environment, with the aim of assessing their distribution and 
identifying the main polluting sources, i.e., the stage of degradation of the particles, it can be concluded that 
carbon elemental analysis and the SEM-EDS technique are only useful as complementary techniques, which 
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Table 2. Mass percentage of carbon in PE and PP polymer MPs samples

MPs samples Average mass (mg) Average %carbon

PE 1.12 ± 0.01 85.72 ± 0.26

PE-d 1.13 ± 0.00 84.99 ± 0.08

PP 1.13 ± 0.01 86.67 ± 0.49

PP-d 1.13 ± 0.01 78.88 ± 0.39

PE and PP correspond to virgin samples and PE-d and PP-d correspond to QUV-aged samples. PE: Polyethylene; PP: polypropylene; MPs: 
microplastics.

Figure 3. SEM and EDS images of the MPs samples: (A) virgin PE; (B) aged PE; (C) virgin PP; and (D) aged PP. SEM: Scanning electron 
microscopy; EDS: energy dispersive X-ray spectroscopy; MPs: microplastics; PE: polyethylene; PP: polypropylene.

can help in understanding the degradation of the particles, as shown by the current results from the loss of 
carbon mass resulting from photodegradation. It should be noted that only the FTIR and Raman techniques 
can contribute to the conclusive chemical identification of MPs, due to the characteristic spectra of each 
type of polymer, while µ-FTIR is the most suitable for the analysis of MPs samples in the size range of more 
than 10 µm, as it easily provides information on the stage of aging, through the quantification of the 
carbonyl index and, consequently, aids elucidation of the main polluting sources of MPs in the 
environment.
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Abstract
Microplastics are environmental contaminants consisting of small plastics ≤ 5 mm. Concerns over the adverse 
effects of microplastics have led to a rapid growth in the available literature despite the lack of harmonized 
methods and materials. Therefore, the field is becoming increasingly daunting to new researchers. A state-of-the-
art guide was assembled following a comprehensive literature review of microplastics research with the intent of 
addressing contemporary challenges, prioritized based on a survey, and introducing best practices. The lack of 
standardized methods and reference materials, the lack of access to analytical equipment, and the difficulty in 
working with lower environmental concentrations in laboratory tests (e.g., toxicity assays) remain a great 
challenge. The present work addresses these issues across three main sections: definitions, sampling, and 
evaluation of adverse effects. Harmonized methods and greater collaboration were identified as opportunities in 
this rapidly evolving field. A review of available interlaboratory comparison tests was also conducted to support 
additional recommendations.
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INTRODUCTION
Microplastics are small plastics ≤ 5 mm that are either fragmented in the environment or resulting from 
human products and activities[1]. Until recently, most research has been focused on the marine 
environment, where they were first identified[2]. Concerns have been raised regarding the persistence, 
ubiquity, and irreversibility of microplastics in the environment[3]. However, the adverse effects of 
microplastics remain a controversial issue[4]. The lack of standardized methods and reference particles 
further complicates result interpretation. Still, research continues to proliferate with the term 
“microplastics” retrieving 16,083 publications in the Web of Science as of January 2024, of which 4,056 were 
published in 2023 (25,2%). Researchers now entering the field are bewildered and daunted by the large 
literature base.

A small survey (n = 37) has been conducted during a webinar to summarize difficulties felt by researchers, 
translating common challenges faced by researchers, worthy of addressing [Supplementary Materials]. The 
greatest challenges in microplastics sampling and analysis were the lack of standardized methods (78.4%), 
followed by contamination control (51.4%), lack of specialized equipment in the laboratory (51.4%), and 
difficulty in identifying microplastics and fibers (35.1%). The greatest challenges in (eco)toxicity studies of 
microplastics were access to adequate microplastics to be tested (37.8%), quantification of microplastics to 
prepare solutions or confirm nominal concentrations (37.8%), and use of environmentally relevant 
concentrations (37.8%). As a result, the present article was idealized with the objective of addressing 
contemporary challenges and best practices in working with microplastics through a comprehensive 
literature review.

CHALLENGES IN MICROPLASTICS DEFINITION
What are microplastics?
Plastics are synthetic materials made of long chains of organic polymers, extensively used in a plethora of 
familiar applications. While thermoset plastics cannot be melted or reshaped by heat once solidified, 
thermoplastics can be repeatedly melted and molded into different forms. Of the 390.7 Mt of plastics 
produced globally in 2021, 44% were used in packaging[5]. It has been estimated that 79% of plastics 
produced as of 2015 persist in landfills or in the natural environment[6]. These plastics can break down into 
small particles known as microplastics (≤ 5 mm). The term “microplastics” was first used by Dr. Richard 
Thompson to describe microscopic plastic debris found in seawater samples near Plymouth, UK[7]. 
Although previous reports of similar particles have been published as early as the 1970s[8], the use of the 
term microplastics only became popular after Thompson’s 2004 publication. Currently, microplastics 
comprise a class of contaminants characterized by being particles of organic synthetic polymers[9]. Indeed, 
each microplastic is a unique combination of polymer type, additives, adsorbed contaminants, degradation 
state, color, size, shape, and biofouling (i.e., accumulation of biogenic matter and organisms on its surface).

How are microplastics defined?
The definition of microplastics is based on size, with the most common upper limit being 5 mm. This limit 
has been supported by organizations such as the National Oceanic and Atmospheric Administration 
(NOAA)[10] based on the particle’s behavior (e.g., the possibility of being ingested by organisms by accident) 
and their visibility to the public. The lower limits have been defined as 1 µm based on detection limits of 
common equipment (e.g., micro-spectroscopy) used in detection and characterization[1]. Therefore, 
microplastics can be defined as plastic particles of 1 µm to 5 mm in at least one dimension. However, 
definitions of 1 µm - 1 mm in size have been proposed based on the International System of Units[11]. In 
these cases, nanoplastics would be defined as plastic particles < 1 µm, although this definition is still debated 
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considering nanoparticles are defined as particles with their size ranging from 10 to 100 nm in at least one 
of its dimensions[11,12].

Microplastics are also classified based on their origins [Figure 1]. Primary microplastics are those 
intentionally produced by the industry with ≤ 5 mm, while secondary microplastics originate from the 
fragmentation of larger plastics[11,13,14]. This classification was challenged when a report classified primary 
microplastics as those particles reaching the environment with ≤ 5 mm, despite degradative origins (e.g., 
microplastics from tire wear)[15]. This classification likely originates from particulate matter, which is 
classified as primary when directly released as particles and secondary when produced in the environment 
from chemical precursors (e.g., nitrogen oxides)[16]. Since it is not possible to determine if the fragmentation 
occurred prior to or after arriving at the environment, this classification is not suitable for microplastics. 
Instead, identifying if microplastics originate from intentional production or fragmentation enables 
intervention either by banning industrial uses (e.g., microbead ban in cosmetics) or preventing the 
fragmentation of larger plastics (e.g., avoiding littering)[17].

Another aspect to consider is what physicochemical properties define microplastics. Questions arise about 
the classification of modified natural polymers (e.g., cellophane), surface coatings (e.g., acrylic paints), and 
composites as microplastics. As a rule, microplastics should be solid particles, insoluble in water, and made 
of a synthetic polymeric matrix[1]. Therefore, the following materials should also be considered as 
microplastics since they contain modified or synthetic polymers in their composition: modified natural 
polymers (rubber, rayon, cellophane), inorganic or hybrid polymers (e.g., silicone), copolymers [e.g., 
acrylonitrile-butadiene-styrene (ABS)], composites (e.g., graphite-reinforced epoxy), surface coatings 
containing synthetic polymers (e.g., acrylic resins), and tire wear particles[11].

How are microplastics formed?
As discussed in the previous point, microplastics may be classified as primary when industrially produced as 
plastics ≤ 5 mm to be used in products (e.g., exfoliants in cosmetics) or industries (e.g., abrasives to clean 
ship’s hulls). Moreover, microplastics may be produced through the fragmentation of larger plastic objects. 
Solar ultraviolet radiation initiates an oxidation reaction mainly responsible for plastic degradation[18]. As a 
result of photooxidation, carbonyl and hydroxyl functional groups are produced[19]. Photooxidation can be 
delayed by the presence of antioxidant additives in plastics. Plastics may become yellow through the 
accumulation of degradation products and fragment as a result of mechanical forces (e.g., abrasion with 
sand) or surface cracking following photooxidation[18]. Other reactions may involve thermal degradation, 
hydrolysis, and biodegradation[13]. Degradation is an ongoing process, meaning that microplastics are 
continuously fragmenting into smaller and smaller particles. Nonetheless, complete degradation into simple 
molecules (e.g., CO2, H2O) is expected to take hundreds of years (e.g., 450 years for polyethylene)[20].

Are microfibers also microplastics?
Demand for synthetic fibers has grown, reaching 55.2 million tons in 2014, of which 46.1 million tons is for 
polyester (a.k.a., polyethylene terephthalate)[21]. Demand for clothing is expected to reach 160 million tons in 
2050, of which 63% will be for synthetic fibers (estimated 100 million tons)[22]. The fragmentation of these 
synthetic fibers (i.e., made of synthetic organic polymers) produces microfibers, which are considered 
microplastics and are characterized by a minimum 1:3 aspect ratio (i.e., “rod” shape)[23]. Sources of 
microfibers include textiles, but also fishing equipment and packaging[23]. An estimate of 20%-35% of 
microplastics are microfibers, although local concentrations vary greatly depending on sources[24]. Due to 
their shape, fibers may be able to penetrate deeply into the tissue, accumulate, and cause adverse effects to 
organisms.
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Figure 1. Primary microplastic (transparent bead), secondary microplastic (blue fragment), and mesoplastic (white fragment) found on 
Matosinhos beach, Portugal, in September 2023.

CHALLENGES IN MICROPLASTICS ANALYSIS
Organizations have previously attempted to provide guidance on methodologies (e.g., NOAA, Marine 
Strategy Framework Directive technical subgroup[10,25]), but mostly focused on larger microplastics in the 
marine environment. A new attempt of standardization (or harmonization) is under development by the 
ISO (e.g., ISO/FDIS 24,187 Principles for the analysis of microplastics present in the environment).

Objective, experimental design and statistical analysis
A research question precedes any scientific study, as all planning depends on it. It must be clearly stated as 
an objective or hypothesis, which is essential to define the scope, provide a foundation for communication, 
and avoid dispersion to other related topics. Research questions are generally motivated by knowledge gaps 
arising from previous works, either original articles or literature reviews. It will determine what strategy and 
methods are necessary to answer this question, also considering the feasibility of its implementation. 
Defining variables and categories from the start will help in the production of a harmonized database. 
Ideally, categories should be based on literature to improve comparability between results. For instance, the 
shape of microplastics could be classified as sphere, spheroid, cylindrical pellet, fragment, film, fiber, and 
other[11].

Sampling strategies have included different sections, transects, or the use of quadrants[26]. Spatial sampling 
can include: (i) random sampling, randomly selecting points in an area if a homogeneous distribution is 
expected (e.g., sampling four random 1 m2 quadrants in a beach); (ii) systematic sampling, using grids, 
gradients or transects limited to an area allowing to detect gradients (e.g., sampling a 100 m transect 
perpendicular to the shoreline); or (iii) stratified random, which subdivides different zones where 
concentrations are expected to be different and random sampling is conducted inside each zone or stratum 
(e.g., sampling four random 1 m2 quadrant in three transects in the beach, each 10 m wide, starting from the 
shoreline). The objective is to include representative sampling areas. The United States Environmental 
Protection Agency (EPA) suggests a beach sampling protocol consisting of 12 samples inside 1 m2 quadrant 
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collected over a 100 m sampling area, collecting samples from four random transects over three lines 
parallel to the water (high tide line, middle beach, and back beach) [Figure 2][27].

Statistical analysis may be conducted to address the need for a different sampling strategy. For instance, the 
coefficient of variation, calculated as the standard deviation divided by the geometric mean of replicates 
from a sampling area, can express data dispersion coming from different samples. A coefficient of variation 
of ≤ 20% is commonly accepted[28]. If methodological aspects are excluded from causing variation (i.e., 
variation is not coming from errors in sample collection, processing, and analysis), which can be excluded 
by running spiked samples, a high coefficient of variation (i.e., high data dispersion) may indicate the need 
to apply a different sampling strategy. A lower coefficient of variation may be needed for the detection of 
smaller effect sizes. It is worth considering that microplastic may suffer spatiotemporal variations, for 
instance, depending on meteorological or seasonal events[29] or on sampling depth[30]. To understand the 
dynamics of microplastics in the environment, the following aspects should be considered: (i) 
tridimensional distribution; (ii) measures at regular intervals to account for temporal variation; (iii) source 
appointment; (iv) particle characteristics related to distribution; and (v) mechanisms influencing 
distribution[31].

Sampling design, including the number of samples and replicates, depends on the objective of the work. 
Ideally, statistical approaches should be defined a priori to ensure the data collected serves its function. Data 
should be recorded in long format, with each row pertaining to a particle (for characterization) or to a 
replicate (for quantification) and each column to a variable to be assessed (e.g., identification code, color, 
size, shape, polymer type). Comparisons and conclusions should always be based on a statistical analysis of 
the data. The chi-square test is commonly used for two categorical variables (e.g., does color vary 
significatively between areas?). Analysis of quantitative data generally involves t tests or analysis of variance 
(ANOVA) for parametric datasets, or the corresponding Mann-Whitney U and Kruskal-Wallis tests for 
non-parametric datasets (e.g., does concentration vary between different areas?). Probability results (i.e., 
P-values) should be reported and compared to the tested significance level (e.g., α = 0.05). Categorical 
variables (e.g., color) should be reported as absolute and/or relative frequencies (i.e., number and/or 
percentage), and quantitative data should be reported as a mean for parametric datasets, or median for non-
parametric datasets, accompanied by a measure of dispersion (e.g., variance, standard deviation, 
interquartile range).

How to collect samples of microplastics?
The first step is to collect samples containing microplastics, which may include matrices as diverse as water, 
sediment or soil, air, and biological matter [Figure 3]. The choice of sample collection method depends on 
the work’s objectives. For instance, surface water collection may not be a good estimate of benthic 
organisms’ exposure, especially considering that surface and deep waters may contain different 
microplastics depending on each particle’s sinking behavior (e.g., dependent on density and biofouling)[32]. 
Moreover, recent publications are mainly focused on collecting the whole size range of microplastics (i.e., 
1-5,000 µm). Since smaller microplastics are more abundant (e.g., 92% are < 300 µm in surface water in the 
South China Sea[33]), smaller sample volumes or weights may be collected. Reporting these smaller 
microplastics is needed for risk assessment since particles < 150 µm have a higher probability of being 
internalized by organisms[34]. The choice of sampling methods should also take into consideration principles 
of green analytical chemistry, which include reducing sample treatment, saving energy and reagents, 
automation, reducing analytical waste, and avoiding the use of hazardous reagents[35].
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Figure 2. Beach sampling protocol according to the United States Environmental Protection Agency (original artwork).

Figure 3. Summary of methods for sampling and analysis of microplastics.

Sampling water
For water, the choice is between using nets (e.g., 330 µm manta trawls) or collecting samples using bottles 
(i.e., grab samples) to be filtered in the laboratory. Nets may vary in configuration, for instance, sampling 
either surface water in the case of manta trawls or at a depth of 40-50 cm in the case of neuston nets[26]. Since 
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microplastics may be differentially distributed on the water column (e.g., based on density), the choice of 
sampling methodology may create a bias on the types of particles found. While nets sample high volumes of 
water (m3) with relative ease, they require water flow (e.g., towed by boat), contamination control is 
difficult, and the precise volume of water filtered is prone to considerable error. Collecting grab samples 
limits volume (L), either due to transportation or clogging, but allows sampling of smaller particles that are 
more abundant and more likely to induce adverse effects on organisms. This may include manually using 
buckets and bottles on surface water or using specialized equipment to collect underwater samples (e.g., 
Niskin sampler)[36]. Other works have used sieving and/or pumps to collect samples[37]. Grab samples are 
generally filtered in the laboratory, which may use filter membranes of different compositions and pore 
sizes. Filtering water through a 1 µm pore filter is expected to retain 40 times more microplastics than using 
a manta trawl[38]. Moreover, reliable results were produced by collecting 1 L grab samples in four replicates 
and assessing microplastics > 50 µm[28].

Sampling sediment or soil
For sediments or soil, collection generally requires defining a surface area (e.g., 1 m2) where the top layer is 
collected (e.g., top 5 cm) using metal shovels and non-plastic containers (e.g., aluminum, glass). Samples 
will be taken to the laboratory and separated by density by filtering the supernatant after mixing with 
saturated solutions. Plastics’ densities range between 0.90 and 1.45 g·cm-3, whereas sediments possess higher 
densities, approximately 2.65 g·cm-3. Saturated solutions of NaCl, while inexpensive and non-hazardous, 
produce the lowest recovery rates (75.71%) compared to higher recovery rates (> 85%) of NaBr and CaCl2
[39]. This occurs due to the saturated NaCl solution’s lower density (1.2 g·cm-3), which is insufficient to 
separate higher-density plastics (e.g., polyvinyl chloride)[39]. Extraction with high-density solutions might 
need to be repeated to separate all particles from the sediment matrix. Conversely, higher-density solutions 
may present toxicity and higher costs, which can be alleviated by reusing the solution after filtration, 
thereby reducing costs and waste production[35]. Other techniques involve the use of complex apparatus for 
density extraction[40], elutriation[41], or oil-based extraction[42]. Alternatively, microplastics may be collected 
with tweezers directly from the surface, underwater samples collected by submergible claws (e.g., Van Veen 
grab), or with sediment core samplers. Results should be reported by the number and weight of 
microplastics per area and the weight of samples. Moreover, results should be reported in dry weight by 
drying the sample until no variation in weight occurs (or calculating dry weight based on the weight loss in 
a subsample). Studies should include details on sediment or soil characterization (e.g., sediment’s grain 
size), since this may help highlight deposition patterns.

Sampling air
For air, samples are collected actively on a filter using an air sampling pump (e.g., flow rate of 5 L·min-1 for 
24 h[43]), passively by deposition on the surface of a known area (e.g., funnel, Petri dish), or by collecting 
dust from surfaces using brushes. Samples are generally collected at a human breathing height (1.5 m). 
Passive sampling has the advantage of not needing specialized equipment but requires longer sampling 
periods and may not directly translate airborne concentrations (i.e., larger particles are more likely to 
sediment). Results from passive sampling (e.g., particles·m-2·h-1) allows to estimate airborne contamination 
of other matrices (e.g., water, soil), whereas active sampling (particles·m-3) is useful to estimate respiratory 
exposure, and dust collection allows to estimate the amount of microplastics relative to the total amount of 
dust collected (e.g., particles·g-1). Only particles with aerodynamic diameters < 10 µm (capable of reaching 
the deep lung) should be considered in the estimation of airborne exposure based on human tidal volume 
(6 L·min-1)[44]. Separation of < 10 µm can be achieved in active sampling by using a selective inlet.
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Sampling biological matter
For biological matter, samples may be constituted by excretion products and organ contents (e.g., feces,
digestive contents), tissues (e.g., digestive system, food), organisms (e.g., invertebrates), or complex
mixtures (e.g., wastewater). Collection will vary according to each case and separation mainly relies on
digestion and filtration. It is recommended to limit the amount of sample to reduce filter clogging and
physically remove hard tissues (e.g., bones, chitin, or carbonaceous shells). Biological matter is often rich in
fat, which must be removed manually, using detergents or ethanol[45]. Moreover, lipids will be subjected to
saponification in the presence of alkali solutions (e.g., KOH), which may be removed using hot water.
Wastewater samples may be collected as grab samples or through high-volume filtration using sieves[46].
Overall, biological matter is the most challenging matrix to work with. Ideally, new methods will be
developed to identify the precise location of microplastics in tissues using histological techniques. Several
features of the biological samples should be taken into account: (i) trophic transfer; (ii) correlation with
concentrations found in environmental matrices; (iii) microplastics in internal organs (besides the digestive
system) as evidence of translocation; (iv) possible accumulation of microplastics in organisms; and (v)
presence of related contaminants (e.g., plastic additives). More research on microplastics is needed,
especially addressing terrestrial ecosystems.

Sample preparation: removal of biogenic organic matter
Almost all samples require some sort of sample preparation to reduce the number of particles and clean the
surface of microplastics [Figure 4]. This is mostly accomplished through digestion (i.e., natural organic
matter degradation). The most common solutions used are H2O2 (alone or as Fenton’s reagent when
combined with Fe as a catalyzer), HNO3, and KOH. H2O2 [e.g., 30% (v/v)] is mostly used on environmental
samples (e.g., water, sediment) and KOH [e.g., 10% (w/v)] on biological matter (e.g., tissues). Acids are
generally not recommended due to the risk of damaging microplastics in the sample[47]. Although enzymes
degrade with a high efficiency without damaging microplastics, they are also often prohibitively expensive.
Reactions may be accelerated by heating, although temperatures > 60 °C are not recommended as they may
destroy microplastics[48]. The use of organic solvents to further clean the surface of microplastics may also
cause damage. For instance, acetone may melt polystyrene into a paste[49]. Therefore, it is recommended that
sample preparation protocols are tested using positive controls with various representative polymer types
(i.e., spiked samples).

Sample preparation: separation of microplastics
Filter membranes are often used in microplastics analysis to separate particles from liquids. The type and
pore size of these filter membranes can influence the retained fraction of microplastics, the amount of
residual matrix, and the ease of filtration (depending on vacuum pressure). The choice will also depend on
treatment and analysis, as it may benefit from materials that are inert (e.g., glass fiber filter), degradable
(e.g., cellulose), or present low signal interference in spectroscopic analysis (e.g., silver). Filter structure can
also influence the size, shape, and number of particles recovered (e.g., multilayered filters are better at
retaining fibers)[50]. While the choice of filter membrane may lead to underestimation, it can also introduce
contamination if no decontamination procedure is conducted before use. Similarly, sieve use will depend on
pore size and decontamination measures.

Emerging methods for microplastics separation involve chromatographic techniques, such as field flow
fraction, which consists of applying a field (e.g., electrical, hydraulic) perpendicular to the flow of particles
in a narrow channel leading to the accumulation of particles in one of the walls, and hydrodynamic
chromatography, which separates particles by sizes by passing the sample through a column with solid
beads, carried by a mobile phase[51]. Dielectrophoretic separation is based on an electric field that separates
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Figure 4. Sediment sample (A) before and (B) after biogenic organic matter removal using 10 mL of 30% hydrogen peroxide and 10 mL 
of 0.05 M of iron catalyst for 15 min.

particles of different dielectric signatures into microchannels[52]. Alternatively, flow cytometry can be used
for sorting and counting and characterizing microplastics based on optical properties, with the advantage of
having a high particle throughput[53]. It can be combined with fluorescent dyes and preconcentration steps
to improve accuracy. Fractioning could also be used to separate microplastics from liquids, but smaller and
less dense particles will require centrifuging at higher speeds for longer periods (e.g., > 3,500 rpm, > 5 min[54]

), ideally inside glass tubes to avoid plastic contamination.

How to identify microplastics under the microscope?
Successful microplastics identification depends on proper sample preparation, which is easier in less
complex matrices (e.g., in water than in food). Screening microplastics under a stereoscope or microscope is
one of the simplest and cheapest methods available. However, it is also subjective and can lead to
misclassification of other materials such as microplastics (up to 70%)[55]. Exposing particles to heat (130 °C,
3-5 s)[56] or touching them with a hot needle[57] helps to further separate large melting particles as
thermoplastics. The use of a soldering iron instead of a hot needle and a classification criterion (positive if
particle melts, bends, or curls) results in ≥ 82% correct classification[58]. While the hot needle test may also be
performed, synthetic fibers are visually classified based on their regular and smooth surface, following a
classification diagram[59]. Size, shape, and color must be recorded for each particle. Analysis may be aided by
image processing software (e.g., ImageJ).

The use of staining dyes provides a more objective criterion if they are selective for plastics or if other
stainable particles have been removed (during digestion). Nile Red is the staining dye most frequently used
in microplastics screening [Figure 5]. Plastics stained with Nile Red produce a red-to-yellow fluorescence
under the blue light (470 nm) when seen through an orange filter or under the UV light (250 nm)[60]. This
method seems to reduce the number of false positives, as 90% of fluorescent particles in sediment samples
(> 630 µm)[61] and 100% in bottled water samples (> 100 µm)[62] were confirmed as plastics by chemical
characterization. Nile Red allows quantification of microplastics > 1 µm when coupled with fluorescence
microscopy and can be used as a selection criterion before chemical identification, improving sample
throughput[63]. Moreover, staining dyes are inexpensive. Grids or guiding markers are recommended when
working with small particles under the microscope to avoid counting them twice.
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Figure 5. Fluorescent microplastics after Nile Red staining and under 470 nm with an orange lens filter: full glass fiber filter ( 47 mm) 
spiked with (A) microplastics and (B) suspected microplastics in river water under the microscope.

How to analyze microplastics by chemical characterization?
Vibrational spectroscopy techniques in microplastic characterization
Visual identification and staining dyes only provide information on suspected microplastics. Chemical 
characterization is needed for confirmation and polymer identification. The most common techniques are 
based on vibrational spectroscopy. Fourier transform infrared spectroscopy (FTIR) relies on the detection of 
the absorption, transmittance, or reflectance of infrared light based on the change in the dipole moment, 
whereas Raman spectroscopy detects the inelastic scattering of light caused by changes in polarizability 
within the molecule. It is recommended to characterize at least 10% of suspected microplastics > 100 µm[25]. 
Micro-spectroscopy techniques (i.e., coupled with microscopy) allow the characterization of particles down 
to 1-20 µm[64], ideally of a specific area of the filter when scan mode (or mapping) is available or of a group 
of pre-selected suspected particles (which should be representative of the sample). However, micro-FTIR 
and micro-Raman spectroscopy are time-consuming (e.g., 6-8 h per sample[65]) and require expensive 
equipment, which researchers may only have access to through collaborations. Therefore, these techniques 
are generally not suited for quantification (which still relies on microscopy or staining dyes). Moreover, the 
presence of contaminants or pigments on microplastics may cause interference, such as titanium dioxide 
(TiO2)[66] or black pigments (e.g., carbon black)[67]. Generally, FTIR is more lenient when interference is 
present, while photo-bleaching (i.e., fluorophore undergoes photo-destruction when the absorption/
emission limits are surpassed) may be attempted in micro-Raman spectroscopy[64].

Another challenge in vibrational spectroscopy is the analysis of the fingerprint spectrum. Each peak or band 
corresponds to vibrations of specific chemical bonds [Figure 6]. Spectra may be subjected to baseline 
correction, which enables the removal of peaks not in the sample (e.g., CO2 infrared peak at ~2,360 cm-1). 
Polymer identification may rely on a personal database of known plastics, on the equipment’s database, or 
on open online databases (e.g., OpenSpecy[68], SiMPle[69]). Besides reporting the relative frequency of 
different polymer types, the carbonyl and methyl index can be calculated from infrared spectra, which are 
used as indicators for the weathering state. Carbonyl groups (−C=O) are produced during plastic’s 
degradation through photooxidation, translated as an infrared band between 1,850-1,550 cm-1, centered in 
1,715 cm-1 (ketone)[70]. Thus, the Carbonyl Index (CI) can be calculated as the ratio between the carbonyl 
peak (1,715 cm-1) and the reference peak for the polymer (e.g., 1,471 cm-1 for polyethylene, 1,458 cm-1 for 
polypropylene, 1,452 cm-1 for polystyrene)[19]. In polypropylene, the first stages of degradation lead to the 
production of volatile oxidation products (e.g., acetone), which are lost by evaporation, resulting in a 
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Figure 6. (A) Microplastics collected on a beach in Portugal, and identified as polyethylene based on (B) its infrared spectra.

reduction in methyl groups (-CH3). Thus, the Methyl Index (MI) may be calculated for polypropylene as the 
ratio between the methyl group (1,377 cm-1) and the reference peak (1,458 cm-1)[71]. Comparison between CI 
should only be conducted for the same polymer type. Particles should be thoroughly cleaned to remove 
biological debris that may translate into an increased carbonyl band (e.g., using cyclohexane at 80 °C for 
48-96 h[72]).

Mass spectrometry techniques in microplastic characterization
Vibrational spectroscopy techniques are non-destructive and allow chemical and physical characterization 
of particles, which is highly relevant for risk assessment. However, they are time-consuming. Alternatives 
based on mass spectrometry (MS) [e.g., pyrolysis-gas chromatography-MS (Py-GC-MS), thermoextraction 
and desorption coupled with gas chromatography-MS, liquid chromatography-MS] allow to gather 
information from complex matrices without pre-selection, quickly, and even for smaller microplastics 
sizes[73]. The cons of these methods involve the need for calibration curves for each compound (including 
considerations on degraded states), sample destruction, and loss of information regarding physical 
parameters (i.e., only reported as mass, e.g., µg·mg-1).

Py-GC-MS has increased in popularity due to its ability to detect smaller particle sizes (even nanoplastics), 
with higher sensitivity and lower vulnerability to interference, and being compatible with direct analysis 
and/or with most sample preparation methods[74]. This technique is based on the thermal decomposition of 
the sample’s molecules into simpler fragments which are separated by a capillary column and detected by 
mass spectrometry. A specific indicator (fragment) is required for each polymer type to properly detect and 
quantify them based on calibration curves. An optimized Py-GC-MS method for microplastics has been 
proposed using a pyrolysis temperature of 700 °C, split ratio of 5, and 300 °C as injector temperature, 
allowing limits of detection of 1 µg for microplastics[75]. This method performed well when tested on 
particles previously identified by micro-Raman spectroscopy and correctly identified > 70% of 
environmental microplastics. Worst results were found for fibers due to their low weight, which could be 
improved by decreasing the limit of detection using single ion monitoring or pre-concentrating the sample.

Scanning electron microscopy in microplastic characterization
The determination of total organic carbon analysis can be used in the quantification of the total mass of 
plastics in complex samples after biogenic organic matter removal[76]. Equations are available to make 
estimate conversions between different types of reporting units[77]. Scanning electron microscopy may be 
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used to characterize the surface of microplastic, while coupling with energy-dispersive X-ray spectroscopy 
allows for chemical characterization. However, most of the elemental composition of plastics is similar to 
biological matter (e.g., C, O, H), which may hinder identification.

Other techniques in microplastic characterization
Other techniques of microplastics analysis have been proposed to address challenges in traditional 
approaches. Hyperspectral imaging is based on spectral fingerprints (e.g., on near-infrared spectrum), 
which may allow differentiation between polymer types[78]. Matrix-assisted laser desorption/ionization time-
of-flight mass spectrometry, which involves ionization and mass-to-charge ratio (m/z) measurement, may 
be useful in the detection of microplastics, including weathered particles[79]. Dynamic light scattering and 
nanoparticle tracking analysis are based on light scattering and Brownian motion and can be 
complementary in the characterization and quantification of particles[80]. Atomic force microscopy scans the 
sample surface by registering attractive and repulsive forces between the surface and the cantilever[81]. The 
techniques described in the last two sentences may also be suitable for nanoplastics analysis.

Characterization of nanoplastics
Nanoplastics are more challenging due to the smaller particle sizes (< 1 µm) below most limits of detection 
and are prone to contamination. Sample preparation also involves the removal of natural organic matter, 
separation and preconcentration (e.g., filtration, centrifugation), and identification using spectroscopy or 
mass spectrometry[82]. However, so far, only a few studies have been able to detect nanoplastics in real 
environmental samples. While scanning electron microscopy has been used to characterize very small 
plastics (< 10 µm)[83], quantification based on the detection of particles containing carbon has been 
questioned due to the potential contamination with other similar organic and inorganic materials[84].

How to avoid contamination of microplastics samples?
Microplastics are so ubiquitous that they can easily contaminate samples. Researchers must be aware of the 
two main sources of contamination, namely, the deposition of airborne microplastics in samples and cross-
contamination from solutions and materials used. Reducing airborne contamination requires: (i) regular 
laboratory cleaning schedules; (ii) proper ventilation and reduced movement; (iii) capping all samples and 
solutions (e.g., with glass lids or aluminum foil); (iv) conducting work under the fume hood, or ideally, the 
laminar flow hood; (v) wearing cotton lab coats. Reducing cross contamination requires: (i) filtering all 
solutions used in cleaning or to be added to the solution; (ii) washing materials between samples, ideally in 
acid followed by running filtered distilled water; (iii) using only glass and metal materials (i.e., no plastics); 
(iv) decontaminating inorganic filters (e.g., 3 h at 450 °C). Finally, a relevant number of blanks must be 
conducted during sample collection (i.e., field blanks) and processing (i.e., procedural blanks and open 
filters to evaluate airborne deposition). Microplastics found in blanks can be subtracted from results or 
samples only considered when statistically different from concentrations in blanks.

What can we learn from existing interlaboratory comparison tests?
Interlaboratory tests have been conducted despite not reaching a definitive conclusion regarding 
recommended methodologies [Table 1]. Since most tests were conducted with pristine microplastics, results 
may vary when working with environmental samples. For instance, micro-Raman spectroscopy works 
better with pristine samples since it is susceptible to fluorescence interference and may cause polymer 
degradation as a result of heating[64]. Studies seem to agree that errors vary greatly between research 
groups[85,86], which supports conclusions that most are a result of human error[85,87]. Nonetheless, variation is 
also attributed to microplastics’ characteristics, such as particle size (i.e., higher for sizes < 20 µm), shape, 
and color or matrix properties[85]. While attempts have also been made to harmonize the production of 
reference materials[88], these are not yet widely available or frequently used. Sample preparation seems to 
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Table 1. Main conclusions arising from interlaboratory tests conducted on the methods for quantification and characterization of microplastics

Test name Published 
date n Samples Main conclusions Ref.

Isobe et al., 2019 2019 12 Two bottles with different concentrations of PP, LDPE, HDPE, and 
NOM in seawater (400-5,700 µm)

High uncertainty (> 50%) likely results from human error (i.e., misidentification or 
measuring errors) 
Sample preparation (i.e., chemical treatment, density separation) reduced uncertainty 
from 40% to 20% 
Underestimation of 20% for microplastics < 1 mm (spectroscopy recommended)

[87]

Müller et al., 2020 2020 17 Sugar water spiked with PE, PVC, PET, PMMA, and PS (8-140 µm) Better identification of polymer type by micro-Raman spectroscopy and Σ-GC/MS 
than by micro-FTIR 
Quantification using microscopy and micro-FTIR worked best

[90]

Becker et al., 2020 2020 9 Sediment sample spiked with PP, PS, PE, PET, and suspended 
particulate matter (2,000-3,000 µm)

Py-GC-MS, TED-GC-MS, TGA-FTIR correctly identified all polymers and produced
reasonable results
The mean absolute deviation from the median was 14% for PE and PS and > 40% for
PP and PET
High variability in the analysis of PET likely results in the use of adsorber materials and
stationary phase adapted for non-polar compounds
Additives in PE could influence the formation of decomposition products and interfere
with readings
TGA-MS not recommended since it did not confirm the presence of the four polymer
types

[93]

Cadiou et al., 2020 2020 5 Clean water or sediment spiked with PET, PVC, PC, HDPE, and PP
(300-5,000 µm)

Error was < 25% of the absolute value for microplastic counts (60% underestimation 
and 40% overestimation) 
Errors in quantification were higher in sediment compared to water samples (18% vs. 
14% root mean square errors) 
Laboratories varied greatly in the error of detection of microplastics (2%-3% vs. 23%-
30%) 
Regarding shape, films are generally overestimated while others are correctly counted 
or underestimated 
Color also influences the correct estimation of microplastics 
Underestimation might be explained by lack of detection, loss of laboratory material, or 
loss by being blown out during handling.

[85]

JRC’s interlaboratory test 2021 98 One sample of PET in salt water (30-200 µm)  Methods had a high variability depending on research groups
Many groups efficiently detected the correct number of plastics in the samples using
multiple techniques, including microscopy, micro-FTIR, and micro-Raman
spectroscopy
Some contamination control measures (i.e., the use of cleaning paper and gloves)
seem to be related to the underestimation of microplastics

[86]

WEPAL-
QUASIMEME/NORMANs

2021 30 11 samples comprised each of the most common polymer types
(PC, PS, PP, PET, LDPE, EPS, PVC) and one blank (2,270-4,310 µm)

Correct chemical identification > 80% (except for low-density polyethylene) 
Consistent performance of micro-Raman spectroscopy 
Quantification was often flawed in terms of absolute number and the high dispersion 
of data (i.e., relative standard deviation of 57%-91%)

[91]

The coefficient of variation after digestion and counting under the microscope was 
< 11% for most samples 
Recovery rates were 96.7% for 5 mL/g of 10% KOH and 88.8% for 20 mL/g of 15% 

The Plastic Busters MPAs 2021 4 Fish gastrointestinal tract and mussel tissues spiked with PE, PP,
and PET (> 200 µm)

[89]

H2O2 
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Changes due to sample preparation were observed as fragmentation (7.1%), 
discoloration (2.1%), deformation (9.2%), and degradation (17.1%) 
Microplastics correctly identified by FTIR varied between 47.8% and 69.5%

De Frond et al., 2022 2022 22 Three samples of PE, PS, PVC, PET, and NOM in drinking water and 
one blank (1-5,000 µm)

Microscopy allowed for a mean recovery rate of 92% for microplastics > 20 µm and 
32% for < 20 µm 
The mean blank sample count was 91 particles 
Micro-FTIR accurately identified 95% of microplastics and misidentified 8% of NOM 
as microplastics 
Micro-FTIR accuracy was 33% for microplastics < 20 µm 
Micro-Raman spectroscopy accurately identified 91% of microplastics and 
misidentified 68% of NOM as microplastics 
Micro-Raman spectroscopy performed poorly on dyed cellulose fibers due to the 
interfering fluorescence.

[92]

PP: Polypropylene; LDPE: low-density polyethylene; LDPE: low-density polyethylene; NOM: natural organic matter; PE: polyethylene; PVC: polyvinyl chloride; PET: polyethylene terephthalate; PMMA: polymethyl 
methacrylate; Σ-GC/MS: thermo-extraction-and-desorption- or pyrolysis- combined with gas chromatography coupled to mass spectrometry; micro-FTIR: micro-Fourier transform infrared spectroscopy; Py-GC-MS: 
pyrolysis gas chromatography-mass spectrometry; TED-GC-MS: thermal extraction desorption followed by gas chromatography coupled to mass spectrometry; TGA-FTIR: thermogravimetry-infrared spectroscopy; 
TGA-MS: thermogravimetry coupled to mass spectrometry; PS: polystyrene; EPS: expanded polystyrene.

reduce the errors in the identification of microplastics by removing confounding particles[87,89]. Microscopy, micro-FTIR, and micro-Raman spectroscopy are 
associated with high recovery rates (> 90%) and spectroscopy methods may also provide information on polymer type[90-92]. Nonetheless, higher errors are 
expected for smaller microplastic sizes[87]. Alternatively, pyrolysis gas chromatography-mass spectrometry, thermogravimetry-infrared spectroscopy, and 
thermal extraction desorption followed by gas chromatography coupled to mass spectrometry are also efficient in the quantification and characterization of 
some polymer types[93]. These techniques also present limitations such as the specificity of adsorber materials and stationary phase compounds for some 
polymer types or being influenced by additives in plastics[93]. Surprisingly, the most frequently found variation in results was underestimation and not 
overestimation (expected due to sample contamination)[85-87]. This underestimation likely results from errors in detection or losses to laboratory material or to 
the air when handling these samples[85]. Therefore, frequent tests are recommended to evaluate the recovery rates of the group’s methodologies using a diverse 
array of microplastics and matrices and improve techniques to reach an acceptable variation.

CHALLENGES IN EVALUATING THE ADVERSE EFFECTS OF MICROPLASTICS
How do microplastics enter the environment?
Microplastics originate from virtually any object made of plastic [Figure 7]. Some relevant sources of microplastics include pellets, microbeads in personal care 
products, paint, textiles (including garments, household textiles, personal protective equipment, geotextiles used in agriculture), wastewater effluents, synthetic 
pavement and artificial turf, vehicle tire wear, fishing gear, and littered or mismanaged plastic waste[94-96]. Lack of proper waste management and wastewater 
treatment greatly contributes to the amount of (micro)plastics entering the environment. Most microplastics are thought to originate from terrestrial areas, 
especially related to high anthropogenic pressures (e.g., high population density, high industrialization), and then be transported by wind, runoff, or rivers. 
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Figure 7. Examples of sources, types, contamination, and impacts of microplastics in the environment.

Estimations indicate that most microplastics reaching the sea originate from river transport[97] whereas 
atmospheric transport may contaminate remote regions, such as the Tibetan Plateau[98]. The distribution of 
microplastics may also depend on their surface coverage with organic matter and organisms (i.e., 
biofouling), for instance, modulating their distribution in the water column[99]. Microplastics may also 
accumulate in environmental matrices, such as sediments or soils, and can be incorporated into geological 
formations, being considered markers for the Anthropocene[100]. However, few works have collected data to 
support the identification of sources and pathways of microplastics in the environment due to the 
previously addressed methodological challenges.

What are microplastics’ effects on the environment?
Biotic effects of microplastics
The presence of microplastics in the environment leads to the exposure of organisms, with these particles 
being found in the gastrointestinal system of invertebrates (e.g., Chironomus riparius larvae)[101] and 
vertebrates (e.g., Seriolella violacea fish)[102]. These studies are often limited to the detection of larger 
microplastics (e.g., > 500 µm) in the gastrointestinal lumen or tissue. Nonetheless, microplastics in the gut 
may translocate to internal tissues (e.g., hemolymph of Mytilus edulis[103]) and be transferred through the 
food chain[104]. However, evidence for bioaccumulation and biomagnification in the wild is 
insufficient[105,106]. Bioindicators are species that can be used to monitor environmental contamination. 
Bivalves, as filter feeders, have already been suggested as bioindicators for microplastics[107], supported by a 
significant correlation between concentrations in water and in tissues of Mytilus edulis and Perna viridis[108]. 
The use of bioindicator species can provide insights into the spatial distribution of microplastics and their 
interaction with organisms within the ecosystem.

Laboratory tests on aquatic organisms reveal effects on feeding (e.g., digestive tract blockage), endocrine 
disruption, metabolism, and gene expression, leading to reduced growth and survival[109]. These likely stem 
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from reactive oxygen species, seemingly the molecular initiating event across different animal species[110]. A 
species sensitivity distribution determined a threshold effect concentration (HC5) of 11-521 
microplastics·L-1, representing 28% of locations included in the study[38]. Despite the large amount of 
available literature, most assays have used concentrations 2 to 7 orders of magnitude higher than 
environmental levels, instead of environmentally relevant concentrations (e.g., ≤ 1 μg·L-1 for water)[111]. 
However, preparing lower concentrations may be challenging due to the lack of methods to quantify 
microplastics in small volumes, which often involve spectrofluorometry (i.e., when using fluorescent 
particles) or the use of Neubauer counting chambers[112].

Organisms and microplastics should be selected simultaneously, based on the likelihood of environmental 
exposure and the availability of international guidelines (e.g., OECD Test Guidelines). Tested microplastics 
may be acquired (e.g., Sigma-Aldrich; Cospheric; plastic industry) or produced in the laboratory (e.g., using 
cryomilling or a simple coffee grinder), followed by adequate particle characterization [Figure 8]. 
Microplastics may also transport adsorbed contaminants or pathogens[113]. Therefore, more complex tests 
involve aging microplastics under ultraviolet light, producing leachates by incubating them in a pristine 
solution, or contaminating microplastics with other substances or microorganisms. The contribution of 
each characteristic to toxicity should be identified (e.g., chemical composition, size, shape).

Abiotic effects of microplastics
Little information is available on those other than marine organisms (e.g., plants) and abiotic effects. 
Indeed, microplastics may cause abiotic effects on ecosystems, such as favoring species using them as 
substrates[114], altering the distribution of substances and/or biogeochemical cycles[115], and changing thermal 
diffusivity and permeability of sediments or soils[116,117]. Thus, marine plastic pollution is already considered 
a planetary boundary threat due to its accumulation, long-lasting nature, irreversibility, and capacity to 
disrupt natural processes[3]. Future study designs should encompass the information needed to conduct risk 
assessment, enabling informed decisions about control and mitigation strategies (i.e., risk management). 
Work objectives should attempt to fill knowledge gaps following a DPSIR framework (i.e., drivers, 
pressures, state, impact, and responses)[118].

Plastisphere: life on microplastics
The plastisphere is a unique ecosystem of microorganisms living on the surface of microplastics. It is 
formed when the surface of particles is covered with biofilms, facilitating further colonization by 
microorganisms and forming communities with metabolic interactions that might include species with 
diverse functions (e.g., plastic degradation), which also depends on microplastics’ characteristics (e.g., 
polymer type)[119]. Therefore, microplastics can be considered a novel niche habitat, with longer 
environmental persistence than natural organic substrates and with hydrophobic surfaces prone to 
colonization and biofilm formation[120]. A concerning fact is that the microbial communities associated with 
microplastics differ from those in the surrounding ecosystem, potentially giving rise to microbial invasion, 
and some contain opportunistic pathogens (e.g., Vibrio)[121,122]. Therefore, there is a growing need for 
research on the plastisphere, not only due to its potential adverse impacts on ecosystems and health but also 
for the prospects of identifying naturally occurring plastic-degrading species (or communities) that could 
contribute to mitigating plastic pollution.

Effects of microplastics on human health
Microplastics enter the food chain through water, feed, food, and atmospheric contamination. Moreover, 
smaller microplastics in suspension in the atmosphere can be inhaled. Human exposure to microplastics 
through ingestion and inhalation has been estimated as 2.93 × 1010 microplastics·year-1[123]. However, 
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Figure 8. (A) Commercially available polystyrene microplastics; and (B) polypropylene microplastics produced in a coffee grinder in the 
laboratory.

estimations vary depending on the food types included in the model and the methods used in the original 
articles (e.g., size limit of detection). An accurate estimation based on uniform methods and estimated daily 
exposure models is needed. Inhalation is often overestimated due to the use of results from total suspended 
particulates instead of inhalable or respirable particles (< 100 µm or < 10 µm, respectively). Dermal exposure 
is not relevant due to the thickness of the stratum corneum. A study of 102 participants found significant 
correlations between the concentrations of microplastics in feces with exposure to dust and the 
consumption of bottled water and take-away food[121], supporting inhalation and diet as the main exposure 
routes.

After exposure of the digestive or respiratory system, only a small amount of smaller microplastics is 
translocated to internal tissues (< 1%)[122,124]. Some microplastics will find their way into the blood and 
become systemically distributed until they get caught into narrow capillary beds (e.g., < 5 µm in human 
lungs)[125] or are removed by the macrophages of the reticuloendothelial system[126]. Microplastics are then 
eliminated into the bile or the gastrointestinal lumen, where they will be excreted in the feces[127]. 
Concentrations as high as 139 microplastics·g-1 have been found in human feces[128] Additionally, 
microplastics have been found in human samples including saliva, sputum, bronchoalveolar lavage fluid, 
pulmonary tissue, blood, liver, kidney, placenta, and breast milk[129].

Despite knowledge gaps, there is no evidence to support the impacts of microplastics on human health[130]. 
For instance, a single intravenous injection of millions of 3-12 µm microplastics in dogs did not induce 
significant health effects for up to 4 weeks[131]. However, studies have generally been conducted using 
pristine microplastics and under acute exposure conditions. The release of monomers, additives, 
degradation products, adsorbed contaminants, and transport of pathogens may result in different effects of 
environmental exposure to microplastics, requiring further research. Moreover, microplastics can have 
adverse effects even when not internalized. Indeed, microplastics may change the human gut microbiome, 
which is recognized for its importance to human health, leading to dysbiosis[132]. The distribution and 
toxicity of microplastics may be further clarified by testing radiolabeled particles. Potential pathways of 
toxicity for microplastics could involve oxidative stress, cytotoxicity, and inflammation.

CONCLUSION
The findings gathered in the “Do’s and Don’ts of Microplastic Research” webinar envisaged the generation 
of a beginner’s guide for researchers working with microplastics. Another objective was to identify current 
challenges related to microplastics contaminants in this rapidly emerging field. Overall, the major identified 
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challenges include: (i) the absence of standardized methods; (ii) lack of reference materials; (iii) hindered 
access to highly expensive equipment; and (iv) resolution problems when working with smaller 
environmental concentrations (e.g., toxicity assays). To overcome these critical issues, the implementation 
of a harmonized guideline or standard is warranted and may be achieved through more active and 
widespread cooperation between researchers of different fields and institutions with paired expertise. 
During the guideline or standard development, the reference materials should be clearly defined, and thus a 
comprehensive list of their properties will ensure manufacturing consistency. The highly expensive and 
specific equipment required for the advanced analysis of microplastics may be circumvented in the short 
term through a broader collaboration between institutions. Nevertheless, higher funding should be oriented 
to this pivotal area by governments and funding agencies, for a sustained generation of ubiquitous high-
quality microplastic research. With up-to-date equipment, the resolution limitations (i.e., smaller sizes) may 
be mitigated. Therefore, higher interconnectivity between researchers and institutions is extremely 
important and should be actively fomented. Moreover, researchers should be involved in dissemination 
campaigns to increase the public and government’s awareness of the importance of microplastic research.
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Abstract
Growing concern about the impact of plastic pollution on the environment has led to the creation of global public 
policies and the consumption of “environmentally friendly” products, such as oxy-biodegradable plastics. In this 
context, “greenwashing” practices can arise, i.e., the product promises more environmental benefits than it actually 
offers, which can lead to superfluous use, inappropriate disposal, and the generation of microplastics (MPs). 
However, the scientific literature lacks studies that evaluate the behavior of oxy-biodegradable plastic when 
exposed to the freshwater environment. In this respect, the aim of the current study was to evaluate the 
degradation process of oxy-biodegradable plastic bags made from high-density polyethylene (HDPE) in river water. 
To this end, the current study aimed to assess whether these bags actually meet the label information (which 
corresponds to the complete degradation of material) or whether they correspond to greenwashing practices. The 
physical and chemical alterations, and the formation of biological communities that occurred on the surface of the 
plastic material when exposed to natural aging and submerged in freshwater were monitored using mid-infrared 
absorption spectroscopy with attenuated total reflectance (FTIR-ATR) and scanning electron microscopy (SEM). 
The characterization of the samples after 180 days of exposure showed that the oxy-biodegradable bags were not 
completely degraded, with only fragmentation of the material and generation of MPs. In addition, it was also 
observed that microorganisms present in the water easily colonized the plastic surface from the start of the 
experiment. In this way, the oxy-biodegradable bags analyzed correspond to a greenwashing practice, which is 
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extremely harmful, since it can influence the increase in consumption of these products, generating greater 
improper disposal of these materials, and consequently the generation of MPs and the formation of biofilms, which 
can carry pathogenic microorganisms to the aquatic biota and to humans.

Keywords: Microplastics, greenwashing, biofilm, polyethylene, plastic pollution, oxy-biodegradable plastics

INTRODUCTION
The unique properties of plastic materials, such as their high durability, malleability, lightness, and low cost, 
justify their high consumption in various sectors of society; they are considered one of the most widely 
produced materials today, with recent estimates of global production of 400 million tons[1]. The high 
consumption of plastic materials combined with inadequate management and disposal has been a cause for 
great concern among the scientific community and society in general, due to their high persistence in the 
environment and potential ecological, economic, aesthetic, and public health impacts[2,3].

Plastic bags and disposable packaging made from polypropylene (PP) and polyethylene (PE) polymers are 
considered to be the most harmful in terms of the quantity of plastic waste in the environment[4], since 
between 500 billion and 1 trillion of these packages are produced every year[5]. It is estimated that after only 
12 min of use, these products are already destined for the natural environment, where they accumulate for 
many years due to their resistance to degradation[6].

Faced with this problem, as a strategy for mitigating environmental liabilities, various public policies have 
been introduced, mainly in developed countries[7]. These policies encourage recycling, restrictive use, 
charging for the use of plastic bags by commercial establishments, and even their prohibition. Examples 
include California (USA), where the distribution of plastic bags was banned in 2016, and Ireland, where a 
tax on the use of plastic bags was introduced in 2002[8].

The plastics industry has also proposed alternatives aimed at “low environmental impact”, such as the 
production of oxy-biodegradable plastic. This type of plastic is made up of conventional polyolefin 
polymers, such as PE or PP, and also contains additives that accelerate the degradation of the material under 
certain conditions of temperature, light, and the presence of oxygen, thus causing the chemical bonds in the 
polymer chain to break, followed by the generation of smaller molecular fragments, until the material is 
completely degraded.

However, although the degradation of oxy-biodegradable plastic is faster than that of conventional plastic, 
previous studies have shown that in the marine environment, for example, only the fragmentation and 
generation of microplastics (MPs), which are pieces of plastic debris less than 5 mm in size, occur more 
quickly[2]. Despite this, there is still not enough of a reduction in molar mass for these fragments to be 
biodegraded and bioassimilated by microorganisms[9]. In addition, oxy-biodegradable plastic is a type of 
waste that makes recycling difficult due to the presence of the degrading additive in its composition. As a 
result, greenwashing practices emerge, i.e., advertising more ecological and environmental benefits than the 
product actually has, which influences consumers to buy these products. In addition, this information can 
encourage the consumption and improper disposal of oxy-biodegradable plastic.

In the aquatic environment, due to their small size, MP particles are easily ingested by biota, from lower 
trophic levels to higher tropic levels[10]. Depending on the aquatic organism and particle size, this ingestion 
can have lethal and sublethal consequences, such as obstruction of the digestive tract, malnutrition, 
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suffocation, death, and even possible bioaccumulation and biomagnification processes[11]. MPs are also 
characterized by having a higher specific surface area - SSA, high porosity, and a hydrophobic character, 
which translates into greater potential for MPs to retain and transport organic and inorganic contaminants, 
as well as for the formation of microbial biofilms - which can be formed by both beneficial and harmful 
microorganisms. In addition, the presence of MPs can potentiate the emergence of antibiotic-resistant 
microorganisms (ARMs) and the spread of antibiotic resistance genes (ARGs)[12-14].

Knowing that freshwater ecosystems contribute around 80% of the plastic waste that reaches the marine 
environment and that most of the current research into the dynamics of plastic exposure is concentrated in 
the marine environment[9,13,15], the need to understand this phenomenon in the freshwater environment is 
clear. To date, studies that have more specifically evaluated the degradation and microbial formation in 
polyolefin plastics containing a degrading additive, i.e., oxy-biodegradable plastics, have focused only on the 
marine environment[9,16-21], with studies carried out in freshwater environments being extremely scarce[22,23].

Therefore, the aim of the current study was to evaluate the degradation process of commercial oxy-
biodegradable plastic when exposed to a simulated freshwater environment. To this end, a parallel was 
drawn between the plastic materials evaluated and their compliance with the information on the product 
label, which classifies an oxy-biodegradable plastic as any plastic material that degrades completely within 
various environments and under different conditions[24]. The study also investigated the formation of 
microbial biofilms on the plastic surface when exposed to this aquatic matrix and whether materials 
marketed as oxy-biodegradable can be considered greenwashing.

METHODS
Obtaining plastic samples and experimental design
Conventional plastic bags of petrochemical origin, made from high-density polyethylene (HDPE), without a 
degrading additive (control), and oxy-biodegradable plastic bags made from the same polymer, with a 
degrading additive (d2w®), were purchased in the city of Piracicaba, São Paulo, Brazil. In the laboratory, 
experimental samples (n = 90) of each type of plastic bag were prepared by cutting them into strips of 
similar dimensions (3 cm × 20 cm). Thirty strip samples were added to each stainless steel aquarium filled 
with freshwater. The experiments were carried out in triplicate for each type of plastic material, totaling 6 
different aquariums. Samples were then taken at random from each aquarium, in triplicate for each type of 
plastic, for chemical characterization at the start of the experiment (T0 = 0 days), after two months of 
exposure (T1 = 60 days), after four months of exposure (T2 = 120 days), and at the end of the experiment 
(T3 = 180 days), as well as for morphological characterization after 2 months of the experiment (T1 = 60 
days).

Natural freshwater experiment
The simulated freshwater environment was prepared using 20 L of natural freshwater in each stainless steel 
aquarium. The natural freshwater used was collected from the Piracicaba River Reservoir, Barra Bonita 
Dam, Anhembi - SP, Brazil (S 22° 37.666’ WO 48° 10.430’). All the aquariums were kept outdoors from June 
to December 2019, in order to observe the kinetics of degradation and biofilm formation on the plastic 
surfaces, according to the different weather conditions, considering the light and dark cycles in the natural 
condition, and thus providing greater environmental relevance. The aquariums were equipped with 
circulation pumps to keep the water moving. The volume of water in each aquarium was also monitored 
throughout the experiment, and when necessary, ultrapure water was added. These interventions were 
necessary to avoid an abrupt increase in salinity in the aquariums[25].
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Biological characterization of the river water
In the laboratory, the freshwater samples were diluted using the serial dilution technique and 100 µL were 
inoculated into petri dishes poured with rich culture medium for bacteria - Plate Count Agar - PCA, and for 
fungi - Potato Dextrose Agar (PDA). For this, aliquots of 1 mL of the river water sample were transferred to 
a series of test tubes containing 9 mL of sterile buffer solution - composed of phosphate buffer and 
magnesium chloride, in order to obtain serial dilutions of up to 10-4. The culture medium used was PCA, for 
plating and counting bacteria, with the following composition (m/v): 0.5% peptone; 0.25% yeast extract; 
0.1% glucose; 1.4% agar; distilled water; pH 7.0 (± 0.2) at 35 °C, and PDA, for plating and counting fungi, 
with the composition (m/v): 3.9% PDA (potato dextrose agar); distilled water; pH 7.0 (± 0.2) at 28 °C. 
Plating was carried out on the day the river water sample was collected (T0 = 0 days), in triplicate, using the 
pour plate technique[26]. Microbial growth counts were expressed in colony forming units (CFU).

Sample characterization
FTIR-ATR
Confirmation of the chemical identity of the polymer and the chemical modifications undergone by the 
samples during natural aging were assessed using mid-infrared absorption spectroscopy with attenuated 
total reflectance (FTIR-ATR) (spectrophotometer Cary660, Agilent Technologies). The spectra were 
collected in absorbance mode and with a resolution of 4,000-400 cm-1 at 4 cm-1 using Agilent Resolution Pro 
software in 160 scans. This analysis was also used to identify the increased intensity of carbonyl groups, 
indicative of photo-oxidative degradation of the HDPE polymer, with a characteristic band around 
1,700 cm-1. The carbonyl index (CI) values were calculated in triplicate at the different time intervals to 
quantify the chemical degradation of the plastic surface, using the absorbance values of the carbonyl band 
and the reference band, as shown in Equation (1):

Where a corresponds to the carbonyl band between 1,735 and 1,715 cm-1 and b corresponds to the reference 
band at 1,471 cm-1[27]. The carbonyl index values were compared using the Student’s t-test at a 5% 
significance level.

Scanning electron microscope
For morphological characterization of the plastic surfaces and qualitative analysis of biofilm formation, the 
samples were prepared on carbon strips, and metalized with gold for 180 s (LEICA ACE 600, Vienna). 
Scanned micrographs were obtained using a scanning electron microscope (SEM) (Jeol JSM - IT300 LV, 
Tokyo) operating at 15 kV.

Level of “greenwashing”
The evaluation and identification of greenwashing practices was based on the protocol described by the 
TerraChoice Environmental Marketing Agency, which points out the seven most common patterns or 
“sins” of greenwashing [Table 1]. The results obtained from the samples analyzed before and after natural 
aging were used to evaluate and classify the level of greenwashing in the oxy-biodegradable plastic 
investigated, according to the claims made on the product label.

RESULTS AND DISCUSSION
Colony counts of bacteria and fungi revealed a high abundance of the culturable microbial community in 
the freshwater of the Barra Bonita Dam [Table 2]. The CFU·mL-1 ranged from 4.5 × 108 to 6.6 × 108 (mean = 
5.4 × 108) and 1.0 × 107 to 9.6 × 108 (mean = 3.2 × 108), respectively, for the culturable bacterial and fungal 
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Table 1. The seven sins of greenwashing according to TerraChoice Environmental Marketing Agency[28]

The seven “sins” of 
greenwashing Characteristics

Camouflaging environmental 
costs

Suggesting that the product is sustainable based on a restricted set of attributes, without attention to other 
important environmental issues

Lack of proof An environmental claim that cannot be substantiated by easily accessible supporting information or reliable 
third-party certification

Uncertainty A claim so ill-defined or broad that its real meaning is likely to be misunderstood by the consumer

Worship of false labels A product that, through words or images, gives the impression of third-party endorsement where no such 
endorsement exists; false labels, in other words

Irrelevance An environmental claim that may be true, but is  not important or does not help consumers looking for 
environmentally preferable products

“Less worse” A claim that may be true within the product category, but risks distracting the consumer from the larger 
environmental impacts of the category as a whole

Lying Environmental claims that are simply false

Table 2. Quantitative analysis of microorganisms present in river water samples collected from the Piracicaba River Reservoir, Barra 
Bonita Dam, Anhembi-SP, Brazil

Samples Bacteria (CFU·mL-1) Fungi (CFU·mL-1)

Sample 1 5.1 × 108 9.6 × 108

Sample 2 6.6 × 108 1.0 × 107

Sample 3 4.5 × 108 1.0 × 107

Average 5.4 × 108 3.2 × 108

Values expressed in CFU per milliliter (CFU·mL-1). CFU: Colony forming units.

communities. The sampling site is located in an area that is a long way from polluting sources, because, 
according to SHELL and colleagues, environmental parameters, such as seasonal characteristics, physical-
chemical properties of the water, properties of the biological communities, and, above all, proximity to 
anthropogenic inputs contribute directly to the behavior of plastic debris dispersed in the environment and 
the formation of biofilms. However, despite the absence of these inputs at the water sampling site, the 
presence of these microorganisms was expected, given that aquatic ecosystems host a vast diversity of 
microorganisms, associated with the quality and maintenance of ecosystem services in this environment[29]. 
Microbial populations play a crucial role in nutrient cycling, degradation of organic matter, and 
biodegradation of organic and inorganic pollutants - such as pesticides, antibiotics, oil and petroleum 
derivatives, and MPs - which are the contaminants frequently reported in bodies of water[30,31].

In addition, microorganisms in aquatic environments are the main precursors of the biodegradation of 
xenobiotic substances that reach water bodies, such as pesticides, drug residues, easily degraded organic 
loads, and more recalcitrant materials (e.g., MPs)[32]. Therefore, the microbial community with the highest 
species richness (cultivable microorganisms > 108-1010 CFU·mL-1), such as the results reported in this study 
[Table 2], can promote the rapid colonization of the plastic surface - biofilm formation - which extends 
both as a microbial mechanism of protection of microbiological life and as a strategy to promote the 
degradation of complex and recalcitrant substances via extracellular enzymatic activity[33].

The visual inspection of the surface of the oxy-biodegradable plastic by SEM, carried out 2 months after 
exposure to river water, indicated that, in agreement with the characterization of the water collected, 
microbial colonization occurred promptly, and it was possible to identify the presence of diatoms, fungi, 
and possible planktonic bacteria on the surface of the substrate [Figure 1].
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Figure 1. SEM image showing the morphological characterization of the oxy-biodegradable plastic surface. (A) General view at the start 
of the experiment (T = 0); (B-D) Microbial colonization on the oxy-biodegradable bag substrate after 2 months of exposure (T = 1), 
where it is possible to see in detail the presence of diatom algae in different shapes (di), intense colonization by fungi (fu), and possible 
colonization by planktonic bacteria (arrow heads). (A-C) = 50 µm and (D) = 5 µm. SEM: Scanning electron microscopy.

In line with previous findings, where images obtained by SEM showed microbial colonization after a 
minimum incubation time of 1 month, and indicated through DNA sequencing results the presence of 
more than 52 bacterial phyla[13], this study also showed rapid microbial colonization on the plastic surface. 
The major problem with this phenomenon is associated with the possibility of trophic transfer of 
pathogenic species of bacteria and fungi to the biota, due to the possibility of ingestion of plastic debris in 
the aquatic environment, which occurs frequently. Therefore, this debris is identified as a potential vector of 
harmful microorganisms in these environments[10,12,31].

As a specific and complex microbial habitat, plastic debris can also support the selection of unique 
microorganisms and diverse communities. This fact is associated with the wide distribution and ease of 
vertical and horizontal transportation of this waste in the aquatic environment, which can lead to the 
migration of exotic species to other habitats, with profound impacts on the ecological effects of biological 
communities[12,31]. Furthermore, it is recognized by the scientific community that in addition to microbial 
attachment to the plastic surface, there is also sorption of contaminants present in the surrounding 
environment, such as antibiotics, which, in direct contact with certain bacteria, will inevitably lead to the 
continued increase in ARGs[34]. The production of these resistance genes in the freshwater environment 
increases the risk of exposure to plastic debris in this environmental matrix, since, in addition to the 
environmental and ecological importance, this is also a water source for human and animal consumption.
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Coincidentally, during the same time period in which microorganisms settled on the plastic surface, 
changes in the material’s physical and chemical properties were observed, such as an increase in the density 
and sedimentation of the plastic strips at the bottom of the aquariums. The loss of buoyancy of the plastics 
made up of HDPE polymers, a polymer with a lower density than river water, represents a significant 
change in the fate of this debris in the water column. By losing buoyancy, this waste can move further from 
the photic zone in the aquatic environment and suffer less exposure to ultraviolet (UV) radiation, an 
essential factor in the degradation process of plastic made up of this polymer, which can have an impact on 
the abiotic degradation kinetics of this plastic waste[12,34].

The study by Lobelle and Cunliffe in 2011 also indicated that the formation of biofilms on the plastic surface 
led to a loss of buoyancy within 3 weeks. From a hydrodynamic point of view, this may have an impact on 
the fate of plastics in the aquatic environment, by changing the dynamics of the vertical transport of this 
low-density waste from the photic zone to the aphotic zone, and also on the bioavailability to benthic 
organisms.

Figure 2 presents the FTIR-ATR spectra obtained from the surface of the conventional plastic [Figure 2A] 
and oxy-biodegradable plastic [Figure 2B] samples at the start of the experiment, at increasing exposure 
intervals, and at the end of the experiment. As expected for the HDPE polymer, the following characteristic 
bands can be observed: 2,915 cm-1 (υC-H), 2,845 cm-1 (υC-H), 1,472 cm-1 (δCH2), 1,462 cm-1 (δCH2), 
730 cm-1 (δCH2), and 720 cm-1 (δCH2), where υ corresponds to stretching modes and δ corresponds to 
angular deformation[35].

Plastics classified as polyolefins, i.e., made up of the PE polymer, among others, have only carbon and 
hydrogen in their structure, and their main abiotic degradation mechanism is photo-oxidative degradation, 
which is induced by the absorption of ultraviolet radiation in the presence of oxygen, allowing oxygen to be 
introduced into the polymer chain[36]. Thus, the presence of carbonyl groups in the polymer structure after 
environmental exposure indicates that the surface of the exposed material has undergone photo-oxidative 
degradation[37], which can be identified and monitored by analyzing the spectrum obtained by FTIR-ATR, 
or by quantifying the absorbance measurements of the typical carbonyl band, a characteristic band in 
infrared spectra in the region of 1,700 cm-1[27].

In the conventional plastic, it was possible to observe a slight carbonyl band directly proportional to the 
exposure time [Figure 2]. When calculating the carbonyl index values for both types of plastic [Figure 3], 
there was an increase in the carbonyl index during the experiment, indicating that both materials 
underwent the degradation process over the incubation period (180 days). The carbonyl index values were 
significantly higher in the 180 d period, where they practically tripled compared to the initial time (T = 0).

As a consequence of photo-oxidative degradation, the plastic surface of both materials showed increased 
porosity and discoloration after 2 months of exposure to freshwater conditions. In the third month of the 
experiment, the oxy-biodegradable plastic samples began the fragmentation process, which became more 
pronounced over the course of the exposure time; the same did not occur with the conventional plastic, 
which remained intact until the end of the experiment, without suffering fragmentation.

However, despite the more pronounced physical changes in oxy-biodegradable plastic compared to 
conventional plastic, there was no complete degradation of the material, which corresponds to obtaining 
degradation products - H2O, CH4, or CO2, according to ASTM D6954 - 18[37], and only the generation of 
MPs, particles less than 5 mm in size, was observed. These particles had a breakable appearance, most of 
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Figure 2. Comparative FTIR-ATR spectra of conventional plastic (A) and oxy-biodegradable plastic (B), at different stages of 
environmental exposure. Where T0 = initial time, T1 = 60 days of exposure, T2 = 120 days of exposure, and T3 = 180 days of exposure. 
FTIR: Fourier-transform infrared spectroscopy; ATR: attenuated total reflectance.

which were sedimented at the bottom of the aquarium along with the organic matter, while some were still 
floating, which made it difficult to carry out a quantitative analysis of the generation of MPs. However, with 
the absence of plastic strips in their initial dimensions and with just the presence of MP particles, it was only 
possible to see the fragmentation of the material and not its complete degradation in the aquatic 
environment.

The presence of MPs in the freshwater environment implies severe consequences for maintaining the 
quality of this ecosystem, as the removal of these particles is even more challenging than the removal of 
larger plastics. The ingestion of MPs by freshwater biota is also easier, as well as by organisms from the 
lower trophic levels, and this fact has already been reported for a wide range of species and, regardless of the 
type of plastic it comes from, which can cause severe effects depending on the properties and size of the 
particles and the species involved such as obstruction of the digestive tract, malnutrition, suffocation, death, 
and even possible bioaccumulation and biomagnification processes[10,11]. In addition, as observed in the 
current study, plastic waste is considered to be an ideal substrate for the attachment of microbial 
communities, with MPs being even more favorable due to their specific properties, such as a larger surface 
area and increased porosity resulting from their longer residence time in the environment, which implies 
greater potential for biological imbalance through the transfer of microorganisms by these particles and the 
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Figure 3. Boxplot of the carbonyl index of CP and OP after 180 days of exposure in the freshwater environment. *There was a difference 
between the treatments by the Student’s t-test at a 5% significance level. ns: not significant. CP: Conventional plastic bags; OP: oxy-
biodegradable plastic bags.

formation of antibiotic resistance genes[13,34].

Thus, comparing the degradation of conventional plastic with oxy-biodegradable plastic in simulated 
freshwater environment conditions, we can point out that from an ecological and environmental point of 
view, oxy-biodegradable plastic did not behave in an advantageous way compared to conventional plastic, 
i.e., just like conventional plastic there was no complete degradation of the material, only fragmentation 
over the 180-day period investigated here. In addition, according to the results obtained in this study, we 
can indicate that oxy-biodegradable plastic is a greenwashing practice, since, according to the parameters 
listed by the TerraChoice Environmental Marketing Agency, the product has a cult of false labeling and 
camouflaged environmental costs. Other studies similar to this one, but carried out in simulated conditions 
of a marine environment and composting, also reached the same conclusion, which indicates the need for 
the scientific community to act in the assertive investigation of such practices and provide clarification to 
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society, with the aim of raising public awareness[9,24,37]. Therefore, as our study is a pioneer in this field in 
Brazil, more research is needed to deepen our understanding of the degradation of oxy-biodegradable 
plastics and the generation of MPs in a freshwater environment, and over a longer period of exposure than 
that investigated here, considering the importance of this environmental compartment, given that the 
country holds around 13 percent of all freshwater in the world.

CONCLUSIONS
Oxy-biodegradable plastic bags are composed of the same non-biodegradable polymer of petrochemical 
origin as conventional plastic bags, with only the addition of a degrading additive. The general results of this 
study showed that despite indications of degradation, such as an increase in the carbonyl index on the 
surface of the material, oxy-biodegradable plastic only fragments into MP particles and does not present 
significantly reduced molecular mass to the point of being bioassimilated by microorganisms, i.e., it does 
not undergo complete degradation when exposed to fresh water in the presence of microorganisms over a 
180-day period. Therefore, the bags analyzed, considering this period of exposure, correspond to a type of 
greenwashing practice, which is extremely harmful, since it can lead to increased consumption of these 
products, generating greater improper disposal of these materials and, consequently, the generation of MPs. 
In addition, microbial colonization on the plastic surface was also identified, which increases the risk of 
exposure of this waste in the freshwater environment. However, we recommend for future investigations 
that these same studies be carried out over a longer period of exposure in order to evaluate whether the 
product may present advantages over conventional plastic in the long term.
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Abstract
Per- and poly-fluoroalkyl substances (PFAS) represent an extensive and expanding group of chemicals considered 
contaminants of emerging concern (CECs). These elements have found widespread usage in diverse industrial and 
commercial sectors since the 1940s. The advancement of modern analytical methods in developed countries has 
significantly contributed to the increased research on the environmental behavior and risk assessment of PFAS. 
However, what about developing countries? Over time, the focus on PFAS has expanded beyond legacy PFAS to 
encompass novel ones. In this perspective, we focus on analyzing the existing knowledge concerning PFAS in the 
marine environment, aiming to shed light on the limited research pertaining to per- and polyfluoroalkyl pollution in 
the marine ecosystems of Africa.

Keywords: Per- and polyfluoroalkyl substances, Africa, marine environment, contaminants of emerging concern, 
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INTRODUCTION
Per- and polyfluoroalkyl substances (PFAS) represent a set of anthropogenic organic substances, 
comprising more than 8,000 distinct acknowledged structures listed in the Toxic Substances Control Act 
Inventory[1,2]. These compounds are employed in various utilizations in commercial and industrial sectors 
dating back to the 1940s[2]. Owing to their extensive use in numerous consumer items such as food 
packaging and water-resistant textiles, coatings, and firefighting foams, these elements are now pervasive 
throughout the environment[3,4]. Referred to as the “forever chemicals”, PFAS exhibit remarkable persistence 
in the environment and resist degradation due to the exceptional durability of their carbon-fluorine bonds, 
making their breakdown particularly challenging. PFAS [e.g., perfluorooctane sulfonate (PFOS) or 
perfluorooctanoic acid (PFOA)] emissions into the environment originate from multiple sources, including 
intentional manufacturing, utilization, and disposal processes[5-7]. Furthermore, PFAS can be present as 
impurities in substances emitted into the environment or can result from the degradation of precursor 
substances through abiotic or biotic pathways[8].

While the focus on PFAS has primarily revolved around their negative effects on human health, there is an 
increasing awareness of their bioaccumulation in biota, particularly in marine organisms, owing to the 
growing number of studies highlighting their presence in these ecosystems[9]. PFAS have demonstrated the 
capability to disrupt various physiological functions and biochemical routes that are conserved among 
different phyla, raising concerns regarding their impacts on marine biota[2,9]. To achieve improved risk 
management objectives concerning PFAS occurrence, bioaccumulation, and biomagnification, it is 
imperative to further advance our understanding of uptake and elimination kinetics[2]. This necessitates 
obtaining additional information and data on these crucial processes from several parts of the world, 
including developing countries.

As of the existing global knowledge concerning PFAS, there is growing concern about their impact on 
marine environments. PFAS, known for their persistence and bioaccumulative properties, have become a 
significant environmental issue worldwide[7,10]. Despite extensive research on PFAS pollution, there remains 
a need to deepen our understanding of their distribution, behavior, and long-term effects on marine 
ecosystems, particularly in developing countries. In light of the current situation, here we attempted to 
answer the question: “What is the position of Africa in the current knowledge about PFAS pollution in 
marine environments?”

CURRENT KNOWLEDGE ABOUT PFAS IN THE MARINE ENVIRONMENT
First, compared with freshwater environments, marine matrices have not attracted significant interest from 
scientists, especially in Africa[11]. According to a recent review by Khan et al., the majority of worldwide 
studies concerning PFAS in the marine environment have primarily focused on water and sediment[2]. 
Limited information is available regarding PFAS bioaccumulation in invertebrates, with most data 
concentrated on crustaceans and mollusks. In fish, PFAS concentrations are commonly recorded in muscle 
tissue or fillet, primarily addressing concerns related to seafood safety. However, some studies have also 
investigated PFAS burdens in whole fish and liver. In the case of seabirds, research on PFAS occurrence and 
bioaccumulation often involves examining levels in eggs, liver, and blood (or plasma). It is recognized that 
marine mammals can bioaccumulate these compounds at significant levels, particularly in hepatic and 
circulatory tissues. Thus, the essential origins of PFAS in the marine environment are land-generated, 
including pesticides, paints, surfactants, textiles, firefighting foams, and fast food packaging, among several 
others. These chemicals are transported from land into the marine environment via the water cycle[4]. Then, 
various ecological phenomena interfere, such as the accumulation in organisms, transfer through food 
chains, and magnification within ecosystems[12].
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Second, the quantification methods of PFAS involved a series of procedures, including preconditioning, 
extraction, clean-up, and concentration before the analytical instrumentation. Hence, liquid 
chromatography (LC) coupled with tandem mass spectrometry (MS/MS) is a widely employed technique 
for PFAS analysis with notable sophistication as well as meticulous calibration and quality control strategies. 
Indeed, this technique provides high sensitivity, excellent selectivity, and considerable precision even in 
complex environmental matrices like seawater and sediment. However, this technique may have limitations 
in detecting all possible PFAS compounds owing to differences in ionization efficiency and fragmentation 
patterns among various PFAS species[13]. LC-MS/MS methods can be technically complex, expensive, and 
require expertise for operation and maintenance, which is the main reason for the limited number of studies 
about PFAS in African and developing countries. Table 1 presents examples of field investigations that 
unveil the presence of PFAS across diverse marine matrices globally, delineating their geographical 
distribution, study matrix, identification methodology, and the range of occurrence.

WHAT IS AFRICA’S POSITION IN THE GLOBAL KNOWLEDGE ABOUT PFAS IN THE 
MARINE ENVIRONMENT?
The studies conducted on PFAS in Africa have predominantly focused on terrestrial aquatic ecosystems, 
primarily rivers, and lakes. Research efforts have been dedicated to understanding the presence, 
distribution, and potential ecological impacts of PFAS compounds in sediment and freshwater, mainly in 
South Africa, Nigeria, and Kenya[31]. Thus, this context forces us to raise relevant questions about the place 
of marine and coastal environments in the global knowledge of PFAS in Africa. To the best of our 
knowledge, the two only marine field studies in Africa were carried out in a lagoon area in the north of 
Tunisia in 2018 and in the Gulf of Guinea in 2022 [Table 1]. The study of Tunisia investigated nine marine 
species (three fish, two crustaceans, and four mollusks) collected from Bizerte lagoon using (LC-MS/MS) 
technique, reporting values between 0.20-2.89 ng/g dry weight[29]. The second study utilized the same 
technique to quantify the amount of PFAS in four fishery products along the Gulf of Guinea, revealing 
values between 91 and 1,510 pg/g wet weight[30]. In a separate investigation, the assessment of PFAS was 
conducted on marine shellfish farmed in land-based facilities in South Africa. The PFAS concentrations 
(expressed in ng/g wet weight) varied between 0.12 and 0.49 in abalone, 4.83-6.43 in mussels, 0.64-0.66 in 
oysters, and 0.22 ng/g ww in lobsters using UHPLC-MS/MS method[32]. Few other studies included some 
sampling points in estuaries in global surveys of terrestrial water bodies[11,13,33].

Unfortunately, the lack of studies in Africa is a significant concern. While PFAS pollution has been 
extensively researched in various parts of the world, there remains a notable gap in our understanding of the 
presence and impact of these chemicals on this continent. This group of human-made chemicals is widely 
used in various industrial and consumer products in Africa for their water and grease-resistance 
properties[34,35]. However, their persistent nature and potential adverse health effects have raised global 
concerns[36-38] that must not exclude African countries. Despite the growing recognition of PFAS as 
emerging contaminants, research efforts have predominantly focused on regions such as North America, 
Europe, and parts of Asia[18].

With its diverse coastal and marine ecosystems and substantial population relying on fisheries, the African 
continent should not be overlooked in PFAS research. Marine areas in Africa face unique environmental 
challenges, including industrial activities, burgeoning urbanization, climate change vulnerability, threatened 
biodiversity hotspots, and increasing plastic waste generation[39-41]. These factors can contribute to the 
release and accumulation of PFAS in coastal waters, sediments, and organisms, potentially posing risks to 
both human and ecological health. By expanding studies to include African coasts and marine habitats, 
researchers can gain valuable insights into the presence, distribution, and potential impacts of PFAS in new 
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Table 1. Examples of field investigations reporting PFAS are available for various marine matrices worldwide, with only two studies 
conducted in African marine environments

Country Location Matrix Identification technique Range (min - max) Ref.

Seawater 
Coastal sediment

UHPLC system coupled to 
mass spectrometer

1.1-113 ng/L (seawater) 
0.1-8.4 ng/g (sediment)

[14]US Florida

Coastal waterway UHPLC-MS/MS 2.47-4.69 ng/L [15]

Sweden 
Denmark 
Germany

Baltic sea Several marine 
organisms 
such as the blue mussel 
(Mytilus edulis), 
the Atlantic herring 
(Clupea harengus), 
and the grey seal 
(Halichoerus grypus)

LC-MS/MS 1.1-450 ng/g per wet weight [16]

Germany Seaside Büsum village Coastal atmosphere GC-MS 8.6-155 pg/m3 [17]

Antarctica Ross island Blood of Weddell seal 
(Leptonychotes weddellii)

UHPLC-MS/MS 0.08-0.23 ng/mL [18]

Livingston Island Seawater 
Coastal snow 
Plankton

UFLC-MS/MS coupled to 
a triple quadrupole mass 
spectrometer

94-420 pg/L (seawater) 
760-3,600 pg/L (snow) 
3.1-16 ng/g dry weight 
(plankton)

[19]

Estuaries and Delta of 
Pearl River region

Coastal water HPLC-MS/MS 0.003-2.09 items/m3 
of water

[20
]

Bohai sea Marine mollusks such as 
Chlamys farreri, 
Crassostrea 
talienwhanensis, 
Meretrix meretrix, 
and Mytilus edulis

Liquid chromatography column 
equipped with a tandem mass 
spectrometry system

2.51-1,351 ng/g dry weight [21]

China

South China sea Seawater 
Coastal sediment

Ultra-performance liquid 
chromatograph interfaced 
with mass spectrometer

38-1,015 pg/L (seawater) 
7.5-84.2 pg/g dry weight 
(sediment)

[22]

Australia Estuary of Werribee 
River

Coastal water HPLC-MS/MS 22-187 ng/L [23]

Bay of Marseille Coastal water LC-QTOF-MS 0.11-9 ng/L [24]France

Several locations in 
the English channel, 
the Mediterranean sea, 
and the Atlantic ocean

Mussel (Mytilus edulis,
Mytilus galloprovincialis)
Oyster (Crassostrea gigas)

Acquity ultra performance liquid 
chromatograph coupled to a triple 
quadrupole mass spectrometer

0.007-0.549 ng/g wet weight [25]

Chile Central coast Coastal litter HPLC-MS/MS 279-1,211 pg/g [26]

Saudi Arabia Red sea Seawater QqQ equipped with 
the  AJS-ESI

0-956 ng/L [27]

Spain Coastal area of 
Ebro Delta

Coastal water 
Coastal sediment

TQ-MS 0-2,775 ng/L (water) 
0-22.6 ng/g (sediment)

[28]

Tunisia 
(Africa)

Bizerte lagoon Seafood UPLC system coupled 
to a LC-MS/MS

0.20-2.89 ng/g dry weight [29]

Guinea 
(Africa)

Golf of Guinea Fishery products LC-MS/MS 91-1,510 pg/g wet weight [30]

PFAS: Per- and poly-fluoroalkyl substances; UHPLC: ultra-high performance liquid chromatography; UHPLC-MS/MS: ultra-high-pressure liquid 
chromatography coupled with tandem mass spectrometry; LC-MS/MS: liquid chromatography and tandem mass spectrometry; GC-MS: gas 
chromatography coupled with mass spectrometer; UFLC-MS/MS: ultra-fast liquid chromatography-tandem mass spectrometry; HPLC-MS/MS: 
high-performance liquid chromatography coupled with tandem mass spectrometry; LC-QTOF-MS: liquid chromatography quadrupole time-of-
flight mass spectrometry; QqQ: triple quadrupole tandem mass spectrometer; AJS-ESI: jet stream electrospray ionization; TQ-MS: triple 
quadrupole mass spectrometer; UPLC: ultra-performance liquid chromatography.

environmental conditions. It is essential to evaluate the levels of contamination, identify potential sources, 
and understand the pathways through which PFAS enter the African marine environment. Moreover, the 
pervasive presence of PFAS poses a significant risk to marine products intended for export, particularly in 
the context of food safety. Investigations into the accumulation of PFAS in marine biota are crucial to 
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understanding the potential hazards associated with seafood consumption by human populations. As these 
substances accumulate in marine life, they can find their way into the food supply chain, posing risks to 
consumers both domestically and internationally. Therefore, comprehensive studies addressing the 
bioaccumulation of PFAS in marine species are indispensable for safeguarding the integrity of exported 
marine products and ensuring global food safety standards.

CONCLUSION
Overall, the existing literature on PFAS in the marine environment, particularly in Africa, reveals a 
noticeable lack of interest and a limited number of studies conducted in this context. The coasts and marine 
habitats of Africa remain relatively unexplored and understudied. This knowledge gap calls for urgent 
attention and increased research efforts to understand the potential presence, distribution, and ecological 
impacts of PFAS chemicals. Addressing the lack of studies on PFAS in the marine environment of Africa 
requires collaborative efforts among researchers, environmental agencies, and policymakers. It is imperative 
to foster more robust international collaborations and partnerships with leading scientists in the field from 
across the world, such as China, the USA, and Europe. Leveraging the expertise and experience of these 
prominent researchers can facilitate knowledge transfer, exchange of methodologies, and establishment of 
standardized protocols for PFAS studies in marine environments. Such initiatives can help generate region-
specific data, raise awareness about PFAS pollution, and guide the development of appropriate mitigation 
and regulatory measures. By shedding light on the presence and potential risks of PFAS in African marine 
environments, we can work towards safeguarding both the environment and the well-being of the 
communities relying on these vital ecosystems.
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Abstract
Carbon-based adsorbents, such as graphene, graphene oxide (GO), activated carbon/biochar (AC/BC), carbon 
nanotubes (CNTs), metal-modified carbon, and fly ash, are garnering increasing attention due to their exceptional 
structural properties, enabling their potential effectiveness in removing microplastics and nano-plastics 
(MPs/NPs) from aqueous solutions. A key attribute contributing to the efficacy of these carbon adsorbents in 
addressing MPs/NPs is their flexibly tunable surface properties. To advance the applicability of functionalized 
carbon adsorbents in the context of MPs/NPs removal, it is necessary to highlight their interactions with MPs/NPs 
in aqueous environments. The review commences by outlining the main adsorption mechanisms. Subsequently, the 
adsorption behavior of different types of MPs/NPs on carbon-based adsorbents is analyzed and how different 
factors influence their adsorption performance is examined. Finally, the review concludes by offering insights into 
prospective avenues for future research concerning functional carbon adsorbents for MPs/NPs removal.
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INTRODUCTION
Plastics, which exhibit remarkable malleability, versatility, cost-efficiency, durability, exceptional oxygen 
resistance, and lightweight, have gained extensive usage[1]. In the year 2020, global plastic production 
reached a staggering 367 million tons[2], and an anticipated increase of 29% is projected for the year 2028[3]. 
When subjected to environmental conditions, plastics gradually degrade into minute fragments due to 
factors such as weathering, mechanical wear, solar radiation, and microbial activities[4,5]. These particles are 
categorized according to their size, shape, density, and the type of polymer from which they are made. Alimi 
et al.[6], Ding et al.[7], Jahnke et al.[8], Lang et al.[9], and Wright and Kelly[10] mentioned that the classification 
of plastics based on size ranges from macro-plastics (larger than 25 mm), meso-plastics (5-25 mm), 
microplastics (MPs) (100 nm - 5 mm), to nano-plastics (NPs) (smaller than 100 nm) [Figure 1A-D][11]. MPs 
are commonly identified as particles between 1 µm and 5 mm, whereas NPs are defined as particles smaller 
than 0.1 µm[12,13]. These newly recognized entities are now identified as emerging hazardous contaminants 
for their unique physical and chemical properties, intrinsic stability, and high resistance to 
biodegradation[14-18]. They are ubiquitously present across diverse landscapes, encompassing sewage systems, 
wastewater treatment plants (WWTPs), sediment layers, oceans, groundwater reserves, estuaries[19], 
drinking water sources[6], the atmosphere[20], soil[21], food supplies[22], and even the human body’s 
bloodstream[10,20].

Aquatic organisms, including mammals, birds, fish, zooplankton, and mollusks, are susceptible to 
mistakenly ingesting MPs/NPs[23]. MPs/NPs can be made from a variety of plastic materials, including 
polypropylene (PP), polyvinyl chloride (PVC), polyester (PES), polycarbonate (PC), high-density 
polyethylene (HDPE), low-density polyethylene (LDPE), polystyrene (PS), polyurethane (PU), and 
polyethylene terephthalate (PET), among others[24-26]. These particles, characterized by their aptitude for 
adsorbing harmful compounds, serve as carriers for toxic elements such as antibiotics, pharmaceuticals, 
heavy metals, pesticides, plasticizers, and pathogens[27-29]. Facilitated by their high surface area, reduced 
dimensions, and pronounced hydrophobic properties[20], these interactions significantly impact the 
availability, fate, and amplification of these pollutants within ecosystems. Furthermore, the small scale of 
MPs and NPs renders them prone to being ingested as sustenance by aquatic species, potentially propelling 
their movement up the food chain and posing a consequential toxicological threat across the entire 
ecological spectrum[30-32]. Hence, the expeditious removal of MPs and NPs emerges as a pressing priority to 
safeguard the integrity of aquatic environments.

A diverse array of treatment technologies, encompassing adsorption[33], coagulation[34], advanced oxidation 
processes[35], photocatalysis[36], bioremediation[37], and filtration[38], has been devised to combat the presence 
of MPs and NPs in polluted waters. Among these methodologies, adsorption stands out as a cost-effective, 
straightforward, dependable, and efficacious approach for capturing both MPs and NPs from water sources 
and sewage systems[15]. Conventional adsorbents encompass a spectrum of materials such as low-cost 
substances, carbonaceous materials, and modified materials[39]. These versatile adsorbents offer an extensive 
range of choices and sources, rendering them adaptable to local conditions across diverse countries and 
regions[40-42]. Significantly, the key attributes of adsorption, notably facile operational procedures, renewable 
adsorbents, and minimal toxicity, contribute to its broad potential for MPs/NPs removal in water, thereby 
promising prospects for its wide-scale application[43,44]. Ali et al.[2] and Chen et al.[45,46] have both conducted 
reviews on the latest adsorbents for removing MPs/NPs from polluted water. Their reviews encompass a 
range of emerging adsorbents, including those based on sponge/aerogel, metals, biochar, and other 
innovative materials. They provide a thorough explanation of the characteristics and adsorption 
mechanisms of each adsorbent in relation to MPs/NPs. Notably, carbon-based adsorbents are highlighted as 
particularly promising due to their cost-effectiveness and high adsorption efficiency. However, there is still a 
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lack of detailed information regarding the removal of MPs/NPs by carbon-based adsorbents. Additionally, a 
comprehensive and systematic explanation of the adsorption behaviors and mechanisms specific to each 
type of carbon-based adsorbent is yet to be fully explored.

Carbon-based materials, characterized by carbon as their primary constituent, exist in either powdered or 
bulk non-metallic solid forms. This category includes activated carbon/biochar (AC/BC)[47,48], CNTs[49], 
graphene[46], graphene oxide (GO)[50], metal-modified carbon[51,52], and fly ash[53], among others. AC stands as 
the foremost carbon-based adsorbent employed extensively in wastewater treatment. The versatility of AC 
allows for the preparation of a broad spectrum of adsorbents tailored to diverse environmental applications, 
including the removal of MPs and NPs from aqueous solutions[47]. Given the elevated production costs 
associated with coal-based AC, biochar becomes a cost-effective alternative offering high efficacy in 
MPs/NPs adsorption[51]. Biochar can be derived from an array of woody biomass sources, encompassing 
agricultural waste and byproducts such as peanut hulls and dairy manure[54]. Notably, the utility of biochar 
extends beyond adsorption, encompassing roles such as carbon sequestration, soil fertility enhancement, 
and environmental remediation, thus establishing its multifunctionality in various domains. Graphene, 
constituting a single layer of a 2D hexagonal carbon network, is intricately investigated for its application 
prospects. Meanwhile, GO and reduced GO possess a high specific surface area and abundant surface 
functional groups, rendering it an ideal adsorbent for MPs/NPs removal[50,55,56]. carbon nanotubes (CNTs), 
on the other hand, manifest as cylindrical carbon tubes originating from one or multiple layers of graphene. 
Their well-defined hollow cylindrical structure, extensive surface area, hydrophobic characteristics, and 
amenability to surface modification contribute to their efficacy. Leveraging their exceptional 
physicochemical properties, GO and CNTs exhibit considerable advantages within the sphere of adsorption 
technology, particularly in addressing the removal of MPs/NPs[49].

Although each carbon adsorbent exhibits distinct structural attributes and functionalities, a unifying trait 
present among all carbon adsorbents is their possession of abundant active surface functional groups. These 
groups play a pivotal role in shaping the surface chemical properties of carbon-based materials and 
facilitating the removal of MPs/NPs[57]. The prevailing consensus is that the physical and/or chemical 
interactions occurring between MPs/NPs and the functional groups on adsorbents substantially contribute 
to the adsorption process of these minute pollutants. To align with the requirements of water quality 
criteria, substantial development and refinement efforts have been directed towards diverse carbonaceous 
materials and their derivatives. Consequently, a multitude of modification techniques have emerged to 
enhance the removal of MPs/NPs. These approaches include oxidation, magnetization, functional group 
grafting, and the incorporation of inorganic substances through compositional composites[58].

Figure 1. Morphology of PS MPs/NPs with different diameters at (A) 100 nm; (B) 500 nm; (C) 1 μm; and (D) mixed sample[11]. Copyright 
2023, Elsevier. PS: Polystyrene; MPs: microplastics; NPs: nano-plastics.
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Chemical and physical alterations to the surface of carbon materials can increase the variety and number of 
functional groups, enabling the addition of specific heteroatoms. This important area of research focuses on 
refining carbon materials’ surface chemistry, specifically for the targeted capture of MPs/NPs.

These modifications enhance various characteristics of carbon-based adsorbents, such as pore distribution 
and volume, surface area, as well as increasing the number of functional groups and structural robustness. 
However, a thorough understanding of how the functional groups on the surface of carbon adsorbents 
interact with MPs/NPs is still lacking.

This study aims to thoroughly examine recent developments in carbon adsorbents, focusing on their surface 
functional groups and how these influence the removal and effectiveness against MPs/NPs in water. The 
papers published from 2015 till the present are summarized and reviewed (All of these papers are related to 
the MPs/NPs removal via carbon-based adsorbents). The review has two key goals: (1) To explore and 
clarify the basic processes that control the elimination of MPs/NPs by carbon adsorbents, emphasizing the 
complex interactions between functional groups and MPs/NPs; (2) To investigate the adsorption patterns of 
MPs/NPs on carbon adsorbents, highlighting their significant effects. Furthermore, the review will offer 
forward-looking views on future research into the use of functional groups in carbon adsorbents for the 
removal of plastic pollutants.

MECHANISM OF MPS/NPS ADSORPTION
The interaction between carbon adsorbents’ functional groups and MPs/NPs is intricate, influenced by 
factors such as the carbon surface’s diversity and chemistry, water’s ionic composition, and adsorbate 
characteristics. Adsorbing MPs/NPs onto carbon materials involves various interactions: hydrophobic, 
hydrogen bonding, van der Waals forces, electrostatic attractions, π–π interactions, pore filling, and 
intraparticle diffusion [Figure 2][2,56,59]. The impact of these mechanisms on adsorption varies greatly, 
dependent on the MPs/NPs properties and the adsorbent type.

Chemisorption is important for removing MPs/NPs from water compared to physical adsorption 
interactions such as electrostatic interactions and pore filling. In specific water conditions, multiple 
mechanisms such as electrostatic interactions and surface complexation could simultaneously occur, 
influenced by electrostatic forces, binding site creation, and covalent bonding.

Physical adsorption, a relatively weaker process, involves MPs/NPs migrating into carbon adsorbents’ pores 
and adhering to the carbon surface without forming chemical bonds. This mechanism is significantly 
affected by the surface area and porosity of carbon adsorbents[47,51,60]. An increase in micropores enhances 
surface area, favoring physical adsorption, while more mesopores improve contaminant diffusion, thus 
accelerating adsorption kinetics.

The pore structure of carbon adsorbents plays a crucial role in the physical adsorption process, influenced 
by factors such as the raw materials used and the carbon synthesis method. This includes carbonization/
pyrolysis temperatures for AC/BC[61-63], as well as graphitization for GO and CNTs. The carbon surface’s 
heterogeneity and polarity, along with associated functional groups, also significantly contribute to physical 
adsorption[56,63]. These elements enable the transfer of MPs/NPs to the carbon surface through forces such as 
electrostatic attraction and ion-dipole interactions. Although common, physical adsorption is not typically 
the primary means of adsorbing MPs/NPs. Table 1 lists the recent typical carbon-based adsorbents for MPs/
NPs adsorption[47,49-53,64-68].
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Table 1. The adsorption mechanism of MPs/NPs on carbon-based adsorbents

MPs/NPs Carbon adsorbents Mechanisms Ref.

PS NPs Granular activated carbon Electrostatic attractions; Pore diffusion [47]

PS MPs 3D RGO π–π interaction [50]

PS NPs Biochar Electrostatic attractions [64]

PS NPs Cu–Ni carbon materials Electrostatic attractions [66]

PS MPs Zn-MBC π–π interactions, hydrogen bonding, cooperative effect [52]

PS MPs Mg/Zn-MBC Electrostatic interaction and chemical bonding [51]

Polyethylene microbeads Activated pine and spruce bark 
biochar

Physisorption [67]

PS NPs Iron-modified fly ash Electrostatic attraction, complexation, π–π interactions [53]

PS MPs, COOH-PS MPs, NH2-PS 
MPs

ChGO Electrostatic attraction, hydrogen bonding, π–π interactions [65]

PE, PET, PA Magnetic CNTs Hydrophobic interactions, electrostatic attraction, hydrogen 
bonding, 
π–π interactions, complexation

[49]

PS NPs Corncob raw and oxidized biochar Hydrophobic interaction and hydrogen bonding [68]

MPs: Microplastics; NPs: nano-plastics; PS: polystyrene; 3D RGO: three-dimensional reduced graphene oxide; Zn-MBC: Zn modified magnetic 
biochar; Mg/Zn-MBC: Mg/Zn modified magnetic biochar; ChGO: sponge synthesized with chitin and GO; PE: polyethylene; PET: polyethylene 
terephthalate; PA: polyamide; CNTs: carbon nanotubes.

Figure 2. The main adsorption mechanisms of MNs/NPs by carbon-based adsorbents. NPs: Nano-plastics.

MPs/NPs tend to adhere to carbon-based adsorbents in water due to their hydrophobic nature, mainly 
through hydrophobic interactions. Hydrophobic molecules, which are non-polar, tend to aggregate and 
exclude water molecules in a polar environment due to hydrophobic interactions. The attachment of 
adsorbate molecules to the adsorbent’s surface is not facilitated by strong ionic, hydrogen, or covalent 
bonds, but rather through weaker interactions like van der Waals forces[69]. Many types of MPs/NPs exhibit 
significant hydrophobic characteristics. Similarly, carbon-based adsorbents, which are created at elevated 
temperatures, possess hydrophobic properties, enabling them to engage in potent hydrophobic interactions 
with MPs/NPs. For instance, CNTs are capable of bonding with MPs via either hydrophobic or π–π 
interactions, depending on the hydrophobicity of the MPs. When integrated with magnetic nanoparticles, 
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they form magnetic carbon nanotubes (M-CNTs), which allow for easy separation after absorbing MPs. 
M-CNTs have demonstrated high efficiency in removing MPs such as polyethylene (PE), PET, and 
polyamide (PA). They achieved complete adsorption of all MPs at a concentration of 5 g/L within just 5 h, 
with maximum adsorption capacities for PE, PET, and PA being 1,650, 1,400, and 1,100 mg/g, respectively. 
Remarkably, the adsorption process by M-CNTs remains effective even in the presence of substances like 
chemical oxygen demand, phosphate, and ammonia. M-CNTs also show the capability for thermal 
regeneration, maintaining their magnetic and adsorptive properties close to their original state. They 
retained about 80% efficiency even after four cycles of reuse[49]. In the adsorption process, hydrophobic 
interactions were primarily responsible for the adsorption of PE and PET, while π–π interactions were 
significant in the adsorption of PA and PET. This underscores the versatility and effectiveness of M-CNTs 
in adsorbing and removing various types of MPs from the environment, highlighting their potential as a 
sustainable solution for tackling MP pollution[49].

Iron-modified biochar is a notable example, especially when loaded with nanoparticles. It can be easily 
separated from mixtures using magnetic separation [Figure 3A]. The inclusion of iron species, particularly 
Fe3O4, on the biochar creates active sites for surface complexation with nanoparticles, enhancing its 
adsorption capacity. This Fe-modified biochar is effective in rapidly removing all NPs from water in as little 
as 10 min and maintains its efficiency over four reuse cycles[70].

Similarly, biochar modified with magnesium and zinc leverages positively charged Mg(OH)2 and ZnO to 
enhance the adsorption of PS MPs. This improvement is primarily driven by electrostatic attraction and the 
formation of PS–O–metal bonds. Beyond its adsorptive qualities, Mg/Zn-MBC features catalytically active 
sites that exhibit significant hydrogenation activity. This property is particularly beneficial during the 
thermal treatment of PS MPs, facilitating the degradation of these plastics into smaller molecular 
compounds, as depicted in Figure 3B. This dual functionality not only aids in effectively removing MPs 
from the environment but also in breaking down and potentially repurposing these plastic materials[51].

Ganie et al. discovered that BC, synthesized through pyrolysis at 750 °C, exhibited a positive surface charge 
of 2.85 mV. When this biochar was mixed with PS-based MPs/NPs that carried a negative charge of 
-39.8 mV, the zeta potential of the resulting combination rapidly shifted to -9 mV. This change signals a 
significant electrostatic attraction between the components[64].

ChGO sponges demonstrate a remarkable capacity for reuse, maintaining high adsorption efficiencies even 
after three adsorption-desorption cycles. Specifically, these sponges have shown adsorption capacities of 
89.8% for PS, 88.9% for PS-NH2, and 72.4% for PS-COOH. The adsorption of PS, PS-NH2, and PS-COOH 
onto ChGO sponges is facilitated by a blend of electrostatic interactions, π–π interactions, and hydrogen 
bond interactions. The presence of these varied interaction types is crucial to the sponges’ ability to 
effectively adsorb different derivatives of PS, showcasing their versatility and efficiency as adsorbents in a 
range of applications[65]. Graphite adsorbents can adsorb MPs/NPs via the π–π interactions. Yuan et al. found 
that the exceptional adsorption capacity (617.28 mg/g) of the three-dimensional reduced graphene oxide 
(3D RGO) towards polystyrene PS MPs was due to the strong π–π interactions between the graphite layers 
and the benzene rings in PS[50]. Similarly, Zhou et al. reported that the π–π interaction between the sp2-
hybridized carbon in CuNi@C and the aromatic rings in PS MPs promoted the removal of PS MPs[71].

ADSORPTION BEHAVIOR OF MPS/NPS
Adsorption kinetic models are pivotal in evaluating the efficiency and identifying rate-determining steps in 
the removal of MPs/NPs onto carbon-based adsorbents, helping clarify the mechanisms involved in this 
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process[72]. The adsorption kinetics generally encompass four steps[73]: (1) bulk transport, which typically 
happens quickly; (2) film diffusion, a slower process; (3) intraparticle diffusion, also a slower step; and (4) 
adsorption attachment, which occurs rapidly. The generally used adsorption kinetic models for examining 
MPs/NPs adsorption on carbon-based adsorbents are the pseudo-first-order[74], pseudo-second-order[75], 
intraparticle diffusion, and film diffusion models[76]. The pseudo-first-order and pseudo-second-order 
models are utilized to analyze the entire adsorption process. In contrast, the intraparticle diffusion and 
liquid film diffusion models are particularly useful for delineating the rate-limiting steps within this process. 
If the adsorption mechanism’s complexity is not adequately captured by the pseudo-first-order and pseudo-
second-order models, this can be further elucidated using the intraparticle and liquid film diffusion models, 

Figure 3. (A) Potential adsorption process and adsorption mechanisms of NPs on Fe-modified biochar[70], Copyright 2021, Elsevier; (B) 
Potential adsorption mechanisms of MPs on modified Mg/Zn biochar and the degradation of MP via thermal treatment[51], Copyright 
2021, Elsevier. NPs: Nano-plastics; MPs: microplastics.
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providing a more comprehensive understanding of the adsorption dynamics.

The rate condition inherent in the direct form of both the pseudo-first and pseudo-second request 
templates can be represented as Qe, as detailed in Equations (1) and (2)[77,78].

The qt represents the adsorption capacity at time t, qe denotes the adsorption capacity at equilibrium (mg/g), 
k1 is the constant for the pseudo-first-order reaction, and k2 stands for the pseudo-second-order reaction 
constant.

Extensive research [Table 2] indicates that both pseudo-first-order and pseudo-second-order kinetic models 
are effective in characterizing carbon-based adsorbents’ adsorption behavior. However, their applicability 
depends on the specific properties of each adsorbent. The pseudo-first-order model is typically favored for 
rapid adsorption processes occurring primarily on the adsorbent’s surface, and it is suitable for materials 
where surface interactions are predominant. In contrast, the pseudo-second-order model is better for 
processes where adsorption kinetics are governed by chemical adsorption mechanisms, involving electron 
sharing or transfer. This model fits adsorbents with complex surface chemistries or those engaged in deeper 
adsorption processes. The adsorbent’s inherent properties, such as surface area, pore size, functional groups, 
and chemical structure, are crucial in determining the most suitable model.

Adsorption isotherms are essential for understanding the equilibrium behavior of adsorbents at constant 
temperature, influenced by the nature of the adsorbate, adsorbent, and adsorption solution properties such 
as pH, ionic strength, and temperature[79]. Freundlich and Langmuir isotherm models are helpful in 
discerning the adsorption mechanism, whether linear monolayer coverage or multilayer adsorption[74].

The Freundlich isotherm model, which is used to describe the adsorption characteristics of heterogeneous 
surfaces, can be expressed in both nonlinear and linear forms. The nonlinear form of the Freundlich 
isotherm is given by[80]:

The Freundlich isotherm model is characterized by two coefficients: KF (L/mg), which indicates the 
adsorption capacity, and N, which represents the strength of adsorption. These coefficients demonstrate 
that[78]: 
(1) KF quantifies the maximum amount of adsorbate that can be adsorbed per unit equilibrium 
concentration, reflecting the adsorbent’s capacity to accumulate and retain the adsorbate. 
(2) N and its inverse 1/N measure the adsorption intensity or the bond strength between adsorbate and 
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Table 2. The adsorption capacity of MPs/NPs on carbon-based adsorbents and their corresponding adsorption behavior

Carbon adsorbents Water matrix Adsorption performance Adsorption behavior Ref.

Granular activated carbon Lake water Adsorption capacity 6.33 mg·g-1 Pseudo-second-order; 
Langmuir isotherm

[47]

3D RGO Tap water Adsorption capacity 448.60 mg·g-1 Pseudo-second-order; 
Langmuir isotherm

[50]

Biochar River water Adsorption efficiency 75% Pseudo-first-order; 
Langmuir isotherm

[64]

Cu–Ni carbon materials Synthetic 
wastewater

Adsorption efficiency 99.18% Pseudo-first-order; 
Langmuir isotherm

[71]

Zn-MBC Tap water Adsorption efficiency >92% Pseudo-second-order; 
Langmuir isotherm

[52]

Mg/Zn-MBC Synthetic solution Removal efficiency >94% Pseudo-second-order; 
Langmuir isotherm

[51]

Iron-modified fly ash Freshwater Adsorption capacity 89.9 mg·g-1 Pseudo-first-order; 
Sips model

[53]

ChGO Synthetic 
wastewater

Adsorption efficiency 89.8% Pseudo-second-order; 
Langmuir isotherm

[65]

Magnetic CNTs Synthetic 
wastewater

Adsorption capacity 1,650, 1,400, and 1,000 mg·g-1 for PE, 
PET, and PA, respectively

Pseudo-second-order; 
Freundlich isotherm

[49]

Corncob raw and oxidized 
biochar

Synthetic solution Removal efficiency >90% Pseudo-second-order; 
Langmuir isotherm

[68]

MPs: Microplastics; NPs: nano-plastics; 3D RGO: three-dimensional reduced graphene oxide; Zn-MBC: Zn modified magnetic biochar; Mg/Zn-
MBC: Mg/Zn modified magnetic biochar; ChGO: sponge synthesized with chitin and GO; CNTs: carbon nanotubes; PE: polyethylene; PET: 
polyethylene terephthalate; PA: polyamide.

adsorbent, highlighting the surface’s heterogeneity and the interaction’s strength.

Unlike models predicting a saturation point, the Freundlich isotherm suggests an unlimited adsorption 
capacity, implying the potential for multilayer adsorption. The efficiency of the adsorption process under 
this model can be categorized as follows[81]: 
(1) It is deemed efficient or favorable when 0 < 1/N < 1, indicating a high affinity of the adsorbate for the 
adsorbent. 
(2) It is considered inefficient or unfavorable when 1/N >1, indicating a low affinity. 
(3) The process is seen as irreversible when 1/N = 1, meaning the adsorbate, once adsorbed, remains firmly 
attached to the adsorbent.

The Langmuir model, assuming a uniform adsorbent surface with monolayer adsorption and no interaction 
between adsorbed molecules, is widely used[72]. The nonlinear and linear forms of the Langmuir model are 
as follows:

where qm (mg/g) is the maximum adsorption capacity; KL (L/mg) is the Langmuir isotherm constant.
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Based on Table 2, it is clearly seen that the Langmuir isotherm model is predominantly used for describing 
MPs/NPs adsorption on carbon-based adsorbents, suggesting monolayer adsorption on a homogeneous 
surface without significant interaction between adsorbed molecules.

EFFECT OF INFLUENCING FACTORS ON THE ADSORPTION PERFORMANCE
The elimination of MPs/NPs from water via adsorption is impacted by the characteristics of the adsorbent 
as well as the chemical properties of the water. While earlier discussions were centered on how the structure 
of the adsorbent influences its efficacy, we will now turn our attention to the particular elements that govern 
the adsorption process of MPs/NPs. These elements include pH level, dissolved organic matter (DOM), 
metal ions, and anions.

pH value
In aquatic environments, pH value significantly affects both the adsorbents’ and MPs/NPs’ surface charges, 
playing a key role in their adsorption process. This factor chiefly determines the electrostatic interactions 
between the MPs/NPs and carbon adsorbents and influences how the plastic particles cluster together. 
Research has consistently shown the pH-dependence of the MP/NP adsorption process, noting that a pH 
range slightly towards the acidic to basic side, usually around 4 to 8, is optimal for enhancing the 
electrostatic attraction during adsorption. Nonetheless, it is noteworthy that in instances where dominant 
adsorption mechanisms such as surface complexation are present, the pH’s effect on the efficiency of 
MPs/NPs adsorption may be relatively insignificant.

Metal ions
Metal ions are frequently present in water resources, especially K+, Na+, Mg2+, Ca2+, Fe3+, and Al3+. The impact 
of K+/Na+ ions on MPs/NPs adsorption is usually considered to be minimal[53]. The effect of multivalent 
cations, including those with charges of +2 and +3, on the removal of MPs/NPs has been found to vary 
across different studies. One observed impact is that these high-valence cations can diminish the adsorption 
of MPs/NPs. This reduction in adsorption efficiency is attributed to the strong affinity these cations have for 
the adsorbents, which competes with and potentially hinders the binding of MPs/NPs to the adsorbent 
surfaces[53,82]. Furthermore, certain metal ions, such as Mg2+, Ca2+, and Fe3+, can improve the aggregation of 
MPs/NPs through electrostatic attraction. This aggregation process can restrict the diffusion of MPs/NPs 
into the porous structure of carbon adsorbents, potentially impacting the adsorption effectiveness. However, 
it is important to acknowledge that ions like Ca2+ and Mg2+ ions might also enhance the adsorption 
efficiency. They can create new adsorption sites on the adsorbents through a bridging effect, thereby 
potentially improving the overall removal efficiency of MPs/NPs [Figure 4][47].

Anions
Anions such as Cl-, SO4

2-, CO3
2-, and PO4

3- have an impact on the process of adsorbing MPs/NPs. These 
anions often obstruct the adsorbent-MPs/NPs interactions due to their propensity to bind with the 
adsorbents. Specifically, when using Cu-Ni/carbon materials for MPs/NPs removal, HCO3

- largely alters the 
efficiency. This effect is attributed to the hydrolysis of HCO3

-, which produces OH- ions, subsequently 
raising the pH of the solution. This pH increase leads to stronger electrostatic repulsion between the 
MPs/NPs and the Cu-Ni carbon, affecting the adsorption dynamics. This relationship between different 
anions and the adsorption process is also reflected in the studies conducted by Ganie et al.[64]. On the other 
hand, the efficacy of Zn-BMC in adsorbing PS MPs is negatively affected by the presence of anions, with 
their impact decreasing in the order: NO3

- < SO4
2- < Cl- < HCO3

- < H2PO4
-. It is suggested that the 

particularly strong effect of H2PO4
- ions stems from their higher charge density, leading to more competitive 

adsorption on the surface of the adsorbent. This indicates the complexities involved in the adsorption 
process. Variables such as the concentration of anions, the surface characteristics of MPs/NPs, and the 



Zheng et al. Water Emerg Contam Nanoplastics 2024;3:11 https://dx.doi.org/10.20517/wecn.2023.74 Page 11 of 15

unique features of the adsorbents used contribute to diverse outcomes across different studies. These 
discrepancies underscore the importance of comprehensively understanding the environmental and 
material-specific factors that affect adsorption behavior in each distinct situation[52].

DOM
DOM in water systems is a diverse and complex collection of polyelectrolytes. The way DOM interacts with 
MPs/NPs can affect how MPs adhere to adsorbents, as it changes the surface characteristics of both 
MPs/NPs and the carbon adsorbents. For example, research[64] has demonstrated that humic acid can 
notably hinder the adsorption of PS NPs, causing a marked reduction in their removal efficiency 
(decreasing by 55%-75%). This reduction in adsorption is due to the coating and stabilization of the NPs 
and the adsorbents, such as BC-750, which creates strong electrostatic repulsion and consequently lowers 
the effectiveness of the adsorption process. It is important to mention, however, that even in an 
electrostatically unfavorable environment and in the presence of DOM at concentrations as high as 10 mg/
L, sorption of NPs can still occur. This phenomenon can be explained by the more effective complexation of 
NPs on available adsorption sites, rather than their coverage by DOM[70].

CONCLUSION AND PERSPECTIVES
In this comprehensive review, we delve into the recent advancements in carbon-based adsorbents and their 
role in eliminating MPs/NPs from water. A key focus is understanding the adsorption mechanism between 
these adsorbents and MPs/NPs. We then discuss the various methods of synthesizing these adsorbents and 
analyze their adsorption behaviors. Critical experimental parameters, such as pH value, anions, DOM, and 
metal ions, can impact the performance of carbon adsorbents to a different degree.

The removal of MPs/NPs from wastewater is crucial for reducing the harmful effects of plastics on various 
life forms. Despite some advancements, the field of MP/NP adsorption is still emerging, and current 
research is insufficient for fully resolving this issue. This section outlines challenges and future directions for 
MP/NP adsorption in water systems: 
(1) For adsorbents to be practically viable, their ability to desorb and be reused is vital. Although 

Figure 4. Potential adsorption mechanisms of PS NPs on AC, with the existence of Mg2+ and Ca2+ ions[47].  PS: Polystyrene; NPs: nano-
plastics; AC: activated carbon.
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regeneration of adsorbents through thermal and chemical processes has been studied, more research is 
needed to efficiently desorb MPs/NPs, recycle adsorbents, and restore their adsorption capacity. 
(2) The longevity and ecological implications of adsorbents are crucial factors. The degradation of 
adsorbents might result in metal leakage or nanoparticle emission, leading to secondary contamination. 
Moreover, adsorbents may react with other substances in water to form new pollutants. It is essential to 
evaluate adsorbents’ stability in actual water environments and to develop efficient methods for their post-
use removal. 
(3) Although adsorption is effective for removing MPs/NPs, it can be influenced by water characteristics 
and might require significant time for optimal removal efficiency. Merging adsorption with other 
techniques such as magnetic separation or filtration could improve efficiency and cut costs. Notably, 
combining adsorption with magnetic separation using magnetic adsorbents has shown potential due to its 
high effectiveness and easy separation process. Future research should concentrate on creating such hybrid 
methods for various water environments. 
(4) To enhance understanding of adsorbent-MP/NP interactions and facilitate the development of more 
effective adsorbents, it is necessary to combine the adsorption tests with computational tools. Such methods 
can assist in designing superior adsorbent materials by providing meaningful insights into adsorption 
mechanisms.
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Abstract
Microplastics’ ecotoxicological potential in almost all ecosystems makes them a global environmental issue. This 
review evaluates Southeast Asian microplastic contamination data from 2013 to 2023. This evaluation examined 
285 research publications from Scopus, Web of Science, and ScienceDirect, mostly on sediment and water 
matrices. Based on their size, shape, polymer type, and potential risks from polymer hazards in Southeast Asian 
countries, this analysis assesses microplastic pollution in biota, sediment, water, and other environmental matrices. 
The majority of microplastics in this region are small (46%) and large (32%). Within the biota matrix, small 
microplastics (SMP) and large microplastics (LMP) dominated. Fibers predominated in all matrices, particularly the 
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biota matrix. Polyethylene emerged as the most abundant polymer type (22%), found in all four matrices. Despite 
being less abundant, polyurethane and polyamide have high hazard scores, raising ecological concerns due to their 
detrimental effects on environmental matrices. According to the analyzed data, Southeast Asian countries face 
significant risks due to high levels of microplastic contamination in water, sediments, biota, and other matrices. 
However, there are noticeable discrepancies in Southeast Asian data, indicating progress in microplastic research, 
with most data coming from Indonesia, Thailand, Malaysia, Vietnam, and the Philippines and little information in 
the literature regarding microplastic contamination from East Timor, Laos, Brunei, Myanmar, and Cambodia.

Keywords: Asia and Western Pacific, marine debris, microplastics risk, polymer hazard

INTRODUCTION
The inadequate disposal plans, accidental loss, and fragmentation of larger plastics have contributed to the 
increasing accumulation of tiny plastic particles and fibers (microplastics with sizes of < 5 mm) in the 
environment[1]. The path of plastic leakage starts from land to a canal or a river, and then ends up in the 
water, sediment, biota, and also humans[2-5]. Plastic bags, fishing gear, food containers, and beverages are the 
most common waste ingredients that contribute to microplastic emissions in rivers[6]. Additionally, 
microplastics can be categorized as either primary or secondary, depending on their origin. Primary 
microplastics intentionally produced by humans[7], such as plastic resins and microbeads in cosmetic 
products, can be carried with wastewaters[8,9]. Conversely, secondary sources result from the breakdown of 
plastic items into smaller fragments due to processes like oxidation, ultraviolet (UV) radiation, and 
mechanical forces[10]. During the photodegradation of plastics, sunlight containing UV irradiation triggers 
oxidation, breaking down the chemical bond of the polymer chains in larger plastics[11,12]; this process also 
subjects the plastics to mechanical stress and biotic fragmentation[13]. In the water ecosystem, microplastic 
fragments are easily exposed to sunlight, and their degradation rate increases with higher levels of oxygen[14].

Microplastics exhibit a range of characteristics, encompassing diverse sizes, shapes, and polymeric 
compositions[15,16]. To illustrate, they are typically classified into two categories based on their dimensions: 
large microplastics (LMP), ranging from 1 to 5 mm, and small microplastics (SMP), ranging from 0 µm to 
1 mm[4]. Various shapes are observed among microplastics, including fragments, fibers, pellets, films, and 
foam. Certain shapes may predominate in specific water columns[17]. Microplastics in the fragment form, for 
example, are mostly found on the water surface[18,19], whereas fibers and pellets are found to be dominant in 
the sediment[20]. Furthermore, as microplastics become smaller in size in the ocean, the potential for 
microplastics to be ingested by marine organisms increases, with their availability in both pelagic and 
benthic habitats[21,22]. Microplastics in the aquatic ecosystem take much longer to degrade than those on land 
due to the presence of salt and the lower temperature[23]. They can also be distributed in specific water 
columns due to their polymer density[24], and can enter the aquatic food chain from the highest to the lowest 
trophic levels due to this condition. Consequently, microplastics have been found in a variety of biota[25], 
including microscopic organisms like zooplankton[26], small marine organisms like barnacles[27], lugworms, 
mussels[28], and large marine organisms such as pelagic fish[10,22], which inadvertently ingest these particles 
mistaking them for food.

However, microplastics can leach out chemicals depending on various factors such as the type of plastic, 
environmental conditions, and the presence of additives[29], raising concerns about potential ecological and 
human health impacts[30]. When microplastics are ingested by organisms, there is the possibility that the 
leached chemicals could be transferred through the food web[31]. Therefore, based on the chemical 
compositions of the plastic polymers, plastic hazard scores have been developed to calculate the risk 
assessment on the polymer hazard index towards the environmental matrices[32]. Additionally, different 
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polymers have different chemical compositions, and some may contain additives that could be of concern. 
For example, acrylonitrile butadiene styrene (ABS) and polyvinyl chloride (PVC) may contain additives 
(i.e., polyisobutylene, polyacrylates, polymetacrylates, oil-soluble polymers and copolymers of allyl and vinyl 
monomers, derivatives of alkyl naphthalene, and alkylphenols) that are known to be toxic and pose a high 
risk[32,33]. Hence, polymer risk assessment of microplastics is crucial for several reasons, as it helps 
understand and reduce the potential environmental and human health impacts associated with the presence 
of these contaminants in various ecosystems. The lack of such assessments in Southeast Asia poses several 
challenges and concerns. This region, known for its biodiversity, ecosystems, and high population density, is 
particularly susceptible to microplastic pollution. Currently, there are limited reports available on polymer 
risk assessments in Southeast Asia. For instance, the microplastics in surface seawater from the shore of the 
Rayong province in Thailand were found to contain polypropylene (PP), polyethylene (PE), and polystyrene 
(PS) polymer, which fell within the medium-risk category[34]. Additionally, research conducted in 
concentrated and peatland areas of Vietnam detected concentrations of PVC, polycarbonate (PC), and PP, 
where PVC, extensively utilized in industrial processes, fell into the extremely dangerous risk category[35]. 
However, there is a gap in reported data on polymer risk assessments in other Southeast Asian countries. 
Addressing this gap is crucial for developing strategies to protect the ecosystems and biodiversity of these 
countries from the harmful effects of microplastic polymers. Polymer risk assessments contribute to the 
development of effective waste management strategies. By understanding the risks posed by specific 
polymers, authorities can implement targeted measures to reduce their environmental presence.

Plastics found in the world’s oceans have been a cause for concern; however, it is only quite recently that 
attention has turned to plastic waste in various environmental matrices[36,37]. Rivers in Southeast Asia notably 
contribute to the influx of plastic pollution into the marine environment[38-40]. Over half (58%, n = 29) of the 
estimated top 50 plastic-emitting rivers in the world are located in Southeast Asian nations[41]. Malaysia, 
along with the Philippines, Indonesia, and Singapore, is one of the four megadiverse countries in the 
tropical Associations of Southeast Asian Nations (ASEAN) region, producing an enormous 0.5-1.9 kg/
capita/day of municipal solid waste (MSW), with plastic wastes accounting for an estimated 25% of the 
overall composition[42]. Nonetheless, the field and environmental data on the prevalence of plastic pollution 
in the marine environment particularly in Southeast Asia is limited, which is one of the continents with the 
least amount of study on microplastic contamination[38]. This review aims to identify the diverse 
characteristics of microplastics in different environmental matrices, such as size, shape, and type of 
microplastic polymers, drawing from various studies reported in Southeast Asia over the last decade. With 
the compilation of the data, we then evaluate the potential toxicity effects of microplastic polymer in all 
matrices by conducting polymer risk assessment based on their polymer hazard score. To the best of our 
knowledge, this is the first scientific paper that estimates how much microplastic research may be under or 
over-estimating current levels of microplastics based on the impact of microplastics on the environmental 
matrix, and also provides recommended reporting criteria and a way forward for future improvements on 
microplastics mitigation frameworks in Southeast Asia.

METHODS
Study area
Southeast Asia consists of 11 countries, namely Brunei Darussalam, Cambodia, Indonesia, Laos (the only 
land-locked country), Malaysia, Myanmar, the Philippines, Singapore, Timor-Leste, Thailand, and Vietnam. 
With about 25,000 islands and 150,000 km of coastline, Southeast Asia is a wealthy and biodiverse region 
that is home to 25%-33% of the world’s mangrove forests and 34% of its coral reefs, which are home to a 
variety of tropical marine animals[43]. Southeast Asian countries share several geographical and 
environmental characteristics that can contribute to common challenges related to the sources and 
transport of pollution, including microplastics. Many Southeast Asian countries are connected by the South 
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Figure 1. Numbers of reported microplastic pollution papers in Southeast Asian countries (2013-2023).

China Sea, which plays a central role in the region’s maritime connectivity[44]. Additionally, the Mekong, 
Irrawaddy, and Chao Phraya rivers link several countries in Southeast Asia[9,45]. They serve as transportation 
routes for both plastic debris and microplastics, carrying these pollutants from upstream sources to 
downstream areas and ultimately to the sea. The countries in Southeast Asia face common environmental 
challenges, such as deforestation, agricultural runoff, and industrial discharges[46]. These activities can 
contribute to the introduction of microplastics into aquatic ecosystems. Additionally, Southeast Asia has 
some of the highest rates of marine plastic pollution in the world; estimates place the combined 
contributions of Indonesia (10%), the Philippines (6%), Vietnam (6%), Thailand (3%), and Malaysia (3%) to 
the world’s oceans at 30%[47-49]. Four different types of matrices were included in this study, comprising 
biota, sediment, water, and others [Supplementary Table 1]. Biota samples consist of any living organisms 
such as fish, bivalves, crustaceans, mussels, and seagrass. Sediments encompass marine, freshwater, beach, 
and river sediments. Meanwhile, others comprise of atmospheric, face wash, toothpaste, human, and sea salt 
samples. The numbers of reported studies on microplastic pollution in Southeast Asian countries from 2013 
to 2023 are shown in Figure 1. The collected data from a reported study on microplastic pollution in 
Southeast Asian countries aims to provide information about various characteristics of microplastics. These 
characteristics typically include size, shape, and types, and the study might investigate these attributes in 
different environmental matrices.

https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202404/wecn2073-SupplementaryMaterials.pdf
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Figure 2. Flow diagram of studies selection including the process of literature identification, screening, and eligibility.

Methodology for literature search - identification of suitable publications
Dataset hunting was attempted using Scopus, ScienceDirect, and Web of Science indexes. The pursuit was 
directed utilizing the accompanying terms: “Microplastic Southeast Asia” OR “Microplastic” AND 
“microplastics” OR Malaysia OR Indonesia OR Brunei OR Vietnam OR Thailand OR Cambodia OR Laos 
OR Philippines OR Singapore OR Myanmar. Following the information base quests, 397 records were 
found from 2013 until 2023; Microsoft Excel was utilized to arrange the articles. Duplicates were removed, 
resulting in 285 papers to be evaluated for reasonable titles and abstracts [Figure 2 and Supplementary Table 
1]. Several articles from Southeast Asia were examined across multiple matrices, leading to variations in the 
number of articles and matrices in this review.

The screening interval for the articles on microplastics in Southeast Asia over the last ten years was chosen 
to provide an up-to-date understanding of the current situation in the region. The abstracts indicate that 
plastic pollution is a pressing environmental issue in Southeast Asia, with severe impacts on aquatic life, 
ecosystems, and human health. By focusing on the last ten years, researchers can assess the increasing 
trends, levels of contamination, sources, and impacts of microplastics in Southeast Asia, providing valuable 
insights for policy-making, research prioritization, and allocation of resources. This screening interval 
allows for a comprehensive understanding of the current state of microplastic contamination in the region 

https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202404/wecn2073-SupplementaryMaterials.pdf
https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202404/wecn2073-SupplementaryMaterials.pdf
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and helps identify key knowledge gaps that need to be addressed.

Recovery articles and data extracted
The number of recovery articles based on the collection criteria in Southeast Asian countries is shown in
Figure 2. Data extracted from the articles included basic information such as author’s names, publisher,
country, and year of publication. Other materials extracted include the matrices used, abundance, size,
shape, and polymer composition of microplastic. Most of the studies were published from 2017 onwards,
with the highest number of publications reported in 2023 at 72 articles [Figure 3]. This is also consistent
with the timeline of when the term “microplastics” became very significant in the regional context due to
the information from[47]. It is important to highlight that, within the context of this analysis, the inclusion of
alternative keywords such as “plastic particles” was not taken into account due to their failure to adhere to
the specified size parameters for microplastics.

A datasheet was prepared by using Microsoft Excel for the systematic extraction of data. The size of the
microplastics was recorded into two categories - SMP (0.1-1,000 µm) and LMP (1,001-5,000 µm).
Furthermore, the shape of microplastics was categorized into fragment, fiber, film, foam, and pellet. The
most observed polymer composition was PE, PP, PS, polyethylene terephthalate (PET), polyamide/nylon
(PA), polyester (PES), and polyurethane (PU). The types of matrices were categorized into sediment, biota,
water, and others. However, some studies within the reviewed literature failed to provide information on
critical characteristics such as size, shape, and polymer type. Thus, the missing data from the studies was
remarked as not available (N/A) in Supplementary Table 1.

Polymer hazard index assessment
To evaluate the polymer hazard index (PHI) of microplastics in sediments, water, biota, and other
environmental matrices, data on the chemical composition of microplastic polymers were extracted from
each relevant article. The chemical toxicity of different polymer types of microplastics was considered to
evaluate their ecological harm[32]. The PHI of microplastics in water[33,50], sediment[51], biota[52,53], and others[54]

was calculated using Equation (1):

In Equation (1), “PHI” represents the computed Polymer Hazard Index resulting from microplastics, where 
“Pn” corresponds to the percentage of specific polymer types obtained at each sampling location, and “Sn” 
signifies the hazard scores associated with the polymer types of microplastics as derived[32].

RESULT AND DISCUSSION
Matrices used
The environmental matrices investigated in Southeast Asian countries consisted of water (35%) - being the 
most studied matrix in the region - followed by sediment (31%), biota (20%), and others (14%) [Figure 4]. 
Water surfaces serve as a common reservoir for microplastics due to the transport of these particles from 
land and other sources[55]. Rainfall, wind, and water currents can carry microplastics from urban areas, 
industrial zones, and river systems into surface water bodies[56,57]. In contrast, sediments act as sinks for 
microplastics as they can capture and retain these particles over time[58]. Once microplastics enter the water, 
they may settle and accumulate in sediments due to gravity or interactions with other particles[59]. 
Microplastics in sediments are of environmental concern because they can persist in the ecosystem for 
extended periods. Organisms living in or near the water and sediments, including corals, plankton, marine 
invertebrates, fish, and whales, may come into contact with microplastics, which subsequently enter the 

   (1)

https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202404/wecn2073-SupplementaryMaterials.pdf
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Figure 3. The total number of evaluated articles published in Southeast Asian countries from 2013 until 2023.

Figure 4. Percentages of different matrices used in the studies.

food chain[60]. When these organisms ingest microplastics, it poses potential ecological and health risks, as 
the plastics may carry contaminants and affect the feeding behavior of marine life. Moreover, humans are 
exposed to microplastic pollutants through both ingestion and inhalation pathways[61,62]. Microplastics can 
enter the human body through the consumption of contaminated food and water[63]. Seafood, for example, 
may contain microplastics that originate from the ocean. Additionally, microplastics may be present in the 
air, especially in urban areas with high population density, leading to their potential long-distance 
atmospheric transport before being deposited onto aquatic surfaces or reaching remote areas[64]. As such, 
dust and airborne particles that contain microplastics can be inhaled into the respiratory system and cause 
negative effects on human health[65].

Different sizes of microplastics in Southeast Asia
Based on the dimensions, microplastics can be divided into large and small sizes. Figure 5 demonstrates that 
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Figure 5. Number of published articles with size measurement. N/A denotes publication without size measurement.

SMP are prominent in practically all Southeast Asia nations. However, some published articles do not 
indicate the size measurement. Indonesia has the most SMP relative to LMP, followed by Vietnam, 
Thailand, Malaysia, the Philippines, Singapore, Myanmar, Laos, Cambodia, and Brunei, consistent with the 
number of published research studies. This study has analyzed the percentage of SMP (0.1-1,000 µm) at 
46%, followed by 32% of LMP (1,001-5,000 µm), and 22% of unspecified reports on microplastics 
[Figure 6A]. According to these published studies, it is evident that the presence of SMP is widespread in 
the natural environment and corresponding matrices are significantly more abundant than LMPs. Figure 6B 
shows that SMP occupy the highest percentage at 46%, compared to LMP (37%) in biota samples. This 
review also demonstrated SMP constituted the majority, accounting for 43% in sediment and 47% in water, 
followed by LMPs at 29% and 33% in sediment and water, respectively [Figure 6C and D]. While in the 
other matrices, the percentage of SMP (53%) was also higher than LMP (31%) [Figure 6E]. Nevertheless, 
comparing the data proved challenging as the various samples found in other matrices were influenced by 
distinct pathways of microplastic pollutants, resulting in differences across matrices.

It is worth noting that size is one of the important factors that could affect the vertical distribution of the 
microplastics in water columns[66]. However, in rivers, various degradation processes such as 
photodegradation, mechanical-physical breakdown, weathering, and biodegradation can lead to a natural 
decrease in size[67]. As a result, the longer plastic trash is subjected to these degrading processes, the smaller 
it becomes. The size of the microplastics might have a variety of effects according to their categories. LMP 
particles may pose a concern to the water treatment plants (WTP) as the majority of water intake is from 
the river[68]. As such, the high loading of LMP in the water source potentially affects the performance of 
primary and secondary stages in the WTP. For instance, it was documented that in terms of size fraction, 
the efficiency of particle removal shows an ascending trend, with filtration playing a crucial role in achieving 
higher removal rates, particularly for particles sized ≥ 500 μm[69]. Although the abundance of microplastics is 
decreased by the treatment plant, a significant portion escapes in the treated effluent, especially for the 
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Figure 6. Percentage of microplastic sizes. (A) Overall; (B) Biota; (C) Sediment; (D) Water; (E) Others. N/A indicates the absence of 
microplastic polymer data in numerous studies.

smaller size fractions. It is reported that microplastics smaller than 2,000 µm tend to be easily mistaken as 
food and ingested by the marine biota[70,71]. Microplastics of sizes below 1,000 µm were found to be the most 
abundant in fish intestines, which can translocate across the digestive system to the lymphatic systems of 
mammals and humans[25].

Previous studies have indicated that SMP tend to dominate due to their strong affinity for natural colloids, 
leading to increased precipitation rates with sediments over time[72,73]. The concentration of microplastics in 
sediment samples was determined using sediment properties, sedimentation rates, and the capacity of the 
microplastics to adsorb or adhere to sediment particles[74]. The predominance of SMP over LMP found in 
this review may be due to the fact that one LMP can split into numerous SMP (considering the particle 
abundance that was commonly reported in microplastic studies, not the mass abundance), leading to a 
steady-state distribution with SMP outnumbering LMP over time. However, the counting of SMP may be 
underestimated due to variations in the lower size limit and instrument limitations used in different studies, 
resulting in the exclusion of numerous SMP.

Small-sized plastic particles (< 5,000 µm) tend to be transported over large distances, which ultimately can 
be transferred along the food chain[75]. The size of microplastics has a significant impact on their mobility in 
the aqueous environment and whether they may be consumed by animals, which is strongly connected to 
biosafety[76,77]. Microplastics with particle sizes smaller than 1 mm are found in greater abundance in 
sediments[78], whereby the likelihood of microplastic abundance in environmental matrices increases as the 
size of microplastics decreases[79]. Size significantly influences the impact of microplastics on organisms; 
thus, reporting the size of microplastics is necessary to quantify their potential to interact with the 
organisms, which intensifies as plastic size decreases[80]. Aquatic organisms such as invertebrates, fish, 
seabirds, and mammals have all been shown to ingest microplastics, which often comes with negative health 
consequences[81]. Furthermore, microplastics can absorb concentrated pollutants from the ambient 
environment, such as polychlorinated biphenyls (PCBs), pharmaceutical and personal care products 
(PPCPs), and heavy metals onto their surface, and thus can act as a potential carrier for microbial 
communities, which in turn can accumulate in fish and other organisms, and migrate to the human bodies 
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throughout the food web due to their small size, strong hydrophobicity, and very low density[23,82]. They may 
then have adverse effects on animals and humans by affecting the body via the skin pores, digestive tract, 
and respiratory system, causing chemical and physical hazards and inducing neurotoxicity and oxidative 
damage[83,84].

Different shapes of microplastics in Southeast Asia
The potential negative effects of microplastics differ depending on particle shape. This study focused on the 
reported shapes of microplastics such as fragment, fiber, pellet, film, and foam. The shapes that were 
mentioned most commonly in the published articles in Southeast Asia were fiber (28%), fragment (27%), 
pellet (19%), film (13%), and foam (5%). Another 8% of the articles did not report on the shape data 
[Figure 7A]. Among them, fragments were the most common shape reported in water (31%) and sediment 
(34%) samples, while fibers were found to be dominant in biota (35%) and other matrices (28%). The shape 
of microplastics is significant as it can serve as a basis for traceability and a source of information[85]. 
Furthermore, the particles can be influenced by the initial structure of the primary microplastics, the surface 
erosion and degradation mechanisms, and the duration of time the plastic particles remain in the 
environment[68,86]. Some studies have revealed that the influence of microplastics on adsorption, desorption, 
and ecological effects can be attributed to the different shapes[87,88]. This current review shows that the data 
are primarily dominated by secondary microplastics from the breakdown of larger low-density plastics 
through weathering processes such as fragmentation and fiber formation[89]. In addition, shapes may be used 
to trace the source of microplastics[90]. Synthetic fibers usually emanate from effluent generated by fishing 
activities and the textile industry[7]. Fragments and foams are from plastic containers including single-use 
plastics such as bottles, cups, and food storage containers[91,92], while pellets usually originate from cosmetic 
products and personal care items[93]. Films, for instance, are made from plastic bags and plastic packaging; 
however, because they are tiny and translucent, they readily shatter when exposed to sunlight, subsequently 
producing smaller film particles[94]. Additionally, the proximity of many Southeast Asian countries to rivers 
and coastal areas facilitates the transport of mismanaged waste to water bodies. For instance, Indonesia, 
Malaysia, and Thailand have shorelines that are 91,363, 4,809, and 3,150 km long, respectively[95,96]. However, 
the inconsistent or insufficient regulatory frameworks for waste management in Southeast Asian countries 
may contribute to ineffective waste disposal practices, which can result in inadequate control over plastic 
waste[97,98]. Plastic waste carried from the land can undergo fragmentation during transportation, eventually 
reaching rivers and seas, resulting in microplastics of different shapes[99].

In the biota and other matrices, the shape of microplastics observed followed the order of fiber > fragment > 
film > pellet > foam [Figure 7B]. Meanwhile, in sediment and water matrices, the order of microplastic 
shapes can be characterized as fragment > fiber > film > foam > pellet [Figures 7C and D]. However, fibers 
are also prevalent in both surface water and sediment, as well as other matrices [Figure 7E], making it likely 
for them to be present in biota as they come into direct contact with these environmental matrix 
components. The elongated and flexible structure of fibers, as highlighted in[100], makes them more 
susceptible to ingestion or incorporation by organisms. Synthetic fibers, including those from textiles and 
effluents from the textile industry, as well as those released during domestic washing machine activities[101], 
contribute significantly to the composition of microplastics. Due to the lightweight and floating nature of 
microplastics, pelagic fish are more prone to consuming them compared to demersal fish. For instance, the 
prevalence of fibers in pelagic fish may be attributed to their thin size, allowing them to float on the water’s 
surface, or their form that resembles their natural prey[102]. Interestingly, microplastics exhibit diverse 
distribution patterns in aquatic environments, dispersing across distinct compartments such as the water 
surface, water column, and sediment. This dispersion is influenced by variations in shape and density, 
impacting the availability of microplastics to species at different trophic levels and within different 
habitats[37,79]. Pelagic organisms, such as phytoplankton[103] and small crustaceans like zooplankton[42], are 
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Figure 7. Percentage count of microplastic shapes. (A) Overall; (B) Biota; (C) Sediment; (D) Water; (E) Others. N/A indicates the 
absence of microplastic polymer data in numerous studies.

more likely to encounter less dense, floating microplastics. In contrast, benthic organisms such as 
amphipods[104], polychaete worms[105], tubifex worms[106], and echinoderms[107] are more prone to 
encountering microplastics denser than water. It is widely reported that microplastics can be consumed 
directly or indirectly by both benthic[17] and pelagic fish[10], where they become part of the prey. 
Furthermore, these fibers sourced from textiles and other origins can be transported through both air and 
water before settling in the sediment, leading to widespread distribution and potential ingestion by a variety 
of organisms including humans through food consumption[79].

The origins of microplastic fragments in the sediment and water ecosystems might be traced back to items 
such as bags, containers, food wrappers, waste related to tourism, and fishing nets or “ghost nets”[42,108]. 
Hence, the higher prevalence of microplastic fragments in sediment and water matrices can be ascribed to 
the gradual breakdown of larger plastic items during their transportation across extensive distances through 
weathering processes, mechanical abrasion, chemical degradation, and human activities[109]. These broken-
down pieces could also sink into the bottom from the surface water and might be the reason for the higher 
occurrence of fragments in sediment. Additionally, sediment acts as a natural filter, capturing and retaining 
particles of various sizes of microplastics. Microplastic fragments, being smaller, may be more efficiently 
trapped and retained in sediment matrices compared to larger plastic items. Additionally, birds and 
animals[110] that feed on aquatic creatures or inhabit aquatic environments are known to ingest 
microplastics. The global presence of microplastics in practically all marine and freshwater ecosystems, 
including in protected and isolated areas around the region, underscores the widespread and potentially 
harmful nature of these pollutants.

Polymer composition
The overall microplastic polymers observed in environmental matrices of Southeast Asia are illustrated in 
Figure 8A, and shown in Supplementary Figure 1. In general, PE is the most abundant (22%) microplastic 
polymer composition in all matrices, followed by PP (17%), PET (10% ), PS (10%), PA (9%) and other 
polymers (12%). Additionally, 13% of publications did not provide polymer identification. Specifically, in 
biota, the polymer follows the order of PE > PP > PA > PET > PS > PES > PU [Figure 8B], while the order of 
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Figure 8. Percentage of seven main polymer compositions. (A) Overall; (B) Biota; (C) Sediment; (D) Water; (E) Others. N/A indicates 
the absence of microplastic polymer data in numerous studies.

abundance in the sediment matrix is PE > PP > PET > PS > PA > PES >PU [Figure 8C]. The water matrix 
revealed the microplastic composition of PE > PP > PS > PET > PA > PES > PU [Figure 8D], and the other 
matrices displayed the abundance in the order of PE > PP > PET > PS > PA > PES > PU [Figure 8E].

PP is a fiber-based material that is commonly used in garments, blankets, and other fiber-based items, as 
well as food packaging, pipelines, and chemical containers[50]. Fiber PE is widely utilized in the production of 
films, hollow items, fibers, and everyday necessities such as plastic bags[111]. Since PE and PP stand as the 
predominant polymer classes in both surface water and sediment, their existence in biota and humans is not 
surprising[5,112]. In addition, both polymers are known as the most widely produced in the world, satisfying 
48.7% of the European plastic demand[89]. Thus, the high demand in the market for PE and PP is the cause of 
the high detection of these plastics in various environmental matrices in Southeast Asia[2,72,113].

PES, often known as polyester, is found in a wide range of products. The majority of the microplastics 
found in this investigation were fibers. PS is commonly found in foam products and disposable lunch 
boxes[114]. It is also utilized in light industrial manufacturing and as a decorative material. PA and PES in the 
environment mostly originate from the effluents of washing clothes and the usage of fishery tools[115]. PVC is 
utilized as a film in agricultural cultivation due to its inexpensive cost, and PU is used in adhesives, foams, 
food-grade coatings, insulators, tyres, sponges, and many more products[116].

Moreover, microplastics can also be distributed in specific water columns according to their polymer 
density[117]. This enables the penetration of microplastics into aquatic food chains, from the lowest to the 
highest tropical levels, due to their density-dependent distribution[118-120]. PE, PP, PU, and PS are examples of 
low-density polymers[121]. These polymers tend to float on the surface water and are likely to be consumed 
by pelagic species, while benthic species tend to consume dense plastics such as PES, PET, PA, and PVC, as 
they typically settle on the seabed. Interestingly, high-density polymers such as PET are also found in the 
surface water rather than in the sediment[4,122]. This can be due to environmental factors such as 
temperature, wind turbulence, tides, and waves[123]. These denser plastic particles could have also been 
resuspended from deeper water to the surface[121]. Furthermore, after degradation, aggregation, and 
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biofouling processes, low-density polymers can also reach the seafloor[122]. Biofouling is defined as the 
accumulation of biological matter on surfaces, which creates biofilms by microorganisms[124]. Subsequently, 
this may cause an increase in microplastic density, thus resulting in microplastic sinking. The types of 
biofouling formations on the surface of the microplastic substrates are determined by the local environment 
in the aquatic habitats and the species of microorganisms.

PHI of microplastics in Southeast Asia
Plastics, a category of polymers comprised of monomers, have been engineered to meet the specific qualities 
demanded by many applications[125]. The occurrence of incomplete polymerization reactions leads to the 
existence of hazardous monomers that remain in the polymer, thus impacting its characteristics and also its 
environment[126]. Furthermore, plasticizers found in plastics, such as phthalates and bisphenols, have been 
shown to affect hormones[127]. These chemicals are frequently employed to improve the flexibility and 
durability of plastics such as PVC. While residual monomers in plastics may pose a risk, the presence of 
plasticizers is another concern because they possess the ability to disrupt hormones. Prospective risk 
assessment of microplastic particles is critical for determining when and where the ecosystems and human 
health issues can be anticipated. A study published in 2011 evaluated the environmental and health risks of 
plastic polymers based on their chemical composition[32]. On a monomer basis, 55 plastic polymers were 
graded and analyzed. The most hazardous polymers are those that are produced from mutagenic or 
carcinogenic monomers. Polymers that ranked in this category belong to the families of PU, PVC, epoxy 
resins, and styrene copolymers due to their high hazard scores[32]. Hence, this study evaluated the 
environmental toxicity of microplastic polymers in the risk assessment, which includes both environmental 
exposure and ecotoxicity. This method was used for the hazard score of each polymer, and the value of PHI 
was calculated based on Equation (1).

The overall hazard categories of Southeast Asia in all four matrices were IV (danger; PHI: 100-1,000) and V 
(extreme danger; PHI: > 1,000) [Supplementary Table 2]. Singapore, however, was the only country that did 
not report the type of polymer detected in all four types of matrices; therefore, the value of PHI for 
Singapore could not be determined [Table 1]. The high PHI value in Malaysia across all environmental 
matrices, compared to other countries, is due to the presence of polymers with high hazard scores, such as 
PU, PA, and PS, with hazard scores of 7,384, 47, and 30, respectively [Table 2]. Meanwhile, a low PHI from 
Brunei may reflect the limited number of studies from this country [Figure 5]. PU is a polymer used to 
make flexible foams, and has a high hazard score compared to daily plastics used such as PE and PP. As 
shown in Table 2, PU is composed of carcinogenic propylene oxide monomers that are hazardous to both 
humans and aquatic organisms. Each year, around millions of tonnes[32] of this polymer are reportedly 
produced, which may cause it to become more concentrated in the sediment due to its density properties. 
Meanwhile, the least harmful monomers for the environment are ethylene in PE and propylene in PP, 
resulting in a low hazard score[32]. Therefore, it is extremely important to identify and chemically 
characterize the microplastics based on polymer types, not only because each polymer poses different 
hazard levels, but also because it could be a source of great pollution, since each plastic product uses specific 
polymers and additives. Thus, this study provides valuable information about the origin of microplastics 
found in environmental matrices.

In the biota matrix, the majority of the countries were rated as extremely dangerous (red), whereas Vietnam 
was determined as dangerous with PHI values ranging from 100 to 1,000 [Table 1 and Figure 9A]. This is 
attributed to the lowest number of hazardous polymers detected in Vietnam in contrast to other countries, 
which affected the value of PHI evaluated. The sediment matrix showed that most of the countries were 
extremely dangerous (red), with PHI values of more than 1,000 [Figure 9B]. Sediments have the capacity to 
serve as a sink for microplastics, which can be permanently stored and have an impact on the 
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Table 1. The value of PHI in all matrices among Southeast Asia countries

Matrices Malaysia Indonesia Vietnam Philippines Thailand Cambodia Laos Myanmar Brunei Singapore

No of study 43 63 27 15 34 3 2 3 2 0

Biota 1,016*** 47,800*** 850** 32,525*** 1,321*** 0* 0* 0* 0* 0*

Sediment 18,744*** 1,508*** 25,798*** 1,198*** 1,130*** 148,600*** 148,600*** 46,650*** 1,100*** 0*

Water 31,975*** 9,835*** 1,376*** 23,500*** 30,861*** 0* 0* 0* 0* 0*

Others 29,688*** 786** 775** 0* 0* 1,260*** 0* 1,140*** 867** 0*

*Classified as minor risk category; **Classified as dangerous risk category; ***Classified as extremely dangerous risk category; ****“0” represents “no 
PHI value” due to no reported polymer. PHI: Polymer hazard index.

Table 2. Detailed information for microplastic polymers detected in this study, including monomer, density, usage, and score

Polymer Monomer Number of articles corresponding to the 
polymer Main/common application Score

Polyethylene Ethylene 180 Toys, bottles, pipes, house ware, etc. 11

Polypropylene Propylene 246 Food packaging, etc. 1

Polyamide Adipic acid 75 Bearings, automotive applications, etc. 47

Polystyrene Styrene 96 Plastic cup, food packaging, spectacles 
frame, etc.

30

Polyethylene 
Terephthalate

Ethylene glycol 98 Packaging and textile production 4

Polyester Monoethylene 
glycol

47 Fabrics, textiles production, etc. 3

Polyurethane Propylene oxide 15 Upholstery, sports mats, packaging bags, 
etc.

7328

environment[76]. Moreover, the majority of the countries in the water matrix have also been indicated as 
extremely dangerous (red) due to high concentrations of microplastics in each country, whereas others, 
such as Cambodia, Myanmar, Brunei, and Laos, did not report the polymer identified in this sample matrix 
[Figure 9C]. The predominant risk level (orange) was reported for other matrices depicted in Figure 9D, 
where a low number of microplastic studies were reported in each country; this indicates that the majority 
of the countries are considered to be in danger. However, Malaysia, Cambodia, and Myanmar stand out as 
areas classified as extremely hazardous (red) based on the PHI. The microplastics that were found could 
have come from other regions. This is due to the fact that microplastics can travel large distances by wind, 
water currents, and even migratory animals[128]. As a result, nearby areas may be subjected to similar sources 
of microplastic contamination, such as rivers, ocean currents, and industrial activity. From the evaluation 
that has been made, we have concluded that higher hazard scores of the polymers may result in higher 
values of PHI, even if the microplastic concentration is low. Nevertheless, we cannot overlook the 
significance of the lowest hazard scores linked to polymers like PP, PE, and PET, given their widespread 
presence in environmental matrices. When evaluating the risk of microplastic pollution, even materials with 
lower hazard scores must be considered, as their potential environmental impact becomes significant when 
they are in high concentrations and/or abundances. This, in turn, contributes to a certain level of 
environmental risk as reflected in the PHI, while PHI alone cannot be the dominant parameter for 
ecological assessment and in calculating the hazard index of microplastics. This is because microplastics can 
also absorb persistent, bioaccumulative, and toxic contaminants from the environment, thus potentially 
leading to hazards from co-pollutants. These contaminants may include plastic additives, which are 
chemicals added during the manufacturing of microplastics[129]. The ingestion of microplastics and the 
accumulation of these contaminants have been a concern for the potential hazards of microplastics in 
aquatic environments, especially marine environments[1,130]. However, adverse effects of microplastic 
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Figure 9. Visualized hazard scores based on Polymer hazard index in environmental matrices. (A) Biota; (B) Sediment; (C) Water; (D) 
Others.
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ingestion have only been observed in laboratory conditions at high exposure concentrations. Further 
research is needed to fully understand the contribution of plasticizers to the hazard of microplastics, as well 
as incorporating other related risk assessment calculations such as measured environmental concentration 
(MEC) and predicted no-effect concentration (PNEC) that are widely used for chemical compounds.

CONCLUSION
The objective of this study was to assess the comprehensive contamination status of microplastics in the 
Southeast Asia region, considering four matrices - water, sediment, biota, and others. The overall results 
revealed that microplastic pollution poses a high risk to water, sediment, biota, and other matrices in the 
Southeast Asia region. The detection of a high concentration of microplastics within an ecosystem suggests 
a significant environmental impact. Microplastics can enter ecosystems through various avenues such as 
industrial discharges, improper waste disposal, and degradation of larger plastic items. The fact that the 
research is conducted mainly in water, followed by sediment and biota or living organisms within the 
ecosystems, indicates that researchers in Southeast Asian countries are interested in understanding how 
microplastics are distributed in the ecosystem and how they enter the food web, especially the fate and 
transport of these emerging contaminants. Additionally, biota can serve as indicators of the overall health of 
an ecosystem, and the presence of diverse polymer types in these organisms may have implications for the 
entire ecosystem. The size of microplastics is indeed a crucial factor in understanding their environmental 
impact. SMP are the predominant size category of microplastics found in Southeast Asia, with biota 
matrices being the most common habitat for these particles. Additionally, fiber was the predominant 
microplastic shape found in Southeast Asia. Increased fishing-related activities, shipping activities, and 
anthropogenic activities in the coastal areas of Southeast Asia may serve as potential contributors. The 
findings additionally confirmed the presence of PE as the dominant type of microplastic polymer. The PHI 
toxicity and hazard readings of microplastics in the Southeast Asian region were found to have increased 
with the presence of high hazard scores of the polymers (PU, PA, and PS). Overall, our results indicated that 
water, sediment, biota, and others in Southeast Asia are at a high-risk level due to microplastic pollution. 
However, the different reporting units for microplastic abundance prevent the calculation of pollution load 
index (PLI) and potential ecological hazard index (PEHI) in environmental matrices within this review. 
Therefore, it is essential to apply specific methods to assess ecological risks across various research areas in 
Southeast Asian countries, to enable the identification of the pollution status in the study area, and the 
precise estimation of microplastics in the environment. Southeast Asia has a major issue with microplastic 
pollution, underscoring the critical need for effective waste disposal and consumption reduction to mitigate 
environmental risks and safeguard seafood in the region, as specified by the Coordinating Body on the Seas 
of East Asia (COBSEA) Regional Action Plan on Marine Litter and ASEAN Regional Action Plan for 
Combating Marine Debris. More rigorous studies and continuous monitoring are needed from all countries 
and authorities to establish a “safe standard” or “acceptable limit” for microplastic contaminants, as well as 
other related regulations for food security and environmental health. Nevertheless, it is envisioned that 
these data can aid in baseline assessments and address microplastic pollution at specific locations and in 
various regions of Southeast Asian countries.

GAPS OF EXISTING STUDIES AND FUTURE OUTLOOK
This study highlights the variability in the units used for reporting, thus presenting challenges in 
establishing a standardized baseline for assessing microplastic pollution in Southeast Asian countries. For 
instance, the concentrations of microplastics in water may be denoted as items per liter (items/L) or items 



Page 17 of Ali et al. Water Emerg Contam Nanoplastics 2024;3:12 https://dx.doi.org/10.20517/wecn.2023.73 23

per cubic meter (items/m3). Meanwhile, sediment samples may be expressed as items per gram (items/g), 
items per kilogram (items/kg), or items per square meter (items/m2), and biota samples may be presented as 
items per gram tissue (items/g) or items per individual (items/individual), as discussed earlier in this review. 
This inconsistency poses a difficulty in applying the PLI and PEHI measurements for the evaluation of 
microplastic risk assessments, as both methods rely on a standardized measure of abundance for accurate 
comparisons. However, achieving uniformity in reporting units is rather challenging due to the inherent 
variations in each matrix that have been discussed earlier. Apart from the lack of consistency in reporting 
units, the divergence in methodologies across research papers poses a significant challenge[131-133]. Some 
studies attribute their methods to organizations like National Oceanic and Atmospheric Administration 
(NOAA), Group of Experts on the Scientific Aspects of Marine Environmental Protection (GESAMP), or 
Intergovernmental Oceanographic Commission of the Western Pacific (IOC-WESTPAC), while others do 
not specify their sources. This discrepancy complicates the organization of data according to the methods 
employed, hindering our ability to compare the efficacy of various microplastic sampling methods. 
Furthermore, there is an inconsistency in the nomenclature of shapes; for instance, the term “pellet” is used 
interchangeably with “granular”, “sphere”, “beads”, “grains”, “nurdles”, “nibs”, and other variations. 
Additionally, this variation in naming conventions can lead to confusion, making it challenging to 
accurately categorize and analyze microplastic shapes. Furthermore, certain publications fail to specify the 
polymer type of the observed microplastics. Typically, the confirmation for the presence of small particles in 
various samples (e.g., water, sediment, human cells, air, plants) requires testing through analytical 
techniques such as Fourier Transform Infrared (FTIR), micro-FTIR, micro-Raman spectroscopy, or 
pyrolysis-gas chromatography/mass spectrometry (Py-GC/MS) to identify the associated polymers. 
However, studies with polymer information did not specifically identify the polymers’ assignation based on 
the shape or color of microplastics found, which could possibly be due to the limitations in costs or 
resources.

Finally, there is also an absence of information regarding the variations in geological locations for 
microplastic sampling, which can significantly impact the chosen sampling methods. Different countries 
exhibit diverse geological features, influencing the design of the sampling methodologies. For instance, 
when comparing research on microplastics in water from mangrove and sea areas, the methodologies 
employed may differ. The collection of water samples in mangrove areas often involves the use of the bucket 
method, while a towing method is commonly employed in sea water or riverine water sampling. 
Consequently, the observed abundance of microplastics between these two methods may yield disparate 
outcomes. The lack of consistency in methods makes it difficult to develop a comprehensive picture of the 
distribution and quantity of microplastics. The complexity of the problem is further increased by Southeast 
Asia’s varied ecosystems and climate, and influenced by variables including seasonal fluctuations and 
anthropogenic activity. Large-scale, thorough studies may be difficult to carry out in some of the region’s 
countries due to a lack of funding and expertise in research infrastructure. For instance, while other 
Southeast Asian countries are making progress in microplastic research, there is no information in the 
literature regarding microplastic contamination in East Timor. Similarly, little information has been 
obtained from Laos, Brunei, Myanmar, and Cambodia.

Additionally, researchers in the Western region have discovered that risk assessments of microplastic 
polymers are important for assessing their risk to ecosystems and human health; however, in practice, 
comparing the pollution hazard index of microplastics can be difficult for several reasons, including the 
diverse nature of microplastics and the variety of factors that must be considered in assessments, as has been 
highlighted in this review. Apparently, no standardized techniques have been established to determine the 
ecotoxicity of microplastics in the Southeast Asia region. Different studies may use different methodologies 
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to estimate the risks and hazards, making direct comparisons of results challenging. Moreover, the long-
term effects of microplastic exposure are also unknown. While short-term studies can provide information, 
the long-term consequences of microplastics on ecosystems and organisms are still being studied. To 
address these issues, continued research should focus on developing standardized procedures for 
microplastic risk evaluation, understanding the toxicity of various polymer types, and taking into account 
the larger ecological context in which microplastics are commonly discovered. Future investigations should 
also prioritize the study of microplastics within terrestrial ecosystems, with a specific emphasis on 
agricultural land. This focus is essential for advancing our understanding of the biogeochemical dynamics of 
microplastics in soil-plant systems and for conserving terrestrial and agricultural ecosystems.

The aforementioned studies of microplastics in the Southeast Asian region have a number of difficulties and 
constraints. While the trend of microplastic research in the region is in line with other research pertaining 
to microplastics globally, there is also a notable lack of studies focusing on spatial, temporal, and 
interconnected correlational studies of the matrices within Southeast Asia’s environmental ecosystems. As 
such, little is known about how microplastics are transported within the diverse matrices. Factors such as 
biological interactions, sedimentation process, and water currents might influence the microplastic 
distribution, transport, and fate in the region. Therefore, to overcome these limitations, there is a serious 
need for regional and international harmonization, for instance, in working on standardized procedures, 
providing more financing/funding, participating in regular monitoring, and sharing capacity in building 
strong research networks that will expand the knowledge of the scope and effects of microplastic pollution 
in Southeast Asia. This gap is significant, especially considering the devastating impacts of microplastics on 
marine ecosystems, health issues, and biodiversity destruction resulting from a substantial increase in plastic 
pollution on land and in marine environments in the Southeast Asia region. Therefore, collaboration 
between scientists, policymakers, and environmental organizations is critical for obtaining a thorough 
understanding of the potential hazards connected with microplastics and developing effective mitigation 
methods.
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Abstract
Sewage treatment plants are designed to handle wastes that include several types of pollutants, including 
microplastics (MPs), which are synthetic polymer materials fragmented to sizes < 5 mm. Investigating the 
abundance and removal efficiency rates of MPs in wastewater treatment plants is important because the water 
body to which plant effluents are discharged may be adversely affected by the released MPs. Therefore, the 
abundance, characteristics, and removal of MPs at two sewage treatment plants located on the southwest coast of 
Norway are studied. Twenty-four samples were collected across two sampling sessions by using an ad hoc-
designed plastic-free water sampling device, which was improved by applying a cascade of certified stainless-steel 
sieves. A combined sequence of enzymatic and strong oxidative incubations was performed for sample 
preparation. The obtained samples were chemically characterized and quantified using thermoanalytical 
techniques. The overall amounts of polymers in the inlet wastewater and outlet water were 366-616 μg/L and 
34-57 μg/L, respectively, indicating an approximate MPs removal efficiency of 78%-85%. Polyethylene (≈ 36%-
68%), polypropylene (≈ 7%-48%), polystyrene (≈ 5%-6%), polyvinyl chloride (≈ 15%-26%), polyamide (≈ 2%), 
polymethacrylate (≈ 3%-4%), polycarbonate (≈ 2%), and polyethylene terephthalate (≈ 9%-32%) were detected 
in the investigated samples. In biosolids, the overall quantity of MPs was 3.8-5.5 mg/g dry weight across the two 
investigated sewage treatment plants. Polyethylene (≈ 24%-44%), followed by polyvinyl chloride (PVC) (≈ 11%-
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16%), and polyamide (≈ 2%-22%) were the most commonly recurring polymer types. The outcomes of this study 
indicate that MPs are removed efficiently from wastewaters. However, large amounts of MPs accumulate in 
biosolids. Therefore, sludge dumping management procedures need to be improved to lower the amount of MPs 
released into the environment through effluents and biosolids.

Keywords: Microplastics, sewage treatment plants, pyrolysis, sewage sludge

INTRODUCTION
The introduction of plastic materials into our everyday life has indisputably increased our quality of life. 
Owing to their intrinsic flexibility, plastic materials can be tailored to cater to a wide range of demands, 
resulting in increased production and usage of plastics in many applications worldwide. However, the 
massive release of plastic litter and its slow degradation rate are affecting the environment. Microplastics 
(MPs) are defined as plastics whose sizes are smaller than 5 mm (US NOAA)[1]. They may be either primary 
or secondary in origin. Primary MPs are manufactured intentionally and used in various applications, 
including cosmetics and industrial applications such as sandblasting and surface maintenance. Secondary 
MPs are generated by the photochemical and physical fragmentation of larger macroplastics[2]. While our 
understanding of the fate and effects of MPs in the marine environment is advancing, knowledge gaps 
pertaining to plastics in freshwater and terrestrial environments persist.

Sewage treatment plants (STPs) collect sewage from households, industries, and artisanal activities. MPs in 
sewage may originate from diverse activities, including washing of clothes, floor cleaning, mechanical street 
washing, plastic beads used in personal care products, and debris from other plastic objects accidentally or 
deliberately disposed into drains[3]. STPs are complex systems that employ chemical, physical, and biological 
processes to release an eco-friendly final discharge into terrestrial or aquatic environments. The existing 
STPs are not engineered to manage plastic microlitter[4]. A significant, but variable, fraction of the MPs 
arriving at an STP are retained in its final discharge[5]. Therefore, the effluents discharged by STPs have 
emerged as an important pathway for the entry of plastic microlitter into aquatic environments and, 
possibly, terrestrial environments through the spreading of sewage sludge on farmland[6]. Nevertheless, 
substantial data to assess the relevance of STP effluent as a contributor to plastic pollution are lacking, 
especially in relation to the data available for other sources.

The main objective of this research is to develop a standardized method for collecting, quantifying, and 
characterizing MPs to accurately estimate the inlet/outlet flux. The results of this work may help clarify the 
fate and behaviour of MPs in complex STP systems. The focus is on sewage sludge, a valuable byproduct of 
the sewage treatment process that is utilized in agricultural production.

MATERIALS AND METHODS
Sampling sites
This study was performed at two STPs, namely the North Jæren STP (NJ-STP) and Grødaland STP (GR-
STP), located in Rogaland County on the southwest coast of Norway. These plants employ different rinsing 
systems. The North Jæren STP mainly collects household wastewaters and subjects them to bar screening, 
grit removal, pre-aeration, primary sedimentation, chemical-physical treatment, and secondary 
sedimentation. Meanwhile, the Grødaland STP collects industrial discharges and subjects them to bar 
screening, grit removal, pre-aeration, primary sedimentation, activated sludge treatment, secondary 
sedimentation, and tertiary filtration. This plant has separate pretreatment systems for (a) food wastes from 
households and grocery chains; and (b) wastewater sludge, septic sludge, and other organic industrial 
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wastes. Samples were obtained through the filtration of influent and effluent wastewaters. An ad hoc 
designed stainless-steel device was engineered to filter large volumes of wastewater and separate plastic 
particles into two dimensional classes: > 300 µm (D1) and 300 µm < D2 < 10 µm [Supplementary Figure 1].

The sampling device consisted of two removable plain Dutch weave stainless-steel sieves having a diameter 
of 30 cm and mesh sizes of 300 and 10 μm, separately. The mesh screens were fixed at the two ends of a 40-
cm-long stainless-steel pipe to obtain a filter cascade with the largest mesh size at the top being the first 
filter unit in touch with the water sample. This design facilitated both the collection of a relatively large 
volume of wastewater and in situ fractionation of MPs. A flow meter was installed at the end of the device to 
precisely measure the volume of the sampled wastewater. The efficiency of the designed sampling device 
was validated using replicates of a 100-L tap water sample spiked with 900- and 50-μm-sized polyethylene 
particles obtained from Goodfellow Ltd. The contributions of each of the size classes of plastics to the 
spiking mixture were set by mass. To determine the efficiency of the sampling device, 200 mg of the Ø = 
900 μm particles and 40 mg of the Ø = 50 µm polyethylene (PE) particles were separately mixed with 100 L 
of tap water to prepare each replicate. These replicates were subsequently filtered. Thereafter, the filters 
were removed and dried in an oven at 50 °C for 3 h. The recovered MPs were transferred to an appropriate 
stainless steel membrane and weighed, and the sampling efficiency of the device was estimated using 
Equation (1).

Sampling
The inlet raw water and the outlet wastewater of the two studied STPs were sampled in March and July 
2017, and three replicates/site per sampling session were obtained. To reduce any potential variability 
associated with rain regimes or possible changes in the main flux entering the STPs, the sampling process 
was repeated for two days. The obtained samples were pooled together. Different volumes of untreated and 
treated wastewater were sampled [Supplementary Table 1]. As the sampling process, wastewater was 
pumped from the water stream into the sampling device by using a submersible stainless-steel pump 
coupled to a rotating bronze head. Influents were collected after the wastewater was passed through a coarse 
screen (1 cm mesh size) to prevent larger debris from clogging or damaging the pump head. Depending on 
the status of the wastewater, each sampling event lasted 1-2 h with a maximum flow rate of 5 L/min. After 
each sampling session, both filters were removed, and their contents were quantitatively transferred to pre-
cleaned glass jars by back-flushing the filters and using pre-burned stainless-steel spatulas. To prevent any 
possible cross-contamination, the sampler was flushed with tap water between sampling events. In total, 24 
samples were collected in this study.

Furthermore, a total of 5 L of 5-day digestates were collected from both STPs by pooling together aliquots 
from the dryer at intervals of five days. The sewage sludges generated by both STPs were further subjected 
to anaerobic digestion, leading to a decrease in the proportion of organic material by approximately 50%. 
The anaerobic digesters of both plants received a certain amount (approximately 10% of the dry mass or 
DM input) of external material, such as sewage sludge, sludge from the aquaculture industry, and food 
waste, which may have contributed its own MP load. Generally, at the GR-STP, the digestate is dewatered 
and utilized in agriculture as a soil amendment. Meanwhile, at the NJ-STP, the digestate is dried at 105 °C to 
approximately 90% DM, additional plant nutrients are added, and the product is marketed as an organic or 
organic-mineral fertilizer. The anaerobic digestion and dewatering processes were not likely to affect the 
MP, but at 105 °C, the effects of these processes on MP shape and degradation cannot be ignored. These 
effects have not been investigated thus far. Solid samples were collected either as dried digestate (NJ-STP) or 

Efficiency (%) = (mass of recovered particles/mass of added particles) × 100                           (1)

https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202405/wecn2063-SupplementaryMaterials.pdf
https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202405/wecn2063-SupplementaryMaterials.pdf
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dewatered digestate (GR-STP). Five litres of digestate samples were collected on five different days from 
both STPs, and equal aliquots of all samples were pooled and used for analysis. Sample collection was 
performed using a stainless-steel shovel, and the collected samples were homogenized and stored in glass 
containers under dark and cold (-20 °C) conditions before further processing. The storage containers were 
rinsed with Milli-Q and muffled at 500 °C for 3 h beforehand.

Sample preparation
Wastewater
The material trapped by the filter was dried in an oven at 60 °C for 72 h and weighed thereafter. To remove 
natural organic and inorganic materials before the characterization and quantification analyses of the plastic 
fragments without damaging their polymer structure, samples were prepared by enzymatic digestion 
followed by iron-catalysed oxidation incubation in sequence. All the applied enzymes (Sigma Aldrich, 
Germany) were of technical grade and filtered (0.2 µm) before use. The sample purification process was 
started by adding 10 mL of sodium dodecyl sulphate (SDS) (5% w/vol) per gram dry weight (DW) of the 
sample. The samples were then placed in a 300-mL beaker and incubated at 50 °C for 6 h. The SDS-
incubated samples were vacuum-filtered on a pre-muffled (500 °C, 3 h) 125 mL glass crucible filter (porosity 
4, ROBU, Germany). The digestates were vacuumed off and the remaining material trapped on the sintered 
glass filtration surface was rinsed by flushing it with 50 mL of GF/A-filtered (1.2 µm) ultrapure water. 
Approximately 10 mL of a Viscozyme and Cellulclast mixture per gram of sample DW (1:10; v:v) in acetate 
buffer (0.1 M; pH 4.8) was added to the same crucible, and the resulting sample was placed in an ultrasound 
bath for 5 min and incubated for 36 h at 50 °C. The digestates were then vacuumed off using the same 
crucible filter, and the residual material was rinsed again with 50 mL of ultrapure water, digested for 48 h at 
30 °C with 10 mL of protease per gram of sample DW (Sigma, Germany) in PBS (1:10 at pH 7.4), vacuumed 
off, and rinsed with ultrapure water. The digestates were then filtered through the crucible, and the residual 
material rinsed again with 50 mL of ultrapure water, incubated for 48 h at 30 °C with 50 mL of lipase in PBS 
(1:5 at pH 7.4), vacuumed off, and rinsed with Milli-Q. The digested material was then filtered through the 
crucible surface, and the residual material rinsed again with 50 mL of ultrapure water, incubated for 12 h at 
40 °C with 50 mL of lignin peroxidase and laccase enzymes in tartarate buffer (1:5 at pH 3.0), vacuumed off, 
and rinsed with ultrapure water. Finally, the residual organic material was oxidized by performing the iron 
(II)-catalysed hydrogen peroxide (H2O2) reaction (Fenton reaction). H2O2 and iron (II) were added to final 
concentrations of 250 g/L and 2.5 g/L, respectively[7]. The pH of the mixture was adjusted to ~3 with NaOH. 
The crucible was kept in an ice bath to maintain the temperature between 30 and 40 °C. The oxidized 
material was vacuumed off, and the residual iron was washed away from the crucible’s surface by flushing it 
with 100 mL of 0.5 M HCl solution and 50 mL of Milli-Q thereafter.

Digestates
The digestate samples stored in glass containers were dried in an oven at 105 °C for 3 days (Thermolab, 
Norway). The residual water contents of the dehydrated samples were estimated to assess any possible 
dilution effects of the reagents and enzymes by following the procedure of Gomiero et al.[8]. Homogenized 
digestate sample aliquots of 50 g (n = 5) were subjected to a sequential combination of enzymes followed by 
strong oxidation treatment before chemical characterization of the processed samples. The samples were 
initially spiked with 50 μg of d4-PE, was used as an internal standard for all the target plastics because they 
were extracted using the same method. All the mass concentration values of the sludge analysed in this 
study were corrected for the recovery percentages of the internal standard, which ranged from 76% to 92%. 
Sample preparation started with the addition of 10 mL of SDS (5% w/vol) per gram DW of the sample. The 
samples were placed in a 1-L beaker and treated at 50 °C for 6 h on a Gallenkamp Incubator Shaker 
(BioNordika, Norway). The SDS-incubated samples were vacuum-filtered using a sintered glass filter funnel 
with a volume of 1 L (porosity 4, VWR, Norway). The digestates were vacuumed off, and the remaining 
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material trapped on the sintered glass filtration surface was rinsed by flushing it with 100 mL of filtered 
ultrapure water. Then, 100 mL of a mixture of Viscozyme and Cellulclast per gram of sample DW (1:5, v:v) 
in acetate buffer (0.1 M; pH 4.8) was added to the same crucible, and the sample was sonicated for 5 min 
and digested for 48 h at 50 °C. The digestates were then filtered using the same crucible, and the residual 
material was rinsed again with 100 mL of ultrapure water, incubated for 48 h at 30 °C with 100 mL of 
protease per gram of sample DW (Sigma, Germany) in PBS (1:5 at pH 7.4), filtered, and rinsed with Milli-Q. 
The digestates were then filtered, and the residual material was rinsed again with 100 mL of Milli-Q, 
incubated for 48 h at 30 °C with 100 mL of lipase in PBS (1:5 at pH 7.4), filtered, and rinsed with Milli-Q. 
The digested material was then filtered, and the remaining material was rinsed again with 100 mL of 
ultrapure water, incubated for 12 h at 40 °C with 100 mL of lignin peroxidase and laccase in tartarate buffer 
(1:5 at pH 3.0), vacuumed off, and rinsed with 100 mL of ultrapure water. Finally, the residual organic 
material was oxidized by performing the Fenton reaction as described above. Approximately 100 mL of 30% 
peroxide and 2.5 g/L of iron (II) sulphate were added. The oxidized material was filtered, and the residual 
iron was washed off the crucible surface by flushing it with 100 mL of 0.5 M HCl solution, followed by 
50 mL of Milli-Q. Finally, the contents of the crucible were transferred quantitatively to a fiberglass filter 
(0.7 μm) by following the procedure of Gomiero et al. and dried on a glass Petri dish[8]. The 25 mm (Ø) filter 
surface containing the sample was circularly pressure cut to a final diameter of 10 mm, folded, and 
transferred into a pre-burned pyrolysis cup. The obtained sample was pyrolyzed after adding 10 µL of 25% 
TMAH.

Analysis of plastics
Pyrolysis gas chromatograph mass spectrometer (GCMS) measurements were performed using a Shimadzu 
Optima 2010C GCMS equipped with an Rxi-5ms column (RESTEC, Bellefonte, PA) and coupled to a multi-
shot pyrolizer [EGA/PY-3030D, Frontier Lab (Supplier: BioNordika, Norway)], as previously reported[7]. 
Pyrolysis was performed at 590 °C. Eight polymers, namely polycarbonate (PC), polypropylene (PP), 
polyvinyl chloride (PVC), polystyrene (PS), polymethyl methacrylate (PMMA), PE, polyethylene 
terephthalate (PET), and polyamide (PA)6, were selected for chemical characterization and quantification. 
Standards of polymers with purity > 99% were purchased from Goodfellow Ltd. (Huntingdon, England). 
These standards were used to set up the calibration and quantification curves. To identify and quantify the 
target plastics, specific indicator ions were selected, as described and identified previously [Supplementary 
Table 2][7]. For calibration, between 0.2 and 420 µg of the polymer standards were weighed using an XPE205 
DeltaRange Mettler Toledo balance (Germany).

In the water and sludge samples, d4-PE was used as the internal standard. All mass concentration values 
reported herein were adjusted for recovery of the internal standard added to the samples before extraction. 
Internal standard recoveries ranged from 81% to 94 %. The limit of detection (LoD) was calculated as 
described by Hermabessiere et al.[9].

Quality control/Quality assessment
Synthetic clothing was avoided by the personnel involved in this study. The use of glass materials was 
prioritized during sample preparation, and all work surfaces were cleaned with ethanol filtered over a 
0.2 mm sieve. Before usage, all lab materials were rinsed with deionized water and ethanol; thereafter, they 
were covered with aluminium foil. Throughout sample preparation, blanks were used to evaluate sample 
contamination, as suggested in the literature[10,11]. Any potential airborne contamination was assessed by 
placing membrane filters on pre-cleaned petri dishes in the workspace for several hours. The membranes 
were analysed as controls[12]. Procedural blanks consisting of 100 L of filtered (10 µm mesh size) tap water 
were treated and analysed simultaneously with the STP samples by using the same reagents at the same 
volumes.

https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202405/wecn2063-SupplementaryMaterials.pdf
https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202405/wecn2063-SupplementaryMaterials.pdf
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Calculations
The removal efficiency of plastics with sizes > 10 μm was calculated using the following formula:

RESULTS
The effectiveness of the designed sampler was confirmed using 50-µg spikes of the 900- and 50-µm-sized PE 
particles. The calculated recoveries ranged from 83% to 99%, indicating the suitability of the designed 
sampling device for the present study [Supplementary Table 3].

Some of the procedural blanks and airborne control samples of plastics were found to be slightly 
contaminated with plastics. Such contamination consisted predominantly of PE (≈ 11 µg) and PS (≈ 9 µg) 
[Tables 1 and 2]. The data were not corrected based on the observed levels of contamination in the 
procedural blanks and airborne contamination controls. MPs were promptly detected in the influents and 
effluents of both STPs [Table 1]. All the target plastics, namely PE, PP, PS, PVC, PA, PMMA, PC, and PET, 
were detected in the investigated samples, indicating the omnipresence of plastics in the wastewater system. 
The total amount of MPs in the NJ-STP influent varied from 616 to 693 µg/L in the spring and summer 
sampling sessions, respectively. PE (44%), followed by PET (20%), PVC (15%), and PP (7%), were the most 
common polymer types in the influent waters obtained in the two sampling sessions [Figure 1A].

Significantly lower levels of plastics were observed in the effluent water, and most of the targeted polymers 
(PP, PS, PVC, PA, PMMA, and PC) were present in quantities lower than their detection limits. The total 
quantities ranged from 35 µg/L in the samples obtained in the spring sampling session to 54 µg/L in the 
samples obtained in the summer sampling session. In both cases, PE (68%) and PET (31%) were the most 
abundant polymers released into aquatic bodies. Similarly, the total amounts of MPs in the GR-STP influent 
samples obtained in the spring and summer sampling sessions were 366 and 412 µg/L, respectively. PE 
(40%), followed by PP (25%), PVC (19%), and PET (10%) were the most abundant polymers in the influent 
water samples obtained in the two sampling sessions [Figure 1B].

Significantly lower levels of plastics were observed in the effluent water, and most of the targeted polymers 
such as PS, PA, PMMA, PC, and in some cases, PET, were not detected. The total quantity of plastics ranged 
from 43 µg/L in the sample obtained in the spring sampling session to 57 µg/L in the sample obtained in the 
summer sampling session. At both STPs, PE (36%-51%), followed by PP (36%-48%) and PVC (26%), were 
the most abundant polymers released into marine water bodies. In terms of plastic polymer removal from 
wastewaters, the overall efficiencies of the NJ-STP were 78% and 83%, respectively, in the spring and 
summer of 2017. Overall, the removal efficiency of PVC was the highest (≈ 94%), followed by those of PP 
(≈ 90%) and PE-PP-PET (≈ 88%); by contrast, the least efficiently removed polymer was PMMA (≈ 70%). 
The removal efficiencies of GR-STP were similar at 85% and 83%, respectively, in the spring and summer of 
2017. PE and PET were the most efficiently removed polymers from the aqueous phase (87%). The two 
STPs differ considerably in terms of catchment area composition. The NJ-STP serves a mostly urban area 
with a population of around 250,000 people, whereas the GR-STP serves a semi-rural population of 5,000 
people and an area with a concentration of food industry units. The overall wastewater loads are 
approximately 42 and 1.7 mln m3 per year, respectively, resulting in a total annual discharge of 100 kg and 
1.4 tons of MPs to the sea (Eastern North Sea) [Figure 2].

Given the lower population density in the GR-STP catchment area, the discharge of MPs per person from 
this STP is approximately three times that in case of the NJ-STP [Figure 3].

Removal efficiency (%) = (Influent concentration - effluent)/Concentration Concentration influent × 100.

https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202405/wecn2063-SupplementaryMaterials.pdf


Page 7 of Gomiero et al. Water Emerg Contam Nanoplastics 2024;3:13 https://dx.doi.org/10.20517/wecn.2023.63 14

MPs: Microplastics; NJ-STP: North Jæren sewage treatment plant; GR-STP: Grødaland sewage treatment plant; PE: polyethylene; PP: 
polypropylene; PS: polystyrene; PVC: polyvinyl chloride; PA: polyamide; PMMA: polymethyl methacrylate; PC: polycarbonate; PET: polyethylene 
terephthalate.

Table 2. Estimated fluxes of MPs in NJ-STP and GR-STP

NJ-STP GR-STP

MPs generated, mg/m3 wastewater 655 0.19

MP discharged to sea, mg/m3 wastewater 45 0.02

MPs generated per p.e. (g/p.e. × year) 62 0.27

MPs discharged to sea per p.e. (g/p.e. × year) 4 0.03

MPs: Microplastics; NJ-STP: North Jæren sewage treatment plant; GR-STP: Grødaland sewage treatment plant.

The differential compositions of the catchment areas allowed for a further comparison between the 
contributions of households and the food industry to the MP loads. Assuming that the MP contribution per 
household was the same in the two catchment areas, the NJ-STP figures (mostly household) indicate that 
the contribution of the food industry was the dominant driver of MPs in the GR-STP influent. The industry 
contributed an organic load corresponding to approximately 105,000 p.e. (of the total of 110,000 p.e.) to the 
GR-STP influent. As presented in Table 2, the MP contribution of the food industry as determined from the 
GR-STP influent sample was negligible compared to that of the household influent sample collected from 
the NJ-STP. All the analysed digestate samples contained all the targeted polymers. In the digestate solids 
collected from the NJ-STP, the total amount of polymers ranged from 5.2 mg/g in the sample obtained in 
the spring sampling session to 5.5 mg/g DW in the sample obtained in the summer sampling session 
[Table 3]. In case of the NJ-STP, PE was the most commonly recurring polymer in the digestate samples 
collected in the spring sampling session, accounting for ≈ 40% of the total MPs, followed by PET (≈ 19%), 
PVC (≈ 16%), and PP (≈ 7%) [Figure 4A].

The relative proportions of polymers in the summer samples obtained from the two plants were 
approximately the same, with only non-significant variations between the samples. In the digestates 

Table 1. Occurrence and distribution of MPs in influent and effluent waters of NJ-STP and GR-STP

NJ-STP Concentration µg/L

PE PP PS PVC PA PMMA PC PET ∑

Influent March-17 271 ± 15 48 ± 4 32 ± 6 96 ± 5 12 ± 3 21 ± 4 11 ± 4 125 ± 7 616 ± 34

Effluent March-17 24 ± 5 < 10 < 8 < 15 < 10 < 15 < 11 11 ± 3 35 ± 9

Influent July-17 311 ± 12 55 ± 3 36 ± 7 110 ± 12 13 ± 2 24 ± 4 < 11 143 ± 12 692 ± 31

Effluent July-17 37 ± 8 < 10 < 8 < 15 < 10 < 15 < 11 17 ± 3 54 ± 12

Procedural blanks (n = 10) < 10 < 10 < 8 < 15 < 10 < 15 < 11 < 10

Airborne contamination control (n = 20) 11 < 10 9 < 15 < 10 < 15 < 11 < 10

GR-STP Concentration µg/L

PE PP PS PVC PA PMMA PC PET ∑

Influent March-17 147 ± 13 91 ± 5 23 ± 6 70 ± 7 < 10 < 15 < 11 35 ± 4 366 ± 23

Effluent March-17 22 ± 5 21 ± 3 < 8 < 15 < 10 < 15 < 11 < 10 43 ± 8

Influent July-17 165 ± 13 105 ± 10 26 ± 5 75 ± 4 < 10 < 15 < 11 41 ± 8 412 ± 5

Effluent July-17 21 ± 5 21 ± 2 < 8 15 ± 3 < 10 < 15 < 11 < 10 ± 2 57 ± 5

Procedural blanks (n = 10) < 10 < 10 < 8 < 15 < 10 < 15 < 11 < 10

Airborne contamination control (n = 20) < 10 < 10 < 8 < 15 < 10 < 15 < 11 < 10
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MPs: Microplastics; NJ-STP: North Jæren sewage treatment plant; GR-STP: Grødaland sewage treatment plant; DW: dry weight; PE: polyethylene; 
PP: polypropylene; PS: polystyrene; PVC: polyvinyl chloride; PA: polyamide; PMMA: polymethyl methacrylate; PC: polycarbonate; PET: 
polyethylene terephthalate.

Figure 1. (A) Relative abundance of polymers in the inlet and outlet waters of NJ-STP; (B) Relative abundance of polymers in the inlet 
and outlet waters of GR-STP. NJ-STP: North Jæren sewage treatment plant; GR-STP: Grødaland sewage treatment plant.

collected from the GR-STP, the total quantity of polymers ranged from 3.5 mg/g in the spring samples to 
3.0 mg/g DW in the summer samples. Similar to the results of the samples obtained from the NJ-STP, PE 
was the predominant plastic detected in the GR-STP digestate samples with a mean concentration of 1.2 
mg/g DW and a relative contribution of ≈ 24% to the sum of all plastics. PA (0.86 mg/g), PP (0.78 mg/g), 
and PVC (0.55 mg/g) were the second (≈ 22%), third (≈ 20%), and fourth (≈ 14%) most recurring polymers 
in the biosolid samples [Figure 4B].

Table 3. Occurrence and distribution of MPs in biosolids of NJ-STP and GR-STP

NJ-STP Concentration mg/g DW (n  = 3)

PE PP PS PVC PA6 PMMA PC PET ∑

Sludge March-17 2.33 ± 0.15 0.41 ± 0.21 0.27 ± 0.09 0.82 ± 0.22 0.19 ± 0.10 0.17 ± 0.09 0.08 ± 0.02 1.0 ± 0.1 5.2 ± 0.5

Sludge July-17 2.33 ± 0.21 0.47 ± 0.25 0.31 ± 0.08 0.94 ± 0.31 0.10 ± 0.10 0.19 ± 0.08 0.05 ± 0.01 1.2 ± 0.2 5.5 ± 0.5

Procedural blanks (n = 5) < 0.1 < 0.1 < 0.05 < 0.2 < 0.1 < 0.12 < 0.05 < 0.1

Airborne contamination
control (n = 5)

< 0.1 < 0.1 < 0.05 < 0.2 < 0.1 < 0.12 < 0.05 < 0.1

GR-STP Concentration mg/g DW (n = 3)

PE PP PS PVC PA6 PMMA PC PET ∑

Sludge March-17 1.09 ± 0.05 0.67 ± 0.06 0.17 ± 0.05 0.52 ± 0.05 0.97 ± 0.1 0.14 ± 0.05 0.07 ± 0.02 0.9 ± 0.1 3.6 ± 0.2

Sludge July-17 1.23 ± 0.06 0.78 ± 0.09 0.19 ± 0.08 0.55 ± 0.08 0.86 ± 0.1 0.13 ± 0.07 0.05 ± 0.03 0.1 ± 0.1 3.0 ± 0.3

Procedural blanks (n = 5) < 0.1 < 0.1 < 0.05 < 0.2 < 0.1 < 0.12 < 0.05 < 0.1

Airborne contamination 
control (n = 5)

< 0.1 < 0.1 < 0.05 < 0.2 < 0.1 < 0.12 < 0.05 < 0.1
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Figure 2. MPs discharged to sea, kg/year from NJ-STP and GR-STP. MPs: Microplastics; NJ-STP: North Jæren sewage treatment plant; 
GR-STP: Grødaland sewage treatment plant.

Figure 3. MPs (g/year) per equivalent person discharged to sea, kg/year by NJ-STP and GR-STP. MPs: Microplastics; NJ-STP: North 
Jæren sewage treatment plant; GR-STP: Grødaland sewage treatment plant.

The variation of plastic concentrations was rather low in terms of either individual plastics or the sum of all 
plastics. Therefore, the accumulation of plastics throughout the biosolid handling process can be considered 
comparatively homogeneous. The reproducibility and sensitivity of the proposed method were assessed by 
splitting one testing sample into five parallels that were analysed separately. Analytical reproducibility stood 
at RSD ≈ 15% across all detected plastics. Therefore, analytical variability was only a minor source of 
experimental uncertainty.

DISCUSSION
The results of several studies addressing the characterization and fate of MP litter in wastewater treatment 
systems, conducted using custom-made sampling devices and state-of-the-art analytical technologies, are 
available in the literature. However, in most cases, variations in filter selection, sampling frequency, and 
sample volume hinder comparisons of their results, underscoring the need to promote standardization or 
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Figure 4. (A) Relative abundance of polymers in digestates of NJ-STP; (B) Relative abundance of polymers in the digestates of GR-STP. 
NJ-STP: North Jæren sewage treatment plant; GR-STP: Grødaland sewage treatment plant.

harmonization of methodologies. Previous studies have assessed smaller volumes of STP inlet and outlet 
waters (≈ 50 L) compared to that in the present study. Carr et al. managed to process samples of up to 1 m3 
by using tubular filters with filter pore sizes of 45 and 180 µm, which were different from those used 
herein[13]. The selection of particle size cut-off significantly influences study outcomes, and high MP 
concentrations have been observed only when finer mesh sizes have been used[14,15]. In terms of analytical 
approaches, vibrational microscopy-oriented techniques such as micro-Fourier transform infrared analysis 
(µ-FTIR) and micro-Raman (µ-RAMAN) have been highlighted as robust and reliable methods for 
chemical characterization of samples, providing valuable information on the numbers, sizes, and shapes of 
plastic particles, along with their polymeric structures and relative abundances. In addition to vibrational 
microscopy-oriented analytical techniques, thermoanalytical methods such as pyrolysis coupled with gas 
chromatography mass spectrometry (pyr-GCMS) and thermal extraction-desorption gas chromatography 
mass spectrometry (TED-GCMS) have emerged as promising complementary techniques[16,17]. Although 
thermoanalytical approaches are destructive by nature, they facilitate accurate determination of MP mass, 
complementing particle-based characterization towards a better understanding of the extent of MP 
pollution. Because these techniques are designed to report mass-based results, they are particularly useful 
for wastewater treatment plant managers to study the budget, balance, and partition of plastic materials in 
complex hydraulic systems.
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In the present study, the pyrograms of the analysed water and biosolid samples highlighted the presence of 
all the targeted polymers such as PVC, PE, PS, PP, PC, PA6, PET, and PMMA. These polymer types have 
been commonly identified in the influents and effluents of STPs. In a recent review addressing the 
recognition, occurrence, and removal of plastic particles across 25 sewage treatment plants, Sun et al. 
demonstrated the occurrence of polyester (28%-89%), PE (4%-51%), and PA (3%-30%)[18]. Polyester and PA 
are extensively used in synthetic clothing, while PEs are used in cosmetics products, including scrubs and 
creams, as well as in food packaging films[19]. Polymers such as PP, PVC, and PS were observed with relative 
abundances spanning from 5% to 27%. These multipurpose polymers are heavily used in the food 
packaging, construction, house maintenance, and automotive production industries, and they are typically 
found in urban environments[20,21].

The total amounts of MPs and the relative abundances of polymers at the inlets of individual STPs differed 
significantly, with generally lower levels recorded in case of the GR-STP. This disparity in MP 
concentrations in the inlet waters of the two STPs likely reflects the compositions of the respective 
catchment areas, with the NJ-STP serving mainly private households, and the GR-STP serving a large 
cluster of food industry units. Probably, the former generates larger amounts of MPs from the washing of 
textiles, use of cosmetics, and various other household activities. Considering the overall wastewater loads, 
total discharges of 100 kg and 1.4 tons of MPs/year to the Eastern North Sea were estimated for the GR-STP 
and NJ-STP, respectively. Furthermore, the estimated levels of MPs in the effluent waters (45-50 µg/L) of 
both STPs could have adverse effects on marine life in the coastal area. Nanoplastic levels and MP levels 
exceeding 0.14 µg/L are expected to adversely affect 5% (HC5) of key species in the aquatic ecosystem, as 
reported by the Norwegian Scientific Committee for Food and Environment[22]. Nevertheless, the strong 
Norwegian Coastal Current rapidly dilutes the effluents and facilitates their long-range dispersion to larger 
water bodies, resulting in temporary and locally observable expected effects[23,24].

The overall plastic removal rates of the NJ-STP and GR-TP were 78%-83% and 83%-85%, respectively, with 
no significant differences between the two sampling sessions. Several studies have demonstrated reductions 
in MPs in STPs, with considerable differences in removal efficiencies. Lv et al. reported an overall removal 
rate of 53% for a full-scale STP located in Eastern China, which employs two parallel alternative wastewater 
treatment systems[25]. Akarsu et al. obtained removal efficiencies ranging from 57% to 96% for three STPs 
discharging effluents into Mersin Bay, Turkey[26]. Liu et al. documented an overall removal efficiency of 64% 
for a conventional activated-sludge STP in China[27]. Bayo et al. (2020) reported an efficient removal rate of 
90% for an urban wastewater treatment plant in Cartagena, Spain, that utilizes a system comprising a 
primary treatment facility and two activated-sludge reactors for sewage processing[28]. Yang et al. estimated a 
removal efficiency of 95% for the Gaobeidian STP in the Chaoyang District of Beijing; this STP is China’s 
largest water recovery plant[29].

The obtained results indicate that the majority of MPs in STPs are retained in the sewage sludge in various 
treatment steps. Similarly, Talvitie et al. calculated that only 20% of the MPs at the wastewater inlet were 
released through the STP outlet, while the remaining 80% were retained in biosolids[30]. Based on total 
biosolid production, the authors estimated that approximately 4.6 × 108 MPs were discharged daily from the 
Finnish STP. Li et al. (2018) estimated that 1.56 × 1,014 MPs per year enter the environment though reuse of 
the biosolids generated by a Chinese STP[31]. Carr et al. and Murphy et al. found that the biosolids generated 
by the skimming unit exhibited the highest abundance of MPs (4,000-7,000 MPs per kg WW), which was 
thousands of times higher than that in the grits and biosolids. These results indicate that the skimming stage 
of floating solids is an effective step for removing MPs[13,32]. Furthermore, laboratory studies strongly 
indicate that if sufficient removal of organic particulate materials is achieved, 98%-99% of incoming MPs of 
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all sizes can be removed from the effluent stream[33,34]. The results of these investigations have certainly 
increased our awareness of the MP problem at STPs. While national guidelines for the removal of MPs from 
wastewater are yet to be implemented, the expected EU Urban Wastewater Treatment Directive[35] will likely 
result in upgraded standards for wastewater treatment at both plants, possibly requiring the removal of MPs 
and other micropollutants. Additionally, the STPs have been informed about the existing efficiency of MP 
removal, as well as available technologies for monitoring in the future. In this manner, this study has 
undoubtedly contributed to improving our understanding of the characteristics of plastic particles in STP 
inlet waters and suggested potential mitigating steps that can be implemented. Moreover, the data obtained 
in this study have served as the starting point for an extensive survey of the effects of MPs in wastewater 
sludges and soils published by the Norwegian Water Association[36], thereby expanding the national 
knowledge base on MPs. Furthermore, these data have facilitated a preliminary correction of exaggerated 
estimates of MP transfer to soil, reducing the estimated amounts of MPs entering European soils from 60-
400,000 tons per year[37] to approximately 2,500 tons per year[38]. Overall conclusions based on investigations 
on the effects of MPs on plant growth and soil fauna[36] suggest that if sludge-based digestates are applied to 
soil in the amounts permitted by present legislation[39], the MPs concentrations observed in the present 
study will not have observable effects on soil fauna and plant growth in the short run, but long-term effects 
due to accumulation cannot be excluded. As a first step towards mapping the sources and routes of MPs 
entering and leaving STPs, this investigation provides interesting and useful data. Further efforts should 
focus on expanding the size range of collectable MPs in wastewater and sludge particles towards finer 
fractions (< 10 µm). MPs in the near-micron and nanometre range are expected to enter the body organs of 
living organisms more easily in aquatic systems and, subsequently, those of humans, eliciting diverse 
toxicological effects[40]. However, further investigations are needed to present a more complete map. The 
pursuit of such knowledge is advocated because it could aid the formulation of plastic pollution control and 
prevention measures.
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Abstract
An increasing global problem is the buildup of improperly handled plastic garbage in the environment. One of the 
biggest environmental issues facing aquatic ecosystems today is contamination from bulk plastics and plastic 
detritus. Specifically, microplastics (MPs) and nanoplastics, which are small-scale plastic waste, are now the main 
causes of pollution in freshwater and marine environments. On the other hand, contamination of aquatic systems is 
now acknowledged as one of the major environmental hazards facing our world. Currently, concerns have been 
raised regarding the breakdown of plastic products into micro and nanosized particles, because of the ineffective 
plastic waste management. To prioritize regions for mitigation policy implementation, it is critical to pinpoint the 
precise MPs’ transport mechanisms and the locations where trash is created. In order to show the historical and 
contemporary circumstances as well as forecasts and scenarios of global plastic waste management from now 
until 2060, we used continent-level data on trash management. This study, finally, presents a potential future 
scenario of estimates on the destiny, transport, and occurrence of plastic waste in aquatic habitats, highlighting the 
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different factors that trigger the transport of MPs into water and the necessity of rational management of plastic 
waste.

Keywords: Microplastics, nanoplastics, plastic pollution, aquatic environments, plastic waste management, future 
scenarios

INTRODUCTION
Plastics are currently a great material that is employed in many aspects of daily life, as they are utilized in 
nearly every industry, including packaging, vehicle, aquaculture, fisheries, biomedical, shipping, agriculture, 
building and construction, telecommunications, furniture, transportation, textiles, apparel, and personal 
care items. Because of their low weight, elasticity, resilience, flexibility, low cost, long-term persistence, 
corrosion resistance, high strength-to-weight ratio, and water-resistant qualities, plastics have supplanted 
more traditional materials such as glass and metals[1-3].

The number of anthropogenic stressors in aquatic media, including microplastics (MPs), is making a 
significant contribution to the increasing pollution of the environment[4]. Because plastic goods are used so 
widely in daily life, an increasing number of plastic particles - primary MPs - are making their way into the 
water. The global danger that MP pollution poses to human and ecological health is causing the public to 
grow more concerned about this issue[5,6]. According to the National Oceanic and Atmospheric 
Administration (NOAA) of the United States, fragments of any kind of plastic that are smaller than 5.0 mm 
can generally be categorized as MPs[7,8]. It is usual to use the mesh size of the neuston nets (333 μm or 
0.33 mm), which was used to collect the samples, even if the bottom limit (size) of the MPs is not stated[4]. 
The two main processes by which MPs are produced and discharged into a body of water are primary and 
secondary. MPs come from a variety of sources and have a wide range of features[4,7].

MPs are created when plastics undergo physical, chemical, mechanical, and biological degradation or break 
down into tiny fractions[9]. Due to their ongoing manufacture, non-biodegradable nature, persistence, and 
extended environmental life span, these plastics are tiny, ubiquitous particles that have been steadily 
accumulating in the environment[10]. According to Constant et al. (2020), they have been identified as one of 
the ten emerging pollutants in the United Nations Environmental Programme (UNEP) Year Book 2014 that 
may pose a hazard to the health of humans and other creatures across all biomes[11].

Scientists worldwide are increasingly concerned about the buildup of MPs in environmental components, 
with densely inhabited areas showing higher concentrations in lakes, rivers, estuaries, seas, and beaches[12,13]. 
Due to their tiny size, MPs can potentially affect human health when they enter the human food chain 
through the consumption of seafood and other terrestrial foods[14-17]. Furthermore, the disposal of plastic 
trash in municipal waste disposal systems generates toxic leachate, which can damage land and water[18]. 
Plastic trash will keep rising as a result of inappropriate waste management practices and unprecedented 
consumption of plastic items[13,19].

Global efforts are focusing on quantifying plastic pollution in seas and freshwater, as it affects marine life 
and people. The breakdown of macroplastics into MPs complicates identifying pollution sources and 
implementing mitigation strategies. Studying MP life cycles without estuaries undervalues their 
contribution to oceans[20]. Over the past 10 years, the relevance of MP debris in freshwater and marine 
ecosystems has increased[21,22]. The impact of MPs on aquatic organisms is underexplored, with plastic 
fragmentation primarily induced by weathering, similar to sunlight photodegradation. In marine 
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environments, plastics have a slower rate of degradation due to lower temperatures[21,23,24]. Mechanical 
elements like turbulence and wave action can fragment plastic debris, while improper disposal can cause 
secondary MP buildup in marine environments due to non-biodegradable synthetic polymers. 
Furthermore, the anerobic conditions required for the breakdown of biodegradable polymers are absent 
from saltwater[4,25,26]. Understanding the mechanisms affecting marine plastic trash dispersion and transit is 
crucial due to the heterogeneity of plastic particles and their non-linear behavior throughout the water 
column[27,28]. Variations in density, buoyancy, and residence durations that occur during the MP particle’s 
life cycle in the water are linked to discrepancies in their behavior[28].

The current focus of the study is to gain a better understanding of this behavior, as knowledge of these 
processes is essential for assessing ecological implications and potential health hazards to humans. 
Additionally, it helps develop policies and standards for managing coastal areas and put in place appropriate 
monitoring systems[29]. According to Hardesty et al. (2017), numerical models hold great potential for 
improving our understanding of plastics’ behavior in dynamic flow systems. Numerous intricacies linked to 
flow dynamics can be calculated using numerical models. Furthermore, developments in numerical 
methods and processing power have made it possible to apply fine grid resolution for the computation of 
precise and detailed flow patterns, which serve as MP drivers[28,30].

Thus, the goals of this work are to: (a) Review the manner in which fresh water is contaminated by various 
transport mechanisms; (b) summarize the primary transport mechanisms in the estuaries of some of the 
heavily polluted rivers or lakes that leak MPs into the seas, (c) to present MPs’ routes of transportation via 
several environmental divisions; (d) to correlate plastic waste management and MPs’ occurrence in water; 
and (e) to analyze the forecasts for plastics and MPs in water by 2060, taking into account the improper 
handling of plastic trash in the present and the upcoming years.

METHODOLOGY
This mini-review compiles findings from 100 studies about MP transport processes in rivers, lakes, and 
oceans. The terms “MPs” and “estuary” were combined with the following keywords to extract literature 
from the databases of Google Scholar, Scopus, and Web of Science: “transport”, “fate”, “plastic waste”, 
“nanoplastics”, “litter”, “migration behavior”, and “contamination”. The retrieved studies were categorized 
according to the transport mechanisms they covered. Each article located was released between 2010 and 
2023. Research addressing the movement of MPs in estuary sediments and water columns was incorporated, 
whereas studies examining the effects of MPs on estuarine biota were not. Moreover, research conducted in 
aquatic environments - such as lakes, rivers, and oceans - was also included.

We stopped our search when multiple pages of results in Scopus, Google Scholar, and Web of Science 
yielded no relevant papers. Since the search was focused on finding publications with literature reviews, case 
studies, book chapters, conference papers, postgraduate and doctoral theses, and papers written in 
languages other than English were all excluded. As a result, published articles were filtered using the 
previously indicated criteria (title, keywords, and abstract), and relevant publications were included in our 
collection. We reviewed the content of each article, paying particular attention to the abstracts and 
conclusions. The ideal reference criteria for systematic reviews and meta-analyses set by Moher et al. were 
used in this review paper’s research approach [Figure 1][31].

The datasets used in this paper have been taken by OECD Library Global Plastics Outlook as Excel files, and 
they provide estimates of plastic waste for the different global regions and/or continents. These datasets also 
provide estimates of plastic waste measured in millions of tons per year, per end-of-life fate after accounting 
for recycling losses and collected littering, etc.[32].
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Figure 1. Comprehensive workflow of the research project[31].

TRANSPORT MECHANISMS OF MPS IN FRESHWATER, RIVERS, LAKES AND MARINE 
ENVIRONMENTS
MPs’ occurrence and destiny are influenced by physical properties, environmental interactions, and 
meteorological and hydrodynamic factors. Factors like size, density, and morphology also influence their 
dispersion and sinking rates[33]. MPs, due to their size, shape, and durability, are easily transported by wind 
and water, influenced by human behavior, particle characteristics, weather, and environmental 
topography[34].

They can enter aquatic habitats through various routes, including runoff, garbage dumping, air deposition, 
and wastewater treatment plant outfall, as mentioned before. Although treatment plants can retain MPs and 
filter out some particles, they struggle with synthetic microfibers and nanoplastics[35,36]. Other MP entry 
mechanisms into terrestrial and aquatic environments relate to agricultural sources, including organic 
fertilizer products[37].The physical and chemical characteristics of MPs, substrate conditions, and 
hydrodynamics at the sediment-water interface affect their transit in lakes and rivers, with different origins 
affecting transport qualities, burial likelihood, and interactions[36,38].

Plastics and MPs can enter the environment through various channels, including terrestrial and marine-
based activities, as well as home or commercial drainage systems. For instance, tiny plastic beads commonly 
found in toothpaste, scrubs, and clothes can easily find their way into the aquatic ecosystem. Similar to this, 
clothing made of synthetic fibers sheds MPs, which end up as effluents in wastewater treatment facilities or 
water supplies[39]. Additional pathways for MPs to infiltrate the marine environment include storm drains, 
wind, and waves. Runoff carries some of them out to sea. Unfavorable weather conditions increase the 
deposit of macroplastic at shorelines, and the path often passes via landfills and marine recycling ports, 
which contribute to the breakdown of macroplastic garbage. Sewage sludge, which enters the aquatic 
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ecosystem containing more MPs than garbage, is another possible cause of MP pollution[40,41]. The low
concentrations and huge size of MPs allow currents to carry them over greater distances and distribute
them widely[42].

Additionally, according to De Witte et al. (2014) and Gauquie et al. (2015), MPs may be found in a variety
of marine animals, including fish, seabirds, bivalves, mammals, and crabs, as well as on beaches and in
seabed sediments and surface waters[43,44]. The excrement of zooplankton is another way that MPs might
enter the ocean. The MPs were easily consumed by the organisms as they passed through their digestive
tracts, were encapsulated in excrement, and were ingested. After being eaten, the excrement dropped to the
bottom of the exposure vessel, where it was later consumed by the bigger copepod[45].

Municipal wastewater treatment plants are significant sources of MPs in the environment, primarily
removed through sludge settling and solids skimming. The effluent discharges from these plants can
influence MP burdens in oceans and surface water habitats[46]. For instance, MP parts from synthetic fibers
in garments end up as effluents in wastewater treatment facilities or water, and each day, about 65 million
MP particles are released into the receiving water by Glasgow’s wastewater treatment works (WWTW),
which is situated on the River Clyde[39,45]. Thus, wastewater treatment plant (WWTP) effluent has been
highlighted in a number of published studies as a major pathway for the direct transfer of MPs into aquatic
and soil habitats[47]. As we said before, in the first stages of the WWT process, large-size MPs and other
particles may be held in the grit chamber and mechanical screen. The coagulation/flocculation mechanism
causes MP fibers to settle by gravity during the initial treatment phase[13].

The human respiratory system is harmed by MPs of various morphologies that are constantly being carried
and settling in soil or sediment after being discharged into the atmosphere. Beaches, seabed sediments,
surface waters, and a variety of marine organisms, such as fish, seabirds, bivalves, mammals, and crabs,
among others, have been reported to contain MPs[45,48]. MPs can travel by atmospheric fall and marine
movement. Its low density and tiny size contribute significantly to the widespread dissemination of MPs in
all ecosystems worldwide. According to Obbard et al. (2014), polar ice and marine sediments have therefore
turned into a worldwide sink for MPs[49].

As to terrestrial system concerns, according to He et al. (2018), agricultural operations, precipitation,
fractures, and soil organism activities can all introduce MPs into the subsurface soil[50]. These mechanisms
have the potential to induce MPs to seep into deep soils containing water and eventually find their way into
groundwater[51]. Furthermore, through ingestion, redox, and excretion processes, soil organisms, such as
earthworms, insects, nematodes, bacteria, fungi, algae, etc., affect the transport and destiny of MPs[13,52]. MP
fragments from wastewater treatment facilities are often retained in sludge due to high efficiency, and large
volumes are dumped into Europe for composting and agricultural fertilizer[34]. MPs are not yet taken into
account by regulations on hazardous substances found in sludge applied to land, so the mass of MPs
unintentionally applied to land each year may surpass 400,000 tons[53]. Sewage treatment effluent contains
MPs that can enter the environment through rivers’ effluent intake. These particles are primarily applied to
land as sludge or discharged directly into the environment. Other methods for disposing of sludge include
burning, landfilling, and cement production, making it unlikely for plastic particles to leak[34,51,54]. Other
techniques for getting rid of sludge include burning it, dumping it in a landfill, and even using it to make
cement that is used in buildings. Under these circumstances, it is improbable that plastic particles would
leak into the environment because they are well-contained[51,54,55]. MPs in wastewater treatment plant sewage
sludge can be as high as 15,385 items/kg, contaminating agricultural soils. Annual discharges in North
America and Europe are estimated to be 63,000-430,000 tons and 440,00-300,000 tons, respectively[53,56].
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Organic fertilizers made from composting and fermenting biowaste can introduce MPs into soils, which are 
often applied to agricultural crops after drying, and are transported through physical, chemical, and 
biological processes[37]. Plastic film mulching and greenhouse covering have been widely and heavily used in 
agricultural production because of their efficaciousness in enhancing agricultural quality and production 
and can be one extra factor for the appearance of MPs in soils[57,58]. The increased concentration of MPs in 
terrestrial soils may also be caused by other factors such as roadside littering, illicit trash disposal, and tire 
abrasion[52].

The air-water transfer of materials is influenced by aquatic conditions, including salinity and organic 
colloids. Bubble bursting, a phenomenon where plastic particles transfer from water to air, is influenced by 
salinity and gel concentration. In high salinity settings, gel concentration and viscosity significantly affect 
MP mobility. The addition of proxies for sea surface microlayer components increases the particle transfer 
rate[59].

The air-water transfer is also reinforced by rivers that are crucial entry points for MPs into the ocean, but 
the lack of data on their environmental fate makes it difficult to assess danger and design regulatory 
responses. MP prevalence increases upstream and downstream, correlated with natural and man-made 
factors. The density and size of MPs influence migration across compartments, with geographic distance 
being a strong determinant[60,61]. The prevalence of MPs demonstrated significant associations with the 
increase and geographic location of sampling sites, the distance from the closest city, demographic density, 
and the rate of urbanization, according to Pearson’s correlation analysis provided in a study by Yuan et al. 
2022[60]. MPs’ circulation and final sink are influenced by environmental factors, density, shape, size, 
hydrodynamics, meteorological conditions, habitat characteristics, and interactions with aquatic biota[62]. 
The upper soil level is a degradative environment for plastic trash, aided by strong heat, oxygen, and 
sunlight. Plastics undergo biodegradation and macroplastic breakdown, accelerated by agricultural 
practices. However, plastic degradation takes decades. MPs enter groundwater systems through leaching 
and are transported via the biosphere, with soil biota playing a key role in this process[63].

Improper management of rubbish and wind-blown littering might unintentionally introduce plastics from 
landfills into the terrestrial ecosystem. MPs can travel through the ecosystem thanks to landfills. The 
polymers might be dispersed far from their sources by wind action[63]. Alternatively, toxic materials derived 
from plastic garbage may leak into landfills when plastic waste is disposed of there. If left untreated, the 
leachate from the breakdown and leaching of additives such as plasticizers might release toxins that 
contaminate the surrounding rivers and groundwater system[64,65].

The amount of plastic litter that is discharged into the environment is difficult to estimate since there are 
few data and disposal practices for plastic debris vary between countries. Wind-blown trash and plastic 
discharged onto the land are examples of mismanaged garbage. According to estimates from 2010, the 
amount of garbage that is mishandled in the European Union (EU) is comparable to that in the US. As 
demonstrated by the implementation of EU-wide waste management regulations, this is a realistic 
assumption based on parallels in national income and the development of waste management 
infrastructure[66]. As mentioned before, the amount of mismanaged plastic garbage (plastic waste - managed 
waste) in the EU is estimated at 520,000 metric tons. Furthermore, sewage sludge is thought to deposit 
between 63,000 and 430,000 metric tons of MPs onto land each year[53].

Larger proportions will eventually find their way into the marine environment as a consequence of 
increased aggregation brought on by rising plastic manufacture and natural erosion. Nonetheless, it is still 
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probable that for a long while to come, more plastic will be deposited and kept in continental ecosystems 
than will enter the oceans. According to estimates, rivers serve as conduits for the transportation of 70%-
80% of marine plastics into the ocean. In addition to being carried by rivers from the land to the ocean, 
plastic waste may also come back to the ground during high tides or floods. The same elements that 
influence the movement of sediment also influence the movement of plastic particles within river systems, 
including environmental parameters and hydrological features[34,53]. Anything may be deposited in areas 
with low flows and changes in stream depth or flow (such as on bends); on the other hand, high-velocity 
rainfall and deterioration dislodge previously settled debris to be mobilized instead of introducing particles 
through runoff[34].

All of the above has been derived from a thorough study of all the published papers included in this review, 
which include the most prevalent sources and mechanisms of MP transport in aquatic environments. Below 
in Figure 2, the primary mechanisms of MP transport are illustrated, arranged and quantified based on 
statistical analysis, ranking from the most dominant and frequent to the least important. More specifically, 
the main mechanisms that are referred to in the reviewed published papers have been classified in the 
categories below. This was followed by a quantification of the frequency of occurrence in the examined 
published papers.

MPS’ ROUTES OF TRANSPORTATION VIA SEVERAL ENVIRONMENTAL DIVISIONS
Atmospheric environment
Due to the lack of limits in the air and the fact that the speed, as well as the direction of the air, primarily 
affect the MPs, the moving of MPs in the atmosphere might result in a large dispersal range for MPs. 
Variables like temperature, precipitation, wind direction, speed, and pollution concentration gradient 
influence MPs’ movement in the atmosphere, with wind modulation impacting urban transportation and 
suspension[67,68]. Particle density and sedimentation, wind, and precipitation all affect how long particles 
remain in the atmosphere and how they fall out or deposit[69]. Low-density MPs are frequently carried by the 
wind over great distances, which ultimately leads to MP pollution on land and in water[70].

Boucher and Friot (2017) found that wind-borne atmospheric MP transport accounts for 7% of ocean MP 
contamination. According to air mass trajectories, MPs were carried up to 95 kilometers from their point of 
origin to a region with a low population density[71]. According to Abbasi et al. (2019) and Prata (2018), 
atmospheric particulates that have settled in the terrestrial environment may also be resuspended in the air 
or carried to aquatic systems by rainfall or surface runoff and because MPs and dust share the same pattern 
of degradation, MPs observed in the marine environment can be linked to atmospheric dust fallout[68,72].

Terrestrial environment
Because MPs are resilient, they will build up and come to high concentration levels in the soil, which may 
have an impact on the biodiversity of soil[73]. Many variables, including abiotic and biotic transport as well as 
vertical and horizontal mobility, affect how MPs migrate through the soil. The horizontal and vertical 
motions of MPs in soil are controlled by many elements, such as the surface of the soil, accumulation, and 
agricultural operations (such as harvesting)[51]. The changes in MP properties and structure (size, shape, 
hydrophobicity, and chemical composition) also have key roles in MP transport in soil[74]. The retention 
mechanisms of MPs alter as the size of particles grows, and their attachment effectiveness rises 
noticeably[75]. Mobility of MP spherules in soil may be improved by raising the UV hydrophilicity and 
negative surface charge of MP particles[76]. Organic matter and soil water flow rate affect MP transport, with 
organic matter increasing transport mechanisms and reducing stability. MPs can be transported through 
natural and man-made processes, and most are fibers, which are easily lifted into the atmosphere. Soil 
serves as both a source and sink[77,78].
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Figure 2. Dominant mechanisms (%) of MP transport in aquatic environments according to the review of the published papers. MP: 
Microplastic.

Aquatic environment
Strong hydrodynamic forces, such as wind, waves, tides, and thermohaline gradients, constantly affect the 
aquatic environment, making it an active zone. Thus, climatic pressures and coastal transport mechanisms 
alter the temporal and geographical distributions of MPs[79]. Plastics are carried by beaching, drifting, and 
settling pathways from terrestrial, riverine, and marine sources to transient reservoirs on beaches, in tidal 
wetlands, and in marine sediments. When floodwaters release from upstream locations during wet periods, 
the largest concentrations of MPs are found around river mouth areas. Although there is little knowledge of 
the physical mechanisms underlying this process, plastics that are carried to aquatic habitats are maintained 
nearshore in estuaries, wetland sediments, and beaches[77]. MPs are transported further into grounds and 
ocean sediments by both terrestrial and aquatic biota, primarily via the processes of bioturbation and 
biofouling. Various aquatic and soil species can actively participate in the transportation of MPs[50]. As 
mentioned above, MPs’ physical characteristics are influenced by coagulation, photochemical deterioration, 
mechanical decomposition, and biofouling, affecting particle density, size distribution, geometric form, and 
surface properties, consequently shaping their ultimate destiny[80,81].

One important factor influencing the buoyancy and movement of MPs in water is particle density. Neutral 
particles with densities less than seawater float at or close to the sea surface, whereas nonfloating particles 
with densities greater than seawater often sink to the sea floor[25]. Low-density particles have been 
discovered in sediments in coastal waters and on the deep ocean floor, suggesting that high-density particles 
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may travel great distances. Because plastics have a high material density and coastal seas are turbulent, it is 
anticipated that non-buoyant plastic particles will mostly travel by suspended load[82].

Additionally, the size of plastic particles, which plays an instrumental role in the transport of MPs, may be 
altered by a number of processes, such as flocculation, aggregation, biofouling, and fragmentation. 
Regardless of their densities, microscopic plastic pieces exhibit the behavior of colloidal particles and 
typically exist as suspended particles in the water column[80]. As such, the size distribution of plastic particles 
must be considered a dynamic characteristic that varies with residence duration and transit routes[45]. MPs 
can become larger and denser by aggregation with both organic and inorganic particles, leading to a quicker 
deposition of the particles on sediments. Given the large quantities of suspended sediments, particulate 
organic matter, and detrital particles in the coastal environment, aggregation and subsequent sedimentation 
could dominate the fate and dispersion of MPs[83].

It has been shown that, like MPs, the Schulze Hardy rule and Derjaguin Landau Verwey Overbeek (DLVO) 
theory may be used to understand the process behind the behavior of MPs. To put it simply, ionic strength, 
organic matter, flow velocity, size, and surface charge can all have an impact on MP mobility[83,84]. In relation 
to their original form (plastic pieces, pellets, fibers, or filaments) and fragmentation processes, marine 
plastic particles come in a variety of forms[85]. Additionally, the shape and specific surface area of the 
particles have a significant role in defining the aggregation and biofouling processes that affect the MPs’ 
transit channel. Particles having high surface area to volume ratios (films, fibers, foams) have a greater rate 
of aggregation/biofouling and may sink sooner than big things[81,83].

All in all, taking into consideration all the aforementioned, we can conclude that MPs can be carried by 
atmospheric or aquatic currents depending on their weight and density. MPs may move from the 
pedosphere into the hydrosphere via surface runoff, rainfall, and ocean circulation. Ocean circulation allows 
MPs to not only move from land to water, but also from water to land[86,87]. In addition, smaller and lighter 
MPs have the ability to travel great distances, including high altitudes and glacier zones, as they become 
airborne and are transported by the wind. Denser MPs may collect in the pedosphere (soil) or be buried 
there, whereas lighter MPs may be carried by wind over the pedosphere[34]. Surface runoff from cities and 
agricultural regions, together with heavy rains, can introduce MPs into surface waterways (the 
hydrosphere). Research has indicated that the utilization of plastic mulches to enhance crop development or 
the addition of household sewage sludge as a soil amendment in agricultural activities may result in the 
introduction of MPs into the soil[88]. Furthermore, stormwater runoff transports the MPs that are produced 
by tires wearing down naturally to nearby surface waterways[34]. Furthermore, airborne MPs made of light 
fibers from trash incineration, landfills, and clothing can travel great distances and deposit themselves in 
remote locations by atmospheric fallout[88].

PLASTIC WASTE MANAGEMENT AND MPS
Plastic particles are present in the air, drinking water, sediments, seas, snow ice, and agricultural soils, 
among other things. MPs are being released into the environment at an accelerated rate worldwide, which 
has an impact on biodiversity, conservation, and water quality. An understanding of the origins, transit, and 
destiny of plastics in the environment, as well as multidisciplinary research, and regional and global 
collaboration, are necessary for managing plastics in the environment and guaranteeing effective 
intervention policies and practices. The accumulation of plastic particles has been found to vary both 
temporally and geographically, with differences in dispersal and distribution being attributed to 
anthropogenic causes, time, places, hydrodynamic conditions, and environmental pressure[89]. In addition, 
the varied distribution of MPs, particularly in adjacent rivers, has been linked to population density, 
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industrial activity, and hydrological conditions[90].

Municipal solid trash contains a sizable portion of post-consumer plastic garbage. Since the 1950s, when 
commercial manufacture of plastics began, 8,600 million metric tons of plastic have been produced. Of this 
garbage, 70 percent has been diverted to landfills and the natural environment[19]. For example, plastic 
leakage in South Africa results in an annual dumping of approximately 40,000 metric tons of plastic waste 
into the ocean. Concerns about municipal plastic waste (MPW) have arisen in every country, prompting 
proposals for global legislation and control. Currently, many other nations have banned or imposed taxes 
on plastics due to popular outcry and political commitment[90].

The greatest solution for a plastics circular economy has been identified as landfill diversion through 
recycling and energy recovery. On the other hand, the majority of African countries choose to leave their 
garbage - plastic waste in particular - in landfills or rubbish dumps, with the rare badly managed landfill. 
While recyclable and reusable items, including plastics, are scavenged and recycled back into the economy, 
biodegradable materials use these landfills and dumps as composting beds. Africa has a notably distinct 
approach to managing plastics for socioeconomic and political reasons. Systematic recycling is quite 
restricted in Africa; the combined capacity for recycling in the most developed systems - South Africa, 
Ethiopia, Uganda, Rwanda, Morocco, Algeria, Madagascar, Cameroon, and Mozambique - is less than 
5%[90,91].

In locations where they have been used, recuperative energy interventions in the plastic waste handling 
order, such as gasification, pyrolysis, and incineration, have guaranteed a closed-loop system for plastic 
waste management. However, only developed and middle-income nations that emphasize waste 
management with circular economy concerns are currently able to implement these costly and more 
advanced energy recovery technologies. In Africa, there is a dearth of plastic waste-to-energy conversion 
technologies, which forces people and organizations to engage in open, unregulated burning activities with 
hazardous environmental effects[90,91].

The growth of plastic garbage in many developing nations has been linked to behavioral psychology, 
changing consumption habits, and inadequate waste collection and treatment infrastructures[92]. Developing 
nations frequently have an overwhelming amount of urgent social and infrastructure demands, which 
prevents them from coordinating appropriate waste management programs with national development 
initiatives. Thus, as indicated by the widening of streets and rivers, overflow from waste disposal sites, 
increased composition in municipal solid waste, contamination of shorelines and beaches, and pollution of 
aquatic systems, the plastic threat is more severe in low- and middle-income nations[93].

Africa and the Middle East stand out as the two continents where the growing buildup of improperly 
handled plastics has been found. For example, plastic waste in Ghana has been attributed to improper 
consumption patterns and the rising income of the country’s middle class. The story of plastic leakage is a 
prevalent environmental aspect, especially in metropolitan areas where careless dumping has led to clogged 
drains, flooding, cholera and diarrhea outbreaks, an ugly landscape, and a threat to tourism[90,94]. The 
majority of Africa’s carbon emissions equations do not account for the impact of environmental waste 
plastics and their carbon footprints, despite the fact that the manufacture of plastic, burning, and poor waste 
management release greenhouse gases that fuel climate change. The outwardness of plastic mismanagement 
is mainly attributed to inappropriate social practices and bad political decisions made at the central 
government level. Africa is thought to have the greatest number of country-level plastic waste management 
systems worldwide, but the continent is also hindered by a lack of producer-consumer responsibilities, 
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investment and funding channels, and trash management policies[90].

There are huge differences in waste management systems around the globe, and many nations lack any kind 
of public trash management system. A significant amount of plastic in mixed household garbage nowadays 
is non-biodegradable and cannot be composted. As a result, over time, plastic will accumulate as a result of 
traditional garbage disposal techniques including dumping in backyards, rivers, or private or public 
landfills. Even tiny towns may experience significant environmental pollution due to plastic litter[95]. 
Furthermore, nations even with well-established waste management systems annually deposit millions of 
tons of plastic waste into landfills, which is comprised of a sizable amount of controlled and collected post-
consumer garbage[96]. Although the implications in terrestrial systems have not yet been well documented, 
there have been reports of animal consumption and livestock and wildlife entanglement that can prove 
lethal. According to Lebreton and Andrady (2019), there is a significant potential to reduce the input of 
plastic and therefore MP (defined as plastic particles < 5 mm) to the environment through better waste 
management and waste reduction[92]. The annual amounts of mismanaged waste are estimated to triple by 
2060 due to continued poor waste management, growing plastic production, and a growing population[96].

As has been noted, municipal trash contains a large number of plastic products, which may wind up in the 
environment and disintegrate over time, creating secondary MPs. Consequently, municipal garbage 
represents a huge prospective supply of MPs in the future. Globally, the yearly volumes of garbage have 
reached hundreds of tonnes and are growing. Consequently, although they mostly exist as macroplastic 
products now, municipal garbage has the potential to become the greatest source of MPs in the future[92,96].

The majority of plastic debris that finds its way into the marine ecosystem comes from terrestrial sources. 
Among the involved transportation mechanisms are: (1) rain and wind carry street debris into rivers; (2) 
inappropriate or forbidden garbage disposal; (3) inadequately maintained landfills; (4) facilities for the 
production and processing of plastic; (5) spills from drains and treatment of waste; (6) fishing activities; and 
(7) facilities for disposing of solid waste along the coast[97,98].

Recycling is now the most extensively used method of handling plastics. Global rates have progressively 
increased to represent 24% of non-fiber plastic garbage generated in 2014. The countries with the highest 
recycling rates in that year were China (25%) and Europe (30%), with the United States having a rate of 9%, 
which was average for the globe[19]. Currently, textiles are either burned or disposed of together with other 
solid trash instead of being recycled. Approximately 53% of plastic trash is recycled, 46% is utilized for 
energy, and 1% is dumped in landfills. Recycling can extend the lifespan of plastics before they are discarded 
into the environment, but the recycling process may result in the generation of MPs[97].

The dataset below, from OECD Library Global Plastics Outlook, provides estimates of plastic waste for the 
different global regions and/or continents. This dataset also provides estimates of plastic waste measured in 
millions of tons per year, per end-of-life fate after accounting for recycling losses and collected littering, for 
the period 2000-2019[32]. It is clear that throughout the last two decades, USA, Canada, the European Union, 
and Asia have been the dominant regions that contribute to the pollution of aquatic environments due to 
the great increase in plastic waste. In Figure 3, it is clear that industrialized and developed regions produce a 
higher amount of plastic waste compared to continents such as Oceania, which do not exhibit the same level 
of industrial development or population as regions like Asia.

The likelihood that poorly managed plastic garbage will find its way into river systems and eventually the 
ocean varies. Mismanaged plastic waste’s likelihood of ending up in the ocean is influenced by a number of 
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Figure 3. Total plastic waste by region (2000-2019)[32].

factors, including climate, geography, land use, and distances within river basins. The likelihood of 
improperly managed garbage being released into the ocean is displayed in Figures 4 and 5.

To begin, in areas lacking adequate local waste management techniques, plastic pollution prevails. This 
indicates that a significant amount of improperly managed plastic debris may initially ends up in rivers and 
the ocean, underscoring the necessity for improved waste management practices. In addition, cities closest 
to major polluters typically featured paved areas where plastic waste and water runoff can easily reach river 
outlets.

While cities in Asia, Africa, or Latin America are often situated alongside relatively small rivers, they 
contribute significantly to the continent’s plastic pollutants. Additionally, possible abundant rainfall in these 
riverine regions exacerbates the issue, leading to the rapid transportation of plastics into the rivers, which 
then swiftly flow into the ocean. Furthermore, proximity matters, as cities near the ocean and major river 
sources tend to cause the highest concentrations of MPs in their waters.

Plastic that ends up in our seas can come from both marine and terrestrial sources. The term “plastics 
pollution from marine sources” describes the pollution left behind by fishing fleets that employ abandoned 
boats, fishing nets, lines, and ropes. The proportional contribution of terrestrial and marine sources to 
ocean pollution is a topic of frequent and heated discussion. Figures 6 and 7 present the origin of MPs in the 
ocean (regions and application of use correspondingly).

However, it is necessary to underline that surface movements and the direction of the winds in the water 
have a significant impact on the dispersion and buildup of plastic debris in the ocean. Plastics often travel 
along the primary surface currents and wind patterns due to their buoyancy, allowing them to float on the 
ocean’s surface. Consequently, they tend to accumulate in gyres within marine cycles, with the highest 
concentrations found at the centers of ocean basins and lower concentrations at the periphery. Once plastics 
enter ocean basins from coastal areas, they exhibit a propensity to move toward their central regions.

The most recent estimates indicate that, globally, land-based sources account for around 80% of ocean 
plastics, with marine sources contributing to the remaining 20%. Roughly half (10 percentage points) of the 
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Figure 4. Accumulated stock in rivers and lakes (2000-2019)[32].

Figure 5. Plastic leakage to oceans (2000-2019)[32].

20% derived from marine sources are thought to come from fishing fleets (such as nets, lines, and damaged 
ships)[4]. The usage of main plastics by industry is depicted in Figure 5, along with the industry’s 
contribution to plastic trash creation. In addition to the product lifespan, primary plastic use has a 
significant impact on the development of plastic trash. For example, the active lifespan of packaging is quite 
short - typically no more than six months. In comparison, plastic use in architecture 
(building),construction, or transportation has an average lifespan of 35 years. Thus, packaging is the 
primary source of plastic trash, accounting for about half of the total worldwide.

Figure 8 shows the percentage of plastic garbage generated worldwide in 2000–2019 that is disposed of, 
recycled (A), burned (B), landfilled (C), littered (D), and mismanaged (E). It is obvious that each region/
continent manages the plastic waste in a different way and this has a possible impact or a footprint in the 
accumulation of MPs in water that is observed. In the past, plastic was typically discarded intact, as 
recycling or incineration were uncommon practices. However, starting around 1980, the rate of incineration 
began to increase, and from 1990 onwards, there was a notable rise in recycling rates.
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Figure 6. Transport of MPs to oceans (2000-2019)[32]. MPs: Microplastics.

Figure 7. Sources of MPs: Plastic use by application (2000-2019)[32]. MPs: Microplastics.

The greatest solution for a plastics circular economy has been identified as landfill diversion through 
recycling and energy recovery. Currently, the United States, European Union, and Asia have the highest 
rates of plastics ending up in landfills. On the other hand, the majority of African countries choose to leave 
their garbage - plastic waste in particular - in landfills or rubbish dumps, often with inadequate 
management practices. Africa’s approach to plastic waste management is notably distinct due to 
socioeconomic and political reasons. Formal recycling infrastructure in Africa is relatively limited, with 
even modern systems in South Africa, Ethiopia, Uganda, Rwanda, Morocco, Algeria, Madagascar, 
Cameroon, and Mozambique collectively showing less than 5% capacity for recycling. Plastic packaging 
contributes significantly to Africa’s waste stream, especially with the widespread use of bottled and sachet 
“pure water”. In South Africa, for instance, plastic leakage results in an annual oceanic loading of 
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Figure 8. Plastic waste by region (2000-2019). (A) Recycled; (B) Incinerated; (C) Landfilled; (D) Littered; and (E) Mismanaged[32].

approximately 40,000 metric tons of plastic waste[90].

Figures 9 and 10 focus on the analysis of data from the year 2019, specifically examining the presence of 
macroplastics and MPs in oceans, rivers, and lakes, as well as their origins. Macroplastics in aquatic 
environments predominantly stem from mismanaged plastic waste, particularly originating from countries 
with weak economies or/and in stages of development, primarily in Africa, Asia and Latin America. In 
Figure 10, it is obvious that the main sources of immediate MPs in aquatic environments are MP dust, tyre 
abrasion, primary pellets, wastewater (WW) sludge, and particles from materials used in road construction.

In the next section, future prospects and estimations concerning the fate of MPs in rivers/lakes and oceans 
are presented, juxtaposed with the future strategies for plastic waste management. Put simply, by the end of 
2060, as depicted in Figure 11, global plastic waste will either undergo recycling or be directed toward 
landfilling, followed by incineration or, in the worst-case scenario, complete mismanagement. It is 
imperative to address plastic waste appropriately to mitigate future pollution effects. Whenever feasible, 
plastics should undergo recycling, and when that is not possible, they should be landfilled hygienically or 
incinerated with energy recovery. This reduces the amount of improperly managed trash and leaves only 
difficult-to-treat sources of leakage, such as uncollected litter and MPs. Consequently, international 
recycling rates will ascend, while rates of improper waste disposal will decline.
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Figure 9. Macroplastics in aquatic environments in 2019[32].

Figure 10. Microplastics in aquatic environments in 2019[32].

The goal of curbing plastic waste reaching rivers and oceans by 2060 hinges on minimizing leakage to 
aquatic habitats. However, the accumulation of plastic in these water bodies persists until all avenues of 
leakage are sealed off and the flow completely ceases. Despite efforts, substantial amounts of plastics 
continue to leak into the environment [Figure 11], with large volumes ending up in aquatic areas. This is 
due to the approximately 40-year timeframe required to decrease mismanaged garbage to minimal levels. 
The cumulative volume of plastic will keep rising, mostly in rivers and lakes and less in oceans.

In addition, a future scenario anticipates a decrease in the release of MPs into the environment [Figure 12]. 
This decline is attributed to the overall economy utilizing less plastic, primarily through recycling and 
reusing practices. As a consequence of the worldwide effort to control the primary sources of MPs in the 
water in a sustainable manner, primary pellets, wastewater sludge, and road markings account for the most 
significant decreases in MP leakage. Future policy measures are poised to prevent a significant rise in 
primary plastic consumption, with projections indicating an 11% increase in primary plastic production 
between 2019 and 2060 [Figure 13]. This trend stems from secondary plastics penetrating the market more 
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Figure 11. Global estimates of plastic waste per end-of-life fate by 2060[32].

Figure 12. Estimates of plastic leakage [in millions of Tons (t)] to the aquatic environments at the global level by 2060[32].

quickly alongside a diminishing total demand. As targets for recycled content escalate in the coming years, 
secondary manufacturing is experiencing notably robust growth. This surge is attributable to an overall 
reduction in plastic manufacturing, leading to decreased demand for plastics and subsequent waste 
generation, thereby decreasing the amount of recyclable plastic scrap available. Finally, forecasts regarding 
plastic usage by type up to 2060 [Figure 14], indicate that 89% of MP concentration in aquatic environments 
will come mainly from the aforementioned primary MPs, shedding light on their prevalent causes and 
sources.

The amount of plastic debris and particles is growing annually due to the rising global population and 
greater consumption. These substances pose unknown and untested threats to human health and the 
environment since they are easily transported over great distances and widely distributed on land, in the sea, 
and in the air. Despite the possible risks to environmental health, there are very few documented cases of 
plastic particle pollution of environmental media in Africa. Understanding the origins, transit, and destiny 
of plastic particles via regional and international collaboration and multidisciplinary research is necessary 
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Figure 13. Global Ambition by 2060-Plastic category in aquatic environments[32].

Figure 14. Estimates of plastics use disaggregated by type by 2060[32].

for managing environmental waste plastics and plastic particles and guaranteeing successful intervention 
policies and practices. We advocate for special control of MPs in consumer items due to the possible harm 
that plastic particles might cause to ecological functions and health hazards to humans. The data presented 
in this work contribute to the expanding corpus of knowledge in the global research of micro- and 
nanoplastic particles, with a focus on developing nations[90].

RESEARCH AND KNOWLEDGE GAPS
The amount of micro- and nanoplastics that are present in the globe is unknown, but due to their 
detrimental impact on the ecosystem, it is critical to assess the degree of their contamination. It is 
challenging to assess the degree of damage to human health due to the information gap surrounding this 
pollution, especially in light of the lack of conclusive data about the impact of micro- and nanoplastics on 
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human health in the human diet. Additionally, it is imperative to furnish precise data to evaluate the exact 
extent of human exposure to these particles in their everyday diets. This can be achieved through the 
establishment of standard methodologies for detecting and characterizing micro- and nanoplastics[99,100].

It is difficult to determine the presence of micro- and nanoplastics in marine water and sediment since it 
depends on the collection technique, sample preparation, and analytical approach. The concentration of 
particles in nature and the laboratory varied significantly from one another. Furthermore, despite numerous 
attempts, many environmental influences are unfeasible to replicate in the laboratory; as a result, 
experimental laboratory conditions and related outcomes are not representative of the field[101].

The fate of micro- and nanoplastics during the metabolism of seafood is not well understood. Opportunities 
exist in the field of scientific research to close the information gap about the long-term effects of micro- and 
nanoplastics, particularly with regard to human risk assessment. Numerous investigations have revealed a 
connection between metabolic, morphological, and behavioral alterations and the presence of micro- and 
nanoplastics in the food chain. The effects of plastic particle pollution will therefore reach the level of 
ecosystems. However, the fate of micro- and nanoplastics in marine environments and their consequent 
environmental effects remain unclear. This lack of clarity poses a challenge in accurately assessing the 
potential harm to human health posed by micro- and nanoplastics[99].

CONCLUSIONS
This paper was organized into two parts: The first part provides an overview of all published papers 
focusing on the transport routes of MPs, while the second part analyzes the correlation between improper 
plastic waste management and high levels of MP accumulation. Identifying precisely where litter is 
generated is crucial for targeting priority areas for future implementation of mitigation policies regarding 
MPs in water. Aquatic habitats are threatened by MPs, which have long been recognized as a severe 
category of pollutants. Therefore, this review covers the mechanics of MPs transport and the handling of 
plastic trash. The relationship between improperly managed plastic trash and the processes leading to MP 
accumulation in waterways is not well understood, necessitating further research in this area. After 
outlining the potential future paths for MPs, we conducted a statistical analysis of several approaches to 
managing plastic waste to reduce MP pollution. The pervasive presence of MPs in aquatic ecosystems poses 
a serious threat to both freshwater and marine life. Although research on the presence of MPs in rivers, 
lakes, and seas has expanded recently, more needs to be learned about the external factors influencing their 
transit and dispersion in freshwater systems. Given the increasing input of plastic into the environment, the 
distribution and abundance of MPs in aquatic systems are likely to rise significantly in the coming decades. 
Unless urgent global action is taken, it is estimated that by 2060, there will be more plastic in the ocean than 
fish.
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Abstract
To reduce per- and polyfluoroalkyl substances (PFAS) exposure through legislation and other interventions, we 
must understand factors contributing to individual body burden. Identifying factors associated with serum 
perfluorinated compounds (PFAS) concentrations also aids in identifying groups at higher risk of adverse health 
outcomes due to elevated exposure. This exploratory analysis provides initial findings on exposure-related factors 
associated with legacy PFAS concentrations in the general United States (U.S.) population. We obtained National 
Health and Nutrition Examination Survey (NHANES) datasets with individual serum PFAS measurements from 
cycle years 1999-2018 (N = 14,961), excluding the 2001-2002 cycle due to pooled sampling. Over 100 features 
were evaluated for associations with PFAS concentrations. Data were singly imputed using hot deck and predictive 
mean matching (PMM) methods, and model performance by imputation method was compared using elastic net 
regression (ENR) models. Hot-deck imputation explained the most variance in predictive models; thus, a dataset 
imputed via hot-deck was used for feature selection. ENR models were employed to identify the top variables 
associated with legacy PFAS concentrations, and selected features were put into linear mixed models to obtain 
beta estimates and standard errors. Survey year, demographic, income, place of birth and citizenship status, 
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household size, dietary, health, food insecurity, general health and healthcare, housing, social and behavioral, and 
other characteristics were important factors associated with legacy PFAS concentrations in this nationally 
representative study population. A better understanding of exogenous factors associated with PFAS concentrations 
can influence future epidemiological studies, guiding decisions on adjustment for confounding, and advancing our 
understanding of factors that affect chemical half-lives and toxicokinetics.

Keywords: PFAS, predictors, determinants, demographics, consumer behavior, healthcare, socioeconomics

INTRODUCTION
Per- and polyfluoroalkyl substances (PFAS) are persistent organic pollutants (POPs) and up to 99% of the 
United States (U.S.) human population has detectable concentrations of PFAS in their blood[1,2]. Though two 
of the most studied PFAS [i.e., perfluorooctane sulfonate (PFOS) and perfluorooctanoic acid (PFOA)] were 
phased out of production in many developed countries, concern over health effects associated with 
exposure to PFOA, PFOS, and other PFAS continues due to their environmental persistence. Many adverse 
health effects have been associated with PFAS exposure in adults, including dyslipidemia[3-5], changes in liver 
enzymes[6,7], elevated blood pressure and hypertension[8,9], and kidney and testicular cancer[10]. Because PFAS 
bioaccumulate in the bodies of adults, transplacental transfer, in utero, and breastfeeding, postnatally, can be 
sources of exposure in offspring[11].

Human exposure to PFAS is complex and varies within and between populations; however, ingestion has 
been suggested as the main route of exposure to PFAS among the general population. Foods such as fish, 
meat, offal, eggs, and fruit can be environmentally contaminated[12], but PFAS can also migrate into food 
from packaging[13-16]. Coated cookware can also leach PFAS into food[17]. Some communities in the U.S. have 
been highly exposed to PFAS through ingestion of contaminated drinking water[17], though this is not 
considered a major route of exposure for the general U.S. population. Other routes of PFAS exposure 
include ingestion of dust, transfer from treated carpets, clothes, and upholstery, inhalation of air, and 
inhalation of impregnation spray aerosols[18,19]. Though not thought to be a primary route of exposure, there 
may be dermal exposure from wearing clothing, such as waterproof layers, and from personal care 
products[18,19]. Serum or plasma concentrations of PFAS are generally used as markers of PFAS body burdens 
in humans, as they reflect long-term cumulative exposure to the chemicals from all sources of exposure.

To reduce PFAS exposure through legislation and other public health interventions, it is critical to 
understand factors that may contribute to individual body burden. Identifying factors associated with serum 
PFAS concentrations can also aid in identifying groups at higher risk of adverse health outcomes due to 
elevated exposure. Some factors associated with PFAS concentrations, such as parity and breastfeeding 
history, have been better studied[20-22], but less is known about other factors that may contribute to PFAS 
body burden in the general adult population. Previous studies evaluating factors associated with PFAS 
concentrations analyzed a limited number of demographic or dietary factors[23-26]. In addition, many have 
been conducted in European or Asian populations[24,25,27,28] and are not generalizable to the U.S. population. 
Given demographic, social and behavioral habits, and regulatory differences, it is important to consider the 
general U.S. population separately. There has also been a focus on populations living in PFAS-contaminated 
communities[26,28-30], sensitive populations (i.e., pregnant mothers and neonates)[31-37], and specific 
demographic or occupational groups[38-40], which are not generalizable to populations with lower, 
background levels of exposure and non-pregnant adult populations. Due to the paucity of research 
evaluating a large number of potential factors associated with serum PFAS concentrations in the general 
U.S. adult population, we aimed to investigate these factors using data from nine cycles of U.S. national 
health surveys [National Health and Nutrition Examination Survey (NHANES)] as an exploratory analysis. 
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Unlike previous analyses, we evaluate many potential factors associated with PFAS concentrations using the 
rich questionnaire data available from NHANES. In this analysis, we focus on exogenous factors (i.e., 
factors that may be assessed through a questionnaire such as social and behavioral habits, demographic, and 
household characteristics) that may be associated with PFAS exposure and serum concentrations, and in a 
separate analysis, we will explore endogenous factors (i.e., factors that may be measured through bloodwork 
or body measures such as complete blood count panels, environmental chemical concentrations, or body 
mass index) associated with PFAS concentrations. We evaluate these groups of factors separately due to 
their potential implications. A better understanding of the exogenous factors associated with PFAS 
concentrations may influence future epidemiological studies by guiding decisions on adjustment for 
confounding and furthering toxicological studies by advancing our understanding of factors that affect 
chemical half-lives, toxicokinetics, and interindividual variation[41,42]. This study is warranted, given that 
PFAS exposure is multifactorial and complex.

EXPERIMENTAL
Study population
The NHANES is a nationally representative survey conducted by the U.S. National Center for Health 
Statistics that is designed to assess the health and nutrition status of adults and children in the U.S. through 
in-home interviews and medical examinations[43]. In this study, we analyzed publicly available data from 
nine cycles of the NHANES (1999-2000, 2003-2004, 2005-2006, 2007-2008, 2009-2010, 2011-2012, 2013-
2014, 2015-2016, 2017-2018). We did not include data collected in the 2001-2002 cycle because PFAS were 
measured in pooled, rather than individual, serum samples during those years. All study protocols were 
approved by the National Center for Health Statistics institutional review board and all participants gave 
written informed consent.

We restricted analyses to participants aged 18 years and older with complete serum PFAS measurements, as 
there may be differences in social and behavioral factors contributing to PFAS exposure and body burden 
between adults and children and differences in health outcome etiology for children following PFAS 
exposure. The final analytic sample was comprised of 14,961 adults. A flow chart showing sample selection 
and the workflow pipeline is shown in Supplementary Figure 1.

Exposure assessment
Solid phase extraction-high performance liquid chromatography-turbo ion spray ionization-tandem mass 
spectrometry was used to measure PFAS concentrations in serum samples. Detailed descriptions of the 
analytic methods have been described previously[44,45]. Our analysis focused on four highly detected PFAS: 
PFOS, PFOA, perfluorohexane sulfonate (PFHxS), and perfluorononanoic acid (PFNA). Non-detectable 
concentrations of PFAS were substituted with the respective limit of detection divided by the square root of 
two[46]. In most cycles, concentrations of PFOS and PFOA were measured in total; however, the 2013-2014, 
2015-2016, and 2017-2018 cycles measured linear and branched isomers. To maximize our study population 
and because many of the regulations and much of the medical guidance surrounding PFAS exposure are 
based on the summed measures of these congeners[47], we summed these isomers to calculate total PFOS and 
PFOA concentrations. In the 1999-2000 cycle, PFAS were measured only among individuals with enough 
surplus sera (approximately 17.8% of participants). For subsequent cycles, PFAS were measured in 
approximately one-third of the sub-sample of the study cohort at random.

Evaluation of factors associated with serum PFAS concentrations
Each survey cycle contains five components: demographics, dietary, examination, laboratory, and 
questionnaire data. Each data component has many data files depending on the information collected in 
that round’s survey and examination assessment. These files are in SAS format and available for download 

https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202405/wecn3005-SupplementaryMaterials.pdf
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at https://wwwn.cdc.gov/nchs/nhanes/Default.aspx. Datasets used in this analysis from NHANES were 
downloaded in October and November 2022. The five data components are described below:

● Demographic data: provide individual, family, and household-level information on language, pregnancy 
status, income, family size, household composition, demographic information, and other selected 
information such as military service status and country of birth. 
● Dietary data: provide detailed dietary intake information from participants, including a 24-hour food and 
beverage recall, nutrient intake estimates, and supplement use. 
● Laboratory and examination data: includes physical measures that can include blood pressure, body 
measures, oral health examinations, and physical activity monitoring. 
● Questionnaire data: provide information on behavior, diet, nutrition, and other factors.

This analysis focused only on potential exogenous factors associated with PFAS concentrations, as described 
above; therefore, only questionnaire data were utilized in addition to the laboratory measurements of serum 
PFAS concentrations. We considered data over all cycles combined rather than single cycles at a time to 
increase the sample size[48].

Given differences across cycles, some variables had a high percent missingness in this larger, combined 
dataset with all 14,961 participants. Missingness ranged from 0% to 99.38% in the dataset, and 575 variables 
were identified across all cycles. As PFAS exposure has been associated with numerous health outcomes, 
variables related to diabetes, blood pressure, kidney conditions, asthma, arthritis, thyroid problems, liver 
conditions, and cancer, as well as medication use related to these conditions, were excluded from this 
analysis, given the evidence that PFAS exposure may contribute to these conditions[10,49-55]. Those variables 
with more than 50% missingness were excluded. This left 100 variables plus 14 demographic covariates for 
analysis [Figure 1]. The exogenous variables assessed as potential factors associated with serum PFAS 
concentrations are detailed in Supplementary Table 1. Certain variables from NHANES were re-coded for 
use in these analyses due to changes in question format across cycles, which are described in Supplementary 
Table 1. Unless otherwise noted, variables were not re-categorized from what is described in NHANES 
documentation (https://wwwn.cdc.gov/nchs/nhanes/default.aspx). Reference categories are described where 
applicable.

Statistical analysis
Data distributions and ranges were calculated and univariate analysis, including heatmaps and intersection 
analysis to explore missingness between pairs of features, was performed to assess the structure of 
missingness in the data. First, we describe imputation methods employed to address missingness. Next, we 
describe methods used to compare imputation methods and select an imputation method for model 
building. We then describe methods to identify variables best explaining variance in PFAS concentrations 
and analyses by congener.

Imputation
Because this was a predictive study employing large datasets and we were not performing inference, 
multiple imputation (MI) - which can be slow and requires pooling of statistical results for inference - was 
not necessary and was difficult to manage in a machine-learning context[56]. In addition, traditional MI 
methods have performed poorly on high-dimensional data[57]. We thus chose to explore two efficient donor-
based single imputation methods: hot deck and predictive mean matching (PMM).

https://wwwn.cdc.gov/nchs/nhanes/Default.aspx
https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202405/wecn3005-SupplementaryMaterials.pdf
https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202405/wecn3005-SupplementaryMaterials.pdf
https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202405/wecn3005-SupplementaryMaterials.pdf
https://wwwn.cdc.gov/nchs/nhanes/default.aspx
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Figure 1. Change in serum PFOA relative to the reference level (for categorical variables) or per unit SD increase for continuous 
covariates from multivariable mixed-effects regression. See Supplementary Table 2 for details. Blue indicates statistically significant 
findings, while orange indicates findings that are not statistically significant. PFOA: Perfluorooctanoic acid.

Up to 50% of samples were monotonically missing (i.e., with monotone missingness patterns) for subsets of 
covariates. Under the assumption that our data were missing at random (MAR), we performed imputation 
by grouped and sorted simple hot deck and by PMM as described below. Both are donor-based methods 
that work well with mixed continuous and categorical data and draw replacements from existing 
observations. Imputations are thus realistic, with no imputed values outside the observed range. Donor-
recipient methods such as hot deck are fast and appropriate for large datasets[58].

Hot deck imputation 
Simple hot deck is a fast and efficient donor-based method where replacements for missing units 
(recipients) are randomly selected from complete units (donors) in the same column. Since it is donor-
based, hot deck imputation avoids issues with model misspecification that might arise in regression-based 
methods, and handles large-dimensioned datasets efficiently. While hot deck methods are extensively used, 
the theory behind the method is less well-developed than other imputation methods[59]. In Hot Deck 
methods, donor units are randomly selected from a set of complete cases, known as the donor pool. There 
are multiple ways to specify a donor pool, otherwise known as an imputation class, for each missing unit. 
For example, columns to be imputed can be sorted and grouped based on other metrics, and sampling 
occurs from complete units within groupings. We grouped by participant sex, sorted by age, and found 
appropriate donor values for each missing recipient within the sorted domains by sex and age. Data were 
imputed using the package “VIM” in R[60].

PMM 
PMM is a semi-parametric hot deck method that handles both continuous and categorical data and is 
robust against model misspecification. As implemented in the “mice” package in R[61], PMM uses an 
imputation model, for example, regression, to predict missing values, and then matches the predicted value 
of the missing unit (recipient) with a set of candidate donors from all complete cases that have predicted 
values closest to that of the missing unit. A donor is randomly chosen from the candidates, and the 
observed value of the donor is taken to replace the missing value. We assumed donor sets of size five, 

https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202405/wecn3005-SupplementaryMaterials.pdf
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imputed five iterations, and then combined the datasets into one complete dataset.

Comparison of imputation methods
Elastic net regression (ENR) is a regularized regression method that includes the properties of both ridge 
regression and least absolute shrinkage and selection operator (LASSO)[62]. By linearly combining ridge and 
LASSO penalty functions, ENR performs variable selection and continuous shrinkage, and selects groups of 
correlated variables as a whole.

We compared imputation methods by building ENR models to assess model performance. Data 
preprocessing involved centering and scaling for continuous variables. All potential factors described in 
Supplementary Table 1 were entered into the ENR models and model metrics were obtained and compared.

When comparing the models with imputed data from each method, we considered the percent variance 
explained and R2 metrics from the ENR model. The goal was to identify the imputation method with the 
best fitting models that explained the most variance in PFAS concentrations. The dataset from the best 
fitting imputation method was then used for identification of factors associated with PFAS concentrations.

Imputed datasets from each of the methods described above were randomly split 70/30 for training sets 
(used to train the models) and testing sets (used to test the models). This method was selected as it is 
appropriate for datasets with both a large number of rows and columns and is widely used for feature 
selection.

Identification of factors associated with serum PFAS concentrations
ENR models were used to identify variables that best explain variance in PFAS concentrations. We used the 
trainControl function in the caret package to specify parameters for model training, where we specified 
repeated 5-fold cross-validation to identify the optimal model parameters based on the smallest RMSE 
values. We then trained the ENR model based on the trainControl parameters and made predictions on the 
test dataset. The varImp (i.e., variable importance) function in the caret library was used to identify the 10 
most important variables explaining variance in the five PFAS exposure variables [PFOA; PFOS; PFNA; 
PFHxS; and the simple sum of PFOA, PFOS, PFNA, and PFHxS (ΣPFAS)]. We computed the simple 
additive sum, rather than other approaches, to understand the body burden of mixtures of PFAS chemicals, 
to align with the current health guidance for PFAS exposure and testing that is based on a simple additive 
sum[47]. The variable importance represents the absolute value of ranked standardized coefficients from the 
best-fit tuned models. We did not conduct stratified analyses due to the exploratory nature of this analysis 
and due to differences in variables across the NHANES cycles included in this analysis.

Multivariable modeling
Based on results from feature selection described above, we built multivariable regression models for each of 
the five PFAS exposure variables, fitted with the 10 most important variables identified. Models were tuned 
by comparing tested models through analysis of variance (ANOVA) and using the lmeControl function. We 
extracted beta estimates and standard errors for model interpretation.

All data preprocessing, analysis, and validation were performed using R (version 3.4).

https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202405/wecn3005-SupplementaryMaterials.pdf
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RESULTS AND DISCUSSION
Results
We present the demographic characteristics of participants in Table 1 (missingness was imputed via hot-
deck). The smallest share of participants was from the 1999-2000 NHANES cycle (7.43%). The mean 
(standard deviation) age of participants in this analysis was 47.84 (19.24) years. Most participants were non-
Hispanic (NH) White (39.87%-45.85%) and nearly one-third of participants had two persons in their 
household (29.80%). The PFAS with the highest median serum concentration was PFOS at 10.20 mg/dL. 
The median serum concentration of ΣPFAS was 16.40 mg/dL [Table 2].

After building the ENR models for each PFAS variable, statistics from the models were compiled to 
compare the results using the imputation method. Models based on grouped and sorted hot deck imputed 
data explained the greatest percent variance in PFAS concentrations for each PFAS and had the highest R2 
values for the PFOA, PFOS, PFHxS, and ΣPFAS models (data not shown). Given the overall better model 
statistics from hot deck imputation, we used this dataset for identification of important variables and for 
building linear mixed models. Overall, PFOA, PFOS, and ΣPFAS models had the best model fit, with R2 
values ranging from 0.21 to 0.31 (data not shown).

The top 10 variables explaining variance in serum PFAS concentrations, along with beta estimates and 
standard errors, are presented as forest plots in Figures 1-5 (see Supplementary Table 2 for a description of 
covariate codings on the Figures) and summarized in Table 3.

Male (relative to female) sex had the largest significant positive effects relative to all serum PFAS [Figures 1-
5]. Year (i.e., NHANES cycle) has significant negative associations and had the largest (negative) effect size 
for PFOA [Figure 1] and PFOS [Figure 2], ΣPFAS [Figure 5] concentrations, suggesting diminishing 
population exposure or bioaccumulation in the sample populations over time. Age was significantly 
positively associated with all serum PFAS outcomes except for PFHxS [Figure 3], but effect sizes were small.

Place of birth and/or citizenship were important factors associated with serum PFOA [Figure 1], PFOS 
[Figure 2], PFHxS [Figure 3], and ΣPFAS concentrations, with being U.S.-born (relative to foreign-born) 
and possessing U.S. citizenship (relative to not being a U.S. citizen) associated with higher serum 
concentrations of these PFAS. Household size was an important factor in PFOA [Figure 1], PFOS 
[Figure 2], and ΣPFAS [Figure 5] models and was negatively associated with these PFAS concentrations. 
Race/ethnicity were also important factors associated with PFOS [Figure 2], PFNA [Figure 4], and ΣPFAS 
[Figure 5] concentrations, with the highest concentrations of these PFAS associated with NH Asian 
ethnicity and the lowest with Mexican-American race/ethnicity (reference group NH White). Three 
measures of fish and shellfish consumption were identified as important factors associated with serum PFAS 
concentrations in some models, with fish consumption positively and significantly associated with PFAS 
concentrations relative to no fish consumption. “Ever” vs. “never” freshwater fish consumption (in the last 
30 days) was significantly positively associated with PFOS [Figure 2], PFNA [Figure 4], and ΣPFAS 
concentrations [Figure 5], while “ever” vs. “never” shellfish consumption (last 30 days) was significantly 
associated with PFOS [Figure 2], PFNA [Figure 4], and ΣPFAS [Figure 5] concentrations. “Ever” vs. “never” 
consumption of any fish in the last 30 days was an important factor associated with PFNA concentrations.

Several variables related to healthcare, income, and financial or food security were identified as important 
factors associated with serum PFAS concentrations. For the PFOA model, where healthcare is accessed (i.e., 
the ER, hospital outpatient department, a medical clinic, or private medical practice, relative to the reference 
“another place”), household food insecurity measures, and the number of times a participant received 

https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202405/wecn3005-SupplementaryMaterials.pdf
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Table 1. Demographic characteristics of participants, NHANES 1999-2018 (N = 14,961)

Variable Level N (%)

NHANES cycle 1999-2000 
2003-2004 
2005-2006 
2007-2008 
2009-2010 
2011-2012 
2013-2014 
2015-2016 
2017-2018

1,111 (7.43) 
1,680 (11.23) 
1,657 (11.08) 
1,834 (12.26) 
1,951 (13.04) 
1,648 (11.02) 
1,669 (11.16) 
1,711 (11.44) 
1,700 (11.36)

Sex (mean, SD) Male 
Female

7,247 (48.44) 
7,714 (51.56)

Age (mean, SD) Years 47.84 ± 19.24

Veteran/military status Yes 
No

1,707 (11.41) 
13,252 (88.58)

Citizenship status Citizen by birth 
Not a citizen 
Refused or don’t know

12,714 (84.98) 
2,212 (14.79) 
35 (0.23)

Education level Less than high school 
High school 
Greater than high school 
Refused or don’t know

4,228 (28.26) 
3,629 (24.26) 
7,081 (47.33) 
23 (0.15)

Marital status Married 
Widowed 
Divorced 
Separated 
Never married 
Living with partner 
Refused

7,513 (50.22) 
1,214 (8.11) 
1,465 (9.79) 
478 (3.19) 
2,969 (19.84) 
1,316 (8.80) 
6 (0.04)

Race/ethnicity Mexican-American 
Other Hispanic 
NH White 
NH Black 
Other race 
NH Asian

2,944 (19.68) 
836 (5.59) 
6,859 (45.85) 
2,991 (19.99) 
476 (3.18) 
855 (5.71)

Total number of people in family 1 
2 
3 
4 
5 
6 
≥ 7

3,144 (21.01) 
3,781 (25.27) 
2,433 (16.26) 
2,102 (14.05) 
1,917 (12.81) 
775 (5.18) 
809 (5.41)

 
Annual family income

$0 - $4,999 
$5,000 - $9,999 
$10,000 - $14,999 
$15,000 - $19,999 
$20,000 - $24,999 
$25,000 - $34,999 
$35,000 - $44,999 
$45,000 - $54,999 
$55,000 - $64,999 
$65,000 - $74,999 
Over $20,000 
Under $20,000 
$75,000 - $99,999 
≥ $100,000 
Refused or don’t know

590 (3.94) 
816 (5.45) 
933 (6.24) 
917 (6.13) 
1,106 (7.39) 
1,463 (9.78) 
1,511 (10.10) 
1,055 (7.05) 
997 (6.66) 
591 (3.95) 
482 (3.22) 
128 (0.85) 
1,316 (8.80) 
2,078 (13.89) 
978 (6.54)

Family PIR 2.47 ± 1.62

NHANES: National Health and Nutrition Examination Survey; PIR: poverty income ratio.

healthcare over the past year were important factors [Figure 1]. For the PFOS [Figure 2], PFHxS [Figure 3], 
PFNA [Figure 4], and ΣPFAS [Figure 5] models, household food security measures were associated with 
serum concentrations of these PFAS, though the relationships were not clear. For the PFHxS model, telling 
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Table 2. Legacy serum PFAS distributions (mg/dL), NHANES 1999-2018 (N = 14,961)

Min Max P25 P50 P75 IQR

PFOA 0.07 123.00 1.57 2.70 4.40 2.83

PFOS 0.14 1,403.00 5.00 10.20 19.50 14.50

PFHxS 0.07 82.00 0.80 1.50 2.60 1.80

PFNA 0.058 80.77 0.50 0.83 1.39 0.89

ΣPFAS 0.34 1,418.30 9.00 16.40 28.30 19.30

PFAS: Per- and polyfluoroalkyl substances; NHANES: National Health and Nutrition Examination Survey; Min: minimum; Max: maximum; P25: first 
quartile; P50: median; p75: third quartile; IQR: interquartile range; PFOA: perfluorooctanoic acid; PFOS: perfluorooctanesulfonic acid; PFHxs: 
perfluorohexane sulfonate; PFNA: perfluorononanoic acid; ΣPFAS: the simple sum of PFOA, PFOS, PFNA, and PFHxS.

a doctor about trouble sleeping was an important factor and was associated with higher serum PFHxS 
concentrations [Figure 3].

Factors in the home were important in the PFOS [Figure 2] and PFNA [Figure 4] models. Home missing 
space ownership status was an important factor in the PFOS model, with renting or having another housing 
arrangement associated with lower serum PFOS concentrations relative to home ownership [Figure 2]. 
Having a smoker in the home was associated with lower serum concentrations of PFNA [Figure 4].

Discussion
Exogenous factors associated with PFAS concentrations
In this exploratory analysis, we evaluated over 100 variables collected through questionnaires over nine 
NHANES cycles between 1999 and 2018 as potential factors associated with PFAS concentrations and 
presented the top 10 factors for four legacy PFAS and ΣPFAS. We observed that year of survey, 
demographic, income, place of birth and citizenship status, household size, dietary, health, food insecurity, 
general health and healthcare, housing, social and behavioral, and other characteristics were important 
factors associated with legacy PFAS concentrations in this nationally representative study population. The 
most important factors associated with PFAS concentrations varied by congener, suggesting differing 
potential sources of exposure to each chemical and differences in toxicokinetics affecting body burden.

Year of collection
In general, exposure to certain legacy PFAS, especially PFOS and PFOA, has been declining over time in the 
U.S. due to phase outs by manufacturers[63,64], and studies have observed declining concentrations of legacy 
PFAS over time in humans[65,66]. Our findings support this, as the cycle (year) of NHANES was negatively 
associated with serum PFOA, PFOS, PFHxS, PFNA, and ΣPFAS concentrations. This may be due to 
diminishing population-level environmental exposure post-ban.

Demographics and family characteristics
Age
The literature surrounding the relationship between age and legacy PFAS concentrations is mixed, though 
we observed age to be positively associated with serum PFAS concentrations, albeit with relatively small 
effect sizes. Legacy PFAS bind to serum albumin[67] and albumin concentrations decrease with age[68]. 
Additionally, glomerular filtration rate, kidney function, and activity level tend to decrease with age[69-71], so 
a general increase in legacy PFAS concentrations at older ages could be expected[72]. Contraception use, 
hysterectomies, and menopause may reduce menstrual blood loss as women age and therefore reduce or 
eliminate a route of PFAS excretion[73], which could increase PFAS concentrations with age, which supports 
observations in this study. Though parity has been associated with PFAS concentrations in women of 
reproductive age[23], in elderly women, it has been shown to have a minor effect on PFAS body burden[74].
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Table 3. Hypothesis testing summary of the top 10 variables associated with serum PFAS concentrations, by PFAS congener, 
NHANES 1999-2018

PFAS Factor Reference group 
(categorical variables only) S/NS

Direction of association 
(for categorical variables, compared 
to reference group) (+/-)

Year - S -

Male sex Female sex S +

Age - S +

Poverty index - S +

Born in U.S. Born outside of U.S. S +

Household size - S -

Receive healthcare at clinic NS +

Receive healthcare at 
doctor’s office

NS -

Receive healthcare at ER NS -

Receive healthcare at 
outpatient center

Receive healthcare some other place (i.e., not a clinic, 
doctor’s office, ER, or outpatient center)

NS +

Emergency food received 
sometimes

Emergency food received often S +

Food insecurity experienced 
sometimes

NS +

Food insecurity experienced 
never

Food insecurity experienced often

NS -

Health care visits: once in 
last year

NS +

Health care visits: 2-3 times 
in last year

NS +

Health care visits: 4-9 
times in last year

NS -

Health care visits: 10-12 
times in last year

S -

PFOA

Health care visits: > 12 
times in last year

Health care visits: zero in last year

S -

Year - S -

Male sex Female sex S +

Age - S +

Household size - S -

Shellfish consumption in 
last 30 days

No shellfish consumption in last 30 days S +

Food insecurity experienced 
sometimes

NS -

Food insecurity experienced 
never

Food insecurity experienced often

NS -

Mexican ethnicity NS -

Other Hispanic ethnicity NS +

NH Black race S +

NH Asian race S +

Other race

NH White race

S +

Rent home NS +

PFOS

Own home

Other arrangement

S +

Year - S -

Male sex Female sex S +

Receive retirement income Do not receive retirement income S +

Born in U.S. Born outside of U.S. S +

Ever told doctor trouble 
sleeping

Never told doctor trouble sleeping S +

PFHxS
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Married NS +

Widowed S +

Divorced NS +

Separated NS -

Never married

Living with partner

NS +

Receive healthcare at clinic NS -

Receive healthcare at 
doctor’s office

NS +

Receive healthcare at ER NS -

Receive healthcare at 
outpatient center

Receive healthcare some other place (i.e., not a clinic, 
doctor’s office, ER, or outpatient center)

NS -

Income level $75,000 - 
$99,000

Income level < $0 - $4,999 S -

Income level < $2,000 Income level < $0 - $4,999 S +

Receives retirement income Does not receive retirement income S +

Year - S -

Male sex Female sex S +

Age - S +

Smoker in home No smokers in home NS +

Fish consumption in last 30 
days

No fish consumption in last 30 days S +

Shellfish consumption in 
last 30 days

No shellfish consumption in last 30 days S +

Freshwater fish consumed 
in last 30 days

No freshwater fish consumption in last 30 days S +

Food insecurity experienced 
sometimes

S -

Food insecurity experienced 
never

Food insecurity experienced often

NS -

Fast duration (in hours) 
before blood draw

S -

Mexican ethnicity S -

Other Hispanic ethnicity NS -

NH Black race S +

NH Asian race S +

PFNA

Other race

NH White race

NS +

Year - S -

Male sex Female sex S +

Age - S +

Born in U.S. Born outside of U.S. S +

U.S. citizen Not a U.S. citizen S +

Household size - S -

Fish consumption in last 30 
days

No fish consumption in last 30 days S +

Shellfish consumption in 
last 30 days

No shellfish consumption in last 30 days S +

Food insecurity experienced 
sometimes

NS -

Food insecurity experienced 
never

Food insecurity experienced often

S -

Mexican ethnicity NS -

Other Hispanic ethnicity NS +

NH Black race S +

NH Asian race S +

ΣPFAS

Other race

NH White race

NS +
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PFAS: Per- and polyfluoroalkyl substances; NHANES: National Health and Nutrition Examination Survey; S: significant; NS: non-significant; +: 
positive; -: negative; PFOA: perfluorooctanoic acid; U.S.: United States; ER: emergency room; PFOS: perfluoroctane sulfonate; NH: non-Hispanic; 
PFHxS: perfluorohexane sulfonate; PFNA: perfluorononanoic acid; ΣPFAS: the simple sum of PFOA, PFOS, PFNA, and PFHxS.

Figure 2. Change in serum PFOS relative to the reference level (for categorical variables) or per unit SD increase for continuous 
covariates from multivariable mixed-effects regression. See Supplementary Table 2 for details. Blue indicates statistically significant 
findings, while orange indicates findings that are not statistically significant. PFOS: Perfluorooctane sulfonate.

Figure 3. Change in serum PFHxS relative to the reference level (for categorical variables) or per unit SD increase for continuous 
covariates from multivariable mixed-effects regression. See Supplementary Table 2 for details. Blue indicates statistically significant 
findings, while orange indicates findings that are not statistically significant. PFHxS: Perfluorohexane sulfonate.

https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202405/wecn3005-SupplementaryMaterials.pdf
https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202405/wecn3005-SupplementaryMaterials.pdf
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Figure 4. Change in serum PFNA relative to the reference level (for categorical variables) or per unit SD increase for continuous 
covariates from multivariable mixed-effects regression. See Supplementary Table 2 for details. Blue indicates statistically significant 
findings, while orange indicates findings that are not statistically significant. PFNA: Perfluorononanoic acid.

Figure 5. Change in serum ΣPFAS relative to the reference level (for categorical variables) or per unit SD increase for continuous 
covariates from multivariable mixed-effects regression. See Supplementary Table 2 for details. Blue indicates statistically significant 
findings, while orange indicates findings that are not statistically significant. ΣPFAS: the simple sum of PFOA, PFOS, PFNA, and PFHxS. 
PFOA: perfluorooctanoic acid; PFOS: perfluorooctane sulfonate; PFNA: perfluorononanoic acid; PFHxS: perfluorohexane sulfonate.

Citizenship status and place of birth
Though PFOS and PFOA have been phased out in the U.S., they are still in production in parts of the world. 
In this analysis, we observed U.S. citizenship and being born in the U.S. to be associated with higher 
concentrations of legacy PFAS concentrations compared to not having U.S. citizenship and being born 
outside of the U.S. This may be explained in part by cultural habits, imported foods, use of consumer 
products with PFAS, and social and behavioral differences between immigrants and U.S.-born 
individuals[75]. Additionally, developed countries may have wider PFAS contamination[76]. A recent review of 

https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202405/wecn3005-SupplementaryMaterials.pdf
https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202405/wecn3005-SupplementaryMaterials.pdf
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determinants of PFAS concentrations in pregnant mothers and neonates found nationality, race, and 
country of origin to be determinants of legacy PFAS concentrations in pregnant mothers[23].

Household size
Household size was negatively associated with legacy PFAS concentrations in this analysis, which may have 
several explanations. Mothers giving birth to multiple children would be expected to have lower serum 
PFAS concentrations, as parity is a factor associated with lower legacy PFAS concentrations[23]. Additionally, 
this could be a proxy measure for socioeconomic status, as larger family size has been a positive predictor of 
poverty[77] or household members may not be family but roommates. Given our mixed results related to 
socioeconomic status and serum PFAS concentrations, further study is needed to better understand this 
finding.

Sex
Overall, male sex predicted higher concentrations of all evaluated PFAS relative to females. This supports a 
large body of evidence suggesting females have lower serum PFAS concentrations than males, particularly 
during reproductive years. Females have greater routes of excretion of PFAS, including menstruation, 
breastfeeding, and childbirth[78-81]. Additionally, a higher renal clearance of PFAS in females has been 
suggested, and longer half-lives have been observed in males[82,83].

Race/ethnicity
Race/ethnicity were associated with serum concentrations of PFOA, PFOS, and PFNA concentrations. 
Compared to the NH White race/ethnicity group, the Mexican-American race/ethnicity group generally 
had lower PFAS concentrations, while other Hispanic, NH Black, “Other” race, and NH Asian race/
ethnicity groups had elevated serum concentrations of these congeners. NH Asian race was associated with 
the highest serum concentrations. Some studies have documented racial disparities in PFAS exposure, with 
NH Black individuals having higher concentrations of PFOS; however, studies in recent years have shown 
changes in these trends[45,84-86]. A recent study observed community water systems serving higher 
proportions of Hispanic/Latino and NH Black residents had significantly increased odds of detecting several 
PFAS[87], which may reflect disparities in the sites of point sources of PFAS contamination. Our findings in 
this study suggest a complex relationship between socioeconomic status and serum PFAS concentrations.

Differences in tap water consumption may partially explain our findings. A study assessing NHANES 2011-
2016 water consumption trends observed NH White individuals consumed the most tap water, whereas 
Mexican-American individuals consumed the most bottled water[88], with other studies observing similar 
results[89-91]. Although bottled water can contain detectable quantities of PFAS[92-94], there are many cases of 
contaminated public drinking water supplies in the U.S.[95]. The higher concentrations of PFOA, PFOS, and 
PFNA predicted by NH Asian race compared to other racial and ethnic groups contradict some findings in 
other studies[21].

Diet
Dietary freshwater fish
Consumption of freshwater fish, such as walleye, trout, pike, perch, or bass, in the last 30 days was 
significantly associated with higher concentrations of PFOS, PFNA, and ΣPFAS. This is supported by 
findings from other studies, which have found freshwater fish consumption to be a significant contributor 
to PFOS concentrations[96-99]. It has been suggested that even infrequent freshwater fish consumption may 
increase serum PFOS concentrations[97]. Though our findings are based on a binary measure of 
consumption (i.e., ever vs. never in the last 30 days), this suggests that even at a potentially wide range of 
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freshwater fish consumption levels, there is exposure to legacy PFAS. The risks and benefits of freshwater
fish consumption may warrant further study.

Dietary shellfish and fish
Shellfish and fish consumption was associated with higher serum concentrations of PFOS, PFNA and
ΣPFAS [Figures 2, 4, and 5]. This supports other literature finding evidence of an association between
shellfish consumption and serum PFAS concentrations[100-105]. Because our findings are based on a binary
measure of consumption, further research in populations consuming shellfish may be helpful in identifying
specific species that may result in higher exposure. While NHANES collects information on specific types of
shellfish and fish consumed, counts were too small for any specific fish or shellfish to evaluate in this
analysis.

Food insecurity
Certain measures of food insecurity (i.e., household food not lasting and household receiving emergency
food) were factors associated with all PFAS concentrations, though these relationships were inconsistent.
This again suggests a complex relationship between socioeconomic status and serum PFAS concentrations.

Health
Receipt of healthcare
The number of healthcare visits in the last year was associated with PFOA concentrations, though the
relationship was not clear. Compared to no visits in the last year, one or two to three visits were associated
with higher serum concentrations. Compared to no visits in the last year, 4-9, 10-12, and > 12 visits in the
last year were associated with lower concentrations of PFOA. These findings may suggest relationships
between overall health, insurance, or socioeconomic status and serum PFAS concentrations. Responding no
(vs. yes) to “Have you ever told a doctor you had trouble sleeping?” was associated with higher serum
concentrations of PFHxS, which may be reflective of healthcare access rather than a relationship between
sleeping troubles and serum PFAS concentrations. Additionally, the type of place where healthcare was
usually received was associated with PFOA and PFHxS concentrations. Relationships were not clear and
may be influenced by healthcare access and socioeconomic status.

Housing and income
Housing characteristics
Renting rather than owning a home was associated with lower concentrations of PFOS. Though associations
between housing characteristics and PFAS exposure are not well studied, carpet treatments contain PFAS
and have been associated with elevated PFAS concentrations[106,107]. House dust has also been suggested to be
an important pathway to human PFAS exposure[108].

Income and consumer spending
Family poverty income ratio (PIR) was positively associated with serum PFOA concentrations, receiving
retirement income was positively associated with PFHxS concentrations, and while there was an association
between household income and PFHxS concentrations, the relationship did not appear to be linear. The
first two measures suggest a positive relationship between income and PFAS concentrations, which may be
explained by the increased opportunity to use legacy PFAS containing products such as clothing at higher
prices[109].

Comparison to other studies
The R2 values in this analysis were relatively low, with the highest at 0.31; however, our R2 results are
comparable to or higher than other studies evaluating factors associated with PFAS concentrations[21,26,30,110,111].
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Imputation methods
Given the high percent missingness in certain variables and the exploratory nature of this analysis, we tested
two donor-based single imputation methods. Imputation involves assumptions that can influence results;
therefore, these findings should be interpreted with caution and should be confirmed in future studies.
Though the best single imputation methods may vary by dataset and application, research suggests that hot-
deck imputation is superior compared to PMM when comparing root mean squared error, unsupervised
classification error, supervised classification error, and the time used to run the algorithm[112].

It should be noted that the data in this exploratory analysis had high missingness and a complete-case
analysis could not be conducted for comparison due to this and the large number of variables included in
models. Further study is needed to understand the best imputation methods for data and modeling of this
nature.

Individual congeners vs. additive sums
The recent National Academies of Sciences, Engineering, and Medicine (NASEM) guidance on patient
follow-up after PFAS testing was based on ranges of values of the simple additive sum of
methylperfluorooctanesulfonamidoacetic acid (MeFOSAA), PFHxS, PFOA, PFDA, perfluoroundecanoic
acid (PFUnDA), PFOS, and PFNA in serum or plasma[47]. For patients with < 2 ng/mL serum or plasma
PFAS, NASEM recommends providing the usual standard of care. For patients with ≥ 20 ng/mL serum or
plasma PFAS, NASEM encourages exposure reduction if point sources can be identified, prioritizing
screening for dyslipidemia, conducting thyroid function testing, assessing signs and symptoms of kidney
cancer, and assessing signs and symptoms of testicular cancer and ulcerative colitis. Though our analysis
could not include MeFOSAA, PFDA, and PFUnDA due to the limited number of NHANES cycles that have
evaluated these PFAS, we do show differences in the top factors associated with ΣPFAS (PFOA + PFOS +
PFHxS + PFNA) and PFOA, PFOS, PFHxS, and PFNA individually. Therefore, it is important to consider
factors associated with simple additive sums of commonly detected PFAS in addition to factors related to
single PFAS congeners.

Strengths and limitations
The present study has notable limitations. The first is the cross-sectional nature of the NHANES data.
Although legacy PFAS may have half-lives of several years or more[113], which we expect to reduce the risk of
exposure misclassification, this does not completely mitigate risk. Additionally, we cannot establish
causality and do not draw conclusions as to whether the identified factors cause changes in PFAS
concentrations. Second, most of the factors evaluated were collected through self-report. Third, many
covariates could not be assessed for their association with PFAS concentrations in this study population due
to high missingness. Given the large number of factors that could not be included in this analysis, further
research is needed to continue establishing factors associated with PFAS concentrations. Covariates
surrounding consumer behavior, diet, housing characteristics, physical activity, and reproductive health, in
particular, require further study and may offer further insight into exposure and elimination of PFAS.
Fourth, we evaluated the four most measured PFAS, though there are thousands of PFAS. Given the
increased use of short-chain and alternative PFAS in recent years, more research is needed to
comprehensively understand the factors associated with PFAS concentrations. Fifth, this is an unweighted
exploratory study. Although NHANES provides weights for each cycle due to the complex survey design,
we did not incorporate them due to the high missingness and methods employed in this exploratory
analysis.
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Despite these limitations, this work has several notable strengths. First, this was a large study population 
that was representative of the U.S. general population. Second, this analysis evaluates the largest number of 
potential factors associated with PFAS concentrations to date. Most studies evaluating factors associated 
with PFAS concentrations consider a limited number of factors. Third, we used the well-known ENR 
approach to identify the top factors associated with PFAS concentrations in this study population.

Future directions
It is important to consider the findings here exploratory, and replication in other populations representative 
of the U.S. general population is needed to confirm these findings. Many of the variables included in this 
analysis were related to one another or were consequences of others (e.g., poverty index or income and food 
insecurity). We did not perform stratified analyses due to the exploratory nature of this analysis; therefore, 
future studies stratified by factors identified here (e.g., socioeconomic status, race, sex, age) are warranted.

Future studies may consider evaluating socioeconomic status in multiple ways (i.e., food insecurity, 
healthcare access, etc.) to further tease out the associations observed here. It may also be beneficial to 
consider the joint effects of socioeconomic status and PFAS on health effects or socioeconomic status as a 
moderator in PFAS-health outcome relationships. Given our findings on factors associated with PFAS (i.e., 
many indicators of socioeconomic status), the potential health effects associated with both PFAS exposure 
and socioeconomic status, and that PFAS exposure through contaminated drinking water has been 
associated with socioeconomic and sociodemographic factors[87] and is an important environmental justice 
issue within the U.S., it is important to explore these relationships further.

This study was motivated by increasing concerns over health effects following PFAS exposure in adults, and 
our findings raise awareness of potentially vulnerable groups in the general population not occupationally 
exposed or exposed through highly contaminated drinking water. Future studies should consider 
prospective analyses where possible to assess potential causality between these factors and serum PFAS 
concentrations and to further investigate how these factors influence PFAS elimination half-lives. Research 
should consider adjusting for factors with substantial evidence to suggest they may affect PFAS 
concentrations, such as age, sex, and year of sample collection, as well as factors specific to the population 
being studied (i.e., children, adults, pregnant mothers, highly exposed communities, etc.). It may be helpful 
to stratify by factors such as age, sex, year of sample collection, socioeconomic status, and other factors 
identified here to identify potential effect modifiers in PFAS studies dependent on the research question. 
Additionally, studies investigating factors associated with PFAS concentrations should consider the 
inclusion of short-chain and newer PFAS, where little research has been conducted.  The R2 values found in 
our models suggest other factors may be associated with higher serum PFAS concentrations. Biological 
factors associated with PFAS concentrations should be explored further, as these factors may affect PFAS 
toxicokinetics.

CONCLUSIONS
This novel, exploratory study aimed to address the substantial gaps in our understanding of factors 
associated with serum concentrations of legacy PFAS chemicals in the general U.S. population by 
employing elastic net regression to evaluate over 100 variables collected via questionnaire in NHANES 
cycles between 1999-2018. While specific factors varied by the specific PFAS evaluated, we observed the 
time period of sample collection, sex, age, race, socioeconomic factors, and fish or shellfish consumption to 
be important factors associated with legacy PFAS concentrations in a large U.S. study population. These 
preliminary findings may direct research priorities related to PFAS exposure and disparities and highlight 
gaps in risk assessment. Reducing PFAS exposure through the identification of vulnerable groups may 
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reduce disease burden in the general population and reduce healthcare costs.
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Abstract
Plastics are synthetic, persistent materials that are distributed worldwide. An important concern is whether 
microplastics (MP) can bioaccumulate in the food chain and pose a threat to human consumers. We studied MP in 
the fillet of resident coastal cod from a plastic-polluted area in Western Norway, where long-range transported 
marine litter accumulates and MP are generated on shore.  We dissected the fish and processed the samples in an 
MP-free lab using gentle enzymatic treatment. Micro Fourier transform infrared spectroscopy (µFTIR) was used for 
identification of particles down to 10 µm. The fish were 40 to 74 cm, corresponding to 2-6 years old. 29 particles 
were observed in fillets from eight of the 23 individuals. The mean particle count was 1.55 ± 2.75 nMP/100 g, and 
the mean concentration was 2.81 ± 8.33 µg/kg wet weight. Six polymer groups were identified, where 
polypropylene (33%) and polyethylene (30%) were the most frequent. The majority (86%) of the particles were 
fragments ranging from 32-100 µm. Fibers and fragments over 200 µm were observed. The largest particle was a 
PP particle of 258.2 µm. Controls showed minimal contamination and the procedural blanks were negative. There 
was no significant correlation between age, body condition, time of capture, and MP concentrations, and no 
evidence of bioaccumulation of MP in the fillet of older fish after in situ exposure. MP in food is of concern for 
human consumption and emphasizes the importance of understanding MP distribution and fate as well as reducing 
and controlling plastic release into the environment.

Keywords: Microplastics, bioaccumulation, fish fillet, plastic pollution
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INTRODUCTION
Human history has proven that man-made contaminants that are resistant to degradation are distributed far 
from their source of origin. These substances are often referred to as persistent organic pollutants (POPs). 
The last decade has documented that microplastics (MP) possess the same traits and have been detected in 
various environmental samples worldwide, testifying to a global distribution of synthetic polymer particles 
far from human activities[1-7]. Over the past decade, there has been extensive documentation of MP ingestion 
by marine organisms[8]. MP have been detected in the muscle and liver of fish and birds, as well as in human 
blood, placenta, and testes[9-14].

Studies have also provided experimental evidence of micro- and nanoplastic uptake and translocation in 
animals and humans[12,15-18]. This evidence of omnipresence and uptake into internal organs underscores the 
need to understand and describe MP kinetics and fate using traditional toxicological terms, such as 
understanding the routes of exposure and the movement and fate of MP in the food web. We need to 
understand the fate of MP in organisms and the food web to determine whether they share another 
common trait of POPs, the ability to bioaccumulate and biomagnify. Bioaccumulation refers to when a 
substance reaches significantly higher concentrations in an organism compared to its surroundings. 
Bioaccumulation often leads to biomagnification, which means organisms at higher trophic levels have 
higher concentrations of the substance due to their inability to excrete or metabolize it. This is of interest to 
human consumers, since we eat a wide range of foods from different trophic levels and live long lives.

Early experiments on mammals and birds in 1975 showed that MP can be absorbed through the intestines 
and distributed to different organs and body fluids within minutes of ingestion[16]. This was shown by the 
absorption of polyvinyl chloride (PVC) particles with an average size of 40 µm (ranging from 10 to 110 µm) 
in rats, mice, guinea pigs, rabbits, chickens, and dogs. Minutes after exposure, MP were found in the bile, 
and within the following 24 h, they were excreted via urine, lungs, milk, and placenta, indicating 
distribution throughout various organs[16]. Later experiments revealed that nanoplastic particles (< 1 µm) 
reached the brains of fish[15,19-21]. A recent study observed the uptake, distribution, and excretion of 
palladium-enriched polystyrene nanoparticles in fish and found that they were distributed throughout the 
body but were also excreted to levels below the detection limit after 48 h of exposure[22]. Similarly, the 
uptake, distribution, and elimination of 14C-radiolabeled nano polystyrene were demonstrated in clams over 
a 24-day period, with larger particles (250 nm) still detectable after 48 days, indicating that particle size 
affects the kinetics[18]. Overall, these studies demonstrate the transfer of micro- and nanoplastics into tissues 
through barriers such as the intestinal wall and the blood-brain barrier. They also suggest that multiple body 
fluids and tissues may be affected by the ingestion or inhalation of MP. Furthermore, these findings indicate 
that micro- and nanoplastic particles may be present in many organs shortly after exposure, although their 
presence in tissues may be transient. Nonetheless, MP can have permanent deleterious effects, emphasizing 
the importance of studying chronic exposure to relevant concentrations and compositions of micro- and 
nanoplastic particles[22,23]. Understanding chronic exposure to relevant levels is thus of importance for 
understanding the consequences of MP pollution throughout the food web as well as in humans.

Food consumption is one of the most extensively studied routes of MP exposure in humans[24]. Previous 
studies have demonstrated the presence of MP in edible parts of fish[10,25,26], as well as exposure through 
seafood that may have become contaminated by plastics during processing, packaging, handling, and 
cooking[27-31]. The numerous potential sources of MP, differences in sampling methods, dissection 
techniques, analytical procedures and identification make comparisons between studies, species, and 
regions challenging[32] and make it hard to differentiate between the effects of trophic level or age and to be 
able to discern the effects of method uncertainties[33]. When evaluating the evidence for bioaccumulation 



Page 3 of Haave et al. Water Emerg Contam Nanoplastics 2024;3:16 https://dx.doi.org/10.20517/wecn.2024.07 18

and the fate of MP in the food web, it is essential to eliminate contamination from sources of MP other than 
ingestion and trophic transfer, and it is vital to acknowledge limitations and uncertainties related to 
contamination[34].

This study aimed to elucidate the evidence for bioaccumulation in tissues of naturally exposed wild cod of 
various sizes and ages, strictly considering the MP that had translocated into tissues from direct or indirect 
uptake and ingestion of food and water or across respiratory epithelia, using methods sensitive enough to 
detect a single particle of MP. A high-tech plastic-free laboratory with a strong emphasis on contamination 
control was used to prevent external contamination. This approach gives the best possibility to investigate 
and differentiate between MP concentrations in individuals of different ages, and thus investigate the 
evidence of in situ bioaccumulation.

EXPERIMENTAL
The study was conducted using wild-caught cod from a highly plastic-polluted area located in the outer 
coastal region of southwestern Norway[35] [Figure 1]. The Norwegian Coastal current flows northward along 
the coastline, carrying marine litter from the North Sea, southern Europe, and even across the Atlantic on 
the Gulf Stream, as well as locally produced litter. Due to predominantly southwestern winds, floating items 
are pushed toward the shoreline, where geological formations with numerous islands and inlets act as a 
physical trap[35,36]. Within this plastic-polluted habitat, the coastal strain of the Atlantic cod (Gadus morhua) 
can be found. The coastal cod was selected for this study because it is a resident, non-migratory species 
living within a limited area[37,38]. It is a generalist feeder, consuming a wide range of species[39], which makes 
cod an ideal subject for investigating the uptake and potential bioaccumulation of MP from the 
environment. A recent study has documented frequent ingestion of plastics in cod from this region[40], and a 
pilot study identified measurable levels of MP in the muscle and liver of cod from this area[10]. The current 
study further expanded the sample size to examine the relationship between size (age), body condition, and 
microplastic concentration in cod. Additionally, updated methods were able to detect small microplastic 
particles and a plastic-free laboratory was employed to validate the previously observed concentrations of 
MP in cod from this plastic-polluted region.

Volunteers from the Norwegian Hunters and Anglers’ Association captured cod at two locations during two 
periods between May 7, 2021, and November 2, 2021 [Figure 1 and Table 1]. The two locations were 
Vindkjeften (4,9771509°E; 60,3322916°N) and Nordre Hola (4,9547007°E; 60,2954264°N).

Only resident cod, which can be distinguished by their size and color, were collected for this study, and the 
migrant strain of the Atlantic cod was not present in these waters during the sampling period. The resident 
cod lives its whole life in the same region, and we therefore assume that it is has been exposed to plastics in 
water and food throughout its lifetime.

According to Norwegian regulations, fish below the minimum size of 40 cm were released back into the 
water, and thus, the youngest age groups are not represented. The fish collected from the sites were 
captured using fishing nets or fishing rods. The fish were euthanized by a blow to the head to avoid cutting 
the skin and potentially contaminating the tissue, wrapped in aluminum foil, and subsequently frozen at 
-20 °C until further dissection and chemical analysis at NORCE PlastLab.

Contamination control
Given the expected low microplastic concentration in tissues, controlling and recording any external 
contamination is crucial[41]. All samples were, therefore, processed inside the NORCE PlastLab. 
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Table 1. Characteristics of cod from two locations in western Norway (Nordre Hola and Vindkjeften), with bodyweight (g), length 
(cm) and Fulton’s condition factor (k-factor), sample weight (g), number of MP by particle shape, MP count (nMP/100 g·ww) and 
calculated MP mass-concentration (µg/kg·ww)

Fish ID Capture date Weight Length k-factor Sample weight n-fibers/n-fragments MP count MP conc.

Location Nordre Hola

#1 07.05.21 855 43 1.08 71.41 1/1 2.80 2.8

#2* 19.05.21 859 43 1.08 42.13 nd/nd - -

#3* 19.05.21 637 40 1.00 69.20 nd/nd - -

#4 25.05.21 698 40 1.09 67.96 3/4 10.30 38.9

#5* 30.05.21 863 42 1.17 83.53 nd/nd - -

#6 30.05.21 550 42 0.74 72.89 nd/nd - -

#7 30.05.21 570 44 0.67 85.02 nd/nd - -

#8 07.06.21 400 44 1.02 94.34 nd/nd - -

#9 27.10.21 708 42 0.96 78.46 3/nd 3.82 1.3

#10 27.10.21 1,334 44 1.57 91.23 nd/1 1.10 0.8

Location Vindkjeften

#11 02.11.21 2,299 67 0.76 103.43 nd/4 3.87 11.4

#12 02.11.21 1,285 51 0.97 95.21 nd/nd - -

#13 02.11.21 2,059 58 1.06 108.59 nd/nd - -

#14 02.11.21 1,855 55 1.11 91.30 nd/nd - -

#15 02.11.21 4,639 73 1.19 152.78 nd/nd - -

#16 02.11.21 2,229 59 1.09 95.20 nd/nd - -

#17 02.11.21 1,459 53 0.98 97.90 nd/4 4.09 1.8

#18 02.11.21 1,823 54 1.16 108.13 nd/1 0.92 0.7

#19 02.11.21 2,023 56 1.15 107.64 nd/nd - -

#20 02.11.21 1,959 55 1.18 106.06 nd/nd - -

#21 02.11.21 1,356 51 1.02 103.47 nd/nd - -

#22 02.11.21 1,796 56 1.02 115.50 nd/5 4.33 7.1

#23 02.11.21 1,770 55 1.06 110.21 nd/nd - -

Mean ± SD - 1,479.45 ± 917.52 50.3 ± 9.42 1.05  ± 0.18 93.50 ± 21.82 Sum: 10/26 1.89 ± 3.10 1.55 ± 2.75

*interference from the presence of protein in the analyses was observed, but samples met the QA/QC requirements of the laboratory. MP: 
Microplastic; nd: not detected; SD: standard deviation; QA/QC: quality assurance/quality control.

Contamination control, quality assurance/quality control (QA/QC) measures were implemented to 
minimize and account for any potential sources of microplastic contamination. The laboratory is specially 
designed to have plastic-free surfaces, including glass, steel, and non-plastic benches and floors. The Plastlab 
has high-efficiency ultra-low penetration HEPA-14H filtration with an efficiency > 99% for the most 
penetrating particle size (0.1-0.5 µm). Additional precautions, such as sticky floor mats and an air sluice, 
were in place to prevent dust from entering. Lab personnel wore clothing made of natural materials like 
cotton or wool. Glassware, steel filters, and other materials were covered in aluminum foil and burned in a 
muffle oven at 500 °C before use to remove any traces of MP. Steel filters, glass, and porcelain equipment 
were used for all procedures, with the only exceptions being silicon tubes, polytetrafluoroethylene (PTFE-
Teflon) squeezy bottles, and computers.

Before and after fish dissection or sample preparation, surfaces were rinsed with Milli-Q water that was 
filtered once more over a Whatman GF/A- filter (1.6 µm) and wiped with tissue paper. Stainless steel filters, 
tweezers, and other equipment used were rinsed three times and sterilized using a gas burner 
(FLAMEBOYTM, 1,350 °C) between samples. Scalpel blades were changed between samples.
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Figure 1. Sampling locations in Western Norway where cod was caught in the spring/summer and autumn of 2021.

To monitor and control for background contamination, open wet traps containing only Milli-Q water were 
used during the same period as the lab activities. One wet trap was deployed per sample dissection. When 
microplastic particles were identified in a tissue sample, the corresponding wet trap used during the 
processing of that sample was also analyzed. In case a plastic particle was detected in the wet trap, particles 
of the same polymer type were subtracted from the tissue sample results [Supplementary Table 1].

To prevent contamination from the solutions used during the procedure[41], all solutions used were pre-
filtered using a glass fiber filter (Whatman GF/A, 1.6 µm) and stored in pre-burnt glass containers until use. 
Procedural blanks, which used the same solutions and equipment as for sample processing without any 
sample, were processed simultaneously with the samples.

All 23 fish were measured and weighed during dissection. Body length was measured from the snout to the 
tip of the tail (caudal length). Based on previously published growth rate curves for resident cod, the age of 
the cod in this study was estimated to be around two to six years old[37]. As the age of each fish is estimated 
based on their length, the length is used as a proxy for age. The estimated age of each fish is therefore not 
given.

Approximately 100 grams from the upper fillet, taken from the region behind the dorsal fin, were used for 
analysis. The samples were weighed, packed in a double layer of aluminum foil, and frozen at -20 °C until 
further processing and chemical analysis.

Purification and removal of organic content
To remove the tissue and leave the microplastic particles intact, a gentle enzymatic degradation was 
performed. The multi-enzymatic extraction protocol for microplastic particles is based on previously 
published methods[10,42-46]. The method has a recovery rate of 96%-99% and does not damage the plastic 
polymer[47].

https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202406/wecn3007-SupplementaryMaterials.pdf


Page 6 of Haave et al. Water Emerg Contam Nanoplastics 2024;3:16 https://dx.doi.org/10.20517/wecn.2024.0718

In summary, the purification procedure involved the systematic removal of the muscle tissue, proteins, and 
fats through a stepwise process outlined in Figure 2. All incubations were done without agitation in a 
Termaks TS-4115 heating cabinet.

In detail, the cod muscle tissue (up to ~100 grams) was defrosted, cut into cubes, and placed in the sample 
beaker. First, to permeate cell membranes, 100 mL 5% sodium dodecyl sulphate (SDS) solution was added, 
and the sample was incubated at 50 °C for a minimum of 3 h [Figure 2].

After incubation in SDS, all the sample was transferred to a vacuum filtration assembly and passed through 
a 10 µm stainless steel filter. The sample container and filtration system funnel were rinsed with 50% ethanol 
from a PTFE squeezy bottle. The filter and sample were placed back into the same beaker to prevent loss of 
material, and 100 mL of 0.1 M glycine buffer at pH 10.0 was added. Ultrasonication was performed on the 
sample beaker for 10 minutes to release any particles attached to the filter before the filter was rinsed with 
1 mL of Milli-Q water. In the second enzyme treatment, 1 mL of protease enzyme (P3111, Sigma Aldrich, 
Germany) was added, and the beaker was incubated at 50 °C for 48 h before repeating the filtration and 
ultrasonication steps. The third treatment used 100 mL phosphate buffer saline and 1 mL of lipase enzyme 
(L0777, Sigma Aldrich, Germany), incubated at pH 5.0 and 50 °C for 24 h.

For the final purification step, a strong oxidative digestion was performed using 50 mL of 30% hydrogen 
peroxide (H2O2) at 50 °C for 12 h to remove fats. The sample was now reduced to a clear liquid [Figure 2]. 
The sample was filtered to remove the oxidizing agent, sonicated to release any particles from the filter, and 
rinsed thoroughly with 50% ethanol. The sample was transferred to a tube and the ethanol was evaporated 
at 50 °C until 1 mL remained. The sample in the tube was transferred to a glass vial for storage, and the tube 
was washed with 4 × 1 mL of 50% ethanol to transfer all particles, resulting in a total volume of 5 mL in the 
sample vial. A list of enzymes and buffers can be found in Supplementary Tables 2 and 3.

Prior to identification of the remaining particles, the contents were filtered onto a 0.1 µm Anodisc filter 
(Whatman, Φ 10 mm) and dried at room temperature in a glass petri dish in the clean PlastLab with a lid 
until further examination.

Micro Fourier transform infrared spectroscopy identification of microplastics
Identification of polymer types and measurement of particle sizes were automatically performed using 
micro Fourier transform infrared spectroscopy (µFTIR) with a Thermo Fisher Nicolet iN10 MX Infrared 
Imaging Microscope. The instrument was equipped with a N2-cooled 64 × 64 line array mapping detector 
and a quantum MCT (mercury cadmium telluride) detector. The linear array detector collected 64 scans per 
sample, and the IR spectra of each microplastic particle were recorded in the mid-IR range of 
4,000-850 cm-1, with a spectral resolution of 4 cm-1 in transmission mode. The linear array mapping covers 
the whole Anodisc filter, identifying and measuring the size of every particle on the filter. Currently, the 
nitrogen-cooled scanning µFTIR- method used in this study is capable of detecting particles down to a 
theoretical minimum of 6.25 µm according to the technical specifications by Thermo Fisher. As the steel 
filter mesh used for the pre-treatment is a minimum of 10 µm, we do not regard the method to be 
quantitative for particles under 10 µm, but smaller particles may stick to the mesh and may be retained 
nonetheless.

https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202406/wecn3007-SupplementaryMaterials.pdf
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Figure 2. Detailed flowchart of the stepwise enzymatic treatment that ensured gentle and complete removal of proteins and fats in the 
cod muscle tissue. The progress of the treatment can be observed in the following stages: (A) the cod muscle tissue after 12 h in 5% 
SDS; (B) the same sample after 48 h in protease; (C) after 24 h in lipase; (D) and after 12 h in 30% hydrogen peroxide. SDS: Sodium 
dodecyl sulphate.

Polymer identification was performed automatically by the software by comparing the spectral match of the 
particles with a reference library (SiMPle, v1.3.1β)[48]. Polymers with a spectral match greater than 70% score 
were considered automatically positively identified. A spectral match above 65% would be accepted or 
rejected after manual inspection of the spectrum. The software used for identification and grouping of 
polymer types also facilitated automatic mass calculations per particle. The mass per particle was estimated 
by the software by multiplying the particle volume by the density of the polymer type[48]. The particle 
volume is automatically calculated by the software from the measured major and minor dimensions (length 
and width) and an estimate of the height (60% of the minor dimension). Particles on the filter that were not 
of synthetic origin (cellulose from tissue paper and any remaining proteins) were excluded from the results.

For shape classification of plastic particles, fibers were defined as having a length-to-width ratio above three, 
while fragments had a length-to-width ratio up to three.

Calculations and reporting
Body condition (k-factor)
The condition of the cod was described using Fulton’s condition factor (k), as defined by Equation 1, where 
W represents the weight in grams and L represents the length in centimeters[49]. A healthy body condition 
factor, indicating that the fish is feeding and well, is typically around one.
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Microplastic mass concentration
The mass concentration of MP was calculated in micrograms per kilogram wet weight (µg/kg·ww) using the 
estimated mass per particle obtained from the SiMPle software output, and the wet weight of the sample at 
the time of dissection (Equation 2).

Standardized microplastic particle count
The number of detected MP (nMP) was standardized to 100 grams fillet (Equation 3).

Microplastic particle size classes
The MP were categorized into groups based on their size classes determined by their smallest dimension. 
The size classes included intervals of 10-30, 31-50, 51-100, 101-500, and 500-1,000 µm. In reporting, the 
focus is on the minor dimension since the smallest dimension is likely the determining factor for retention 
on the filter during processing.

Statistics
Data management, statistical analyses and calculations were completed using R, (version 2023.12.0+369), 
Microsoft Excel and IBM SPSS Statistics (version 26.0). To assess the normality of the data, the Shapiro-
Wilk test was employed. The results indicated a non-normal distribution for most of the data. 
Consequently, non-parametric Mann-Whitney U-tests were employed to compare means between groups. 
Spearman’s rho correlation test was conducted to examine the correlation between nMP and body length or 
k-factor. The statistical significance level was set at α = 0.05.

RESULTS AND DISCUSSION
Body condition (k-factor) of fish
The k-factor is often used instead of body weight for fish, as it is a parameter that combines both weight and 
length and indicates if the fish has been feeding and is healthy, which is of relevance to MP exposure and 
accumulation from the food web. Length and weight, however, are covariates, and are thus statistically 
dependent; therefore, examination of the correlation between nMP and one of the two variables, weight and 
length, suffices. Table 1 provides the weight, length, and k-factor for the cod. Based on growth rate curves 
for resident cod, the age of the cod in this study was estimated to be around two to six years old[37] . Cod 
from Nordre Hola (mean length: 41.4 ± 2.95 cm), primarily sampled in May, were significantly shorter 
compared to the cod from Vindkjeften (mean length: 51.37 ± 14.77 cm), sampled in November (Mann-
Whitney U-test, U = 0, P < 0.001), which may in part be explained by higher age and growth during summer 
and early autumn. The fish from both sites were in generally good body condition, with k-factors ranging 
from 0.67 to 1.57, and a mean k-factor above 1, indicating that most of the fish were healthy and feeding at 
both sites and times. There was no significant difference in k-factor between sites (Mann-Whitney U-test, 
U = 53, P = 0.475).
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Frequency of occurrence
Out of the 23 samples of cod muscle tissue, MP particles were detected in 8 cod from Nordre Hola (n = 4)
and Vindkjeften (n = 4), resulting in a frequency of occurrence (FO) of 34.78%. As the FO is greatly
influenced by the method of analysis, the mass of each sample, and the sensitivity of the detection method,
it is subject to large variations among studies. FO up to 100% has been observed[50]. Comparison to previous
studies is challenging due to variations in laboratory procedures and reporting, which highlights the
importance of using sensitive, harmonized methods and the same format when reporting, for example, FO
and size classes across studies. The current low FO in edible tissues of finfish is lower than the FO reported
in other studies examining edible tissues and skin of finfish[10,30,50-54], where the FOs were frequently above
40%. Such previously published studies, using a range of different methods, have reported MP from sizes of
approximately 100 to 1,000 µm in up to 100% of the samples. The lowest observed FO of 7%[27] used
microscopy for manual selection and identified polymers by attenuated total reflectance FTIR (ATR-FTIR),
but this method has limitations in detecting particles under 100 µm. In the current study, 93% of the
particles were below 100 µm, which theoretically should increase the FO compared to studies that are
limited to detection of larger particles. As analytical techniques become more sensitive and accurate, and if
size- limits decrease in future studies, it is thus expected that the FO of MP in tissues may increase.

Polymer types

There were no significant differences in particle count or particle sizes of microplastic in cod from the two
distinct sampling sites and capture periods. As the fish from the two sites were in the same body condition,
all the fish were combined to represent the cod population in the local region.

Table 1 presents the microplastic concentration in two ways: particle count standardized to weight (nMP/
100 g) and microplastic mass concentration (µg/kg·ww) for all 23 examined cod. The maximum particle
concentration was 10.3 nMP/100 g, which equals 0.1 MP/g·ww muscle tissue (cod #4). This is similar to the
observed particle concentrations in farmed salmon (Salmo salar) from two Norwegian salmon farms of
0.10 ± 0.09 and 0.11 ± 0.12 MP/g ww and in wild salmon with 0.10 ± 0.04 MP/g ww)[50]. The highest observed
concentration in this study is lower than the mean concentration observed in the dorsal muscle of European
seabass (Dicentrachus labrax), Atlantic Horse mackerel (Trachurus trachurus), and Atlantic Chub mackerel
(Scomber colias) from the North East Atlantic, with 0.4 ± 0.7, 0.7 ± 1.3, and 0.6 ± 0.8 MP items/g,
respectively[53]. Moreover, fifteen fish showed no detectable MP in the muscle tissue, contributing to a low
mean concentration and a large standard deviation of the mean [Table 1]. The mean concentration, when
including only the fish with detectable MP, was 4.47 ± 2.99 nMP/100 g, and the mean mass concentration
among the same fish was 8.08 ± 13.01 µg/kg.

Six polymer groups were identified: polypropylene (PP), polyethylene (PE), polyester (PES), polystyrene
(PS), polyamide (PA), and polyethylene terephthalate (PET). The dominant polymers were PP and PE,
which were found in four out of eight positive samples. 38% of the particles in total were PP, and 31% of the
particles in total were PE. The distribution of polymers in individual fish can be found in Figure 3, and
polymer type, size, and shape per particle are shown in Supplementary Table 1.

A total of 29 particles were identified as microplastic and passed quality assurance and quality control, of
which 21 particles were classified as fragments and eight as fibers. The particle sizes [Figure 4] show that the
majority (62%) were smaller than 50 µm. 93% of the particles were smaller than 100 µm in the minor
dimension. Fibers and fragments over 200 µm were observed. The largest particle was a PP particle of
258.2 µm.

Characteristics of microplastics in cod muscle tissue

MP shape and size

https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202406/wecn3007-SupplementaryMaterials.pdf
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Figure 3. Microplastic concentration (nMP/sample) and polymer distribution in muscle tissue of wild-caught cod from a plastic-
polluted area in western Norway 2021. PA: Polyamide; PE: polyethylene; PET: polyethylene terephthalate; PP: polypropylene; PS: 
polystyrene.

Figure 4. Size distribution of microplastic particles in cod muscle tissue. Major by minor dimension (µm).

Among the eight corresponding wet traps analyzed for quality control, only two contained microplastic 
particles, which corresponded to the processing of cod #1 and #4. Both wet traps had one PE fiber each, 
measuring 123 and 310 µm, respectively. Since the color of the PE fibers in the wet traps matched those 
detected in cod #1, the two PE polymers detected in cod #1 were excluded from the analysis.

Cod #4 exhibited large fragments of polypropylene (PP) up to 235 µm but did not contain any PE which was 
the polymer type observed in the corresponding wet trap; thus, no subtraction of PE or particles was 
performed in cod #4. The fishnets used were made of orange PP, but the color did not match the observed 
particles for cod #4.
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No further MP were detected in the wet traps corresponding to fish with observed microplastic particles; 
thus, the MP are trusted to be from the fish samples, and not contamination from the external lab 
environment. After subtracting the particles corresponding to wet trap controls, a total of 29 out of 31 
particles were included in the results (All particles identified as microplastic are shown in Supplementary 
Table 1). The procedural blanks did not exhibit any contamination, and therefore, no subtraction of 
particles was required to account for procedural contamination.

Mass and concentration
MP concentrations in cod muscle tissue (µg/kg·ww) varied greatly, with mean concentrations of 8.08 ± 
13.01 µg/kg in the eight cod where MP particles were detected. The highest single concentration of 
38.9 µg/kg was found in a 40 cm long fish (cod #4), which had a notable presence of large PP fragments and 
fibers that significantly impacted the calculated MP mass. However, this concentration, which is 
considerably higher than the mean for this study, is much lower than the previously reported concentration 
in the small pilot study of three cod from the same region which observed mean concentrations of 670 ± 470 
µg/kg ww in cod muscle tissue[11]. This may be the result of improved analytical methods and the use of a 
plastic-controlled environment in this study. Cod with both high and low MP concentrations and of 
different lengths had k-factors above 1, indicating good condition and feeding status irrespective of the MP 
concentrations observed.

We examined statistically which factors could contribute to the levels and variation of microplastic in the 
cod muscle tissue. Due to the low number of cod with detected MP particles in the muscle tissue, and the 
non-normal data distribution, regression analyses could not be performed.

Non-parametric correlation tests were performed on the cod to investigate the correlation between MP 
occurrence and other likely influencing factors [length (age), body size (weight) and k-factor], combining 
the cod from the two sites. There were no significant correlations between particle counts (nMP/100 g) and 
fish body length, weight, or k-factor [Figure 5]. Likewise, there was no correlation between MP mass-
concentration (µg/kg·ww) and length (Spearman’s rho, r = -0.092, P = 0.68) MP mass-concentration and 
weight (Spearman’s rho, r = -0.014, P = 0.95) or MP mass-concentration and k-factor (Spearman’s rho, r = -
0.1, P = 0.65). Interestingly, both large and small cod were observed to have zero MP in their muscle tissue 
[Figure 5]. The results suggest that length (age), body weight, and k-factor are not determining factors for 
the MP concentration in muscle tissue of cod in plastic-polluted areas. However, the sample size is small, 
and the low number of cod with positive observations of MP in the fillet hampers statistical analyses. On the 
other hand, one would expect that if accumulation occurred throughout the lifetime of fish up to six years 
of age, it would be observable with the sensitive methods used.

Limitations of the study
In this study, we observed a low FO and low concentration of MP in the muscle tissue of wild-caught cod 
from a highly plastic-polluted area in Western Norway. One potential reason for the low concentrations can 
be the strict contamination control and good laboratory practice that prevented external contamination 
from influencing the results[41]. Other influencing factors may theoretically be potential particle losses 
during the analyses. The use of strong reagents during tissue removal may damage the particle surface, 
which is why this study instead uses a gentle enzymatic degradation method that has observed a 96%-99% 
recovery rate.  Maintaining the integrity of the polymer particles is important because, if particles close to 
10 µm in one dimension experience a small reduction in size, they may be lost through the 10 µm filter 
mesh.

https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202406/wecn3007-SupplementaryMaterials.pdf
https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202406/wecn3007-SupplementaryMaterials.pdf
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Figure 5. The relationship between nMP/100 g and (A) body length, (B) body weight, and (C) k-factor in resident cod from two 
locations in Western Norway 2021.

Regarding potential contamination of the samples, which would increase the observed concentrations, strict 
precautions were taken in the NORCE Plastlab to minimize the introduction of microplastic particles to the 
samples, in order to strictly quantify the particles that were present due to ingestion in the wild and 
translocation into fish tissues. The observation of somewhat larger PP fibers and fragments raised some 
concerns. It is possible that particles larger than 200 µm may have become attached to the fish externally 
during handling, despite measures taken to minimize contamination. The source of these fibers and 
fragments remains unidentified, and they do not correspond to the equipment used. This shows how 
challenging it is to entirely avoid plastic contamination in a plastic-dependent society. Various potential 
sources of contamination during all procedures, such as fishing gear, clothing, ropes, buckets, and 
transportation, need to be considered and the use of plastic minimized throughout the procedure. However, 
removing the larger particles (> 200 µm) from the dataset did not impact the results.

The lack of standardized methods and variation in contamination control measures pose limitations to 
building knowledge from studies conducted across different regions[32,55]. Previous studies have reported the 
occurrence of MP in edible parts of finfish[10,25,28,30,51,56,57]. However, due to differences in methods, reported 
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size classes, and variation in contamination control, comparing concentrations and distribution patterns of 
MP among these studies is challenging.

In terms of replicate analyses, working with a larger number of samples with fewer negative findings is ideal 
for increased statistical power and understanding method uncertainties. However, microplastic analysis 
with these sensitive and gentle methods is time-consuming and expensive, making it financially very 
challenging to expand the sample size to increase data resolution and reduce uncertainties.

The microplastic burden in the water column and sediments of the plastic-polluted region where the cod 
was caught is assumed to mirror the macroplastic pollution observed on many beaches in the region that are 
known to receive large volumes of marine debris[35], and it is assumed that the cod had been exposed to 
macroplastic and MP throughout its lifetime. Cod from this region have been observed to have a higher rate 
of plastic in their stomach than cod from other areas in Norway[40]. However, direct measurements of the 
concentrations of MP in these waters and sediments where the fish were caught were not performed, due to 
funding limitations. A study of MP in sediments from a nearby fjord demonstrated high concentrations of 
microplastic particles, with the majority being under 100 µm[42], and the polymer composition suggesting 
both terrestrial and marine sources.

Implications for human consumers
Previous studies have shown that the highest number of microplastic particles are in the lower size classes 
when using similar methods of analyses[1,42,58]. However, the presence of a high number of small MP in the 
environment does not necessarily indicate high uptake by organisms or high prevalence in tissues, as studies 
have demonstrated a low absorption rate of nanoplastics in finfish[22,59].

It has been shown experimentally that fragments over 100 µm can be taken up by organisms[16]. MP have 
been found to pass through biological tissue either between enterocytes or through phagocytosis by organs 
such as the gills or gastrointestinal tract[16,60]. The absorption process appears to be influenced by the size of 
the MP[16,61], but is not fully understood, and a number of studies report larger particles in tissues than what 
is believed to be able to pass through or between cells. This highlights the need for studies that elucidate the 
uptake and translocation mechanisms of MP and may provide answers to the most likely size classes to be 
translocated into, and potentially retained in, tissues.

For human consumers, the presence of MP in our food is of concern, especially if MP are found to 
accumulate throughout the life of an organism. Our current observations that MP do not increase with age 
in cod may indicate that the muscle tissue in cod is not the target organ where MP will accumulate, and thus 
that consumption of old and large fish does not imply a higher exposure to MP. This is in contrast to the 
known bioaccumulation of several persistent contaminants with the age of the organism, where 
consumption of older or larger organisms represents a greater risk of exposure, which is therefore advised 
against.

The Minderoo Monaco Commission has referred to MP as POPs due to their common characteristics[62]. 
Even without proof of bioaccumulation, persistence and mobility alone are criteria for the POP 
classification, meaning MP may indeed be classified as POPs. However, the need to thoroughly assess the 
physico-chemical properties of MP and their bioaccumulation and biomagnification throughout the food 
web remains. If MP do bioaccumulate, as has been indicated by recent studies of mammalian testis[14], it 
would warrant increased funding for research into human microplastic exposure and kinetics and support 
toward the ongoing work to negotiate the international binding treaty on plastic pollution (UNEP-INC), 
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aimed at curbing the production and unregulated release of plastics, as well as monitoring of the generation 
and distribution of MP in the same way as for the well-known legacy POPs, such as polychlorinated 
biphenyls (PCBs), dichloro-diphenyl-trichloroethane (DDT) and tetrachlorodibenzodioxins (TCDDs) 
(dioxins).

Little evidence for bioaccumulation in situ
Bioaccumulation of a substance implies that the concentration increases significantly above that of the 
surrounding environment and can be observed to increase with age due to inefficient excretion or 
metabolism. This study cannot conclude with evidence of bioaccumulation in the muscle tissue of up to six-
year-old cod of increasing length and body mass. Instead, this study adds to a growing number of 
publications that do not find evidence for microplastic bioaccumulation in situ. Similarly, no correlation 
was found between fish mass and microplastic concentrations in Smallmouth bass (Micropterus dolomieu), 
Lake whitefish (Coregonus clupeaformis), and Northern pike (Esox lucius), and the study observed no trend 
of increasing levels in organs over time. A recent study of marine animals at different trophic levels 
concluded with no evidence of bioaccumulation of MP > 100 µm in the digestive tracts and liver[63].

Similarly, a review of 226 field studies across various fish and seafood species also found no increase in 
microplastic concentrations per individual with trophic level, challenging the notion of bioaccumulation of 
plastic[55]. However, the mentioned review cautioned against using the presence of MP in the gastrointestinal 
tract as an indicator of bioaccumulation, as the transient presence of MP in the gut may simply indicate 
recent ingestion and could vary over short periods of time due to egestion.

In contrast, another systematic review[33] concluded that bioaccumulation of MP did, in fact, occur within 
trophic levels, when focusing on the gastrointestinal tract of finfish rather than muscle tissue, which was 
criticized[55]. The criticized study, however, also concluded with no evidence of biomagnification at higher 
trophic levels and acknowledged the challenges in identifying such processes over several decades and 
across the development of different methods for microplastic quantification.

To definitively answer the question of microplastic bioaccumulation, carefully designed in vivo experiments 
or larger datasets from in situ observations are needed. For now, the weight of the in situ evidence is leaning 
toward no evidence of bioaccumulation. However, the absence of evidence is not the same as evidence of 
absence; thus, carefully designed studies and sensitive methods are necessary to settle this question of 
bioaccumulation of microplastic.

Body distribution of microplastic
The current study focuses on microplastic concentrations in cod muscle tissue. Studies of nanoparticle 
uptake and depuration in fish do not indicate any specific target organ where nanoplastic particles 
accumulate[22]. Observations of nanoplastics being taken up, distributed, and eventually eliminated from the 
liver and other organs may also suggest that the presence of the larger MP in livers is transient and not 
persistent[17]. In a previous report on MP in salmonids, no significant difference was observed between 
muscle and liver tissue concentrations, indicating that muscle tissue could serve as equally suitable for 
monitoring[50]. Similarly, a recent study[63] observed no bioaccumulation in the liver after analyses that 
included lean fish. Observations confirming the occurrence of MP in the livers of wild fish do not 
necessarily imply that the liver is a primary target organ for MP accumulation, and studies have shown that 
MP can be excreted through bile in vertebrates[16], further supporting the likelihood of a transient presence 
of MP in the liver.
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For future studies on cod or fatty fishes, it would be feasible to examine several tissues to determine if there 
are differences in microplastic distribution after a lifetime of exposure. Furthermore, it is advisable to collect 
samples from fresh, unfrozen tissue, as freezing and thawing can cause particularly the liver to disintegrate, 
potentially leading to the loss of microplastic particles. Obtaining sufficiently large liver samples for 
microplastic analyses may moreover be challenging in small cod.

Although the current evidence suggests that bioaccumulation of MP is not observed using existing 
analytical methods, it does not imply that exposure to plastic and MP is safe or that plastic pollution is not 
an environmental concern. The production of plastic involves the use of numerous chemicals, and the 
uncontrolled release of plastic waste results in the dispersal of unknown quantities of these chemicals into 
the environment, with increasing and chronic MP exposure to animals and humans. This may be harmful 
even if the presence in tissues is transient.

Rather than relying on the demonstration of bioaccumulation and biomagnification of MP throughout the 
food chain, before we take measures against MP pollution, we should consider whether we need more 
evidence that plastic behaves exactly like the legacy POPs to stop plastic pollution and implement better 
management practices for plastic materials.

CONCLUSIONS
In conclusion, this study of coastal cod from a plastic-polluted region in Western Norway supports previous 
observations of the presence of microplastic in the edible tissues of finfish. The study did not find evidence 
of bioaccumulation in the muscle tissue of two- to six-year-old cod of good body condition. These findings 
align with previous studies that conclude with no bioaccumulation or biomagnification of MP across 
different species and trophic levels. The analyses were performed in a state-of-the-art plastic-free laboratory, 
ensuring minimal external contamination. The study highlights the importance of accurate and sensitive 
methods and the need for the development of efficient techniques to process larger sample volumes without 
potentially damaging small microplastic particles. The study found no correlation between fish size, age, 
body condition, and microplastic concentration; thus, this study provides no support for bioaccumulation 
with age, but the sample size is small, and the results should be interpreted with care. No bioaccumulation 
indicates no increased risk for humans of MP ingestion from consuming fillets of large fish. The intake of 
MP from cod from this region is, based on this study, projected to be low, with a FO of 34.78 % and an 
average concentration of 2.81 ± 8.33 µg/kg·ww. Future studies could include controlled laboratory 
experiments to assess the dose-uptake relationship of MP using environmentally relevant exposures. 
Moreover, humanity already possesses sufficient knowledge about the negative effects of plastic and 
associated chemicals to justify better management practices and efforts to stop plastic pollution.
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Abstract
The irregular structure and high porosity of corrosion deposits create suitable conditions for the retention, 
accumulation and adsorption of microplastics (MPs) and nanoplastics (NPs) transported by distributed water. Due 
to the low mass and continuous degradation of MPs, under certain conditions (e.g., changes in water composition 
or hydraulic conditions, network failures), these particles can be re-released into the water, causing secondary 
contamination. This paper presents preliminary results on the degree of MP contamination of sediments lining the 
inner surface of metal alloy pipes taken from a municipal drinking water distribution network. The isolated particles 
were assessed in terms of number, shape, residence time in the network, and origin. Plastic fragments classified as 
MPs and NPs were found in all analyzed corrosion deposits. Fragments smaller than 50 μm predominated, 
indicating a high level of plastic fragmentation associated with advanced degradation and prolonged residence in 
the environment. The predominant plastics identified were polyethylene (PE), polyethylene terephthalate (PET), 
and polyamides. High-carbon particles, most likely NP particles, whose presence in drinking water may pose a high 
health risk to consumers due to their potential to migrate into body tissues, were very abundant in the sediments 
but impossible to count with the techniques used. The results indicate the need to intensify research on the content 
of MPs and NPs not only in drinking water, but also in the sediments covering the interior of distribution pipes, and 
to identify factors that may cause their secondary release into bulk water.
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INTRODUCTION
Corrosion deposits covering the internal surfaces of metal-alloy water pipes are formed by co-existing 
chemical, electrochemical, and biological corrosion[1-9]. The Fe oxides and hydroxides formed in the 
processes are deposited on the internal surface of the pipes, forming corrosion scales often shaped as 
undulating “tubercles”[9-12].

The presence of corrosion deposits in water pipes can adversely affect the organoleptic parameters of 
drinking water[7-9,12,13]. The irregular structure, high porosity, and high undulation of corrosion deposit layer 
create suitable conditions for the retention, accumulation, and adsorption of various water admixtures, 
including microplastic (MP) and nanoplastic (NP). Characterized by their small size and irregular shape, 
MPs[14-17] have a high potential to accumulate on the sediment surface and between tubercles. Due to their 
small masses and continuous degradation, these particles can be re-released into the bulk water, e.g., when 
changing the hydraulic conditions in the pipeline, during pipe repairs, or even when changing the quality of 
the transmitted water. It can, therefore, be assumed that corrosion deposits are one of the potential sources 
of MPs in drinking water[18].

The occurrence of MP particles in drinking water is highly undesirable. A growing number of literature 
reports indicate that MP particles can accumulate in the tissues of living organisms[19-23], have the ability to 
penetrate the blood-brain barrier[24,25], and have the ability to adsorb and carry contaminants that are toxic 
to living organisms and humans[20,26-28]. For this reason, MP has been included in the list of monitored 
substances in drinking water in the EU[29].

This article presents the results of a study to determine the extent of MP contamination of sediments 
deposited on the inner surface of metal alloy pipes used in a metropolitan drinking water distribution 
network. The isolated particles were assessed in terms of their abundance, shape, residence time in the 
network, and origin.

EXPERIMENT
Corrosion deposits were taken from fragments of metal alloy pipes from an operational municipal 
distribution network [Table 1]. Scraped with a steel chisel and dried, the deposits were dissolved using 
concentrated HCl (Stanlab, Poland). The resulting solutions were vacuum filtered through GF/D glass fiber 
filters (Whatman, China). The filters with the remaining mineral particles (mainly sand grains) and MP 
particles were transferred to glass Petri dishes and dried at room temperature.

Microscopic images were taken using a Quanta FEG 250 scanning electron microscope (SEM) (FEI), in low 
vacuum (70 Pa), at accelerating beam voltages of 10 and 30 kV. Elemental analysis was performed using an 
Octane silicon-drift detector (SDD) energy dispersive X-ray spectroscopy (EDS) detector (EDAX). 
Acquisition of EDS spectra was performed at a beam accelerating voltage of 30 kV[18,21,30].

EDS mapping of the carbon regions was used to characterize the MP. To increase particle visibility, images 
were magnified and contrast was increased. Only particles with clearly visible and edge-limited shapes were 
counted and sized in precisely scaled 1.5 mm × 2 mm images. The area of the filter area in a single map was 
0.025 cm2, accounting for 1/2,500 of its total area. For each sample, 12-20 images were recorded. The results 
of the counts were averaged and then converted per cm2 of filter area and per gram of corrosion deposit 
[Table 1].
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Table 1. Characteristics of tested water pipes, abundance and size distribution of isolated MP particles

Pipes characteristics Average 
abundance Size distribution (µm)

Material Diameter 
(mm)

Exploitation 
(years)

Weight of corrosion 
deposit (g) MPs/g MPs/cm2 < 50 50-

100
100-
150

150-
200 > 200

Steel 1 32 53 82.48 30,637 10,276 95.57% 1.91% 0.49% 0.12% 0.05%

Steel 2 42 40 69.82 49,760 27,476 98.79% 0.84% 0.13% 0.035% -

Steel 3 32 30 40.72 41,979 13,661 97.60% 1.61% 0.225% - 0.009%

Cast iron 1 150 118 16.28 37,665 9,638 98.97% 0.96% 0.07% - -

Cast iron 2 115 45 11.34 63,959 11,401 94.39% 4.87% 0.53% 0.21% -

MP: Microplastic.

A Raman spectrometer equipped with a video microscope (i-Raman® Plus from BWTek) and a 785 nm laser 
was used for MP identification[29,31-34]. Raman spectra were recorded with BWspec software [BWTek 
(Metrohm, Poland)][35].

RESULTS AND DISCUSSION
MP particles were found in all sediments, and their numbers ranged from 30-64 × 103 particles/g [Table 1]. 
The highest abundance of MPs was found in the sediment from a cast iron pipe with a diameter of 115 mm, 
which is probably related to the large volume of water transported through it at a pressure lower than in a 
pipe with a diameter of 150 mm (high water pressure limits MPs retention). For steel pipes with small 
diameters (connections to buildings), the number of isolated particles was comparable, and slight variations 
can be related to the volume of water transported and the average flow rate. No correlation was observed 
between operating time and the number of retained MPs. Isolated MPs can originate both from water 
entering the distribution network and from the degradation processes of plastic transmission pipes[30,36]. The 
particle counts of MPs were high compared to studies by other authors (500-800 MPs/kg of sludge in[18]), 
which may be related to the longer lifetime of the pipes in this study and/or the underestimation of the 
number of MPs resulting from the use of Image-Fourier transform infrared spectroscopy (FTIR) for 
quantitative studies in[18]. The FTIR technique allows reliable estimation of particles > 10 μm in size, whereas 
the accuracy of the SEM/EDS method is determined in nanometres.

EDS mapping of carbonaceous areas allowed the size distribution of MPs to be determined. Five main size 
ranges were distinguished: < 50, 50-100, 100-150, 150-200, and > 200 μm [Table 1 and Figure 1]. In all 
sediments studied, more than 90% were particles < 50 μm. As the size of the particles increases, their content 
in the sediments decreases. A similar trend was observed in studies for tap water, where particles < 10 μm 
accounted for the largest percentage among the identified MPs[33,37]. Only two of the analyzed sediments 
contained particles > 200 μm, probably originating from the degradation of plastic pipes operating in other 
areas of the network, which is also confirmed by the reported high removal efficiency (up to 90%) of MPs > 
10 μm in water treatment processes[13,38,39]. In the case of particles in the 50-200 μm range, an uneven 
distribution has been observed, most likely linked to the different pipe diameters, thickness, porosity, and 
build-up time of corrosion deposits. In addition, an important aspect influencing the presence of larger size 
fractions in the sediments is the remoteness of the intake site from the treatment plant, as plastic water pipes 
can be a source of secondary contamination of drinking water with MPs.

The origin and estimated residence time of MPs in the distribution network were determined using EDS 
spectra [Figure 2] and Raman spectra [Figure 3]. Elemental EDS analysis conducted for numerous MP 
fragments showed that they varied in carbon, chlorine, and oxygen content, indicating their different 
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Figure 1. Examples of dimensioned MP particles. MP: Microplastic.

residence times in the water supply network[40] [Figure 2]. The results of the EDS analysis also showed that 
the MPs accumulated in the sediments originated mainly from plastics consisting of carbon, oxygen, and 
hydrogen [e.g., polyethylene (PE)/polypropylene (PP), polyethylene terephthalate (PET)], while polymers 
containing nitrogen in the structure (e.g., polyamides, polyimides, nylon or polyureas) were a less abundant 
fraction. No fragments of plastics containing high levels of chlorine [e.g., polyvinyl chloride (PVC)] were 
found. Raman spectroscopy technique was used to identify the isolated particles. The spectra were 
interpreted on the basis of analysis of the bands constituting “finger prints” of individual polymers[31,32,34] and 
by comparison with spectra of reference materials. This allowed confirmation of the origin of the isolated 
particles from PE and PET, and less frequently, from polyamides [Figure 3]. However, with the technique 
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Figure 2. Elemental composition of selected MP particles. MP: Microplastic.
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Figure 3. Raman spectra of identified MP particles showing characteristic “finger print” bands. MP: Microplastic.

used, it was not possible to carry out a complete identification of the isolated MP particles, especially those 
with the smallest dimensions. The results obtained were consistent with those of Johnson et al.[41], while in 
the study of Chu et al.[18], the predominant MPs of corrosion deposits were PVC. However, it should be 
borne in mind that the type of MPs identified is determined by the prevalence of specific plastics in a given 
area.
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CONCLUSION
Plastic fragments classified as MPs and NPs were found in all analyzed corrosion deposits. Among the 
isolated particles, only a small percentage were MPs > 50 μm, indicating the relatively high efficiency of the 
applied drinking water treatment technology in removing larger MP fragments from raw water. Among the 
isolated particles, fragments < 50 μm predominated. The average MP content was 30-64 × 103 MPs/g, 
indicating a high potential for accumulation of the finest MP fractions in corrosion scales. Identification 
studies showed that the materials forming the MP particles were mainly PE, PET, and polyamides. In 
addition to particles whose sizes allowed quantitative and qualitative analysis, very abundant particles with 
high carbon content and very fine sizes were also present in the scales. It was impossible to count and 
identify them using the techniques used. Most likely, these were NP particles, whose presence in drinking 
water, due to their potential to migrate into body tissues, could pose a high health risk to consumers. The 
results indicate the need to intensify research on the content of MPs and NPs in corrosive sludge and the 
identification of factors that can cause their release into bulk water, and draw attention to the global 
problem of the ubiquity of the fine fraction of MPs and NPs in the water environment, and the need to 
monitor the presence and content of these particles not only in drinking water, but also in distribution 
pipes.
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Abstract
In light of the rapid advancement of the dyeing industry, the resultant environmental contamination from extensive 
dye utilization and the subsequent sludge generated by the treatment of dyeing wastewater has escalated, 
prompting broad apprehension. This study employed the response surface methodology to explore the iodine 
adsorption capacity of pyrolyzed dyeing sludge peat treated with ZnCl2 [ZnCl2 modified sludge biochar (ZSC)] as 
the adsorbent material for optimization of the parameters for ZSC preparation. The analysis of the variance of the 
response surface methods indicated that the pyrolysis temperature emerged as the most pivotal factor. The 
maximum adsorption capacity of malachite green (MG) by ZSC reached up to 224.0962 mg/g. Moreover, the 
adsorptive efficacy of ZSC on MG was evaluated under varying environmental conditions, showcasing that the 
optimal parameters facilitated a remarkable MG removal efficiency of 99.13%. Even after five cycles of reuse, ZSC 
maintained a substantial decolorization capability of 45% for MG. Characterization of ZSC through scanning 
electron microscopy (SEM), X-ray diffraction (XRD), Fourier transform infrared spectroscopy (FT-IR), and 
Brunauer–Emmett–Teller (BET) indicated a high specific surface area of 495.38 m2/g and the presence of reactive 
functional groups (–OH and C–O). The adsorption process, upon thermodynamic and kinetic evaluation, aligned 
more closely with the Langmuir isotherm model and the pseudo-second-order kinetic model. Mechanistic 
adsorption results revealed that electrostatic attraction, pore-filling, hydrogen bonding, and π-π stacking 
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interactions collectively accounted for the elevated MG removal efficacy by the ZSC. This study represents a 
promising approach, transforming waste into a treatment solution with the dual purpose of dye removal and 
resource reclamation from dyeing sludge.

Keywords: Dyeing sludge biochar, adsorption mechanism, malachite green removal, dyeing wastewater

INTRODUCTION
With the swift evolution of the industry, the scourge of textile wastewater contamination is escalating. In 
China, the annual discharge of textile wastewater amounts to approximately 2.0-2.3 billion tons, 
representing 11% of the nationwide total wastewater release. Dyeing, the pivotal contributor within the 
textile industry, generates a large amount of dyeing wastewater daily (300-400 × 104 tons), which constitutes 
70%-80% of the total effluent in the industry[1,2]. Dyes, extensively employed in textile dyeing, served as the 
primary source of pollutants in dyeing effluents, engendering wastewater with intense coloration, salinity, 
heightened organic matter concentration, and intricate compositions[3]. Notably, malachite green (MG) is a 
dye that also functions as a fungicide, bactericide and parasiticide, characterized by persistence and 
resistance to natural decomposition. Previous studies have shown that MG possesses a residual period of up 
to 44 and 342 days in two species of fish, Oreochromis niloticus and Piaractus mesopotamicus, thus posing 
a significant threat to ecosystems and human well-being[4-6]. Currently, physical and biological 
treatments[7-11] are predominantly utilized for the remediation of dyeing wastewater; however, substantial 
sludge would yield and then trigger secondary pollution. Therefore, adsorption treatment has emerged as a 
widely approved approach due to its efficacy and cost-effectiveness in the removal of dyes from wastewater.

At present, countless endeavors have been dedicated to the development of potent and economical 
adsorbents for the removal of dyes. Xue et al. and He et al. utilized magnetic adsorbents and activated 
carbon materials for treating dyes, with superior adsorption performance[12,13]. The selection of an adsorbent 
is paramount in influencing the efficacy of adsorption, with its specific surface area and active sites deemed 
critical structural and compositional attributes that exert a substantial influence on adsorption 
phenomena[14]. Presently, carbon-based materials, including biochar and carbon nanotubes, were 
predominantly acknowledged as adsorbents for extensive application in the decolorization of dye-laden 
wastewaters, which was attributed to their abundant porous structure, active sites, and elevated specific 
surface area[15,16]. Notably, biochar, derived from a diverse range of feedstocks, like sludge, lignin-rich 
biomass, and spent mushroom substrate, has garnered significant interest in the remediation of dyeing-
contaminated wastewater because of its exceptional efficacy. For example, Boulanger et al. prepared 
activated carbon for adsorption of activated orange 16 using waste mushroom substrate and virgin birch 
wood, respectively, and the maximum adsorption was more than 500 mg/g in both cases[17-19]. The 
advancement and upscaling of biochar application in water purification processes are imperative to foster 
sustainable practices in wastewater treatment.

In recent years, China has witnessed a dramatic escalation in dyeing sludge output, with the dyeing industry 
generating ~2.3 million tons of toxic and hazardous dyeing sludge in 2020[20]. Dyeing sludge often comprises 
polycyclic aromatic hydrocarbons (PAHs), heavy metals, surfactants, dyes, solvents, and detergent 
compounds. Conventional sludge management strategies like landfilling, incineration, and composting 
scarcely align with environmental stewardship, particularly concerning dyeing sludge. For example, 
landfilling of dyeing sludge may pose a risk to the environment as hard-to-degrade pollutants accumulate in 
the sludge and result in a loss of opportunity to convert the sludge into a resource. Incineration of sludge 
allows for thermal or electrical energy reduction and energy recovery, but the potential flue gas emissions 
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carry a high environmental risk. Composting of sludge needs to ensure that toxic substances in dye sludge 
are effectively degraded or controlled during the composting process to avoid contamination of soil and 
water bodies. Nonetheless, the rich organic content of dyeing sludge offers potential for resource recovery 
through thermochemical conversion processes[21]. The transformation of sludge into biochar via pyrolysis 
emerged as a win-win solution that not only reduced sludge volume but also promoted material 
reclamation. Gong et al. utilized life cycle assessments to evaluate the potential of dyeing sludge biochar[20]. 
Results indicated that the sludge biochar was the most favorable choice for the transformation of dyeing 
sludge treatment technology due to its low direct pollutant emissions and its ability to replace high-value 
products. Moreover, pyrolytic carbonization of dyeing sludge promoted the immobilization of heavy metals 
in the biomass, which reduced the bioavailability and mobility of heavy metals[22]. Although the carbonized 
dyeing sludge via pyrolysis presented a promising avenue for dyeing sludge treatment, the elevated ash 
content and diminished organic matter content led to a reduced specific surface area and substandard 
surface functional group properties, thereby impeding its further utilization[23,24]. To enhance its properties, 
chemical activation techniques, especially those employing agents like KOH, ZnCl2, H2SO4, etc., were 
increasingly favored[25-30]. Among them, ZnCl2 served as an exemplary activating agent in the preparation of 
biochar, owing to its ability to transform the material into one with expansive surface areas and finely-tuned 
pore structure[31]. In this regard, utilizing ZnCl2 could probably enhance the performance of the biochar 
materials derived from dyeing sludge. Nonetheless, scant research has been dedicated to the fabrication of 
high-efficacy adsorbent materials targeting dye MG from dyeing sludge waste modified by ZnCl2. The 
influence of the activation methodology and the pyrolysis process on adsorption efficacy have yet to be 
comprehensively investigated. Moreover, the underlying adsorption mechanisms warrant a more profound 
understanding.

Hence, this study employed dyeing sludge as the primary ingredient and ZnCl2 solution as an activator for 
the synthesis of high-performance adsorbents through pyrolysis. First, the optimization of pyrolysis 
conditions (pyrolysis temperature, activation ratio, and carbonization duration) on the production of 
pyrolyzed dyeing sludge treated with ZnCl2 [ZnCl2 modified sludge biochar (ZSC)] was conducted. Second, 
the adsorption of MG from dyeing wastewater involved a thorough examination of variables such as 
adsorption equilibrium time, initial pH, initial MG concentration, ZSC dosage, and adsorption temperature, 
in order to ascertain the favorable conditions for adsorption. Third, the stability of the adsorbent materials 
was evaluated. Fourth, thermodynamic and kinetic models were used to elucidate the adsorption 
characteristics of MG in wastewater, shedding light on the underlying mechanism of its adsorption by the 
ZSC.

MATERIALS AND METHODS
Experimental materials
The dyeing sludge was taken from a dyeing sewage treatment plant in Foshan, Guangdong. I2, Na2S2O3, 
KIO3, and ZnCl2 were purchased from Fuchen Chemical Reagent Co. Ltd (Tianjin, China) and MG was 
obtained from Shandong Yousuo Chemical Technology Co. Ltd (Shandong, China). All chemicals used in 
the experiments were of analytical grade. The standard solution of MG was prepared with ultrapure water 
and diluted with distilled water.

Preparation of ZSC
The dyeing sludge was conserved post-drying and crushing. A specific quantity of dried sludge was blended 
with a ZnCl2 solution (3 mol/L) at a designated mass ratio (ratio of solution to sludge was 1:2, 2:1, and 1:1), 
and allowed to permeate for 24 h at ambient temperature. Subsequently, the samples were filtered, dried in 
an oven at 105 °C until attaining a constant mass, and sealed for storage. The sludge samples were placed in 
a tube-type resistance furnace and heated up to the setting temperature (700-900 °C) at a rate of 10 °C/min 
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and remained for a certain period (1-2 h), and then taken out once the temperature had returned to 
ambient conditions, thereby obtaining sludge biochar under different preparation conditions. The samples 
were subjected to an acidification process using a 5% solution of hydrochloric acid to remove soluble ash on 
the surface of the biochar. Afterwards, the samples were rinsed with water, and subsequently dried to obtain 
the ZSC, and then sealed for storage.

Adsorption experiment
Simulated wastewater was prepared using MG as the treatment object, and all the experimental operations 
requiring pH adjustment were carried out using 0.1 M HCl and NaOH[32]. In this experiment, the effects of 
various influencing factors on the adsorption experiments were considered. The pH of the stock solution 
was maintained, and the adsorption equilibrium time of ZSC on MG was investigated at a certain 
concentration and ZSC dosage. The effect of initial pH on adsorption efficiency was investigated at the 
initial pH range of 2.0-10.0. The effect of initial MG concentration on adsorption experiments was 
investigated at six different concentrations of MG solution (150-400 mg/L). Seven different ZSC dosages 
(0.8-5.0 g/L) were used to investigate the effect of ZSC dosage on adsorption. Three temperatures (20, 30, 
and 40 °C) were used to study the adsorption of MG at different times. Furthermore, the adsorption 
removal of MG by ZSC was examined after five times of reuse. Comparative tests were conducted using 
unmodified sludge biochar (SC). Each test was carried out in triplicate.

Characterization
The concentration of MG in the solution was determined using a UV-Vis spectrophotometer at 630 nm 
(UV-1600-PC, Shanghai, China). The microscopic morphology of ZSC was observed by scanning electron 
microscopy (SEM, Helios-G4-CX, Thermo Scientific, US). The physical phase of ZSC was analyzed by 
X-ray diffraction (XRD, D8, Bruker, US). The atomic structure and functional groups of ZSC were analyzed 
by Fourier transform infrared spectroscopy (FT-IR, Nicolet 6700, Thermo Scientific, US). Nitrogen 
adsorption/desorption curves were determined by an automated gas sorption analyzer (Autosorb-iQ-MP, 
Quantachrome, US). The pore structure and other parameters of ZSC were calculated and analyzed using 
the Brunauer–Emmett–Teller (BET) method.

Analytical methods
A Box-Behnken design (BBD) within the response surface methodology (RSM) was employed to optimize 
the ZSC adsorption processes, aiming for efficacious iodine adsorption value. The iodine adsorption value 
was measured using the standard method. The optimal levels were determined from the experiments, and 
their calculation formulas were as follows [Equations (1-3)]:

Where A is the iodine adsorption value of the specimen, mg/g; X/M is the amount of iodine adsorbed per 
gram of activated carbon, mg/g; D is the correction factor; c1 is the concentration of the iodine (1/2 I2) 
standard solution, mol/L; c2 is the concentration of the sodium thiosulfate standard solution, mol/L; V2 is 
the volume of the sodium thiosulfate standard solution consumed, mL; M is the mass of the specimen, g.

(1)

(2)

(3)
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The adsorption removal rate of MG solution was calculated by Equation (4):

Where c0 is the initial concentration of simulated wastewater, mg/L; ct is the concentration of simulated 
wastewater after adsorption and decolorization by ZSC, mg/L.

In this paper, Langmuir adsorption isotherm and Freundlich adsorption isotherm were used to fit the 
adsorption data of MG, respectively. Langmuir and Freundlich’s adsorption isotherm expressivity were 
shown in Equations (5) and (6):

Where qe is the amount of adsorbed mass per unit of adsorbent at adsorption equilibrium, mg/g; qm is the 
maximum adsorbed mass that can be adsorbed by the monomolecular layer on the surface of the adsorbent 
during the adsorption process, mg/g; Ce is the concentration of the solute in the equilibrium liquid phase 
during the adsorption process, mg/L; Kl is the Langmuir adsorption coefficient; Kf is the Freundlich 
adsorption coefficient; n is the concentration index.

For adsorption kinetic analysis, Lagergren’s pseudo-first and pseudo-second adsorption kinetic model and 
Elovich model were used in this paper. The equations are shown in Equations (7-9):

Where qe is the amount of adsorbate on the unit adsorbent at adsorption equilibrium, mg/g; qt is the 
amount of adsorbate on the unit adsorbent at the moment of t, mg/g; t is the time, min; k1 is the adsorption 
rate constant of the pseudo-first kinetic adsorption model; k2 is the adsorption rate constant of the pseudo-
second kinetic adsorption model; α (mg/g/min) is the initial adsorption coefficient; β (g/mg) is the 
desorption coefficient.

RESULTS AND DISCUSSION
Optimization of pyrolysis conditions
In the RSM study, three factors including pyrolysis temperature (A), carbonization time (B), and activation 
ratio (C) were used as independent variables, and ZSC iodine adsorption amount was chosen as the 
response value (Y). The specific experimental factors and levels are shown in Supplementary Table 1. The 
experimental results are shown in Table 1. The results were regressed using Design Expert 12 software to 
establish the quadratic regression equation between iodine adsorption amount and the three single factors 
(pyrolysis temperature, pyrolysis time, and activation ratio). The analysis of variance (ANOVA) of the 
regression equations is shown in Supplementary Table 2. From the data in Supplementary Table 2, the 
model F-value was 22.66 and the P-value was 0.0002, indicating that the model could well optimize the 

(4)

(5)

(6)

(7)

(8)

(9)

https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202407/wecn3025-SupplementaryMaterials.pdf
https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202407/wecn3025-SupplementaryMaterials.pdf
https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202407/wecn3025-SupplementaryMaterials.pdf


Page 6 of Qian et al. Water Emerg Contam Nanoplastics 2024;3:18 https://dx.doi.org/10.20517/wecn.2024.2519

Table 1. Experimental design scheme and results

Factor
No.

Pyrolysis temperature (°C) Carbonization time (h) Activation ratio
Iodine adsorption capacity 
(mg/g)

1 700 1 1.25 274.16

2 900 1 1.25 289.55

3 700 2 1.25 296.92

4 900 2 1.25 285.2

5 700 1.5 0.5 300.91

6 900 1.5 0.5 303.47

7 700 1.5 2 318.35

8 900 1.5 2 320.66

9 800 1 0.5 300.67

10 800 2 0.5 285.75

11 800 1 2 304.53

12 800 2 2 320.19

13 800 1.5 1.25 324.53

14 800 1.5 1.25 335.21

15 800 1.5 1.25 340.99

16 800 1.5 1.25 339.58

17 800 1.5 1.25 338.79

preparation of biochar from dyeing sludge.

The response surface plots of the interaction effects of the different factors on iodine adsorption were 
shown in Figure 1. According to the model fitting, it could be obtained that the significance of the three 
factors was in the order of pyrolysis temperature > activation ratio > carbonization time. The quadratic 
terms A2, B2, and C2 were all significant for the model (P < 0.05), and the interactions of the three factors 
were non-significant (P > 0.05). Figure 1A, C and E showed the interaction of all variables on iodine 
adsorption. As shown in Figure 1A, when the modification ratio was fixed, both calcination temperature 
and calcination time would affect iodine adsorption. Increasing calcination temperature could significantly 
increase iodine adsorption capacity, and the highest point of iodine adsorption appears at a calcination 
temperature of 800-850 °C for 1.4-1.7 h. As shown in Figure 1C, when the pyrolysis time was fixed, both 
temperature and modification ratio would affect iodine adsorption. At the same time, at lower 
temperatures, the iodine adsorption capacity was low, and the improvement of iodine adsorption capacity 
by modification ratio was not obvious, which meant that the iodine adsorption capacity could be improved 
at higher temperatures, and the highest point of iodine adsorption appears at 800-850 °C, and the 
modification ratio was between 1:1 and 2:1. The iodine adsorption of these two figures increased with rising 
pyrolysis temperatures, and the response surface inclination became more obvious. This suggested that the 
temperature elevation induced the dissociation of alkyl groups and a subsequent rise in aromaticity within 
the ZSC[33], thereby facilitating the formation of a porous framework and enhancing the adsorptive capacity. 
As shown in Figure 1E, when the temperature was fixed, both pyrolysis time and modification ratio would 
affect iodine adsorption, but the curvature of the surface depicted in Figure 1E was minimal and their 
impact on the quantity of iodine adsorbed was nearly equivalent. The peak time of iodine adsorption is 1.4-
1.7 h, and the modification ratio was 1:1-2:1. As shown in Figure 1B, D and F, we could see that the 
interaction between the two experimental factors had a significant impact on the response variables. The 
contour lines in Figure 1B and D were elliptical, indicating that there was an obvious interaction between 
pyrolysis temperature and pyrolysis time, and between pyrolysis temperature and modification ratio. The 
contour lines in Figure 1F were close to a circle, indicating that the interaction between pyrolysis time and 
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Figure 1. Response surfaces and contours of iodine adsorption by ZSC under three single factors. (A) Three-dimensional response 
surfaces and (B) contour plots of pyrolysis temperature (700-900 °C) vs. pyrolysis time (1.0-2.0 h); (C) Three-dimensional response 
surfaces and (D) contour plots of pyrolysis temperature (700-900 °C) vs. mass ratio of ZnCl2 to sludge (1:2-2:1); (E) Three-
dimensional response surfaces and (F) contour plots of pyrolysis time (1.0-2.0 h) vs. mass ratio of ZnCl2 to sludge (1:2-2:1). ZSC: ZnCl2 
modified sludge biochar.

modification ratio was not significant. Based on the RSM results, the quadratic models for optimization of 
ZSC preparation were shown in Equation (10). From the model, the optimal preparation process of ZSC 
from dyeing sludge was selected as an activation temperature of 800 °C, an activation ratio of 1:1, and a 
carbonization time of 1.5 h. Under such conditions, the predicted iodine adsorption value in the model was 
336.63 mg/g. In order to further validate the discrepancy between experimental and model-predicted values, 
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validation experiments were carried out under the above conditions. The corresponding iodine adsorption 
value was 341.05 ± 1.31 mg/g, confirming the accuracy of this model. In summary, the pyrolysis temperature 
had the most significant effect on iodine adsorption, followed by the activation ratio and the carbonization 
time, which was similar to the experimental results obtained by Liang et al.[34].

Where Y is the iodine adsorption amount, mg/g; A, B, and C are the pyrolysis temperature, carbonization 
time, and the ratio of immersion activation, respectively.

Characterization of ZSC and SC
The surface morphology of ZSC (ZnCl2 modified sludge biochar) and SC is shown in Figure 2A and B. The 
SC surface exhibited a sleek texture with minimal pore structure, while the ZSC obtained after ZnCl2 
activation showcased a rough and non-uniform surface composition adorned with aggregated fine particles 
adhering to its surface, alongside a more intricate pore arrangement. This observation was confirmed by the 
BET surface area [Table 2]. This was probably due to the fact that the ZnCl2 activator promoted water 
release at higher temperatures (610 °C), leading to the expansion and unsealing of the sludge pores as zinc 
vapors and various gases were discharged. Accordingly, this process augmented the porosity of the ZSC[35]. 
Meanwhile, the presence of ZnCl2 could accelerate the fragmentation of the organic matter in the sludge, 
consequently promoting the pore space in ZSC and enhancing the specific surface area of ZSC[31,36]. 
Meanwhile, the pore diameter and porosity of ZSC were also enhanced after the acid treatment to remove 
the metal oxide particles and ash on the surface[37].

The XRD patterns of the sludge biochar before and after modification are shown in Figure 2C. The 
diffraction patterns of the two sludge biochars exhibited a fundamental similarity involving a range of 
mineral constituents (such as silicon, calcium, etc.). However, the intensity of the diffraction peaks of ZSC 
surpassed that of SC at certain angles. A large number of diffraction peaks of SC were observed, notably at 
2θ = 20.95°, 26.72°, and 50.22°, corresponding to the crystal surface reflections of SiO2 (100), (011), and 
(112), respectively. Additionally, a peak at 26.65° corresponded to the reflection of graphitic carbon (002) 
crystals, while a distinct peak at 29.49° indicated the presence of CaCO3, potentially attributed to the large 
amount of metal content within the sludge. After the modification with ZnCl2, ZSC displayed distinct 
diffraction peaks, notably with enhanced intensity 2θ = 20° and 26° compared to SC. Moreover, the narrow 
and sharply defined range of these peaks suggested an improved crystal structure and heightened 
crystallinity within ZSC. The weak diffraction peak at 2θ = 45° corresponded to the crystalline reflection of 
graphitic carbon (100), implying that the prepared sample could potentially be a carbon-based material due 
to the accumulation of irregular aromatic layer structure[25,38].

As shown in Figure 2D, each band in the FT-IR spectra represented the vibration of functional groups in the 
ZSC and SC. The peaks of the two sludge carbon spectra appeared at basically similar wavelengths but with 
slightly different intensities. Such differences between ZSC and SC might be attributed to the various 
contents of surface functional groups. A broad and short peak appeared at a wavelength of 3,400 cm-1 (-OH 
expansion and contraction vibration) in the ZSC and SC samples, indicating that hydroxyl and carboxyl 
groups existed in both ZSC and SC. The spectral band at 2,923 cm-1 correlated with the aliphatic -CH3 
stretching vibration; however, this vibration presented as subdued, potentially attributable to the 
decomposition of aliphatic C–H bonds into gaseous byproducts like CO2 and CH4, or their conversion into 
aromatic configurations under high-temperature conditions, culminating in less pronounced absorption 

(10)
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Table 2. Pore structure characteristics of ZSC and SC

Dyeing sludge-
derived biochar

Microporous specific 
surface area (cm2/g)

Specific surface 
area (cm2/g)

Pore volume 
(cm3/g)

Total pore 
volume (cm3/g)

Average pore 
diameter (nm)

ZSC 58.219 495.38 0.054 0.458 3.703

SC 42.227 359.78 0.039 0.333 3.698

ZSC: ZnCl2 modified sludge biochar; SC: unmodified sludge biochar.

Figure 2. SEM images of (A) ZSC (B) and SC; (C) XRD pattern of ZSC and SC; and (D) FT-IR of ZSC and SC. SEM: Scanning electron 
microscopy; ZSC: ZnCl2 modified sludge biochar; SC: unmodified sludge biochar; XRD: X-ray diffraction; FT-IR: Fourier transform 
infrared spectroscopy.

peaks[33]. The corresponding absorption peak at 1,650 cm-1 was attributed to the stretching vibration of C=C 
in the aromatic ring. The weak peaks at 800-1,100 cm-1 might be attributed to the stretching vibrations of 
functional groups such as C–H and C–O–C[39,40]. In addition, two sharp and wide absorption peaks appeared 
at 1,050 and 800 cm-1, which corresponded to the stretching vibrations of C–O/Si–O and Si–O, 
respectively[35]. It should be noted that the strengths of functional groups in ZSC, especially in oxygen-
containing groups, are weaker than those of SC. During the activation phase, ZnCl2 was capable of engaging 
not merely with carbon, but also with the oxygen and hydrogen constituents of the biochar[30], attenuating 
the prominence of these characteristic peaks. This interaction was conjectured to promote the establishment 
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of hydrogen bonds among the nitrogen and oxygen-containing groups on the contaminants.

The pore structure parameters as well as adsorption isotherms and pore size distribution curves of ZSC and 
SC derived from BET and Barrett-Joyner-Halenda (BJH) methods were shown in Table 2 and Figure 3. As 
present in Table 2, the specific surface area of ZSC and SC was higher than 350 cm2/g, while the pore 
volume was higher than 0.03 cm3/g. This result indicated high specific surface area and large pore volume in 
ZSC and SC, which facilitated the efficient and efficacious adsorption of dye, resulting in a markedly 
superior adsorptive performance[41]. Noticeably, the specific surface area and pore volume of ZSC were > 
1.37-fold compared to those of SC, suggesting superior pore structure characteristics in ZSC. This pore 
structure contributes to better adsorption performance. As could be seen from Figure 3A and C, the 
adsorption-desorption isothermal curves of ZSC and SC belong to type IV isotherms with H4 hysteresis 
loops in the IUPAC classification method, indicating that mesoporous structures existed in both materials. 
The adsorption and desorption were parallel and nearly horizontal, which might be due to the capillary 
coalescence phenomenon under low pressure[35,42]. Figure 3B and D showed the pore size distribution of ZSC 
and SC. The average pore size distribution of ZSC and SC was between 3-120 nm, and both of them were 
predominantly concentrated in the range of 3-10 nm. This result suggested that the pore structure of both 
kinds of sludge biochar was predominantly mesoporous, with a small number of macropores present. The 
results showed that the pore structures of ZSC and SC were suitable for the adsorption of pollutants. Given 
that ZSC possessed a greater specific surface area, larger pore structure, and an abundance of surface 
functional groups, it likely exhibited an exceptional adsorptive capacity of MG.

Effect of different factors on MG adsorption
In this study, the effects of five factors on the adsorption process, namely, adsorption equilibrium time, 
initial MG concentration and initial pH of MG solution, ZSC dosage, and adsorption temperature, were 
considered, and the results were shown in Figure 4. As depicted in Figure 4A, the rate of decolorization 
gradually escalated with the extension of the duration of MG adsorption by ZSC, culminating in a 
heightened adsorption rate until reaching a state of equilibrium, where the pace of adsorption gradually 
decelerated. The decolorization efficacy surged from 0% to 71% within the initial 120 min, followed by a 
2.33% increment in the decolorization efficiency of MG between 120 and 210 min. Accordingly, the 
adsorption of MG by ZSC showed swiftness within the first 120 min, transitioning gradually to a sluggish 
adsorption process as time progressed toward equilibrium[43].

The change in solution pH value affects the surface charge of the adsorbent. As such, in this study, the effect 
of pH in the range of 2-10 on the adsorption process was examined, and the results are shown in Figure 4B. 
With the increase in pH, the removal rate of MG by ZSC gradually elevated. Notably, the removal rate of 
MG at pH = 10 was as high as 99.7%, inferring that ZSC was more suitable for MG removal in an alkaline 
environment. This may be due to the fact that MG was a cationic dye with a positive charge in an aqueous 
solution and at a pH > 10; this pH level surpassed the zero-charge threshold of ZSC, prompting the 
deprotonation of the oxygenated functional groups in ZSC[2], thereby facilitating the adsorption of MG. In 
contrast, in an acidic environment with a lower pH, the anionic groups in ZSC bind with H+ in the solution 
and diminish the number of anionic adsorption sites, leading to a lower adsorption rate[44]. Therefore, pH = 
10 was selected as the optimal pH for the adsorption process.

Figure 4C reflected the effect of the initial concentration of MG solution on the adsorption process. With 
the increase in MG concentration, the removal rate of MG gradually decreased. When treating the MG 
solution with a concentration of 400 mg/L, the removal rate reached about 50%. The reduction of MG 
removal was due to the saturation of adsorption capacity in ZSC[45]. If treating a high concentration of dye 
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Figure 3. BET N2-adsorption/desorption isotherm of (A and B) ZSC and (C and D) SC. BET: Brunauer–Emmett–Teller; ZSC: ZnCl2 
modified sludge biochar; SC: unmodified sludge biochar.

wastewater, it was necessary to dose more adsorbents in order to achieve a higher removal rate. In practice, 
the use of small quantities of adsorbents to treat high-concentration wastewater was unsatisfactory. Overall, 
a concentration of 150 mg/L was chosen as the optimum treatment concentration for the adsorption test.

Figure 4D examined the adsorption performance of MG with different ZSC dosages. The adsorption 
amount of MG exhibited a remarkable acceleration as the dosage of ZSC surged from 0.8 to 3.2 g/L. 
Correspondingly, the adsorption amount of MG increased from 79.44 to 261.30 mg/g. Further escalation of 
the dosage to 5 g/L slowly enhanced the adsorption amount to 298.38 mg/g, suggesting the saturation of 
adsorption process.

As shown in Figure 4E, temperature has a large influence on the adsorption process. Typically, the 
adsorption process tends to be inherently exothermic. Surprisingly, as the temperature rises during 
adsorption equilibrium, rather than a decline in adsorption capacity, there is an upward trend. This may be 
due to elevated temperatures fostering molecular diffusion, resulting in high adsorption capacity. 
Nonetheless, under lower temperatures, low adsorption capacity may be due to the influence of mass 
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Figure 4. Impacts of different factors of ZSC on the MG adsorption. (A) Adsorption equilibrium time (operation condition: initial pH = 
stock solution, ZSC dosage = 2 g/L, MG concentration = 300 mg/L, and room temperature); (B) Initial pH of solution (operation 
condition: reaction time = 120 min, ZSC dosage = 2 g/L, MG concentration = 300 mg/L, and room temperature); (C) MG concentration 
(operation condition: initial pH = 10.0, reaction time = 120 min, ZSC dosage = 2 g/L, and room temperature); (D) ZSC dosage 
(operation condition: initial pH = 10.0, reaction time = 120 min, MG concentration = 150 mg/L, and room temperature); (E) Adsorption 
temperature (operation condition: initial pH = 10.0, reaction time = 120 min, ZSC dosage = 2 g/L, and MG concentration = 150 mg/L); 
and (F) Comparison results of MG removal rate by ZSC and SC. ZSC: ZnCl2 modified sludge biochar; MG: malachite green; SC: 
unmodified sludge biochar.

transfer resistance and particle diffusion limiting the rate of adsorption[46,47]. Ebrahimian Pirbazari et al. 
reported an enhancement in adsorption capacity of 57 mg/g when increasing the temperature from 30 to 
40 °C, which was attributed to the enhanced diffusion rate of the pollutant molecules in the external 
boundary layer and internal pores of the adsorbent particles[48]. To expedite the adsorption kinetics, it 
becomes imperative to elevate the temperature, thereby inducing a phenomenon where the adsorption 
quantity escalates[2,23]. When the adsorption temperature was 40 °C, the growth of the adsorption rate was 
obvious in the first 90 min, as indicated by the removal rate of 80.47%. The removal rate began to tend to 
equilibrium after 120 min. However, at 20 and 30 °C, the growth of the adsorption rate was slow, and the 
adsorption gradually tended to an equilibrium state after 180 min, as indicated by the MG removal of 75% 
or less. Therefore, the reaction temperature was selected to be 40 °C.
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Figure 5. Reusability of ZSC as indicated by the MG removal. ZSC: ZnCl2 modified sludge biochar; MG: malachite green.

In accordance with the above-mentioned results, the optimal conditions for MG removal were chosen as an 
initial pH of 10, an initial MG concentration of 150 mg/L, a ZSC dosage of 5 g/L, a reaction time of 120 min, 
and a temperature of 40 °C. Under such conditions, the removal rate of MG was as high as 99.13%.

In order to investigate the adsorption and decolorization effect of ZSC and SC on MG, the removal rate of 
MG was determined under the same conditions, and the results are shown in Figure 4F. The results showed 
that the removal rate of MG by ZSC was 37% higher than that of SC under the same conditions, which 
indicated that the activated sludge biochar had better adsorption performance. Employing dyeing sludge as 
an adsorbent enhanced the value proposition of sludge utilization, facilitating a more resourceful and 
sustainable approach to its utilization.

Reusability performance and comparative results of different sludge-derived biochar
In order to evaluate the durability and reusability of the ZSC system, a sequence of five-cycle tests was 
carried out for MG removal. The results of the adsorption performance of ZSC on MG after reusing were 
shown in Figure 5. The removal rate of MG by ZSC was close to 90% in the first round, while it was found 
that the removal rate of MG by ZSC was still around 50% after five cycles. It could be seen that the 
reusability of sludge-activated carbon was relatively high and could be reused to treat low-concentration 
dyeing in wastewater.

A comparative analysis of the adsorption efficacy of various sludge-derived biochar materials is presented in 
Table 3. The adsorption capacities of the modified carbon materials were 2.6-13.1 times higher than those of 
the unmodified ones, suggesting that chemical modification can promote pore formation and improve the 
adsorption performance of the materials. In addition, the dyeing sludge-derived biochar activated with 
ZnCl2 in this study exhibited superior adsorption capabilities and specific surface areas, surpassing the 
performance of most previously documented adsorbents[49-53]. Unlike other adsorbents necessitating intricate 
production processes, severe operational conditions, or frequent replacements, this particular biochar can 
withstand complex conditions and demonstrate practical utility. With an adsorption capacity of 341.0 mg/g 
and a specific surface area of 495.4 m2/g, this ZSC biochar exhibited excellent adsorption performance of 
MG.
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Table 3. Comparison of different sludge-derived biochars and their adsorption properties on dyes

Adsorbents Activating 
agent Dye

SBET

(m2/g)
Adsorption capacity 
(mg/g) Ref.

Yarn sludge-derived biochar KI/KOH MG 1,037.0 498.0 [46]

Sewage sludge-derived biochar Acetone MG 17.0 38.6 [47]

Sewage sludge/waterworks sludge-derived 
biochar

/ Methylene blue 45.5 186.0 [48]

Sewage sludge-derived biochar / Remazol brilliant 
blue R

12.4 87.0 [49]

Sewage sludge/lignin-derived biochar / Methylene blue 33.6 38.1 [50]

Dyeing sludge-derived biochar ZnCl2 MG 495.4 341.0 This 
study

BET: Brunauer–Emmett–Teller; MG: malachite green.

Adsorption mechanism
Adsorption thermodynamic study
In Supplementary Table 3, it could be seen that the R2 value of Langmuir isotherm (0.6819) was higher than 
that of Freundlich isotherm (0.4276), indicating the adsorption behavior of ZSC on MG probably 
conformed to the Langmuir isotherm. The maximum adsorption of MG by ZSC was 224.0962 mg/g, 
suggesting that the adsorption of MG occurring at ZSC was monomolecular layer adsorption.

Adsorption kinetic study
Adsorption temperature is a key factor in the removal of pollutants from water by adsorbents[20]. To further 
evaluate the adsorption kinetic behavior at different temperatures, quasi-primary and quasi-secondary 
models were used to fit the adsorption curves. Figure 6 and Supplementary Tables 4 and 5 reflected the 
relevant parameters of adsorption kinetics. In Supplementary Table 4, the maximum adsorption capacity in 
the pseudo-first model was 35.8234, 43.1939, and 48.9892 mg/g, respectively, at 20, 30, and 40 °C. 
Correspondingly, in Supplementary Table 5, the largest adsorption capacity at 20, 30, and 40 °C in the 
pseudo-second model was 114.9425, 112.3596, and 129.8701 mg/g, respectively. Notably, the maximum 
adsorption capacity in the pseudo-second model was remarkably higher than that of the pseudo-first model. 
The Elovich model is commonly used to describe the adsorption and desorption processes of chemisorption 
on non-uniform surfaces, and the results are shown in Figure 6D and Supplementary Table 6. The 
correlation coefficients indicated that the adsorption process fits well with the Elovich model, and in this 
experiment, the adsorption rate was much larger than the desorption rate[54]. Furthermore, by comparing 
the R2 values of the pseudo-first, pseudo-second kinetic equations and Elovich equations, it was found that 
the linear correlation coefficient of the pseudo-second kinetic model was closer to 1. Therefore, the process 
of MG adsorption by ZSC was more suitable to be described by the pseudo-second kinetic model. In 
addition, this paper further used the intra-particle diffusion model to fit the data on the adsorption capacity 
of the wastewater treated by the material with time, and the results are shown in Figure 6E and 
Supplementary Table 7. By segmenting the fitted curves, it was believed that the adsorption process could be 
roughly divided into two stages: the surface mass transfer stage and the intra-particle diffusion process. By 
comparing the values of Kd in the different stages, the value of Kd2 was found to be the smallest in the second 
stage, which indicated that the rate of the intra-particle diffusion process slowed down until the adsorption 
rate decreased. Then, the rate of the process slows down until the adsorption is saturated. Meanwhile, the 
adsorption capacity qt of the material showed a good linear relationship with t1/2, but did not pass through 
the origin, indicating that the internal diffusion is not the only rapid control step of the adsorption 
process[55,56]. Based on the above results, it is illustrated that the overall adsorption reaction rate is controlled 
by the chemical adsorption process rather than by the mass transfer process[20,57].

https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202407/wecn3025-SupplementaryMaterials.pdf
https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202407/wecn3025-SupplementaryMaterials.pdf
https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202407/wecn3025-SupplementaryMaterials.pdf
https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202407/wecn3025-SupplementaryMaterials.pdf
https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202407/wecn3025-SupplementaryMaterials.pdf
https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202407/wecn3025-SupplementaryMaterials.pdf
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Figure 6. Adsorption isotherms. (A) Langmuir and Freundlich adsorption isotherms, and adsorption kinetic; (B) Pseudo-primary 
kinetics; and (C) Pseudo-secondary kinetics, (D) Elovich, (E) Intraparticle.

Adsorption summary
According to the literature research, the adsorption mechanism of organic substances by biochar 
predominantly included pore filling, hydrogen bonding, π-π interactions, electrostatic interactions, and 
complexation with oxygenated functional groups[58,59]. In this study, the adsorption behavior of ZSC on MG 
was explored by adsorption isotherms, adsorption kinetics, and experiments with different environmental 
factors. Results showed that the adsorption of MG by ZSC was notably in accordance with the pseudo-
second kinetics and the Langmuir model. As such, the progression of the reaction was primarily ascribed to 
chemical factors, characterized by monolayer adsorption of individual molecules on a uniform surface, 
aligning with the results made by Gao et al.[21]. ZSC obtained a larger specific surface area and pore structure 
after pyrolytic carbonization, leading to increased surface active sites, which could be explained by the fact 
that higher temperature contributes to the decomposition and escape of volatiles, tars, and other products, 
leading to more microporous structures and larger specific surface area of biochar, and also affects the 
number of surface active sites of biochar[60]. Upon saturation of the surface active sites, MG slowly diffused 
into the pores, causing the low removal of MG. This result confirmed that the pore filling was involved in 
the adsorption process. Additionally, pyrolysis temperature could affect the order of formation of functional 
groups, and higher pyrolysis temperatures could increase the degree of aromatization of biochar[61]. The FT-
IR results showed that ZSC contained functional groups such as –OH, C–O, and C=C, which were able to be 
attracted to form hydrogen bonding by the nitrogenous groups on the MG that were strongly negatively 
charged[62]. Moreover, oxygen-containing groups such as C–O were highly aromatized, which were 
hypothesized to be capable of π-π stacking[63], promoting efficient dye removal. As the pH increased, the 
acidic groups on the surface of biochar were ionized or dissociated, resulting in an increase in the negative 
surface charge and the enhancement of the electrostatic interaction of biochar[64], which was consistent with 
our results [Figure 4B]. The elevation of pH corresponded to a rise in the adsorption capacity of ZSC, 
suggesting that electrostatic interactions played a more significant role in the adsorption process. Overall, 
electrostatic interactions, pore filling, hydrogen bonding, and π-π interactions were responsible for the high 
MG removal in the ZSC adsorption process [Figure 7].
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Figure 7. The adsorption mechanism of MG captured by ZSC. MG: malachite green; ZSC: ZnCl2 modified sludge biochar.

CONCLUSION
In this study, a cost-effective dye adsorbent was successfully prepared from dyeing sludge. The combination 
of pyrolysis temperature, activation ratio, and carbonization time of 800 °C, 1:2 and 1.5 h, respectively, was 
found to be the optimal preparation conditions by response surface method, and the iodine adsorption 
value of ZSC was 340.99 mg/g. Meanwhile, the pyrolysis temperature was found to be the main factor 
affecting the pyrolysis process, followed by the activation ratio through the significance of each factor. The 
dyeing sludge biochar modified by ZnCl2 activation had a better pore structure with a specific surface area 
of 495.38 cm2/g. The adsorption equilibrium time, initial pH, initial MG concentration, ZSC dosage, and 
adsorption temperature would affect the removal of MG. Under the optimal conditions, the adsorption 
removal of MG by ZSC was as high as 99.13%. After five reuse cycles, ZSC could still adsorb 45% of MG. 
The adsorption performance conformed well to the Langmuir-type adsorption isotherm and pseudo-second 
kinetic model. In the ZSC adsorption process, electrostatic interactions, pore filling, hydrogen bonding, and 
π-π interactions could reflect the mechanism of high MG removal. In summary, employing sludge-derived 
activated carbon for the purification of organic wastewater could be a better choice for reducing and 
recovering sludge, while also proficiently processing dyeing wastewater.
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Abstract
Carbon-based materials have attracted significant interest due to their porous structure and high specific surface 
area. The stability of carbon provides an optimal environment for microbial growth and activity. This paper 
presents a comprehensive review of microorganisms immobilized on carbon-based materials. Techniques used to 
immobilize microorganisms on various carbon-based materials are discussed initially. Subsequently, the review 
introduces the application of these immobilized microorganisms in the restoration of soil and water environments, 
including the treatment of organic pollutants, heavy metals, and ammonia nitrogen. Overall, this work enhances our 
understanding of the microbial pathways facilitated by carbon-based materials.
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INTRODUCTION
Amid the rapid progression of urbanization and industrialization, toxic pollutants are continuously 
discharged into the environment, accumulating in the air, water, and soil, and ultimately infiltrating the 
human body, causing harm to human health. According to the World Health Organization (WHO), nearly 
a quarter of all human diseases today can be traced back to prolonged exposure to environmental pollution. 
This indicates the pressing need for effective strategies to mitigate environmental pollution and its impacts 
on human health[1]. Indeed, environmental pollution remains a major global challenge, and the 
implementation of appropriate environmental remediation technologies is crucial for preserving human 
health and safety. Currently, remediation strategies for environmental pollution are primarily classified into 
physical, chemical, and biological remediation technologies[2]. Among these, biological remediation 
methods have garnered increasing attention due to their cost-effectiveness and wide applicability. This 
underscores the potential of microbial remediation as a sustainable and efficient solution for environmental 
pollution. Nonetheless, although the microbial method for environmental remediation has its advantages, it 
also has certain limitations. These include the reduction or loss of microbial activity, challenges in 
separation and recovery post-adsorption, poor genetic stability of microbes leading to easy alterations, and 
limited adsorption capacity for heavy metals[3]. Consequently, current research is focused on effectively 
enhancing the treatment efficacy of the microbial method and improving microbial activity. This 
underscores the necessity for innovative solutions to overcome these limitations and unlock the full 
potential of microbial remediation for environmental pollution.

Microbial immobilization technology is indeed widely regarded as a potentially effective approach. The 
process of immobilizing microorganisms offers numerous advantages including high biomass, stability, 
resistance to loss, rapid reaction speed, strong anti-toxicity, and ease of separation[4]. However, the carrier 
material employed in this process can exhibit weak mechanical stability and may release toxic elements, 
leading to a loss of microbial activity. Therefore, the selection of the carrier material is a pivotal aspect of 
microbial immobilization technology. Despite the challenges that require further investigation, particularly 
in the selection of carrier materials, the ideal immobilized carrier material should possess attributes such as 
high biocompatibility, accessibility, stability, a large specific surface area, and low cost. This underscores the 
necessity for ongoing research in this area to optimize the effectiveness of microbial immobilization 
technology.

Currently, the primary materials used as carriers include polymers, metal nanoparticles, organometallic 
frameworks, and carbon materials[5]. Among these, carbon materials have emerged as an ideal platform for 
microbial carrier materials in recent years. This is attributed to their stable structure, abundant pore 
structure, and large specific surface area. Additionally, they exhibit excellent biocompatibility, low cost, and 
are rich in functional groups such as hydroxyl and carboxyl groups. These characteristics render carbon 
materials particularly suitable for microbial immobilization, enhancing the efficacy of this approach for 
environmental remediation[6]. However, further research is required to fully exploit the potential of these 
materials and address any associated challenges. As the use of carbon-based materials for microbial 
immobilization continues to rise, these materials are assuming an increasingly important role in the 
treatment of environmental pollutants [Figure 1].

In recent years, some researchers have scrutinized the potential of microbial immobilization techniques in 
various environmental remediation contexts, introducing a diversity of carrier materials and fixation 
methods, and deliberating on the factors influencing the microbial immobilization process[7,8]. However, 
despite the escalating utilization of carbon-based materials in microbial immobilization, a comprehensive 
review of the application of carbon-based immobilized microorganisms in the treatment of environmental 
pollutants remains absent.
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Figure 1. The number of immobilized microorganisms in different materials published per year (Search keywords: immobilized 
microorganism, biochar, metal oxide, polymer, carbon-based materials. Source: Web of Science, search date: 06-30-2024).

To address this lacuna, we embarked on a meticulous examination of the literature spanning the past two 
decades, culminating in this exhaustive review. Consequently, we present an overview of the methodologies 
for immobilizing microorganisms using carbon-based materials such as biochar, activated carbon, carbon 
nanotubes, and graphene. We further explore their application in the removal of pollutants from aquatic 
and soil environments. This review aims to serve as a valuable reference for future research on the use of 
carbon-based materials for microbial immobilization in the remediation of water and soil pollution.

CARBON-BASED MATERIALS
The selection of the carrier material is a crucial factor influencing the immobilization of microorganisms. 
Different raw materials, along with varying preparation methods and processes, yield different material 
properties. Key characteristics to consider when selecting a carrier material include its specific surface area, 
pore size, structure, and mechanical strength, as these significantly impact the microbial load[9].

Recently, carbon-based materials have emerged as some of the most promising nanostructured materials. 
These materials have garnered significant attention due to their distinctive characteristics, which include 
high porosity, extensive surface area, functional groups, modifiable surfaces, and a predominantly aromatic 
structure. Therefore, they are frequently employed as versatile carriers for microbial immobilization. In 
addition, a thorough understanding of the different characteristics of these carbon-based materials is 
essential for the effective application of microbial immobilization technology in environmental 
remediation[10,11]. This highlights the need for continued research and development in this area to identify 
and optimize the use of suitable carrier materials.
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Biochar
Biochar has gained significant attention in recent years as an effective immobilization matrix. Its high 
carbon content, cation exchange capacity, porosity, stability, and abundance of surface functional groups 
make it an ideal choice for microbial immobilization[12]. These properties allow biochar to support high 
enrichment of microorganisms, thereby enhancing the effectiveness of the microbial method for 
environmental remediation.

This underscores the potential of biochar as a sustainable and efficient solution for environmental pollution. 
However, further research is needed to fully exploit the potential of biochar and address associated 
challenges, such as low microbial activity and microbial enrichment and other problems. To address these 
issues, Han et al. investigated the loading of Bacillus subtilis 168 onto biochar modified with acid and 
quaternary ammonium salts to enhance the removal of zearalenone[13]. The study’s findings indicated that 
the modified biochar exhibited an improved pore structure (27.26 nm) compared to pristine biochar 
(20.41 nm), which contributed to its enhanced bacterial carrying capacity. Moreover, Zhang et al. 
investigated the loading efficiency of biochar derived from various raw materials [honeysuckle residue 
biochar (HBC), corn stover biochar (CSB)] on Bacillus subtilis[14]. The results indicated that the average pore 
size of HBC and CSB was less than 2 nm, suggesting a predominance of microporous structures on the 
surface of biochar. Furthermore, the pore volume of HBC exceeded that of CSB, although the average pore 
size of the two biochars was similar. This suggests that the micropore formation via pyrolysis in HBC 
surpasses that in CSB, leading to a more developed pore structure in HBC. This enhanced pore structure 
facilitates microbial growth and reproduction, thereby promoting higher cell density. Zhang et al. further 
emphasize the importance of the physical and chemical properties of biochar in microbial 
immobilization[15]. The biochar produced from Erding medicine residue (EBC-500) at 500 °C pyrolysis 
exhibited a more developed pore structure and suitable nutrients, which facilitated the immobilization and 
proliferation of the degrading strain LZ01. In addition, EBC-500, with a certain degree of alkalinity, can 
neutralize the acidic intermediates produced during the microbial degradation of chlortetracycline (CTC). 
This provides a more suitable pH for the growth of LZ01 and enhances the removal efficiency of CTC. 
Consequently, the removal rate of CTC by EBCM-500 after 2 days reached 82.34%.

To date, the challenge of recovering powdered biochar from aqueous solutions remains a significant 
limitation to its application. To address this, Zheng et al. developed an innovative embedding method by 
preparing biochar fungal pellets (BFP) that immobilized denitrifying bacteria (Cupriavidus sp. H29) for use 
in bioreactors[16]. The results revealed that the BFP, with its loose and abundant filamentous void structures 
and a particle size of 5 mm, not only provided ample space and favorable conditions for bacterial adhesion 
and reproduction but also exhibited excellent solid-liquid separation and reuse performance. Xiang et al. 
present an innovative approach to Chryseobacterium spH5 strains immobilization using a bead composed of 
polyvinyl alcohol (PVA), sodium alginate (SA), and biochar for thiamethoxam degradation[17]. The results 
revealed that the PVA/SA/biochar (0.7%) immobilized microorganisms demonstrated a superior removal 
effect on thiamethoxam, achieving a removal rate of 90.47%. This was significantly higher compared to the 
removal rates achieved by PVA/SA immobilized microorganisms (75.06%) and free microorganisms 
(61.72%). Furthermore, the PVA/SA/biochar (0.7%) immobilized microorganisms exhibited excellent 
tolerance under extreme environmental conditions. Zeng et al. provide valuable insights into the use of 
ferric tetroxide-modified biochar nanomaterials for the immobilization of Alcaligenes faecalis strains[18]. The 
results demonstrated that the bacteria could sustain growth and maintain robust activity within 48 h under 
the conditions of 25-40 °C, pH 5-9, initial phenol concentration of 300-500 mg/L, and salinity of 3%.
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This demonstrated the potential of modified biochar as an efficacious carrier material for microbial 
immobilization in environmental remediation. However, further research is required to optimize these 
modifications and fully harness the potential of biochar.

Activated carbon
Activated carbon, with its large specific surface area and rich pore structure, is highly conducive to cell 
attachment, making it a popular choice as a solid carrier for the removal of environmental pollutants[19]. As 
early as 1991, Lin et al. explored the co-immobilization system of activated carbon and Phanerochaete 
chrysosporium for the degradation of pentachlorophenol (PCP)[20]. The findings revealed that the 
normalized PCP mineralization by the co-immobilization system reached 68%. In contrast, only about 17% 
of the normalized PCP mineralization was observed for the non-immobilized system at 120 h. This is 
attributed to the solid substrate-activated carbon present in the co-immobilization system, which enhances 
biodegradation and stability. Furthermore, Annadurai et al. demonstrated that the immobilization of 
microorganisms on activated carbon can notably enhance the degradation efficiency of pollutants, while 
simultaneously shielding the microorganisms from the impact load of organic pollutants[21]. Hence, the 
structural characteristics of activated carbon are crucial in microbial loading. Maharaja et al. developed a 
nanoporous activated carbon (NPAC) for the immobilization of microorganisms in bioreactors[22]. The 
findings indicate that the BET surface area of NPAC is 291 m2/g and the average pore diameter is 28 Å. The 
overall removal efficiency of chemical oxygen demand (COD) and biological oxygen demand (BOD) in the 
reactor are 82% and 85%, respectively, demonstrating the effective carrier properties of NPAC.

To further enhance the efficiency of pollutant removal, Yang et al. employed three different methods to 
modify coconut shell activated carbon: acid, water, and alkali[23]. This modified activated carbon was used to 
immobilize two microbial communities (ERY-6A and ERY-6B) aimed at degrading erythromycin. The 
results indicated that both alkali-modified and water-modified activated carbon, in conjunction with the 
two-bacteria system, exhibited effective erythromycin removal capabilities. The removal efficiency of 
erythromycin by immobilized cells reached 94.36% within 24 h, which is significantly higher than the 
31.90% removal rate by free bacteria. Erythromycin was eliminated by the immobilized cells through 
mechanisms such as pore adsorption, surface complexation, hydrogen bonding, and biodegradation. Thus, 
activated carbon also shows potential as a material for microbial immobilization.

Carbon nanotubes
Given that immobilization can augment the activity and stability of microorganisms, carbon nanotubes 
(CNTs), serving as a carrier for microbial immobilization, have garnered increasing interest in the realm of 
environmental pollutant removal[24]. CNTs are nanoscale carbon-based materials with a unique surface 
structure. They offer distinctive properties for the immobilization of microorganisms, owing to their high 
surface area, superior thermodynamic properties, and low electroosmotic threshold. There exist several 
types of nanotubes, such as single-walled carbon nanotubes (SCNTs) and multi-walled carbon nanotubes 
(MCNTs)[25]. While SCNTs consist of only one central carbon tubule, MCNTs are composed of multiple 
layers of graphite encircling a central carbon tubule. In comparison to SCNTs, MCNTs possess a higher 
surface area, better dispersibility, and enhanced physicochemical stability, while being more cost-effective 
and exhibiting lower cytotoxicity[26].

Akyilmaz et al. immobilized Candida tropicalis onto carbon paste electrodes that contained SCNTs for the 
detection of dopamine and adrenaline[27]. In a separate study, Boshagh et al. examined the hydrogen 
production process of Enterobacter aerogenes PTCC 1221 immobilized by MWCNTs-COOH[28]. The results 
revealed that MWCNTs-COOH had a higher hydrogen production rate (2.72 L/L·h) than Enterobacter 
aerogenes PTCC 1221. Fourier transform infrared (FTIR) spectroscopy confirmed the successful covalent 
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attachment of the aerogenes to MWCNT-COOH, primarily attributed to the formation of amide bonds 
between the carboxylic acid groups of the functionalized molecules and the amide groups of the aerogenes.

Therefore, Perchikov et al. immobilized cells in a redox-active polymer based on ferrocenecarboxaldehyde-
modified bovine serum albumin and CNTs composite for the rapid detection of the phenol index[29]. The 
findings showed that the detection rate of the redox-active polymer containing CNTs was 502.8 dm3/(g·s), 
compared to 193.8 dm3/(g·s) for the redox-active polymer without carbon nanotubes. Therefore, CNTs-
based composites show promise as a potential new material for microbial immobilization.

Graphene
Graphite, graphene and graphene derivative, graphene oxide (GO), is a representative carbon nanomaterial, 
notable for its large specific surface area and excellent thermal and chemical stability[30]. Despite its inherent 
antibacterial properties, GO can also foster the growth of microorganisms by adsorbing proteins and 
supplying ample nutrients, thereby neutralizing its antibacterial capabilities. Consequently, GO can serve as 
a carrier material for microbial immobilization. Zhao et al. constructed microbe- GO composites to adsorb 
uranium (VI) from aqueous solutions, achieved by immobilizing Lysinibacillus sp[31]. The results 
demonstrated that the maximum adsorption capacity of Lysinibacillus-GO for U (VI) was 149.3 mg/g. The 
primary mechanism of adsorption is attributed to the inner-sphere complexation between U (VI) and 
oxygen-containing groups.

Liu et al. demonstrate the potential of GO/SA aerogel as an adsorption material[32]. By immobilizing 
heterotrophic nitrifying bacteria FG-06 onto this aerogel, they were able to enhance both the growth of the 
bacteria and the removal of pollutants. This suggests that GO/SA/FG-06 could be more effective than 
traditional suspension agents in certain applications. It is another promising step toward more efficient and 
effective environmental cleanup strategies.

To further enhance environmental applicability, Yong et al. developed a method for the immobilization of 
electroactive microorganisms (Shewanella oneidensis MR-1) in microbial fuel cells (MFCs) using graphite/
alginate particles[33]. The results indicated that the MFC output of the immobilized cell particles was more 
stable than that of the suspended cells, and the Coulombic efficiency improved by 0.8-1.7 times compared to 
the suspended mode. Additionally, MFCs with immobilized cells demonstrated greater resistance to shock 
from high salt concentrations than MFCs with suspended cells. In another study, Li et al. first co-deposited 
carboxyl graphene (GN-COOH) and gold nanoparticles (AuNPs) onto an electrode, and then immobilized 
the microbe (Bacillus subtilis) onto the modified electrode via covalent bonds[34]. The results showed that 
this approach shortened the distance between the microbe and the electrode, which is beneficial for electron 
and mass transfer. Therefore, nanocomposites based on graphene also present a promising new option for 
microbial immobilization. These studies highlight the potential of carbon-based materials in enhancing the 
efficiency and stability of microbial processes in environmental applications.

In conclusion, based on current research and technological advancements, biochar offers notable 
advantages in terms of cost and environmental benefits; however, its performance still requires further 
enhancement. Activated carbon excels in microbial immobilization due to its high specific surface area and 
effective adsorption capabilities, but issues related to cost and regeneration need to be addressed. Carbon 
nanotubes and graphene show significant promise for providing exceptional support and performance, yet 
challenges related to high costs and environmental impact persist. Future research should concentrate on 
reducing production costs, enhancing functionalization methods, and evaluating long-term environmental 
effects to fully harness the potential of these materials in microbial immobilization technologies.
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THE FACTORS AFFECTING THE MICROBIAL IMMOBILIZATION
The immobilization of microorganisms on carbon-based materials is influenced by both the intrinsic 
properties of the carbon-based substrates and a spectrum of environmental factors, such as the initial 
pollutant concentration, ambient temperature, pH levels, and contact duration. These variables collectively 
influence the degradation efficiency of pollutants. Consequently, it is imperative to investigate the optimal 
immobilization conditions to enhance the application of microbial immobilization technology in pollutant 
removal.

The effect of initial pollutant concentration
Pollutant concentration is a critical parameter in the degradation pathway. Generally, increasing the initial 
concentration of contaminants enhances their adsorption onto the material until saturation is reached. 
However, elevated concentrations of pollutants can exert toxic effects on microorganisms, thereby 
inhibiting their activity. Thus, selecting appropriate carbon-based materials for immobilizing microbial 
carriers can shield microorganisms from pollutant-induced toxicity, thereby maximizing their pollutant 
degradation potential.

For instance, Xiang et al. observed that increasing the concentration of thiamethoxam from 7 to 42 mg/L 
resulted in a decrease in the degradation efficiency of free microorganisms from 77.30% to 45.70%[17]. 
Similarly, the removal efficiency of PVA/SA/biochar-immobilized microorganisms for thiamethoxam 
decreased from 94.94% to 80.13%. This demonstrates the efficacy of PVA/SA/biochar in protecting 
microorganisms under high concentrations of contaminants.

pH
pH is another critical parameter; variations in pH not only significantly impact the growth of 
microorganisms but also alter the surface characteristics of materials and the behavior of pollutants in 
solution, thereby playing a pivotal role in pollutant removal. Zhang et al. observed that biochar-
immobilized LZ01 exhibited a higher removal rate of chlortetracycline in neutral and slightly alkaline 
environments, reaching up to 82.39%[35]. In contrast, the removal rate of chlortetracycline by free LZ01 was 
10.31%. Consequently, the influence of pH on the removal rate of immobilized LZ01 is less pronounced 
compared to free LZ01, primarily because biochar protects microorganisms from adverse pH conditions, 
thereby enhancing their chlortetracycline removal efficiency. Yu et al. proposed considering both the 
optimal pH for microbial growth and the ideal pH for carrier-microbial binding[36]. This approach can 
maximize the synergistic benefits of the carrier-microorganism combination in contaminant removal.

Temperature
Temperature is a crucial factor influencing both substance reactions and microbial activity. Generally, the 
optimal temperature for bioremediation is 25-35 °C, which limits its application under extreme conditions. 
Consequently, microbial immobilization technology holds promise for enhancing bioremediation in harsh 
conditions. Manikandan et al. observed that the removal rate of Ni2+ by wood biochar-immobilized 
Pseudomonas stutzeri increased with rising temperatures[37]. This increase may be attributed to the 
expansion of pore structures at higher temperatures, creating more surface-active sites for metal ion 
adsorption. Additionally, temperature influences the solubility of metals and the membrane binding affinity 
of metal ions to the bacterial cell wall.

The effect of contact time
Contact time is a critical factor influencing the microbial growth curve and cellular activity levels. Zhang 
et al. initially investigated the microbial adsorption capacity of various biochar-based materials, 
demonstrating that the number of microorganisms on biochar increased with prolonged adsorption 
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time[15]. Although the removal efficiency of pollutants gradually increased with reaction time, it stabilized 
after approximately two days. This stabilization may be attributed to nutrient depletion and subsequent 
microbial die-off as the population rapidly grows. Therefore, carbon-based materials offer ample space for 
microbial growth, effectively shielding strains from toxic substances, increasing bacterial density, and 
enhancing pollutant degradation by bacteria.

ENVIRONMENTAL APPLICATIONS
The rapid growth of population, industry, urbanization, and intensive agriculture has led to the pollution of 
soil and water by various pollutants. Microbial immobilization technology has become one of the most 
successful emerging technologies for soil and water pollution remediation. Among them, Carbon-based 
materials that immobilize microorganisms have shown great promise in environmental remediation[38]. It 
has been successfully used to remove a variety of organic and inorganic pollutants from different mediums 
such as water, soil, and air. These pollutants primarily include toxic metals and organic contaminants[39]. 
The removal process typically involves biosorption and/or biodegradation mechanisms. This innovative 
approach leverages the natural abilities of microorganisms and the unique properties of carbon-based 
materials, offering a potentially effective and sustainable solution for pollution control.

Water pollution remediation
To date, the excessive presence of pollutants in water has detrimental effects on water quality, posing 
significant health risks[40]. Therefore, it is crucial to explore economical, scalable, efficient, and rapid 
methods for water treatment. Microbial immobilization methods are emerging as promising technologies 
for managing water quality. These methods leverage the natural abilities of microorganisms to detect, 
monitor, and remove target water contaminants. The use of carbon-based materials for microbial 
immobilization, as discussed earlier, can enhance the efficiency and stability of these processes[41]. These 
methods are not only cost-effective but also environmentally friendly, making them an attractive option for 
water treatment. They represent a significant advancement in the field of environmental science and hold 
great potential for addressing the pressing issue of water pollution. It is an exciting area of research with the 
potential to make a substantial impact on our environment and health. An et al. demonstrated the 
effectiveness of using Pseudomonas hibiscicola L1 strain (Strain L1) immobilized in peanut shell biochar 
(PBC) for the removal of various pollutants from mixed electroplating wastewater[42]. The pollutants 
included nickel (II), zinc (II), copper (II), chromium (VI), and ammonia nitrogen. The results showed that 
PBC not only enhanced the biological activity of Strain L1, but also increased the removal rate of pollutants 
compared to using PBC alone or free Strain L1. Specifically, the removal rates of the biocarbon-immobilized 
Strain L1 in mixed electroplating wastewater were as follows: copper (II) (94.92%) > zinc (II) (91.46%) > 
ammonia nitrogen (79.90%) > nickel (II) (77.02%) > chromium (VI) (34.40%). The removal mechanism 
proposed by the authors is illustrated in Figure 2A. The removal process primarily involves four 
mechanisms: (1) nitrate in the solution is utilized by Strain L1 as a nitrogen source for denitrification, 
forming intermediate nitrite; (2) Cr (VI) is reduced to Cr (III) through electron acceptance by PBC; (3) 
certain heavy metal ions are removed from the solution via ion exchange; and (4) other heavy metal ions are 
removed through adsorption processes, which include interactions with functional groups (-OH, -COOH, 
-CHO), adsorption and accumulation by Strain L1, and electrostatic adsorption by PBC. Huang et al. 
immobilized Bacillus cereus RC-1 onto biochar derived from rice straw (SBB-beads), chicken manure 
(CMB-beads), and sewage sludge (SSB-beads) to facilitate the removal of Cd2+ from water[43]. The results 
demonstrated that SBB-beads achieved the highest Cd2+ adsorption capacity at 158.77 mg/g, and the bio-
adsorption efficacy of immobilized cells surpassed that of suspended cells. Moreover, the mechanisms 
underlying Cd2+ removal encompass physical adsorption, chemisorption (ion exchange, complexation, 
precipitation), and intracellular accumulation, which intriguingly may occur independently or 
synergistically. Additionally, the authors proposed a model delineating the action of different mechanisms 
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Figure 2. (A) Removal mechanism of co-system; (B) Schematic diagram of the role of immobilized growth cells in the mechanism of 
Cd2+ biosorption; (C) The removal of erythromycin by immobilized cells in mineral salt medium and the potential mechanisms.

[Figure 2B]: initially, metal ions are entrapped and adsorbed onto the material surface by weak physical 
forces. Subsequently, most metal ions adhere closely to the bio-adsorbents via enhanced chemical 
adsorption, primarily due to ion exchange and complexation, with a lesser extent due to precipitation. 
During chemisorption, while some cells perish, others survive, and a fraction of metal ions are transported 
and sequestered into the cytoplasm.

Nowadays, the rapid industrial and agricultural development in recent years has led to the discharge of large 
amounts of difficult-to-treat wastewater. Generally, the wastewater contains high concentrations of 
biodegradable organic pollutants, and even after treatment, it usually fails to meet discharge standards, 
leading to serious water pollution issues.

In response to this issue, Ouyang et al. successfully prepared SA and biochar immobilized GYB1 beads (SC-
GYB1) for the biodegradation of 2,3’,4,4’,5-pentachlorobenzene (PCB 118)[44]. Their results showed that with 
2.0% SA, 2.0% wet weight, and 1.5% biochar content, they could degrade 50.50% of PCB 118 within 5 days. 
Impressively, SC-GYB1 maintained considerable PCB degradation capacity even under 200 mg/L Cd2+ 
stress. In another study, Lu et al. prepared Triton X-100 by an adsorption method, adding the non-ionic 
surfactant Triton X-100 and using biochar as an immobilized carrier to promote biochar immobilized 
Pseudomonas aeruginosa material[45]. This was used for the removal of naphthalene, a refractory organic 
matter in water. The results showed that low concentrations of Triton X-100 significantly increased the 
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removal rate of naphthalene by 20%-50%, compared with no addition of Triton X-100. This approach not 
only improved the adsorption capacity of biochar but also promoted the degradation activity of 
Pseudomonas aeruginosa. The authors hypothesize that the two primary removal mechanisms are the 
adsorption of naphthalene by the biochar itself and the degradation of naphthalene by bacteria immobilized 
on the biochar.

To enhance pollutant removal efficiency, Yang et al. prepared coconut shell activated carbon (NMC) loaded 
with dual microbial flora (ERY-6A and auriferous bacterium ERY-6B) for erythromycin degradation[23]. The 
results demonstrated that the immobilized bacteria could remove 95% of 100 mg/L erythromycin within 
24 h. As illustrated in Figure 2C, the abundant pore structure on the surface of NMC is a primary factor 
promoting the removal by dual microbial flora. Additionally, NMC is rich in functional groups (-C=O, 
-OH, and -COOH), which can easily complex with erythromycin, indicating that surface complexation is 
another significant factor in its removal. Finally, the surface of NMC contains hydroxyl groups that may 
form hydrogen bonds with the surface molecules of ERY-6A and ERY-6B. Once the dual bacterial system is 
immobilized on NMC, a number of degrading enzymes are secreted to degrade erythromycin. Therefore, 
the main mechanisms of erythromycin removal by immobilized cells include pore adsorption, surface 
complexation, hydrogen bonding, and enzymatic degradation.

These studies underscore the potential of using carbon-based materials and microbial immobilization for 
effective wastewater treatment. It is a promising approach toward more sustainable and efficient 
environmental remediation strategies.

Soil remediation
To date, soil pollution is a significant global issue. Specifically, the leakage and discharge of fossil fuels 
during extraction, storage, transportation, processing, and use can lead to the accumulation of toxic and 
harmful substances in the environment[46]. This not only poses a serious threat to human health but also 
endangers the safety of entire ecosystems. Therefore, soil remediation is an urgent necessity.

Yin et al. demonstrate the effectiveness of using rice husk biochar (RHB) and SA as immobilized substrates 
for complex fungi to create an adsorption system (CFIRHB) and an encapsulation system (CFI-
RHB/SA)[47]. The results indicated that CFI-RHB/SA had the highest diesel removal efficiency (64.10%) in 
highly polluted soil compared to free complex fungi (42.70%). Furthermore, CFI-RHB/SA maintained a 
stable removal efficiency (> 60%) in soils with higher concentrations of diesel pollution. This is attributed to 
the key role of fusarium and penicillium in the removal of diesel pollutants. Moreover, the integration of 
biochar amplifies microbial metabolic capacity, consequently bolstering dehydrogenase (DHA) activity 
within the soil matrix. Considering that DHA reflects the metabolic reaction of soil microorganisms to 
diesel oil, increased DHA activity indicates improved efficiency in the oxidative degradation of diesel oil, 
expediting the transfer of hydrogen atoms from organic substances to specific binding sites.

Li et al. investigated a biological carrier constructed from 10%-PVA, 0.5%-SA, and 5%-powdered activated 
carbon (PAC) for purifying soil contaminated by polycyclic aromatic hydrocarbons (PAHs)[48]. The results 
indicated that the carrier exhibited no significant cytotoxicity to the immobilized cells, and the live cell 
population of the immobilized bacteria was 1.86 × 1010 g-1. Furthermore, the biodegradation rates of 
phenanthrene and pyrene reached 87.0% and 75.4%, respectively, which is twice as high as the rates 
observed without the use of biological carriers.
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Figure 3. Remediation mechanism of biochar-based Cr-reducing bacteria on Cr-contaminated soil plants.

Chen et al. utilized Enteromorpha prolifera biochar to immobilize a Bacillus cereus WHX-1 reducing strain 
(WBC), enhancing its Cr (VI) reduction activity, which was subsequently applied to the remediation of Cr-
contaminated soil[49]. Experimental results indicated that incorporating WBC elevated the organic carbon 
content and cation exchange capacity of the soil, decreased the redox potential and bulk density, and 
markedly enhanced the physicochemical properties of Cr-contaminated soil. Remarkably, 94.22% of Cr (VI) 
was reduced to Cr (III), representing a 63.38% increase compared to the control group. To elucidate the 
removal mechanism, scanning electron microscope (SEM) and FTIR analyses revealed that the biochar 
surface was rough and porous, containing numerous functional groups, such as carboxyl, O-P-O, and 
amide I, which facilitate the adhesion of biochar to microorganisms. Furthermore, oxygen-containing 
functional groups act as electron donors, partially reducing Cr (VI). Additionally, biochar supplies nutrients 
to microorganisms, promoting their growth. Consequently, as depicted in Figure 3, the removal mechanism 
primarily involves biochar-enriched microbial colonies, thereby forming a stable microbial system in Cr-
contaminated soil. This stable microbial aggregation system enhances the reduction of Cr (VI) and 
decreases the bioavailability of Cr, thereby achieving effective soil remediation.

The remediation of soil co-contaminated by organic pollutants and heavy metals is a significant challenge. 
Li et al. demonstrate the potential of using corncob biochar to immobilize Citrobacter strains (IM) for the 
remediation of soil co-contaminated by petroleum hydrocarbon and heavy metal nickel (Ni)[50]. The results 
indicated that the degradation rate of petroleum hydrocarbons by solid IM was 45.52%, which was 
significantly higher than that of free bacteria (30.15%) and biochar alone (25.92%). Importantly, no 
carcinogenic nickel sulfide was detected after the remediation process in IM. Additionally, the level of soil 
dehydrogenase activity of IM (0.3956 μg·mL-1·h - 1 ·g -1) was higher than that of free bacteria 
(0.2878 μg·mL-1·h-1·g-1). It is suggested that immobilized microorganism technology is a promising method 
for the remediation of co-contaminated soil. Table 1 summarizes the application of microbial-carbonaceous 
immobilized materials for pollutant removal in soil and water environments by detailing the types of 
pollutants addressed, microbial strains used, carbonaceous materials employed, the effectiveness of 
pollutant removal, the scale of implementation, and key findings from various studies.
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Table 1. Application of microbial-carbon-based materials for removal of pollutant

Carrier material Microbes Contaminants Initial 
concentrate

Reaction 
conditions

Removal
capacity Medium Scale Ref.

Rice hull Bacillus H27 Chlorpyrifos 25 mg/L Time =7 days 
T = 25 °C 
Dose = 0.1 g

97.40% Water Lab [51]

30 mg/L Time = 24 h 
T = 30 °C 
Dose = 1.375 g/L

96.25% Water LabRice husk Aeromonas veronii Chlorpyrifos

10 mg/kg Time = 42 days 
T = 30 °C 
Dose = 2 g/kg

92.4% Soil Lab

[52]

Wheat straw Serratia, Ralstonia, and 
Enterobacter

Phenol 1,300 mg/L Time = 72 h 
T = 30 °C 
Dose = 0.6% 
(w/v)

82.4% Water Lab [53]

80 mg/L Time = 12 h 
T = 30 °C 
pH = 7

50% Water LabPFBCM Pseudomonas 
aeruginosa

Phenanthrene

41 mg/kg Time = 6 days 
T = 30 °C 
Dose = 2 g

30% Soil Lab

[54]

Enteromorpha 
prolifera

Bacillus cereus Cr (VI) 50 mg/kg pH = 7.1 94.22% Soil Lab [49]

Rice straw 93.02 mg/g Lab

Sewage sludge 68.02 mg/g

Chicken manure

Bacillus cereus RC�1 Cd2+ 120 mg/L pH = 6.0 
Time = 20 h

63.95 mg/g

Water [55]

Maize straw Sphingomonas sp. DZ3 4-bromodiphengl 
ether

800 mg/L pH = 7.0 
Time = 24 h 
Dose = 0.1 g 
T = 40 °C

50.23 mg/g Water Lab [56]

PVA/SA/biochar Serratia marcescens P-cresol 500 mg/L pH = 7.0 
Time = 3 h 
T = 30 °C

86.1% Water Lab [57]

Chitosan-biochar Compound bacteria Oil 7,881 mg/kg pH = 7.0 
Time = 60 days 
T = 35 °C 
Dose = 2.0 g 
Salinity 1 MS

45.82% Soil Lab [58]

Bamboo charcoal Degrading bacteria Nonylphenol 50 mg/L Time = 24 days 93.95% Water Lab [59]

Total nitrogen 249.7 mg/L Time = 6 days 97.4% Water Lab

Total phosphorus 19.7 mg/L Time = 6 days 96.1% Water Lab 

COD 258 mg/L Time = 6 days 98.0% Water Lab

Activated carbon Olivibacter jilunii

Ammonia 221 mg/L 100%

[60]

TMAH 1.998 mg/L 100% Water LabGranular activated 
carbon

Mycobacterium sp.

DOC 4.392 mg/L 78.8% Water Lab

[61]

SA/GO Bacillus C5 Crude oil 8,000 mg/kg Time = 30 days 
pH = 6.7 
Dose = 1.0 kg

64.92% Soil Lab [62]

GO Paracoccus aminovorans PAHs Time = 35 days 
Dose = 0.9 g 
T = 30 °C

62.86% Soil Lab [63]

PFBCM: Pyrolyzed iron-modified biochar microorganism; PVA: polyvinyl alcohol; SA: sodium alginate; COD: chemical oxygen demand; TMAH: 
tetra-methyl ammonium hydroxide; DOC: dissolved organic carbon; GO: graphene oxide; PAHs: polycyclic aromatic hydrocarbons.

In summary, these studies underscore the significant potential of immobilized microorganisms supported 
by carbon-based materials in the removal of various pollutants from soil and wastewater. It is a promising 
approach toward more sustainable and efficient environmental remediation strategies.
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CONCLUSION AND FUTURE PERSPECTIVES
The application of immobilized microorganisms on carbon-based substrates has demonstrated considerable 
efficacy in the remediation of contaminated soil and water. This strategy harnesses the innate pollutant-
degrading capabilities of microorganisms and the adsorption properties of carbon-based materials, yielding 
a more effective and potentially sustainable solution for environmental remediation. Immobilization 
techniques can augment the growth stability of microbial cells and extend their tolerance to endure harsh 
environments. Nevertheless, immobilization techniques encounter several challenges, such as operational 
complexity, biochar stability, environmental heterogeneity, limitations in mass transfer from the material 
surface to the immobilized microorganism, and the risk of thick biofilm formation that may hinder efficacy. 
Additionally, many microorganisms exhibit low tolerance to high concentrations of pollutants, which can 
result in suboptimal remediation outcomes and prolonged remediation cycles. Furthermore, environmental 
factors can also influence the effectiveness of immobilized microorganisms. Hence, the selection of novel, 
effective, and low-cost carbon carriers remains a significant challenge. Biochar and activated carbon are 
extensively utilized for cell immobilization due to their low toxicity and abundant availability. However, the 
underlying mechanisms of biochar and activated carbon immobilized bacteria composites in wastewater 
treatment and soil remediation require further exploration.

Furthermore, microbial immobilization utilizing carbon-based materials represents an advanced 
technological approach with distinct phases of implementation, each characterized by specific objectives 
and methodologies. At the laboratory scale, research focuses on the development and optimization of the 
immobilization technique. This involves conducting experiments with small quantities of carbon-based 
materials and microorganisms to evaluate key parameters such as microbial activity, substrate interaction, 
and process efficiency. The outcomes of these studies provide essential data for refining the technology and 
formulating hypotheses for subsequent stages. Field tests then transition the technology from controlled 
environments to practical settings, where pilot-scale systems or small-scale trials are employed to simulate 
environmental conditions. These tests are critical for assessing the stability and performance of the 
immobilized microorganisms under varied environmental factors, as well as addressing practical challenges 
related to material durability and microbial viability. The final stage of implementation involves the actual 
use of the technology in commercial or large-scale applications. This phase requires scaling up the 
technology, integrating it into existing industrial or environmental systems, and implementing continuous 
monitoring to ensure operational effectiveness and economic feasibility. The successful transition from 
laboratory research to field testing and commercial deployment is contingent upon overcoming challenges 
such as material costs, and integration with existing infrastructure.
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Abstract
Microplastics (MPs) have been extensively studied in the marine environment in recent years, but their occurrence 
in recreational waters, and recreational activities as a source of MPs, have been less explored. In this study, we 
investigate the temporal variation of MPs in the Salt River, a natural surface waterway heavily used for recreation, 
and in community swimming pools in nearby Tempe, Arizona. Samples were processed using established 
methodologies and MP shapes and number concentrations were obtained by optical microscopy. The MP 
concentrations in samples of surface water collected during recreational activity ranged from 27,798 to 
222,391 MPs/m3, with the highest concentrations occurring at 16:00 and lowest at 8:00, consistent with 
recreational activities. Fibers were the dominant shape (≥ 71%) of MPs overall in the Salt River, accounting for as 
much as 96% of all MPs at peak activity time (16:00). MP concentrations in water samples from apartment 
community swimming pools ranged from 59,160 to 254,574 MPs/m3. In terms of shape, fibers were again 
dominant (sometimes as high as 87%) in these water samples. Raman spectroscopic characterization of the MPs 
revealed the presence of polyethylene (PE), polyvinyl chloride (PVC), polyester (PES), polyamide (PA), and 
polypropylene (PP), showing a larger variety of polymers in the pool samples, while more MP pieces remained 
chemically unidentifiable. The prevalence of PES and PA fibers indicates that release from synthetic fabrics such as 
swimwear is a substantial source of MPs in the environment.
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INTRODUCTION
Environmental contamination by plastics has recently developed into an emerging concern, with 
microplastics (MPs) detection becoming ubiquitous in the environment[1-4]. Environmental MPs - typically 
defined as plastic particles measuring 5 mm or less in the longest dimension - can originate from the release 
of primary particles, intentionally engineered and in uniform shapes as microbeads and pre-production 
pellets[5-7]. More common are secondary MPs, which typically result from the environmental weathering of 
larger plastics through processes such as photodegradation or mechanical abrasion and tend to have more 
irregular shapes such as fibers and fragments[8-10].

Environmental research has predominantly focused on MPs in aquatic environments[8,11-20], while fewer 
studies have been conducted on their presence in atmospheric[21-29] and terrestrial ecosystems[30-35]. Within 
aqueous environments, most research has concentrated on marine ecosystems, with less than 4% of MP 
research addressing freshwaters[36]. Freshwater environments, including sources of drinking water, tend to 
be in closer proximity to the actual sources of MPs. Occurrence data show that the concentrations of MPs in 
surface waters and the corresponding sediments are higher in areas of high population density[37]. 
Mismanagement of plastic waste, sewage treatment, agricultural and road runoff, as well as commercial 
fishing, has been shown to be responsible for MP input into freshwater ecosystems, resulting in rivers being 
significant to investigate for synthetic MPs[38-40]. MPs, after being released into surface waters, can exhibit 
remarkable persistence, travel long distances, interact with aquatic organisms, and eventually end up in the 
oceans[41]. Beaches, often used for recreational activities, have been shown to be significantly contaminated 
by MPs[42-44]. However, few studies have investigated the occurrence and distribution of MPs in freshwater 
bodies used for recreational activities, such as lakes, rivers, and swimming pools.

MPs can occur in a variety of shapes, sizes, and colors, but morphologically, fibers appear most common in 
the gastrointestinal tracts of biota at any trophic level[45-47]. Despite the obvious environmental significance 
of fibers, shards, films and other fragments tend to be more commonly studied and the environmental 
sources of fibers remain poorly investigated. Some research reported that the weathering of one gram of 
polyester (PES) textiles resulted in the release of hundreds of thousands of fibers[48]. Laundry of synthetic 
fabric and swimwear has also been documented as a substantial source of fibrous MPs[49,50]. To date, there 
have been few studies that establish the importance of clothing as a source of MP fibers to the environment.

It has been shown that organisms in freshwater, across different habitats and trophic levels, ingest synthetic 
micro-particles[51]. Freshwater invertebrates such as gammarid amphipods play important roles in the 
breakdown of particulate organic matter and, therefore, can similarly digest MPs[52]. In addition to their 
direct toxic effects, these MPs can also act as vectors for other organic contaminants[53-55]. Therefore, 
investigating freshwater recreational activities as a source of contamination, particularly for synthetic 
materials such as fiber MPs, is important.

Swimming pools are another class of water system where MPs can be emitted by recreational water use and 
potentially accumulate. Pools are known to be hotspots for human exposure to pathogens[56] but might also 
be important in terms of exposure to MPs. Pathogens, including E. coli, Cryptosporidium, and Giardia, are 
present in such aquatic environments owing to human clustering[57]. MPs might act as a vector for 
pathogens to be ingested and hence infect humans, especially as smaller microfibers have been documented 
to evade water treatment processes owing to their size and density[58].

The present work investigates the occurrence of MPs in the Salt River in Arizona, which is used for both 
recreation and as a drinking water supply. Previous studies have investigated ecological indicators in the 
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river and studied the occurrence of nanomaterials as well as pharmaceuticals and personal care products 
such as sunscreen[59-62]. A water sampling-based survey was conducted from a single location in the Salt 
River, in the presence and absence of recreational activities, to assess their impact on MP occurrence. To 
provide additional context for the occurrence of MPs in recreational waters, community swimming pools in 
apartment buildings in Tempe, Arizona, were also sampled. MP number concentration and morphology 
were analyzed using optical microscopy, while the chemistry of the MP was determined by micro-Raman 
spectroscopy.

EXPERIMENTAL
Sampling of MPs
The Salt River is a surface water system located mostly within the Tonto National Forest (AZ, USA),
northeast of Phoenix, Arizona and includes four water reservoirs that form a series of lakes nearly 100 km
long[63]. The river is a source of drinking water for the Phoenix metropolitan area and, in the summer
months, is a popular destination for recreational activities. There are no commercial activities on the river,
such as boating. The Goldfield Recreation area (Mesa, AZ) is a popular river access point (RAP) for
recreational activities along the Lower Salt River, and witnesses substantial crowds during the months of
June-September [Supplementary Figure 1].

Surface water samples (1 L) were collected at a single location in the Lower Salt River at the Goldfield
Recreation area (33.5544° N, 111.6236° W). The samples were collected into clean, pre-fired (450 °C) amber
glass bottles from 8 AM to 4 PM on Saturday, July 1st, 2023 (recreational season) and Friday, October 13th,
2023 (absence of recreational activities). The clean sampling bottles were rinsed three times with river water
prior to gathering the actual sample, with each time discarding the rinse water downstream.

Triplicate samples were obtained at representative hours of the day (8:00, 12:00, and 16:00) in July to
investigate the standard deviation of MP concentrations in water. However, triplicate samples were not
obtained for each hourly time stamp due to limitations in logistics, and the relatively low standard deviation
between replicates.

Sampling in apartment swimming pools (n = 7) in Tempe, Arizona, in July 2023 [Supplementary Figure 2]
and October 2023 followed the same protocol. The selected community swimming pools were located in
student apartment complexes in Tempe, Arizona, and were accessible for water sampling. Each pool was
approximately 20’ × 40’ in size and was used by a substantial number of students during the summer in
Arizona. Triplicates were analyzed for three pools with sampling IDs - SP2, SP5, and SP7.

All water samples were refrigerated during transport and stored at 4 °C in the dark until processing in the
lab.

Sample processing
All aqueous samples were first passed through a sieve (8”-FH-SS-SS-US-#3-1/2, Hogentogler & Co.Inc.,
MD, USA) to remove any material larger than 5.6 mm in size. The sample bottles were triple rinsed with
ultrapure water (> 18.4 MΩ·cm, Purelab Flex, IL, USA) to extract all MPs sticking to the glass surface of the
bottles. The samples were then further processed using a methodology based on recommendations from the
National Oceanic and Atmospheric Administration (NOAA) and adapted to water samples[64]. On brief, the
first natural organic matter was removed by wet peroxide oxidation using 10 mL of an aqueous 0.05 M Fe
(II) solution prepared from FeSO4·7H2O (Sigma Aldrich, MO, USA), followed by the addition of 10 mL of a
30% hydrogen peroxide (Sigma Aldrich, MO, USA) solution. After letting the resulting mixture rest for

https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202409/wecn3040-SupplementaryMaterials.pdf
https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202409/wecn3040-SupplementaryMaterials.pdf
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5 min, the solution was heated to 60 °C on a hot plate (Fisher Scientific, NH, USA) to accelerate the
digestion of organic matter. This was followed by filtration through pre-fired glass fiber filters (Whatman
GF/A, Sigma Aldrich, MO, USA) and drying in an oven (Vulcan 3-1750, CA, USA) at 60 °C.

Since MPs are ubiquitous in all environments, preventive measures must be adopted to minimize
contamination of samples and overestimation of MP concentrations[22,65]. In the current study, a blank was
obtained during sample handling and processing to evaluate the potential of cross-contamination. An
ultrapure water sample (> 18.4 MΩ·cm, Purelab Flex, IL, USA) was transported to the field, was poured into
a pre-cleaned and pre-baked (450 °C, overnight) amber glass bottle (similar to the sampling bottle) at the
same sampling location, and transported to the lab similar to other water samples. Glassware used during all
stages of sample handling, processing, and analyses was washed using a detergent and triple rinsed with
ultrapure water (> 18.4 MΩ·cm, Purelab Flex, IL, USA) prior to use. Decontamination measures included
subsequent baking of glassware (450 °C overnight). Potential contamination through the deposition of
airborne MPs was minimized by covering the clean glassware and equipment used for sample processing
and analysis. As MPs are widespread particles that could be found on any surface, lab bench and fume hood
surfaces were cleaned with ultrapure water (> 18.4 MΩ·cm, Purelab Flex, IL, USA) and isopropyl alcohol
(Fisher Scientific, MA, USA) before sample processing and analyses. The usage of glass materials is
generally recommended when processing and analyzing MPs in samples, as plastic materials can release
particles and result in contamination and overestimation of MPs[22]. The usage of plastics was minimized
during sample handling and analysis, and the recovery rate of MPs from filters was determined to be 93%
through matrix spikes with a known number of MPs in the size range 5-5,000 µm (see[25,33] for additional
details).

Optical microscopy - shape and number concentrations
Filters were visually analyzed by a digital microscope (Leica DM6B-Z, Germany) (see[33] for details). In brief,
the size range was 5-5,000 µm with the higher limit obtained through sieving and based on the typical
definition of MPs, while the lower limit of 5 µm was due to the particle size detection limit of the
microscope. In terms of shape, an object was considered a fiber when it looked cylindrical and presented an
aspect ratio (length/diameter) ≥ 3. The sizes of the MPs were measured along their largest dimension using
the software program ImageJ (version 1.5, National Institute of Health, USA, http://imagej.nih.gov/i). MPs
were identified under the digital microscope based on criteria reported in literature, including the absence
of cellular structures and fibers depicting uniform thickness along their entire length[33,66].

Chemical characterization using micro-Raman spectroscopy
Micro-Raman data were collected using a custom-built Raman spectrometer with a spatial resolution of
1 µm and spectral resolution of 1 cm-1[33]. Raman spectra were collected from 50 to 3,800 cm-1. The excitation
source was a Coherent Sapphire solid state continuous wave laser emitting 532 nm. The Raman data were
calibrated using cyclohexane with known peak positions.

RESULTS AND DISCUSSION
Temporal variation of MPs in recreational surface waters of the Salt River
MPs were detected in all Salt River surface water samples and an increasing trend in concentrations was 
observed during the day (July 1st, 2023; Figure 1). The MP concentrations in the surface water samples 
during recreational activity varied from 27,798 MPs/m3 in the early morning, prior to recreational activities, 
to 222,391 MPs/m3 at 4 PM, at the peak of recreational activities, an increase of a factor of 8 [Figure 1]. The 
Salt River is accessible in this region for recreational activities from 9:00 daily from June-September. The 
observed variation in MP concentrations can be ascribed to the micro-particles released from human 
activities during recreational activities in the Salt River. The relative standard deviation between replicates 

http://imagej.nih.gov/i
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Figure 1. MP occurrence in the Salt River in the presence (July) and absence (October) of recreational activities. MP: Microplastic.

obtained at 8:00, 12:00 and 16:00 during the sampling period in July [Supplementary Table 1] was 10%. MPs 
were also detected in all samples on October 13th, 2023, in the absence of recreational activities, showing a 
ubiquitous presence in the Salt River. The MP concentrations observed in October did not vary substantially 
over the course of the day, ranging from 17,347 to 21,905 MPs/m3 (the relative standard deviation of 
concentrations over the day was 11%). The number concentrations in October were similar to that in the 
surface water sample collected at 8:00 (no recreational activities) in July. MP baseline concentrations during 
the off-season in the absence of recreational activities are an order of magnitude lower than those observed 
on July 1st, 2023 [Figure 1]. The Salt River water flow data were retrieved from the closest monitoring 
station upstream, below Stewart Mountain Dam, from the United States Geological Survey (USGS). The 
average water flow rates in the river did not show substantial differences (898 ft3/s on July 1st and 827 ft3/s 
on October 13th). Therefore, it is possible to compare the MP concentrations in the Salt River in July and 
October, negating any dilution effects. Additionally, Mesa (AZ) did not experience rain or dust storms on 
either of the sampling days (July 1st, 2023 and October 13th, 2023). However, the influence of wind 
parameters (wind speed and wind direction) on MP concentrations in water on the two sampling days is 
unknown to us.

Filter blanks used to track contamination showed the presence of 1 to 5 MPs/filter with an average of 
2 MPs/filter. MP recovery based on matrix spikes with 5-5,000 μm polydisperse MPs averaged 93%.

Placing the concentrations of MPs in the current study within the context of the existing literature is 
challenging due to differences in sampling and analytical protocols. Studies on MP occurrence in surface 
water, especially those used for recreational activities, are sparse. MP concentrations ranging from 0.44 to 
9.7 MPs/m3 have been reported in the waters of Lakes Mead and Mohave, reservoirs along the Colorado 
River that see some recreational use and are also located in the arid southwestern USA[67]. Even though these 
basins are sparsely populated, the authors attribute the concentrations observed to the large number of 
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visitors the locations witness[67]. The lower MP size limit in this study was 355 µm, while that of the current 
study was 5 µm. Even considering only the larger MPs in the Salt River (≥ 355 µm) in the presence of 
recreational activity at peak time (16:00), the concentrations are 4-5 orders of magnitude higher than those 
observed in Lakes Mead and Mohave (≥ 355 µm).

This could be attributed to the vast area covered by the two large Colorado River reservoirs (759 km2) 
compared to the Salt River, which would result in the dilution of overall MP concentrations in water[67]. 
Baldwin et al. also studied the St. Croix and Mississippi rivers in an earlier study, noting that both were 
impacted by recreational activities[68]. MP concentrations in these rivers (≥ 333 µm) were similar and of the 
same order of magnitude as those observed in Lakes Mead and Mohave (Colorado River), and could 
possibly be ascribed to similar lower size limits of interest. The MP concentrations in the Los Angeles River 
and Colorado Boulder Creek are 1-3 orders of magnitude lower than those in the Salt River during the 
absence of recreational activities[69,70]. This observation could be partially ascribed to the smaller lower size 
cut used in the current study (5 µm), compared to that reported in the aforementioned studies (1,000 µm).

A previous study on the Salt River by Venkatesan et al. studied the impact of recreational activities (tubing 
and swimming) on Ti-containing particles and sunscreen additives. Their findings were consistent with 
ours in that they saw a significant (80%) increase in the particle concentrations at peak activity time (16:00) 
over their initial baseline concentration[62]. The change was attributed to the increased recreational activity 
occurring upstream. Similarly, Chiu et al. showed a significant increase in oxybenzone (sunscreen) 
concentrations in Salt River waters during the day, consistent with an increase in recreational activities[59]. 
The overall human impact in the study region is documented by ecological studies, such as research that 
shows a decrease in the herpetofauna diversity along the Salt River, with the increase in urbanization[60]. The 
Salt River in Arizona is home to fish species including the Castostomus insignis, Gila robusta, Rhinichthys 
osculus, and the Catostomus clarkii, and the presence of MPs in the riverine ecosystem of interest in our 
current study can potentially reduce the feeding uptake of such aquatic organisms[71].

Morphological  analysis showed that a majority of MPs in the Salt  River were fibers 
[Supplementary Figure 3]. During the day, the fraction of plastics that are fibers increases and they account 
for 96% of MPs at the peak activity time (4 PM). Even in the absence of recreational river use (October), 
72% of the MPs, on average, were fibrous. The overall large percentages of fibrous MPs present in samples 
collected in July are likely an indication of the secondary synthetic micro-particles originating through the 
shedding of micro-fibers from fabrics such as swimwear. Compared to regular shaped spherical MPs, 
fibrous MPs have a larger specific surface area, making them more conducive to ingestion by aquatic 
organisms and contact with microbes[72]. The recreational activities involve the use of tubes and floating 
devices; however, the materials commonly used in these devices such as rubber [e.g. poly(isobutylene-co-
isoprene) or latex (polyisoprene)] were not observed in the micro-Raman analysis. Therefore, the 
abundance of fibers is mainly attributed to the shedding of fibers from swimwear. Fibers can also stem from 
the degradation of larger plastics[73]. Microfibers from synthetic garments were observed in all samples in the 
current study. This is consistent with studies indicating that a large amount of fibers has been reported to 
shed from acrylic fabric[74]. Fragments were observed as the only other morphology present and no spherical 
pellets and beads were observed in surface water samples in the river.

A previous study reporting soil MPs in the same arid region of Phoenix, Arizona, reported samples 
comprising large fractions of fibers[33], while a study on airborne MPs in nearby Tempe, Arizona, showed 
that a large fraction were fibers (≥ 82%)[25]. The present study of MPs in the riverine system shows that MPs 
were largely fibrous with relatively higher fractions than in these other local environmental systems.

https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202409/wecn3040-SupplementaryMaterials.pdf
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Figure 2 shows the evolution of the size distributions of MPs in surface water samples from the Salt River
during recreational activity over the course of 8 h. MPs were predominately found in the smallest size
fraction (5-50 µm) that we were able to quantify, in water samples collected early in the day (8:00, 9:00,
10:00, and 12:00). Owing to their small size, MPs are ingested by a range of freshwater aquatic organisms
that can eventually cause ecotoxicological and physiological changes[75]. Later in the day, MPs were
predominately present in larger size classes. A Mann-Whitney Test (P ≤ 0.05) using OriginPro, Version
2023 (Origin Lab Corporation, Northampton, MA, USA) indicates that the size distribution of MPs at 8:00
is significantly different to that at 16:00 (P = 0.0064). As the day progressed, the river saw an increasing
number of recreational users, which might have resuspended larger micro-particles previously deposited in
sediments. It should be noted that the vertical dynamics of MP distribution within the sediments remain
largely understudied and unknown. However, bioturbation can affect the distribution of MPs and litter in
river sediments[76].

MPs in apartment community swimming pools
Figure 2 shows the range of MP concentrations observed in surface water samples from community
swimming pools (n = 7) in Tempe, Arizona. The MP concentrations ranged from 59,160 to 254,574 MPs/m3

in October 2023 [Figure 3]. While MPs were detected in each pool, the concentrations varied significantly
(the average relative standard deviation was 39%). The highest MP concentration was found at site SP5 and
the lowest MP concentration was observed at sampling site SP4. Triplicate samples show a low
measurement variability, smaller than the observed differences. The variability in MP concentrations
between pools likely results from the difference in filter media used. Most swimming pools use sand,
cartridge or diatomaceous earth (DE) filters to remove suspended solids as part of the water treatment
process implemented to keep water physically attractive, clean, and safe[77]. MP concentrations in swimming
pools in the summer (July) were of the same order of magnitude as those observed in October [Figure 3].
This could possibly be due to the rather low drainage frequency of swimming pools (3-7 years)[78]. MPs
released from secondary degradation of fabrics could accumulate over time, and may possibly explain the
relatively high concentrations observed in our study.

Comparing the results of the current study with existing research is important for contextualizing MP 
concentrations. However, to date, there are no reported studies investigating the presence of MPs in
swimming pools. Overall, the concentrations in the swimming pools are comparable to those in the Salt
River during recreational activity in July, and an order of magnitude higher than those in the absence of
recreational activities in October. Sources of MPs in swimming pools may also be more limited compared to
those in natural environments (Salt River). However, our chemical characterization results for MPs in the
Salt River and swimming pools imply the release of synthetic fibers from fabrics. Results from a pilot study
investigating MPs in Tempe Town Lake depict concentrations two orders of magnitude lower than those in
swimming pools in Tempe [Figure 4]. The Tempe Town Lake is restricted for swimmers and the relatively
high water flow in the lake (several hundred to thousand cubic feet per second depending on the season and
episodic inflows), as opposed to no flow in swimming pools, could possibly explain the lower
concentrations in the lake. The MP concentrations in the swimming pools in Tempe during July are
comparable, and of similar magnitude to that in the Salt River during recreational activity [Figure 4]. The
concentrations in the swimming pools are of similar magnitude to those in the Tres Rios wetland outflow, a
constructed wetland that receives waste-water treatment effluent[79].

Fiber MPs were also the dominant morphology in the swimming pool survey, accounting for as much as
87% (in SP5). Fragments and spherical transparent beads [Supplementary Figure 4] were observed as the
only other morphologies observed in these samples. Overall, the highest counts for MPs were observed in
the 5-100 µm size fraction in the pool samples.

https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202409/wecn3040-SupplementaryMaterials.pdf
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Figure 2. Size distributions of MPs in the Salt River over the course of July 1st, 2023 (Time in 24-hour format). MPs: Microplastics.

Figure 3. MP concentrations in swimming pools in July and October 2023. Each error bar represents the standard deviation of the mean 
obtained from three replicate measurements. SP1-SP7 are sampling location IDs of swimming pools. MP: Microplastic.
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Figure 4. Comparison of MP concentrations in surface waters[67,69,70,79]. MP: Microplastic.

Chemical identification of MPs
Micro-Raman spectroscopy was used to assess the nature of the polymers in the MPs present in the Salt 
River (July and October) and swimming pools. A large diversity of polymers, including polyethylene (PE), 
polyvinyl chloride (PVC), polyamide (PA), PES, and polypropylene (PP), were observed and some MPs 
remained unidentified [Figure 5, Supplementary Figures 5 and 6]. Overall, a majority of the MPs identified 
were PA and PES. Swimwear is a significant source of microfibers to the environment and consists of 
interwoven nylon and PES fibers[50]. Raman characterization for MPs in water samples from July revealed 
that 4% to 40% of the MPs remained chemically unidentified. However, the fraction of unidentified MPs in 
the aquatic environments (Salt River) was lower than that found in atmospheric and soil environments in 
Phoenix, Arizona[25,33]. We showed in a previous study that environmental weathering processes can lead to 
surface modifications that render the MPs unidentifiable by micro-Raman spectroscopy[25]. The relatively 
lower fractions of unidentified MPs from this study area could possibly be an indication of the recent 
introduction of synthetic micro-particles from their sources to the aquatic environment (less time for 
environmental weathering).

PA was present in 67% of the samples from the Salt River during recreational activities and tended to be the 
most abundant polymer (on average) in all our water samples [Figures 5 and 6]. At peak recreational 
activity (4 PM), PA accounted for 78% of all MPs. PES was also prominently present in the identified 
fraction of MPs in samples. These observations, combined with the morphology results, again suggest a high 
release of MP fibers from synthetic textiles[73]. PES is widely used in fabrics for clothing and is the most 
produced synthetic fiber on a global scale (~50% of the global fiber market)[9]. PA fibers rank second in the 
list of the most produced synthetic fibers[80]. The polymer distribution in the swimming pools in Tempe, 
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Figure 5. Raman characterization of MPs of heavily used recreational surface water samples in the Salt River. MPs: Microplastics.

Figure 6. An example spectrum of a MP sample identified as PA compared to that of a reference spectrum. MP: Microplastic; PA: 
polyamide.

Arizona [Supplementary Figure 6] was similar to the river samples[81]. A recent risk assessment study 
investigating the impact of different polymeric materials on aquatic organisms states that PA poses the 
greatest risk, followed by PET[58]. This suggests a non-negligible risk posed by these synthetic materials 
released to the Salt River in the current study.

https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202409/wecn3040-SupplementaryMaterials.pdf
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CONCLUSION
MPs were ubiquitous in the heavily used recreational waters of the Salt River and local community 
swimming pools. MP concentrations in surface water samples in the Salt River showed an increase by 8 
times at peak recreational activity time compared to baseline concentrations where no recreational activities 
occurred. MP concentrations depicted substantial variability between apartment swimming pools in Tempe, 
Arizona, at times as high as 254,574 MPs/m3. Fibers were the dominant shape of MPs in the tested surface 
waters, with a majority present in relatively smaller size categories (5-200 µm). Raman characterization for 
MPs in water samples revealed a diversity of polymers, but 4%-40% of the MPs remained chemically 
unidentified. The latter is likely the result of weathering processes-induced changes that render the 
polymers unidentifiable by micro Raman Spectroscopy. However, the fraction of unidentified MPs was 
smaller in the river during recreational activity compared to those in swimming pools, air and soil samples 
in the same arid region, indicating the recent introduction of the micro-particles to the riverine system. PA 
and PES were generally the most abundant polymers, suggesting a secondary origin from synthetic fabrics. 
Overall, the observations show that recreational activities can be a significant source of MPs in surface 
waters.
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Abstract
Microplastics (MPs) and their associated chemical additives, such as bisphenol A (BPA), nonylphenol (NP), 
nonylphenol ethoxylate (NEPO), and tetrabromobisphenol (TBBPA), are widely recognized as significant 
environmental contaminants due to their widespread presence in ecosystems and their potential impact on human 
health. This review evaluates advanced treatment technologies, such as membrane filtration and oxidation 
processes, for mitigating these risks and highlights gaps in sustainability and efficiency. Actionable strategies for 
improving the removal of MPs and MP additives were presented in the assessment of innovative hybrid treatment 
tailored to different water matrices. The importance of anti-fouling technologies, comprehensive life cycle 
assessments (LCAs), and standardizing treatment methods to enhance the sustainability and applicability of these 
technologies were further highlighted. To further improve and optimize treatment processes and ensure 
sustainability, existing knowledge gaps must be addressed by framing a comprehensive understanding of the long-
term ecological effects of MPs and their additives.
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INTRODUCTION
Plastics began gaining popularity in the 1940s and have since diversified into many types. Recently, annual 
global plastic production has increased to 359 million tons, with China accounting for 30% of this output[1]. 
The widespread use of plastics can be attributed to their convenience, affordability, light weight, and 
durability[1]. They are utilized in numerous sectors, including containers for food and beverages, thermal 
insulation materials, furniture for homes and offices, electronic gadgets, vehicle interiors, children’s toys, 
textiles, surface coatings, and medical equipment such as prosthetic joints, incubators, intravenous (IV) 
fluid bags, and drug delivery mechanisms[2]. However, managing plastic waste is a growing concern, as only 
about 15% of the plastics produced annually are recycled[3]. Thus, the main challenge with plastics is their 
long-lasting nature, with some lasting hundreds of years before breaking down. This durability contributes 
to plastic pollution in both land and water environments. Studies show that every year, between 1.15 and 
2.41 million metric tons of plastic enter the ocean, leading to large areas of floating debris like the Great 
Pacific Garbage Patch, which covers about 1.6 million square kilometers[4]. Haque et al. (2023) reported that 
global plastic production increased from 1.3 million tons in 1950 to 359 million tons in 2018, expected to 
reach 634 million tons by 2025, highlighting the massive global increase in plastic production[5]. Among the 
various forms of plastic pollution, microplastics (MPs), and MP additives such as bisphenol A (BPA), 
nonylphenol (NP), and tetrabromobisphenol (TBBPA), have emerged as significant environmental 
contaminants. These particles are widespread in many ecosystems and pose a serious risk to human health, 
as well as terrestrial and aquatic environments, due to their persistence and ability to bioaccumulate[6].

Even though the treatment of MPs and MP additives is gaining momentum with new advancements and 
processes, several significant knowledge gaps persist[7]. The long-term ecological effects of MPs and their 
additives are not well understood[8]. Additionally, present treatment methods often fall short of complete 
removal and health effect mitigation of these contaminants, particularly in diverse environmental settings. 
Furthermore, the lack of standard operating procedures for the analysis and treatment of MPs in different 
water matrices complicates the evaluation and comparison of treatment performance[9].

In this study, a thorough review of the spread of MPs in the environment and their impacts on health, 
aquatic systems, and terrestrial systems will be presented. This work also aims to address the current gaps by 
providing a detailed assessment of advanced treatment technologies, including the innovative integration of 
membrane filtration with advanced oxidation processes (AOPs). The paper is structured as follows: an 
overview of the sources and types of MPs, followed by discussions on their environmental and health 
impacts. The bulk of the review evaluates several treatment techniques, emphasizing advanced oxidation 
and membrane filtration, with conclusions focusing on sustainability and the need for further research.

SOURCES AND TYPES OF MPS
MPs are small plastic particles, typically less than 5 mm in size, which can exist in various forms such as 
fibers, films, fragments, beads, and foams[10]. These particles are widespread in the environment due to their 
resistance to degradation and their persistent nature. MPs are classified into two primary types based on 
their origin: primary MPs, which are intentionally manufactured for specific purposes, and secondary MPs, 
which result from the breakdown of larger plastic materials[11].

Primary MPs
Primary MPs, like glitter and microbeads, are intentionally manufactured particles found in personal care 
products and industrial processes, contributing significantly to environmental contamination due to their 
small size and persistence[12].
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Microbeads are another common form of MPs, and they are small spherical particles often found in 
personal care products such as exfoliants, cleansers, and toothpaste. These microbeads are added for their 
abrasive properties, aiding in the removal of dead skin cells or dirt. However, due to their tiny size and 
inability to be captured by wastewater treatment plants, they easily enter aquatic systems, contributing to 
widespread pollution[13]. Despite increasing regulatory efforts to ban microbeads in many countries, they 
remain a persistent problem in regions where regulations are not yet enforced or where existing products 
containing microbeads are still in use.

Secondary MPs
Secondary MPs are those that result from the breakdown of larger plastics under environmental stressors 
like UV radiation and mechanical abrasion into smaller particles over time[13-16]. This degradation occurs 
when macroplastics are exposed to prolonged environmental factors such as sunlight, weather, and 
moisture[17]. Research by Bajt highlights UV sunlight as the primary factor in this degradation process[18]. UV 
light breaks chemical bonds in the macroplastics, producing plastic fragments, fibers, or films. This process, 
known as photodegradation, increases the number of secondary MPs in the environment, contributing to 
their growing presence in various ecosystems. Mechanical abrasion and chemical interactions further 
accelerate plastic fragmentation. The continuous production of secondary MPs from plastic waste 
contributes to their persistent accumulation in marine and terrestrial environments, posing significant 
ecological challenges[19]. Figure 1 depicts the sources of MPs in the environment.

ENVIRONMENTAL IMPACT OF MPS
MPs have accumulated in significant quantities in both aquatic and terrestrial environments due to 
inadequate plastic waste management[20]. They often carry various micropollutants that can be harmful to 
the environment and human health, especially when they enter the food chain. The persistence of MPs in 
the environment makes understanding their full environmental impact essential for developing effective 
strategies to mitigate their consequences on both land and water ecosystems, as well as human health.

Impact on aquatic system
MPs in aquatic systems primarily originate from terrestrial environments due to industrial, agricultural, and 
domestic activities. These insoluble particles enter water bodies through various routes, including 
wastewater treatment plants, sewer floods, soil erosion, and precipitation[21]. Once in water bodies, MPs 
attract and accumulate organic and inorganic pollutants from their surroundings, facilitating the spread of 
contaminants across ecosystems. This contamination not only deteriorates water quality but also disrupts 
natural habitats and biodiversity. For instance, studies have shown that MPs can inhibit algae’s 
photosynthetic activity, leading to reduced growth rates, which has cascading effects throughout aquatic 
food webs[22]. Canniff et al. deduced that MPs can inhibit the photosynthetic activity of algae. For instance, 
the paper reports a 30% decline in the growth rate of the algae species Raphidocelis subcapitata due to 
exposure to MPs[23]. These findings illustrate that even at low concentrations, MPs can have cascading 
effects on aquatic food webs, ultimately impacting higher trophic levels, including humans.

Impact on terrestrial system
MPs are transported to the soil through natural soil processes like biopores and cracking, as well as through 
agricultural activities such as harvesting and plowing[24]. Their presence in the soil can significantly damage 
soil health by harming its microorganisms, as documented by various studies[25-27]. Additionally, improper 
disposal of plastic products and the accumulation of plastics in landfills pose major environmental 
challenges. Additionally, MPs block water drainage systems, contributing to flooding and mosquito 
breeding, which poses public health risks[28,29]. Furthermore, biodegradable MPs contribute to increased 
production of nitrous oxide (N2O), a strong greenhouse gas, thereby potentially intensifying global 
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Figure 1. Sources of MPs in the environment. MPs: Microplastics.

warming[30]. The accumulation of MPs in terrestrial environments not only threatens ecosystem health but 
also contributes to broader environmental issues such as climate change and water management 
challenges[31].

Impact on human health
MPs can enter the human body through inhalation, ingestion of contaminated food and water, or skin 
contact[32-34]. Their small size allows them to accumulate in human tissues, leading to oxidative stress, 
inflammation, and immune system disruptions[30,35]. Prolonged exposure has been linked to chronic 
conditions such as cardiovascular disease, respiratory issues, and even cancer[36,37]. MPs can also interfere 
with the human microbiome[28,38,39], potentially leading to metabolic disorders or immune dysfunction[40-43]. 
The long-term presence of MPs in human tissues underscores their potential for causing cumulative 
damage, raising serious concerns about public health implications, especially in highly exposed populations. 
Figure 2 illustrates the environmental impact and sources of MPs.

MP ADDITIVES
MP Additives are chemicals incorporated during the manufacturing process to enhance the physical and 
chemical properties of the plastics. These additives improve color, transparency, and resistance to 
temperature, light radiation, moisture, and humidity. Despite their utility in enhancing plastic properties, 
they pose significant environmental contamination risks, affecting soil, water, air, and human health, similar 
to what was discussed earlier[44]. Life cycle assessments (LCAs) of these additives have shown that current 
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Figure 2. Environmental impact, sources, and pathways of MPs. MPs: Microplastics.

plastic recycling processes are not capable of effectively removing these harmful substances[45]. Common 
chemical additives used in the production of MPs include BPA, NP, nonylphenol ethoxylate (NEPO), and 
tetrabromobisphenol A (TTBA). Given their persistence in the environment, these additives continue to 
accumulate in ecosystems, compounding the challenges associated with plastic pollution and requiring 
comprehensive strategies for mitigation.

BPA
BPA, also known as 4,4’-(propane-2,2-diyl) diphenol, is a synthetic organic compound widely used in the 
manufacture of certain plastics and epoxy resins. Its properties enhance the transparency, durability, and 
heat resistance of these materials, making it a fundamental ingredient in various consumer products. BPA is 
primarily found in polycarbonate (PC) plastics, which are used to produce items such as water bottles, food 
storage containers, eyeglass lenses, and dental sealants. It is also used in epoxy resins, which coat food and 
beverage cans and line water pipes to prevent corrosion. The European Union Water Framework Directive 
has classified BPA as a priority pollutant due to its environmental impact. It enters the environment 
through sources such as wastewater treatment plants, runoff, landfill leachate, and industrial discharges. 
BPA is also classified as one of the endocrine-disrupting compounds (EDCs)[46,47]. Santoro et al. argued that 
BPA possesses estrogen-like and anti-androgenic properties, leading to damage in various tissues and 
organs, including those of the reproductive, immune, and neuroendocrine systems[48]. Similarly, research 
conducted by Seachrist et al. concluded that early-life exposure to BPA is a risk factor for breast and 
prostate cancer[49]. The widespread use of BPA in consumer products and its presence in various 
environmental mediums underscores the need for more stringent regulations and safer alternatives[50].

NP
NP encompasses a group of isomeric compounds, including 4-NP, phenol, p-nonyl-, 4-p-NP, and 4-nonyl-, 
para nonyl. NP, known as a major environmental contaminant, is present in different environmental 
mediums, including soil, air, bodies of water, and potable water systems. It is mainly utilized in producing 
antioxidants, lubricant oil additives, and NEPOs surfactants. As an endocrine disruptor, NP has been 
extensively studied for its effects on the growth, development, reproduction, and behavior of organisms, 
including impacts on future generations[51]. NP mimics the natural hormone 17β-estradiol, binding 
competitively to estrogen receptors and disrupting the endocrine systems of higher organisms[52,53]. 
Additionally, studies have shown that NP can induce the proliferation of breast tumor cells[54]. The 
ubiquitous presence, persistence, and resistance to degradation of NP in the environment pose serious 
concerns[51,55], highlighting the urgent need for rigorous monitoring and effective mitigation strategies to 
remove NP from water and wastewater systems. Failure to address NP contamination may lead to long-
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term ecological and human health risks, emphasizing the importance of identifying alternative chemicals 
and developing more efficient removal technologies[56]. The potential for long-term environmental and 
public health harm due to NP contamination highlights the need for developing more potent removal 
techniques and alternative chemical sources.

TBBPA
TBBPA is commonly used as a reagent in the production of epoxy and PC resins, which are commonly 
found in electronic devices, furniture, and various types of equipment[57,58]. It is extensively present in both 
abiotic and biotic environments, including air, water, soil, indoor dust, sediments, sewage sludge, and the 
food chain. Human exposure to TBBPA primarily occurs through dietary intake, ingestion of dust, and 
dermal contact[59]. Notably, TBBPA has been detected in human breast milk and maternal/cord serum[60], 
indicating its presence in the blood serum of infants and cord blood[61]. Research has shown that TBBPA can 
significantly impact growth and development, induce oxidative stress, generate reactive oxygen species 
(ROS), and affect antioxidant defense systems[62]. Furthermore, TBBPA acts as a thyroid hormone 
antagonist[63,64], impacting the hypothalamic-pituitary-thyroid axis and related gene expression[62,65]. TBBPA 
is widely used, and its discovery in human biological fluids raises major concerns about the substance’s 
long-term health impacts, particularly for vulnerable groups, including expecting mothers and newborns[66].

ADVANCED TREATMENT METHODS FOR MPS AND ADDITIVES
The presence of MPs and additives in both terrestrial and aquatic ecosystems has raised significant concerns 
regarding their potential impacts on environmental and human health. Addressing these emerging concerns 
necessitates the implementation of advanced treatment methods that can effectively remove MPs and 
additives from water. Membrane filtration is a technique used for removing many types of MPs, as it filters 
out particles larger than its pore size. However, it is not capable of removing dissolved additives associated 
with MPs. To overcome this limitation, AOPs have been developed to degrade these chemical additives[67].

Membrane filtration
Membrane filtration is a commonly used technology in water treatment because it physically blocks 
particles larger than the membrane’s pore size, successfully removing MPs from water. Membranes are 
comprised of a variety of polymers that offer durability and chemical resistance, making them suitable for 
use in a wide range of municipal, industrial, and residential water treatment systems.

Microfiltration
Microfiltration (MF) consists of a semipermeable membrane with pore sizes typically ranging from 0.1 to 10 
micrometers[68]. They are made from various polymers, including polyvinylidene fluoride (PVDF), cellulose 
acetate (CA), polytetrafluoroethylene (PTFE), olefins, and PC. These polymers are characterized by their 
excellent film-forming capabilities, mechanical strength, and thermal stability. Additionally, they maintain 
physical and chemical stability across a broad range of pH levels[69]. The required pressure to force the 
contaminated water through the membrane is relatively low due to the large pore sizes, allowing for high 
water flux with minimal resistance[70].

Yahyanezhad et al. conducted a study exploring the use of a PVDF membrane with a 0.1 μm pore size for 
MF[71]. The study utilized an aeration system to prevent membrane fouling and examined three samples with 
varying concentrations of MPs in wastewater. The MP concentrations in the samples were 220 ± 23, 216 ± 
19, and 184 ± 26 MPs/L, with corresponding removal efficiencies of 98%, 100%, and 98.9%, respectively. The 
results indicated that even at higher concentrations of MPs and their additives, a removal efficiency of 98% 
can be obtained.
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While the study reports a high removal efficiency in removing MPs and their additives, several critical 
aspects are inadequately addressed, diminishing the robustness of the findings. The paper emphasizes the 
removal efficiency without sufficiently exploring the long-term sustainability of the MF process, particularly 
the significant issue of membrane fouling, which can degrade performance over time and increase 
operational costs. The brief mention of post-treatment needs is insufficient, as the paper does not specify 
viable methods to address the MPs that still pass through the system, which would have strengthened their 
conclusions. The experimental design also has limitations, particularly regarding the seasonal variability of 
samples, yet the study fails to conduct a robust statistical analysis to determine whether these differences are 
statistically significant. Moreover, the results are based on a specific wastewater treatment plant and the 
paper does not adequately discuss the limitations of generalizing these findings to other regions with 
different wastewater compositions or treatment processes.

Expanding on the examination of different membrane materials and their effectiveness, Pizzichetti et al. 
investigated the effectiveness of three different MF PC, CA, and PTFE for removing MPs from tap water[69]. 
All membranes showed high mass removal efficiencies above 94% for polyamide and polystyrene MPs. 
Among these, the study found that CA membranes provided an optimal balance between water flux, 
transmembrane pressure (TMP), and MP removal efficiency, making them suitable for household water 
filtration. While the authors report high removal efficiencies of above 94% for all tested membranes, they do 
not adequately address how different membrane materials interact with MPs and their additives, which 
could affect the generalizability of the findings. The paper also discusses the issue of MPs breaking down 
into smaller particles during filtration but does not sufficiently explore the implications of this 
phenomenon, particularly the potential formation of nanoplastics, which could pose even greater 
environmental risks. Overall, the discussion could be strengthened by addressing these limitations and 
providing a more critical and comprehensive analysis of the experimental results and their implications. The 
materials used in MF membranes contribute to the durability and reliability of the system under various 
operating conditions, maintaining consistent performance over time, thus resulting in reduced maintenance 
costs and an extended lifespan of the filtration system[72].

Nevertheless, MF encounters several notable challenges in the removal of MPs from water. MF is less 
effective for removing smaller particles, necessitating supplementary treatment processes for comprehensive 
removal, leading to increased time and operational costs and increased energy consumption[73]. The 
efficiency of MF in removing MPs is significantly affected by the density of the particles. High-density MPs, 
such as polyethylene terephthalate (PET) (1.37 g/cm3), are more effectively captured by sedimentation and 
MF processes compared to lower-density MPs like polyethylene (PE) and polypropylene (PP) (0.91-
0.97 g/cm3), which tend to remain buoyant or suspended in the water column. This disparity in density 
necessitates the implementation of supplementary treatment processes to ensure the comprehensive 
removal of all MP particles[74]. MF has proven to be a reliable method for removing MPs from water, and its 
continued application in water treatment systems is crucial for mitigating plastic pollution. However, 
addressing challenges such as membrane fouling and supplementing MF with other treatment processes will 
be necessary to achieve long-term sustainability and optimal performance.

Ultrafiltration
Ultrafiltration (UF) is an effective membrane filtration technique that utilizes small pore sizes, typically 
ranging from 0.001 to 0.1 microns, to selectively retain MPs[75]. The process of filtration begins by applying 
TMP, which forces water through the membrane and ensures that contaminants, including MPs, are 
retained on the membrane surface[76]. UF typically operates under a TMP range of 1 to 10 bar (14.5 to 145 
psi)[77]. During the UF process, viscosity and total resistance are monitored as they are critical factors 
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affecting water flux. Increased viscosity and resistance decrease the flow rate, thereby reducing flux. While 
viscosity can be improved by selecting low-resistance membranes and implementing anti-fouling strategies 
such as regular cleaning, it can also be managed by pre-treating the feed water[78,79].

Tadsuwan and Babel evaluated a pilot-scale UF system within conventional wastewater treatment plants[77]. 
The goal was to assess the potential of UF as a tertiary treatment stage for removing MPs. The study found 
that traditional treatment systems removed 86.14% of MPs from the influent. When UF was introduced, the 
removal efficiency increased significantly to 96.97%. Similarly, a study conducted by Magni et al. examined 
the effectiveness of UF membranes in removing MPs from coastal waters[80]. The study utilized UF 
membranes with a pore size of 0.04 microns to filter water samples collected from various coastal locations 
known for high levels of MP pollution. The findings revealed that the UF membranes were highly efficient, 
achieving a removal efficiency of up to 98% for MPs and additives. It also highlighted that UF could 
effectively capture a wide range of MP sizes, including those as small as 0.1 microns.

However, the discussion does not sufficiently address the limitations and potential challenges associated 
with this approach. For instance, while the UF system significantly enhances MP removal, the study does 
not delve into the operational challenges such as membrane fouling, which could impair long-term 
efficiency and increase maintenance costs. Additionally, the study’s reliance on grab sampling may 
introduce variability and limit the generalizability of the findings, as this method may not capture the full 
range of MP sizes in the wastewater. Moreover, the study overlooks the broader environmental implications 
of the retained MPs in the sludge, which, if not properly managed, could contribute to secondary pollution 
when the sludge is used in agriculture or disposed of in the environment.

To examine the efficiency of the UF technique under different conditions, UF was evaluated in various 
applications: wastewater treatment, industrial processes, and drinking water purification. In drinking water 
purification, UF reaches up to 99% removal efficiency, as the feed water typically has lower concentrations 
of contaminants, allowing more effective removal of MPs. Pre-treatment processes such as coagulation and 
sedimentation, which often precede UF in drinking water systems, further reduce the burden on the 
membranes[81]. In wastewater treatment, UF achieves up to 97% removal efficiency. In industrial processes, 
UF achieves up to 98% removal efficiency, maintaining product purity and ensuring compliance with 
regulatory standards. Although UF is a highly effective filtration technology, its performance is heavily 
influenced by the quality of the feed water, the presence and effectiveness of pre-treatment processes, and 
the operational conditions in each specific application. A comprehensive evaluation of these factors is 
essential for optimizing UF performance and ensuring consistent, long-term efficiency across different 
applications.

UF presents high removal efficiency for MPs and additives, which can be attributed to the ultrafine pore 
sizes of UF membranes that enable them to effectively capture and eliminate contaminants. Its slightly lower 
removal efficiency in wastewater treatment compared to drinking water treatment is due to the higher and 
more varied contaminant loads, including organic matter and oils, which can interfere with the filtration 
process[82]. Similarly, variations in the efficiency of industrial effluent treatment are attributed to the specific 
contaminants and MPs[80]. Despite these challenges, UF demonstrates superior performance over MF by 
effectively handling high densities of contaminants.

In summary, UF demonstrates high removal efficiency for a wide range of MP sizes, making it a valuable 
tool in water treatment. However, the technique requires further optimization to address issues related to 
membrane fouling and the handling of MP-laden sludge to ensure long-term sustainability.
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Nanofiltration
Nanofiltration (NF) is a membrane filtration process that operates between UF and RO. NF membranes 
typically have pore sizes ranging from 1 to 10 nanometers and operate at pressures between 4 and 10 
bars[83]. As water passes through the NF membrane, MPs and other larger contaminants are retained on the 
membrane surface, reducing their concentration in the treated water. The shape of MPs can significantly 
influence their interaction with NF membranes, potentially affecting removal efficiency. A study conducted 
by Jang et al. shows that fibrous MPs can form a dense network on the membrane, leading to more 
significant fouling and reduced water flux compared to spherical MPs, which tend to form more uniform 
layers[84]. Furthermore, the density of MPs influences their interaction with the membrane. Higher-density 
particles are more likely to settle and cause fouling, leading to the formation of a cake layer, which provides 
additional hydraulic resistance and further reduces the membrane’s performance[85].

NF has demonstrated impressive performance in removing MPs from both drinking water and wastewater. 
Research conducted by Ziajahromi et al. indicated that NF membranes could achieve over 90% removal 
efficiency of MPs from treated wastewater, highlighting their potential to reduce environmental pollution 
and improve water quality[86]. In this study, wastewater samples were first subjected to pre-treatment 
processes to remove larger debris and organic matter. The treated wastewater, containing MPs of varying 
sizes, was then passed through NF membranes under controlled conditions[86,87]. Moreover, Ziajahromi et al. 
conducted an in-depth study focused on the effect of operational pressure on the efficiency of NF 
membranes in removing MPs from wastewater[86]. The treated wastewater, containing MPs of varying sizes, 
was then filtered through NF membranes under controlled pressures of 5, 10, and 15 bar. At low pressure (5 
bar), larger MPs were effectively removed, but a significant flux decline occurred due to fouling. Medium 
pressure (10 bar) provided an optimal balance, achieving over 90% removal efficiency for all MP sizes with 
moderate fouling. High pressure (15 bar) resulted in the highest flux but slightly reduced removal efficiency 
for smaller MPs and increased fouling due to forceful deposition.

While the study successfully introduced a new method for sampling and processing MPs in wastewater, 
there are several experimental limitations that warrant critical consideration. The experiment was 
conducted using a single sampling campaign over a short period, which may not fully capture the temporal 
variability in MP concentrations within wastewater treatment plants. This limitation raises concerns about 
the representativeness of the results, as different environmental conditions, such as seasonal changes and 
varying wastewater compositions, could significantly influence MP levels. Furthermore, the validation of the 
sampling device was performed using polystyrene MPs in a controlled setting, which does not fully reflect 
the diversity and complexity of MPs present in actual wastewater samples. This could lead to an 
overestimation of the method’s efficiency in capturing MPs of different compositions and sizes under real-
world conditions. Addressing these experimental limitations would strengthen the study’s conclusions and 
provide a more accurate assessment of the effectiveness of the proposed method in diverse wastewater 
treatment scenarios.

A comprehensive study by Khoo et al. examined the fouling behavior of NF membranes compared to UF 
and MF membranes, specifically focusing on the presence of MPs[88]. Using laboratory-scale filtration units, 
the researchers maintained consistent operational parameters across all tests and monitored the flux decline 
and fouling extent over time. Scanning electron microscopy (SEM) and atomic force microscopy (AFM) 
analyses showed that NF membranes had smoother surfaces, reducing the adhesion of MPs and their 
additives, which led to lower fouling rates.
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The discussion and experiment conducted in the study regarding NF for the removal of micropollutants 
(MPs) reveal several areas that could benefit from more rigorous analysis and critical reflection.

While the study successfully demonstrates the potential of NF for removing various MPs, the discussion 
does not adequately address the variability in removal efficiency based on the physicochemical properties of 
the MPs. The rejection mechanisms, including size exclusion, adsorption, and electrostatic interactions, are 
complex and can vary significantly depending on the specific characteristics of each pollutant, such as 
molecular weight, hydrophobicity, and charge. However, the study does not sufficiently explore how these 
factors influence the performance of the NF membranes. A deeper analysis of these variables and their 
impact on the efficiency of MP removal would have strengthened the study’s conclusions. Compared to 
other filtration technologies such as MF and UF, NF offers superior performance in removing MPs due to 
its diffusion mechanism. NF, with its pressure-driven filtration, ensures that even the smallest particles are 
filtered out, providing a high level of purification. Furthermore, NF is less prone to fouling due to the 
pressure exerted, which can generate shear forces that are strong enough to effectively mitigate particle 
adhesion.

While NF has a lower risk of fouling compared to other types of membrane filtration, it can still be affected 
by organic matter and biofilms commonly found with MPs in wastewater. This fouling can significantly 
decrease membrane efficiency and lifespan, necessitating frequent cleaning and maintenance, which in turn 
increases operational costs[87]. Additionally, NF systems have a high initial cost, including the expense of the 
membranes and the associated infrastructure, which can be prohibitive for smaller or budget-constrained 
projects[86]. These disadvantages highlight the need for careful consideration and optimization when 
implementing NF technology for MPs removal in water treatment systems. It could be deduced that despite 
its high removal efficiency, NF’s performance can be significantly impacted by membrane fouling and the 
variability in MP properties. Further research is needed to optimize NF membranes for broader 
applications, including handling a wider range of MP shapes and sizes.

Reverse osmosis
Reverse osmosis (RO) is a highly effective water purification method that utilizes a semipermeable 
membrane to remove MPs from water. The process involves applying pressure to the water, forcing it 
through the membrane[89]. The applied pressure causes the water molecules to diffuse in the opposite 
direction - from the contaminated side to the purified side - through the semipermeable membrane. By 
doing so, contaminants, including MPs, are left behind, and clean water is collected on the other side of the 
membrane. Notably, the pressure must be high enough to overcome the natural osmotic pressure[89].

Additionally, temperature needs to be controlled during the process since it affects the viscosity of water, 
thereby impacting the movement of water molecules. At higher temperatures, the viscosity of water 
decreases, allowing water molecules to move more freely and pass through the RO membrane more 
easily[90].

Harharah et al. assessed the impact of flow rate on the efficiency of RO in removing MPs using artificial 
wastewater contaminated with MPs of known sizes and concentrations[91]. The researchers varied the flow 
rates (e.g., 3, 6, 9, and 12 L/min) and monitored the permeate flux and removal efficiency of MPs. The 
results showed that higher flow rates improved the removal efficiency due to enhanced shear forces, which 
reduced membrane fouling. At an optimal flow rate of 12 L/min, the RO system achieved up to 99.9% 
removal efficiency of MPs. Multiple studies investigated the impact of pressure on the efficiency of RO 
systems for removing MPs. Water samples contaminated with MPs were subjected to RO filtration under 
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varying pressures, ranging from 10 to 20 bar. It was deduced that increasing the pressure improved the 
removal efficiency from 95% to 99.9%. Researchers used fluorescence microscopy and SEM to observe MP 
behavior[92-94].

While the study presents promising findings, a more comprehensive analysis of the experimental limitations 
and practical challenges would be addressed. The reliance on artificial wastewater with predefined MP sizes 
and concentrations limits the applicability of the findings to real-world situations, where wastewater 
composition is more complex and variable. Additionally, while the study explores the effect of varying 
pressures on MP removal, it does not adequately consider the potential consequences, such as increased 
energy consumption and operational costs, that come with maintaining higher pressures and flow rates. The 
discussion would be strengthened by a deeper examination of these practical implications, as well as by 
exploring how these findings could be applied to various wastewater treatment systems.

A case study conducted by researchers at the Guangdong Key Laboratory of Membrane Materials and 
Separation Technologies was designed to evaluate the impact of MP density and concentration on fouling in 
RO systems[95]. The researchers used water samples artificially contaminated with MPs of two different sizes: 
100 nanometers (nm) and 1 micrometer (μm). These samples were processed through the RO system under 
controlled conditions. The findings indicated that higher concentrations of MPs led to increased fouling, 
forming dense particulate layers that significantly reduced membrane performance. Despite these important 
findings, this study does not explore potential mitigation strategies or how these findings might influence 
the design and operation of RO systems in practical applications. A more comprehensive analysis that 
includes diverse MP types, real wastewater conditions, and possible solutions to fouling would provide a 
more robust understanding of the issue and its implications for RO system performance. RO systems 
significantly improve water quality by effectively removing a wide range of contaminants, up to 99.9% of 
MPs, including heavy metals, bacteria, and dissolved solids. This high level of purification results in water 
that is typically free from unpleasant tastes and odors, providing cleaner and safer drinking water.

ROs have one of the highest removal efficiencies of MPs, but their application is often limited by high 
running costs and membrane fouling risk. Further research is necessary to adjust operating parameters, like 
pressure and flow rate, to reduce maintenance costs and strike a balance between efficiency and energy 
consumption.

Membrane bioreactors
Membrane bioreactors (MBRs) effectively remove MPs from wastewater by integrating biological treatment 
with membrane filtration. In the biological treatment phase, MPs are reduced through biodegradation and 
adsorption as microorganisms break them down and produce extracellular polymeric substances (EPS). The 
EPS form a sticky matrix that facilitates the adsorption of MPs onto microbial floc, a process driven by 
hydrophobic interactions and van der Waals forces, thereby improving the removal of MPs from aqueous 
environments in water treatment processes. The filtration process, driven by an exerted pressure or pressure 
gradient, involves forcing water through the membrane pores, effectively trapping solids, including MPs, on 
the membrane surface. This combination of biological and physical processes ensures the efficient removal 
of MPs from wastewater[96-98].

The Gaobeidian Wastewater Treatment Plant in Beijing, China, implemented an MBR system to enhance its 
wastewater treatment capabilities, focusing on the removal of MPs. The membrane filtration phase employs 
MF membranes with a pore size of 0.1 μm to retain MPs , and other suspended solids. The implementation 
of the MBR system resulted in a significant improvement in MP removal efficiency, reducing the 
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concentration of MPs and in the influent from approximately 300 particles per liter to around 1-2 particles 
per liter in the effluent, achieving an overall removal efficiency of over 99%[96].

The study has several important limitations that need to be addressed. One major issue is the inconsistency 
in how MPs were detected across different wastewater treatment plants. Additionally, the study relies 
heavily on visual identification of MPs, which can lead to errors and inaccuracies. Although the authors 
mention the need for standardized methods, this issue remains unresolved, which limits the study’s impact. 
The discussion also falls short of addressing how these methodological problems could influence the overall 
conclusions, which might lead to an overestimation of the effectiveness of current wastewater treatment 
plant (WWTP) processes.

However, Ma et al. conducted a comprehensive study tackling the adsorption and absorption mechanisms 
of MPs in MBR systems and their impact on overall removal efficiency[99]. The study utilized a pilot-scale 
MBR system combining biological treatment with UF membranes, operating with high mixed liquor 
suspended solids (MLSS) concentrations ranging from 10,000 to 12,000 mg/L and employing membranes 
with a pore size of 0.04 micrometers. The study revealed that the adsorption process significantly reduced 
the concentration of free-floating MPs in the mixed liquor, enhancing their removal efficiency during the 
membrane filtration phase.

While the discussion effectively summarizes the experimental findings, it lacks a critical analysis of the 
limitations of the study. The study’s reliance on controlled laboratory settings may not accurately reflect the 
complexity and variability of real-world water treatment environments, which could influence the 
effectiveness of the coagulation and UF processes. Moreover, the exclusive focus on PE limits the 
applicability of the findings to a broader range of MP pollutants that vary in size, shape, and chemical 
composition. This limitation is acknowledged briefly but not critically evaluated in the context of the study’s 
conclusions. Additionally, the discussion does not sufficiently consider the long-term operational challenges 
associated with membrane fouling, particularly in scenarios involving varying concentrations and types of 
MPs.

The combination of biological treatment and membrane filtration enhances the overall removal efficiency of 
MPs. This dual action ensures that a significant portion of MPs will be captured and removed from the 
treated water before even reaching the membrane filtration stage[100].

Despite the high removal efficiencies of membrane filtration, all technologies face similar challenges, 
including membrane fouling, high operational pressures, and increased energy consumption[72,101]. Fouling 
occurs when MPs and organic matter accumulate on the membrane surface, reducing filtration efficiency 
and requiring frequent cleaning and maintenance. For example, in UF systems, fouling can result in a 
reduction in permeate flux by up to 50% and can decrease membrane lifespan by 30%-50%, necessitating 
costly maintenance and downtime[78]. UF systems also require higher operational pressures compared to 
MF, which increases energy consumption. Despite achieving higher removal efficiencies, UF’s need for 
higher pressures can lead to a 20%-30% increase in energy costs compared to MF systems[72]. The cost of 
replacing membranes, combined with the energy required to maintain high-pressure systems (especially in 
NF and RO), increases the overall operational costs. Addressing fouling with anti-fouling technologies and 
developing self-cleaning membranes could enhance the long-term sustainability of these systems. Studies 
have shown that the presence of MPs can increase the rate of RO membrane fouling by up to 25% compared 
to systems without MPs, due to the formation of a dense fouling layer on the membrane surface[102]. For 
instance, an experiment demonstrated a flux decline of 30% when the concentration of MPs in the feed 
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water was increased from 1 to 10 mg/L[103]. The cake layer formed by MPs on the membrane surface 
increases the operational pressure required to maintain the desired water flux. This additional pressure can 
lead to higher energy consumption and operational costs. Golgoli et al. reported that the pressure increase 
could be as much as 20% to 30% in the presence of high concentrations of MPs[104]. Fouling is also a 
significant threat to the effectiveness of MBR systems where MPs can disrupt microbial activity in the 
biological treatment phase by providing surfaces for harmful bacteria to grow, leading to imbalances in the 
microbial community and reducing the degradation of organic pollutants[100]. Additionally, MPs can carry 
toxic chemicals and heavy metals, further harming microbial communities and compromising the overall 
treatment efficiency of MBR systems[96].

AOPs
MPs and their chemical additives are effectively broken down by AOPs, which generate reactive radicals 
that break down complex organic contaminants. AOPs are commonly used in water treatment to remove 
impurities that are not entirely removed by conventional filtration systems. Fenton reactions, electro-
oxidation, and photocatalysis are a few examples of these processes[105,106].

Photocatalysis
Photocatalysis is a chemical process that occurs in the presence of light and a photocatalyst, typically a 
semiconductor such as titanium dioxide (TiO2). The process begins with the absorption of photons by the 
photocatalyst, which creates electron-hole pairs[107]. These pairs generate highly reactive species, such as 
hydroxyl radicals and superoxide anions, that degrade organic pollutants. Photocatalysis has been 
particularly effective in removing MP additives like BPA, NP, and TBBPA. For instance, Tang et al. reported 
a 100% removal of NP using hydrophobic TiO2 nanotubes within 40 min[108].

The study presents promising results in the advanced photocatalytic oxidation of NP using hydrophobic 
titanium dioxide nanotubes (H-TiO2NTs), yet several aspects of the experimental design and discussion 
require further consideration. The hydrophobic modification of TiO2 nanotubes, while effective in 
improving NP degradation, suffers from long-term stability issues, as the hydrophobic surface reverts to 
hydrophilicity under prolonged irradiation, significantly reducing photocatalytic efficiency. This raises 
concerns about the practicality of using H-TiO2NTs in continuous or long-term applications, a challenge 
that the experiment did not fully address. While the study highlights the selective oxidation of NP in the 
presence of other hydrophilic contaminants, it does not critically evaluate how this selectivity might be 
affected by the presence of other hydrophobic pollutants, nor does it propose clear future research 
directions to address these limitations.

Acarer[68] investigates the effectiveness of zinc oxide nanoparticles (ZnO NPs) in promoting the 
photodegradation of MPs under simulated sunlight. The study extracted  MPs from commercial sunscreens 
and exposed them to ZnO NPs under UV light for 12 h. The results showed a significant increase in the 
carbonyl index of the MPs, indicating surface oxidation and fragmentation, with a 2.5-fold rise in the 
carbonyl index reflecting the degree of degradation. Additionally, the study highlighted the enhanced 
cytotoxicity of the degraded MPs, finding that these transformed particles caused significant increases in 
lysosomal accumulation and mitochondrial damage. While the study effectively demonstrates the potential 
of ZnO NPs in accelerating MPs degradation, it does not provide a direct percentage of removal efficiency, 
focusing instead on the structural changes and biological impacts of the degraded products.
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Fenton process
The Fenton process is an advanced oxidation process involving the reaction of H2O2 with ferrous iron (Fe2+) 
to produce hydroxyl radicals, which are potent oxidizing agents. These radicals can degrade a wide range of 
organic pollutants. The Fenton process is particularly noted for its effectiveness under acidic conditions and 
its ability to achieve high removal efficiencies.

He et al. (2017) discuss the synthesis and application of a bifunctional hollow mesoporous catalyst for the 
degradation of TBBPA. The Fe0CMnFe2O4 catalyst was used in combination with hydrogen peroxide (H2O2) 
and hydroxylamine (NH2OH) to degrade TBBPA in aqueous solutions. The experiments demonstrated that 
the catalyst could achieve a removal efficiency of up to 90% within 120 min under optimal conditions, 
particularly at a neutral pH and with a catalyst dosage of 0.3 g/L. The degradation mechanism involved both 
reductive debromination and oxidative mineralization processes, facilitated by the generation of hydroxyl 
radicals (•OH) from H2O2 activated by the catalyst. Additionally, the Fe0CMnFe2O4 catalyst showed good 
stability and reusability, retaining nearly 80% of its removal efficiency after 10 cycles of use. These findings 
suggest that the Fe0CMnFe2O4 catalyst is a promising candidate for the effective degradation of persistent 
organic pollutants like TBBPA, with potential applications in environmental remediation[109]. While the 
results are promising, the study focuses on optimal conditions without testing the catalyst’s robustness in 
varied environmental scenarios, limiting its real-world applicability. Additionally, the paper lacks an 
analysis of potential byproducts and long-term catalyst performance in complex wastewater conditions.

To demonstrate the potential of the thermal Fenton reaction for effective environmental remediation of 
MPs, Hu et al. showed that the hydrothermal Fenton system achieved a 95.9% weight loss of ultrahigh-
molecular-weight polyethylene (UHMWPE) MPs within 16 h and 75.6% mineralization in 12 h[110]. This 
efficiency is due to the synergistic effects of hydrothermal hydrolysis and hydroxyl radical production, 
which break down polymer chains through a two-stage process of chain unfolding and oxidation. The 
system effectively degrades various plastics and maintains its performance in real-world water samples, 
including tap, river, and seawater. Toxicity tests with Escherichia coli confirmed that the degradation 
intermediates are non-toxic, highlighting the system’s environmental safety.

Electro-oxidation
Electro-oxidation is an electrochemical process where electrical energy is used to generate oxidizing agents 
directly at the anode surface or indirectly in the bulk solution. This method is effective in treating various 
organic pollutants, including MP additives.

Ji et al. investigated the impact of micelle formation on the electro-oxidation degradation of NEPOs using a 
Ti4O7 anode[111]. Micelle formation was found to significantly inhibit NEPO degradation by creating steric 
hindrance that prevents hydroxyl radicals from effectively attacking NEPOs. Despite this, the anode 
achieved 92% degradation within 1 h, with the primary degradation occurring through the cleavage of the 
Caryl-Oether bond, producing ethoxylated chains and polyethylene glycols (PEGs) as byproducts. Ning 
et al. assessed the effectiveness of a CeO2-doped PbO2 anode in degrading polyvinyl chloride microplastics 
(PVC-MPs) through an electrochemical oxidation process[112]. The experiment explored various operational 
parameters, such as temperature, current density, pH, initial concentration of PVC-MPs, and electrolyte 
concentration, to determine their impact on degradation efficiency. The main findings revealed that the 
CeO2–PbO2 anode exhibited superior electrocatalytic activity, achieving a degradation rate of 38.67% after 
6 h of electrolysis under optimal conditions. The results showed that higher temperatures, current densities, 
alkaline pH levels, lower initial concentrations of PVC-MPs, and higher electrolyte concentrations 
significantly enhanced the degradation process.
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The degradation rate achieved is relatively low, especially considering that it was obtained under optimal 
conditions, with careful adjustments made to key parameters like temperature, current density, pH, and 
electrolyte concentration. Furthermore, the time required to reach even this limited level of degradation is 
quite lengthy, which further diminishes the process’s practicality for large-scale applications.

Sonocatalysis
Sonocatalysis involves the use of ultrasonic waves to enhance the catalytic degradation of pollutants. The 
ultrasonic waves generate cavitation bubbles, which, upon collapse, produce localized high temperatures 
and pressures, leading to the formation of reactive radicals. This method has shown high efficacy in the 
degradation of organic pollutants.

A hybrid AOP was developed by combining persulfate (PS) activation with nano zero-valent iron (nZVI) 
supported on reduced graphene oxide (rGO), all enhanced by ultrasound (US). The experiment involved 
optimizing various parameters, including pH, reaction time, PS concentration, nZVI-rGO dosage, and US 
power, to maximize the degradation efficiency of NP.

The main findings of the study revealed that the optimized PS/US/nZVI-rGO system achieved a high NP 
removal efficiency of 98.2%. This result demonstrated a significant synergistic effect compared to other 
systems lacking one or more of these components. The research also identified the degradation pathway of 
NP, confirming that sulfate radicals (SO4

•-) generated during the process played a predominant role in 
breaking down the NP molecules. The study concludes that the PS/US/nZVI-rGO system is a highly 
effective and promising method for treating organic pollutants in water, offering potential for 
environmental remediation applications[113]. While the study effectively demonstrates the potential of 
combining PS activation, nano nZVI supported on rGO, and US for the degradation of NP, it does not 
sufficiently explore the scalability of the process or the economic feasibility of implementing such a system 
on a larger scale, which are critical factors for practical environmental remediation. The potential 
environmental impact of the byproducts generated during the degradation process is also not thoroughly 
examined, particularly regarding the long-term safety of this approach.

Ioannidi et al. (2024) investigate the use of palladium-cerium oxide (Pd/CeO2) as a catalyst for the 
sonocatalytic degradation of BPA in water. The study focuses on understanding the degradation process, 
identifying the transformation products formed, and assessing the toxicity of these products. The main 
findings of the research indicate that the Pd/CeO2 catalyst significantly enhances the degradation of BPA 
when combined with US, achieving a degradation efficiency of 95% within 60 min. The process was 
influenced by various operational parameters, including US power and catalyst loading. The study also 
identified nine transformation products formed during the degradation process, some of which exhibited 
reduced toxicity compared to the parent compound BPA, although a few remained toxic[114].

This work highlights the potential of using sonocatalysis with Pd/CeO2 nanoparticles for the effective 
degradation of BPA, while also underscoring the importance of understanding the environmental impact of 
the resulting byproducts. However, while the focus on BPA is important, the study’s limited scope does not 
account for how this system might perform with other pollutants. Furthermore, while the optimization of 
operational parameters is discussed, the study does not fully examine the interactions between these 
parameters, which could provide valuable insights for improving process efficiency. Addressing these 
limitations would strengthen the study’s relevance and applicability for broader environmental remediation 
efforts. Anastopoulos et al. investigated the use of palladium-cerium oxide (Pd/CeO2) for the sonocatalytic 
degradation of BPA in water, achieving 95% degradation within 60 min[115]. The study identified nine 
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transformation products, some with reduced toxicity. While the research demonstrates the effectiveness of 
Pd/CeO2 in degrading BPA, it lacks examination of other pollutants and the interactions between 
operational parameters, limiting broader environmental applicability.

Catalytic oxidation
Catalytic oxidation processes involve the use of catalysts to accelerate the oxidation of pollutants, often 
using agents such as oxygen, ozone, or hydrogen peroxide. These processes are highly effective in degrading 
various organic compounds.

A study conducted by Zanaty et al. (2024) explores the use of a novel nanocomposite for the catalytic 
oxidation and removal of MPs. The research focuses on the effectiveness of this material in breaking down 
pollutants, demonstrating high removal efficiencies with 97% degraded through catalytic oxidation. 
Additionally, the study highlights the nanocomposite’s recyclability, retaining 78% efficiency after six cycles, 
positioning it as a promising candidate for sustainable water treatment[116].

While the study presents promising results, the study does not provide a detailed analysis of the potential 
environmental impact of the degradation byproducts, which could be significant in real-world applications. 
Furthermore, the recyclability of the material does not examine the potential loss of catalytic activity over 
extended cycles, which could affect its practicality for large-scale use. Addressing these limitations would 
provide a more robust understanding of the nanocomposite’s applicability and effectiveness in real-world 
water treatment.

The use of catalysts in AOPs for the degradation of MPs in water, when enhanced with metals like Ag or Pt, 
is highly effective in generating reactive radicals such as hydroxyl radicals (•OH), which play a crucial role in 
breaking down MPs into smaller, less harmful fragments. The research highlights that photocatalytic 
systems such as TiO2 and ZnO can achieve near-complete degradation of certain MPs under optimal 
conditions, with reported efficiencies approaching 100%. The study also explores the potential of hybrid 
catalyst systems, which combine different catalytic materials to further enhance the degradation efficiency, 
making these processes promising for real-world water treatment applications[117]. However, while the 
catalytic approaches show great promise, the discussion also points to the need for further research to 
address challenges such as the potential formation of secondary pollutants and the economic feasibility of 
large-scale applications. Figure 3 summarizes the treatment methods employed for MPs and their additives.

Approach to combined treatment methods
In the effort to improve the efficiency of water treatment processes in removing MPs, it has become evident 
that no single treatment method can address all the challenges effectively. Therefore, implementing a 
combined treatment approach becomes crucial to enhance the removal of MPs and their additives, reduce 
operational costs, minimize environmental impact, and improve overall water quality. To provide a clear 
overview, Table 1 summarizes the advantages, disadvantages, and removal efficiencies of various membrane 
technologies employed in removing MPs, while Table 2 summarizes the methods of AOPs. Integrating UF 
with AOPs, specifically TiO2 Photocatalysis, offers an efficient solution. UF is well-regarded for its capability 
to remove a broad spectrum of MPs due to its diffusion mechanism. However, UF membranes suffer from 
fouling, where organic matter and other impurities accumulate on the membrane surface, thereby reducing 
their efficiency and lifespan. TiO2 photocatalysis can mitigate this issue by using titanium dioxide as a 
catalyst and it is also able to degrade the additives of MPs efficiently. This process prevents the 
accumulation of organic matter on UF membranes, enhancing the removal efficiency of both MPs and 
organic contaminants, while reducing the need for frequent membrane cleaning and maintenance. This 
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Figure 3. Treatment methods for MPs and additives. MPs: Microplastics.

combination results in a more comprehensive and efficient water treatment system.

Similarly, combining NF with MBR presents a synergistic approach to water treatment. NF is effective in 
removing smaller MPs and various other contaminants due to its diffusive characteristics. However, NF 
membranes are prone to fouling by organic matter and biofilms, which can decrease their effectiveness and 
increase operational costs. MBR systems, which integrate biological treatment with membrane filtration, 
can alleviate this issue. By integrating NF with MBR, the biological treatment reduces the organic load 
before it reaches the NF membrane, thus minimizing fouling and extending the membrane’s lifespan. This 
approach benefits from the high removal efficiency of NF while benefiting from the comprehensive 
treatment capabilities of MBR. Figure 4 depicts the hybrid MBR UF/MF system with percent removal of 
select MPs and MP additives.

RO and catalytic oxidation effectively eliminate organic pollutants and MP while resolving RO’s problems 
with fouling and high operating pressure. Catalytic oxidation enhances performance while consuming less 
energy and requiring less maintenance by decomposing chemical additives. This integration improves the 
therapy’s efficiency and cost-effectiveness. Table 3 summarizes the cost-benefit analysis by contrasting the 
initial, continuing, and maintenance costs of each strategy while emphasizing its overall efficacy and 
environmental impact[68,72,100,103,104,118].

It can be deduced from Table 3 that although all three hybrid systems are effective, their costs vary from low 
to high; therefore, the optimum choice will depend on the type of water. Surface water, which is regularly 
contaminated by pollutants from runoff and organic debris, is the ideal application for the UF/AOP hybrid 
system. For wastewater treatment, the MBR/NF system is recommended since it combines biological 
degradation with fine filtration for comprehensive treatment. Because the RO/Catalytic Oxidation system 
efficiently removes salts and contaminants to produce high-purity water, it is ideal for brackish and 
seawater.
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Table 1. Advantages and disadvantages of various membrane technologies employed in removing MPs

Method Removal 
efficiency Advantages Disadvantages

MF 94% to 100% - High removal efficiency for larger MPs 
- Low energy consumption due to low-pressure operation 
- Durable and stable membranes

- Less effective for smaller particles 
- Frequent cleaning and potential membrane 
replacement due to fouling 
- Efficiency affected by the density of MPs

UF 96% to 99% - High removal efficiency for a broad range of MPs 
- Longer membrane lifespan and resistance to fouling

- Higher energy requirements due to increased 
operational pressures 
- Significant fouling issues, particularly with organic 
matter 
- Increased operational costs due to energy and 
maintenance

NF 90% - Very high removal efficiency for smaller MPs 
- Lower fouling rates compared to MF and UF

- Susceptibility to fouling by organic matter and 
biofilms 
- High initial cost and infrastructure expenses 
- Limited removal efficiency for very small particles

RO 95% to 99.9% - Extremely high removal efficiency for all MPs 
- Comprehensive removal of various contaminants

- Significant membrane fouling issues 
- High operational pressures and energy 
consumption 
- High initial and operational costs

MBR 99% - Very high removal efficiency for MPs 
- Combines biological and physical treatment for 
comprehensive contaminant removal

- Significant membrane fouling 
- Potential disruption to biological processes 
- High operational complexity and costs

MPs: Microplastics; MF: microfiltration; UF: ultrafiltration; NF: nanofiltration; RO: reverse osmosis; MBR: membrane bioreactor.

Table 2. Removal efficiencies of MPs and their additives using AOPs

Treatment 
method Pollutants Removal 

efficiency Limitations

Photocatalysis NP 100% for NP Hydrophobic modification of TiO2 suffers from long-term stability issues

TBBPA Up to 90% Potential byproducts and their environmental impacts not thoroughly analyzedFenton process

UHMWPE 95.9% Long-term performance and environmental impact of degradation intermediates not fully 
assessed

NEPOs Over 92% Micelle formation inhibits degradation. Controlled lab conditions may not reflect real-world 
wastewater complexities. Lack of alternative mitigation strategies

Electro-oxidation

MPs 38.67% Low efficiency and lengthy treatment time under optimal conditions

NP 98.2% Scalability and economic feasibility not explored. Environmental impact of byproducts not 
thoroughly examined

Sonocatalysis

BPA 95% Interactions between operational parameters not fully explored. Broader applicability and 
environmental impact need further study

Catalytic 
oxidation

MPs 97% Recyclability and loss of catalytic activity over cycles not thoroughly assessed

AOPs: Advanced oxidation processes; NP: nonylphenol; TBBPA: tetrabromobisphenol; UHMWPE: ultrahigh-molecular-weight polyethylene; 
NEPOs: nonylphenol ethoxylates; MPs: microplastics; BPA: bisphenol A.

Table 3. Cost-benefit analysis for each combined treatment method

Method Initial 
cost

Operational 
cost

Maintenance 
cost Efficiency Environmental impact

Hybrid UF + AOP (TiO2 
photocatalysis)

High Moderate Moderate Extremely high for all particles 
and contaminants

Positive (less waste, moderate 
energy)

Hybrid NF + MBR High High Moderate to high Very high for smaller particles Mixed (high resource use, 
extended lifespan)

Hybrid RO + catalytic 
oxidation

Very high High Moderate Extremely high for all particles 
and contaminants

Mixed (high energy, reduced 
fouling)

UF: Ultrafiltration; AOP: advanced oxidation process; NF: nanofiltration; MBR: membrane bioreactor; RO: reverse osmosis.
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Figure 4. Schematic of hybrid MBR-UF/MF treatment system. MBR: Membrane bioreactor; UF: ultrafiltration; MF: microfiltration.

REMOVAL MECHANISMS
Understanding the mechanisms of removal of MPs and MP additives from water and wastewater is essential 
to ensuring the effectiveness of treatment methods and optimizing their performance. These systems can be 
broadly divided into two groups: physical processes that trap and retain pollutants, and chemical processes 
that convert pollutants into less recalcitrant forms.

Physical removal mechanisms are mainly highlighted using membrane treatment processes, where size 
exclusion, adsorption, and in the case of RO and NF, ionic diffusion through the membrane. On the other 
hand, the premise behind chemical removal in processes such as coagulation\flocculation involves the 
addition of a chemical that forms bonds with the MP surface and later combines multiple particles due to 
electrostatic interaction[Figure 5][119]. Guo et al. concluded that electrostatic interaction was the dominant 
force between surface functionalized 2-acrylamido-2-methylpropane sulfonic acid polymer nanoparticle 
and aluminum oxide particle in the flocculation process of MPs[120]. Furthermore, Khan et al. deduced that 
coagulation of MPs is highly dependent on optimizing various factors such as coagulant type, dosage, pH, 
and the physical characteristics of MPs[121].

On the other hand, photocatalysis, Fenton reactions, and electro-oxidation involve the generation of 
reactive species, mainly hydroxyl radicals, that break down MPs into less harmful byproducts. 
Photocatalysis using TiO2 can effectively degrade NP and other additives, converting them into harmless 
byproducts. Figure 6 illustrates the breakdown of PVC using Fenton oxidation, where the hydroxyl radicals 
produced electrochemically enable the breakdown of polymer chains into smaller, less harmful molecules, 
ultimately converting them into CO2 and H2O. To improve MPs’ environmental management, increase 
treatment efficacy, and decrease the long-term impacts of MP-related pollution, further research into these 
mechanisms is required.

FUTURE NEEDS AND GAPS
Future research needs to address several critical gaps in our understanding of MPs and their environmental 
impact. Comprehensive studies are necessary to identify and quantify the primary sources of MPs and 
understand their transport mechanisms from these sources to aquatic and terrestrial environments. This 
requires robust models that simulate their movement through various environmental matrices, including 
soil, water, and air. Additionally, the long-term ecotoxicological impact of MPs on different levels in aquatic 
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Figure 5. Schematic of coagulation/flocculation of MPs. MPs: Microplastics.

Figure 6. Breakdown of PVC using Fenton oxidation. PVC: Polyvinyl chloride.

and terrestrial ecosystems needs further exploration, especially regarding chronic exposure effects on 
organisms and potential bioaccumulation and biomagnification in food webs. While MF and UF are 
effective in removing MPs, fouling remains a significant challenge, highlighting the need to develop anti-
fouling coatings and self-cleaning membranes to enhance system longevity and efficiency. Integrating UF 
with AOPs has shown promise in degrading MPs into harmless byproducts, and future research should 
optimize these systems for large-scale, cost-effective, and environmentally sustainable applications. The 
development of mixed matrix membranes (MMMs) that incorporate adsorbents for enhanced MP capture 
represents a significant advancement, necessitating further research into novel materials that offer higher 
selectivity, durability, and resistance to fouling. Conducting pilot-scale studies in diverse environmental 
settings will provide valuable data on the practical feasibility, efficiency, scalability, and environmental 
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sustainability of these hybrid systems, ensuring reliable implementation for comprehensive water treatment.

LCA OF MPS AND THEIR ADDITIVES
A substantial gap persists in the understanding of the full life cycle of MPs and their additives, from 
production to environmental degradation and remediation, necessitating LCA studies. At every stage of the 
MP life cycle, LCA provides a framework for evaluating the environmental costs of extracting and 
manufacturing raw materials, using them, disposing of them, and causing environmental degradation. MPs 
are a particularly serious environmental issue because they remain in ecosystems and emit toxic substances 
that may have negative effects on biodiversity and human health. Addressing this issue requires assessing 
the carbon footprint of MPs and their additives, including their production, usage, and disposal, which is 
crucial for quantifying associated greenhouse gas emissions and developing strategies to minimize their 
environmental impact. A novel method for incorporating patent literature into projected LCAs has been 
presented by Spreafico et al.[122]. Through the identification of innovative eco-design solutions and state-of-
the-art technology in MP collection and treatment, this method provides a more forward-looking 
assessment of the environmental effects. By incorporating patent analysis into LCA, future advancements in 
MP remediation, such as membrane filtering and AOPs, can be evaluated for their potential to significantly 
reduce the environmental effect of MP-related technologies. This strategy helps close the gap between 
current practices and the possible environmental advantages of technological advancement.

Applying proper LCA to MPs is still difficult because of data shortages and difficulties in assessing long-
term environmental repercussions, as many studies rely on imprecise data addressing MP release, 
degradation, and ecological effects. Jiao et al. claim that the lack of consistent reporting makes it difficult to 
conduct comprehensive assessments of the life cycle impacts of MPs[123]. The persistence of MPs in 
ecosystems and their capacity to generate toxic metabolites complicate evaluations. Future LCA research 
must use multi-scale data and advanced modeling to more precisely predict MP behavior across ecosystems. 
Policy frameworks that cover the whole lifespan of MPs from production to disposal will help foster 
innovation in treatment technologies and reduce the environmental impact of MPs by expanding 
knowledge and creating sustainable solutions.

CONCLUSION
In this study, we have comprehensively examined the issue of MPs and their additives, including their 
sources, impacts, and treatment methods, highlighting key strategies for improving removal efficiency. MPs 
and their additives pose significant ecological risks. Advanced treatment technologies, while promising, 
require optimization and further research, especially concerning fouling and byproduct management. AOPs 
and membrane filtration are two examples of treatment technologies that offer promising ways to mitigate 
the environmental risks that MPs generate. By addressing problems like membrane fouling and optimizing 
treatment processes, these technologies support sustainable water management techniques. However, 
further research into novel materials is required to improve their performance and resistance to fouling. The 
development of innovative materials and hybrid treatment approaches further enhances the practical 
applicability of these methods in diverse environmental settings. The paper highlights the need for LCA 
studies, which include carbon footprint analysis to develop mitigation plans, to assess the environmental 
impacts of MPs and their additives over the duration of their lifecycle. Standardization of sampling and 
reporting practices is necessary to ensure data consistency. Highlights of the paper include pointing out 
significant research gaps and offering a thorough analysis of MPs’ causes, effects, and treatment modalities. 
In conclusion, managing MPs necessitates advanced treatment technology, comprehensive environmental 
evaluations, and strong regulatory frameworks. Effective treatment options are essential to safeguarding 
both human and environmental health.
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Abstract
Studies on plastic pollution conducted in freshwaters mainly focused on monitoring plastic debris in the water 
column or in the sediments. Few studies have investigated the occurrence of plastic debris in benthic biofilms 
(periphyton). Yet, algal biofilms may potentially act as a sink for plastic debris, trapping it within their mucilaginous 
or filamentous matrix. Biofilms may also represent a source of plastic debris by sloughing when they become 
senescent. In addition, plastic debris accumulated within biofilms may enter the food web via primary consumers. 
Considering these observations, this study aims to quantify nanoplastics (NPs) accumulated in biofilms growing on 
aquatic vegetation from Lake Saint Pierre (LSP), a fluvial lake of the St. Lawrence River, and its archipelago. Biofilms 
were removed from submerged plants and the presence of NPs was assessed by spectrophotometry using the 
fluorescent molecular rotor probe 9(dicyanovinyl)-julolidine (DCVJ). The results of this study confirm the biofilms’ 
ability to act as a sink for NPs. Despite the fact that the determination of the absolute nanoparticle number and size 
distribution remains a challenge, we estimated a median concentration of 1.05 × 109 NP/mg of biofilm dry weight 
(DW) when using 100 nm polystyrene beads for calibration. Concentrations were significantly different between 
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water masses, with higher concentrations in samples collected in the two lateral water masses compared to the 
central water mass. Our study provides, for the first time, a quantitative assessment of NPs from epiphytic biofilms 
in a large river under the influence of anthropogenic sources.

Keywords: Plastic pollution, nanoplastics, freshwater, epiphytic biofilm, fluorescent probe

INTRODUCTION
Since the year 1950, when global plastic production was around 0.5 million tons[1], its annual production has 
grown steadily, reaching 400 million tons per year in 2022[2]. North America produced 17% of these plastics 
in 2022[2]. With increasing production, extensive usage of plastic products, as well as poor waste 
management combined with insufficient regulation, plastic pollution raised global concerns as debris [i.e., 
mesoplastics 5 to 25 mm, microplastics (MPs) 1 µm to 5 mm, and nanoplastics (NPs) ≤ 1 µm[3]] has been 
detected in all ecosystems worldwide[4]. For instance, hundreds of research articles assessed the presence and 
fate of plastic debris in the aquatic environment over the past decade, with a particular focus on MPs in 
marine ecosystems and in the water column[5]. In the water compartment, plastic debris of 0.45 to 505 µm in 
size has been detected in concentrations ranging between 3 × 10-8 to 2 particles per mL[6]. Several studies 
focusing on marine ecosystems highlighted the adverse effects of plastic debris on the biota. Plastic 
pollution can cause physical damage, such as the entanglement of animal appendages or the obstruction of 
their digestive tract[7]. Biological and chemical effects such as oxidative stress or DNA damage have also 
been reported[6], and have been related to the presence of additives compounds such as plasticizers used 
during plastic production or to the presence of sorbed contaminants[8].

Compared to the marine environment, there are fewer studies that investigated the occurrence of plastic 
debris in freshwater ecosystems and their ecotoxicity[6]. However, streams and rivers are the major pathways 
for plastic debris into marine ecosystems[9], and studies suggest that these freshwaters may be at least as 
contaminated as marine waters[10]. For example, the sediment compartment of the St. Lawrence River is 
among the 25% most polluted in the world, with concentrations ranging from 65 to 7,562 plastic particles 
per kg dry weight (DW)[11]. Concentrations ranging from 48 to 187 particles per L were recorded in the 
water column of the Amsterdam canal (the Netherlands), which was higher than concentrations recorded in 
the North Sea coast (the Netherlands), where the mean concentration recorded was 27 particles per L[12].

Studies conducted in freshwaters mainly focused on monitoring plastic debris concentrations in the water 
column or in the sediments, while their occurrence and abundance in periphytic biofilms (or periphyton) 
have been largely overlooked. Periphyton is a key compartment at the base of aquatic and terrestrial food 
webs; it is a consortium of viruses, archaea, bacteria, algae, protozoa, fungi, and meiofauna, embedded in a 
matrix of extracellular polymeric substances. Periphyton colonizes all types of substrates exposed to light[13]. 
This biological matrix may function as a sink for plastic debris as particles get trapped and incorporated and 
may also represent a source of plastic particles for higher trophic levels[14]. Trapped plastic debris may have 
several ecotoxicological consequences on the microorganisms composing the periphyton, as reviewed in 
Guasch et al. (2022)[15]. For example, a study by Merbt et al. (2022) conducted on periphyton exposed to 
virgin and aged polyethylene (PE) beads (1-4 µm, 0.96 g/mL) for 28 days revealed their incorporation in the 
periphyton and showed a significant shift in microbial community composition[16]. A study by Miao et al. 
(2019) observed that periphyton exposed for 3 h to polystyrene beads (0.1 µm, 0.1 mg/mL) led to a 
significant decrease in chlorophyll concentration and impaired activity of functional enzymes, such as β-
glucosidase and leucine aminopeptidase[17]. Plastic debris also acts as vectors for contaminants and may 
consequently influence their bioavailability[18] for the microorganisms of the periphyton and for consumers.
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Biofilms influence the degradation of plastic particles by promoting their fragmentation by microorganisms 
that secrete enzymes capable of breaking covalent bonds[14]. Plastic debris accumulated within the 
periphyton may enter the food web via primary consumers feeding on this basal resource[19]. Considering 
that periphytic biofilms might act as a sink of plastic particles, dietary exposure of consumers might be more 
important than direct exposition through the water column[15]. Despite the key role periphytic biofilms play 
in freshwaters, little is known about their ability to trap and accumulate plastic particles[14]. To our 
knowledge, the article by Wang et al. (2023) is the only field study that provides evidence supporting the 
hypothesis that periphyton can incorporate plastic debris[20]. They recorded MPs, mainly fibers, in 
concentrations ranging from 419 to 1,314 items/m2 in the CaoE River, China[20]. The authors focused on 
particle sizes in the mm range (≤ 0.5, 0.5-1, 1-2, 2-5 mm) as plastic debris was handpicked under an optical 
stereomicroscope prior to identification through Raman microscope spectroscopy.

To this date, less research has focused on NPs as compared to MPs; nanosize particles require complex 
analytical methods to be accurately quantified[21] and only a few studies measured particles smaller than 
10 µm in the environment[6]. However, the ecotoxicity of plastic debris is likely to increase with decreasing 
size. Indeed, surface area in contact with contaminants increases with decreasing particle size[22], thus 
making NPs a particularly concerning hazard to biota. In addition, tissue translocation of NPs has been 
observed in laboratory experiments where nanometer-sized particles can passively cross tissue 
membranes[23,24]. To our knowledge, no studies have investigated the presence of NPs accumulated in 
periphyton. The following keywords were used in a Web of Science search TI = [*plastics AND (biofilms 
OR periphyt* OR “microbial communit*”) AND (fresh$water* OR river* OR stream*)] and returned 16 
results with only 4 of them addressing periphytic biofilms as a sink for plastic debris. Among those four 
publications, two were related to experimental exposure of periphyton to MPs[16,25], and one study was 
related to the quantification of MPs larger than 500 µm in periphyton collected in the field[20]. The fourth 
article by Holzer et al. (2022) was the only study specific to NPs, in which the authors investigated the 
bioaccumulation and toxicity of NPs in stream periphyton, as well as their transfer and resulting effects on 
the aquatic snail Physa acuta[26]. In their experiment, they exposed periphyton grown on glass slides in 
microcosms containing palladium-doped polyacrylonitrile coated with a polystyrene shell (160 nm, 0.5 mg/
L) for 24 h and performed a feeding trial with the contaminated periphyton for 14 days. Their study 
revealed a strong accumulation of NPs in periphyton, where 90% of the NPs added to the microcosms were 
no longer in the overlying media.

Based on the scarcity of studies conducted to address plastic pollution in freshwaters, especially within the 
biofilm compartment, additional knowledge is needed to assess the extent to which this primary resource 
may act as a sink for NPs and as a source of contamination to consumers. The main objective of this study 
was to estimate NPs accumulated in periphyton growing on aquatic vegetation (i.e., epiphyton) from Lake 
Saint Pierre (LSP), a fluvial lake of the St. Lawrence River, and its archipelago (Quebec, Canada). LSP is an 
exceptionally rich ecosystem, both biologically and economically[27]. This widening of the St. Lawrence River 
is recognized as an ecosystem of international importance under the Ramsar Convention and is identified as 
a World Biosphere Reserve by UNESCO[28]. Plant beds of submerged/rooted aquatic vegetation are one of 
the key components of LSP, as they play an essential role in regulating various physical parameters such as 
current velocity and sedimentation of suspended particulate matter[29]. These dense plant communities 
provide essential habitats for the survival of many species of invertebrates and fish[29], and the epiphyton 
growing on this vegetation is a key component of the food web as several consumers rely on this 
resource[30]. Aquatic plants also form the basis of waterfowl diets[31], which may be exposed to NPs 
accumulated within the epiphyton.
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Seventy percent of the water flowing through LSP comes from Lake Ontario[27]. This water is of relatively 
good quality and mainly flows through the navigation channel[32]. The shallower areas of the lake are thus 
isolated by this central water mass and show degraded water quality due to certain highly impacted 
tributaries entering the lake[33]. Because the main sources of water coming into LSP mix very little[34], they 
form three distinct water masses with different physico-chemical characteristics. The different origins of the 
three water masses and their water quality led to the hypothesis that NP concentrations accumulating in the 
epiphyton will differ depending on sampling locations within the LSP system (north, south, and central 
water masses). A second hypothesis was formulated around the upstream-downstream longitudinal 
gradient, where NP concentrations were projected to be higher in the epiphyton collected at the upstream 
stations compared to downstream stations. This hypothesis was based on the assumption that dense aquatic 
vegetation will favor NPs accumulation in the epiphyton and thus act as a filter for plastic particles.

The secondary objective of this study was to explore the feasibility of assessing polystyrene-like NPs 
(PSNPs) in the epiphyton by spectrophotometry using the fluorescent molecular rotor probe 
9(dicyanovinyl)-julolidine (DCVJ). In this study, NPs detection was based on the probe’s sensitivity to 
changes in hydrophobicity[35,36]. Briefly, a hydrophobic interaction between the probe and polystyrene 
nanoplastic beads (PSN) occurs at the PSN’s surface, which produces a fluorescent signal[36]. After 
calibration with PSN, this signal is correlated to the presence of PSN and/or PSNP polymers, and its 
intensity is proportional to their concentration. The method allows for relative quantification of NPs in 
biofilm samples with PSN as the reference polymer. This method was previously used to assess PSN in 
diverse biological samples such as mussels[35-37] or radish sprout[35] and was tested here for the first time in 
the complex and heterogenous periphyton matrix.

MATERIALS AND METHODS
Study area
Lake Saint Pierre [Figure 1], stretching from Sorel to Trois-Rivières, is a widening of the St. Lawrence River 
and is characterized by a lentic hydrology (except for the central water mass)[38]. The system is 32 km long 
and 13 km wide, covers an area of 500 km2 and has an average depth of 3 m with a maximum depth of 11.3 
m at the center due to a man-made navigation channel[27]. The channel forms a physical barrier between the 
northern water body, mainly fed by the Ottawa, Yamachiche, Maskinongé and du Loup rivers, and the 
southern water body of the lake with waters from Richelieu, Saint-François, Yamaska, and Nicolet rivers[27]. 
Those tributaries drain highly anthropized lands, such as agricultural areas, which account for 37.7% of the 
lake’s watershed[32]. As for the central water body, it is mainly fed by Lake Ontario[27]. The water quality from 
the central water body differs from the lateral water masses that exhibit a lower quality[27] due to tributaries 
such as the Yamaska River which is among the most agriculturally and industrially polluted rivers in the 
Province of Quebec[39]. In addition, the northern water mass receives wastewater effluents from Montreal, 
the world’s 3rd largest treatment plant of its kind[40]. The water masses of the lake also differ by the spatial 
distribution of the submerged vegetation[32], with greater abundances in the littoral zones and around the 
archipelago[34]. The floodplains of the lateral masses are exposed to heavy anthropization, such as dense road 
networks, sewer overflows, row crops, and several municipalities and industries[32,33].

Biofilm sampling and water physicochemistry
In August 2023, 14 stations were visited across LSP and its archipelago. To minimize secondary 
contamination of samples with plastic debris, field staff were dressed in cotton clothing and used sampling 
tools made of metal or glass. No gloves were used during sampling to avoid potential contamination with 
plastic-like material. Biofilm samples were collected on submerged plants such as Vallisneria americana, 
Potamogeton pusillus, and Potamogeton perfoliatus. Submerged vegetation was harvested using a metal rake 
and transferred to a steel bucket containing 750 mL of lake water. Plants were then manually vigorously 
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Figure 1. Distribution of water masses within Lake Saint-Pierre (Quebec, Canada) and the stations visited in 2023. Out of the 14 stations 
sampled, nine were located in the lake’s archipelago area (stations A1 to A9), three on the south shore (stations S1, S2, and S3), and two 
on the north shore (stations N1 and N2). Nine stations (A1 to A4, A6, A8, A9, N1, and N2) were located in the northern water body, 
three (A5, A7, and S1) in the central water body and two (S2 and S3) in the southern water body.

shaken to detach the epiphython. The content was then transferred into 1-liter glass jars after filtration on a 
0.5 mm pore size metal sieve to remove plant debris and large invertebrates. Samples were preserved in 
coolers in the field and stored at 4 °C in the dark until arrival at the laboratory. In order to obtain 
representative samples, each of the 14 stations was sampled along a transect of three sampling points that 
were 10-20 meters apart. Conductivity, temperature, and pH were measured on site using the ORION 
Thermo Scientific multi-probe field instrument [Supplementary Table 1]. Once in the laboratory, biofilm 
samples were oven-dried at 50 °C to preserve the physicochemistry of potential plastic polymers[41], and 
stored at room temperature in obscurity until further analyses.

Sample digestion and detection of PSNPs by spectrophotometry
A subsample (referred to as samples hereafter) from each of the 42 biofilm samples (14 stations × 3 points 
per transect) was rehydrated in ultrapure water (5 mL per gram of dry mass) and manually stirred with a 
stainless steel spatula. To ensure complete rehydration, samples were placed on an orbital shaker at 300 rpm 
for one week (room temperature in obscurity). Afterwards, potassium hydroxide (KOH 20%) was added to 
each sample (v/v for a 10% final KOH concentration) to digest organic content[42] without degrading PSN, 
and the samples were left for agitation for one additional week after thorough vortexing. After one week 
under agitation, the digestates were left to stand for 3 h to allow for microparticles to settle. The 
supernatants were then collected for analysis. Potassium dihydrogen phosphate (KH2PO4, pH 6.5, 100 mM) 
was added (0.5 v/v) to neutralize KOH and avoid interference with the quantification method[42]. Levels of 
NPs were then estimated by spectrophotometry using the fluorescent molecular rotor probe DCVJ.
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The commercial DCVJ probe (Sigma Aldrich, CAS 58293-56-4) was dissolved in methanol at a 
concentration of 1 mM to serve as a stock solution. The stock solution was diluted at 0.4 μM in ultrapure 
water for a daily solution used for fluorescence analysis. A volume of 30 µL collected from the sample’s 
supernatant was mixed with 160 μL of DCVJ probe and 10 μL of ultrapure water in 96-well microplates. The 
fluorescence intensity of the microplates was analyzed using a microplate reader (Agilent, BioTek, Synergy 
Neo 2) with the excitation wavelength at 450 nm and the emission wavelength at 620 nm. PSNPs detected in 
biofilm samples were assumed to have a maximum size of 100 nm as standard solutions of PSN beads of 50 
and 100 nm (Polyscience, Polybead® Microspheres) were used for method calibration [Supplementary 
Figure 1]. Biofilm NP concentrations were calculated using the 100 nm low concentration calibration curve 
as they fit best the fluorescence intensity range, except for station S2 which had a higher fluorescence than 
the range provided by the 100nm low concentration curve, and as such levels were calculated with the 
100 nm high concentration calibration curve (i.e., above 5,000). The influence of plastic material 
autofluorescence[43] on the detection of PSNPs with the fluorescent DCVJ probe was also investigated and 
no autofluorescence was detected at 620 nm [Supplementary Table 2].

Quality assurance and quality control of the DCVJ probe assay
Several procedural controls were implemented in the protocol and were analyzed with the samples to assess 
(1) the potential contamination during the sample treatment process (i.e., negative controls); and (2) the 
efficiency of PSN recovery during the digestion process (digestion controls). Negative controls consisted of 
ultra-pure water samples that were digested using the same protocol as for biofilm samples, and the 
digestion controls were suspensions of PSN of a known theoretical concentration suspended in deionized 
water (8.41 × 1013 50 nm PSN/mL; 1.15 × 1013 100 nm PSN/mL) and digested also using the same protocol as 
for biofilm samples. Deionized water samples (water blanks) were analyzed to ensure the specificity of the 
DCVJ probe with PSN and to assess the background noise. Biological controls were performed during the 
method development and involved spiked biofilm samples (pooled biofilm samples, and the addition of a 
known theoretical concentration of 8.35 × 1012 PSN/mL) to assess fluorescence signal in the presence of the 
biofilm matrix and potential interactions. As for the limit of detection (LOD), its theoretical value (blank 
standard deviation × 2) was estimated at 65 ng/mL and the blank standard consisted of the DCVJ probe 
diluted in water (Gagné, 2019). Standard curves using suspensions of PSN (50 and 100 nm) were generated 
to validate the linearity of the signal using the DCVJ probe (R2 ranged between 0.92 and 0.99 depending on 
particle size; Supplementary Figure 1).

Data representation and analysis
Mapping of the sampling stations at the scale of LSP was carried out using QGIS-Server, QGIS software 
(version 3.26.1). Estimated levels of PSNPs in the biofilms growing on submerged vegetation at each station 
were graphically presented to allow for inter-station comparison, and a Pearson correlation was conducted 
to explore a potential upstream-downstream longitudinal gradient. Sampling stations were subsequently 
classified according to their respective water masses (i.e., northern, central, or southern water mass). 
Differences in terms of PSNP concentrations between the three water masses were assessed by a Kruskal-
Wallis test followed by a Dunn post-hoc test using the FSA package. Significant differences were set at P < 
0.05 and statistical analyses were conducted using the softwares R (version 4.3.0) and R studio (version 
2024.04.0+735).

RESULTS
Quality assurance and quality control
Water blanks and negative controls used for the quality assurance and quality control (QAQC) assay did 
not emit any fluorescent signal (values not shown), contrary to samples containing PSN (i.e., digestion and 
biological controls). No autofluorescence from PSN controls was measured at 450:620 nm in the absence of 
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Table 1. Average concentrations of polystyrene nanoplastic beads (PSN/mL) of 50 and 100 nm detected in the sample used for 
quality assurance and quality control

PSN size Sample type Emission 620 nm (AU) Initial theoretical concentration Final measured concentration

Water blanks NA - NA

Negative controls NA - NA

Digestion controls 5,615 8.41 × 1013 3.29 × 1010

50 nm

Biological controls 2,827 8.02 × 1013 4.26 × 1010

Water blanks NA - NA

Negative controls NA - NA

Digestion controls 6,683 1.15 × 1013 1.24 × 1012

100 nm

Biological controls 1,792 8.35 × 1012 4.16 × 1011

Fluorescence intensities are expressed as AU and were determined at 450 nm excitation wavelength. Water blanks: deionized water; negative 
controls: digested deionized water; digestion controls: PSN suspensions of a known theoretical concentration; biological controls: spiked biofilm 
samples. PSN: Polystyrene nanoplastic beads; AU: arbitrary units; NA: not applicable.

DCVJ, indicating that the observed fluorescent signal in the presence of both PSN and DCVJ was specific to 
their interaction. Hence, biological controls emitted a fluorescent signal that was not related to the 
auto f luorescence  o f  p las t i c  materials[44], a s  conf i rmed by  the  auto f luorescence  assay  
[Supplementary Table 2]. Samples containing PSN showed a loss, especially with PSN of 50 nm [Table 1]. 
For 50 nm PSN beads, there was a difference of a factor of 2,000 for digestion controls and of a factor of 
1,000 for biological controls between the theoretical and the measured PSN concentrations. As for PSN of 
100 nm, there was a ninefold and a twentyfold difference (digestion and biological controls, respectively) in 
PSN concentration between the initial theoretical concentration and the final measured concentration.

Detection of PSNPs in biofilms
Samples’ fluorescence at 620 nm was mostly below 5,000 AU and ranged from 320 to 4,800 AU [
Supplementary Table 3]. The three samples from the most contaminated station emitted a fluorescence 
signal above 5,000 at 620 nm (i.e., 5,316, 5,355, and 6,253). All samples’ fluorescence signal fell along the 
linear part of the 100 nm PSN calibration curve [Supplementary Figure 1], implying that samples contained 
PSNPs. Estimated levels of PSNPs ranged from 1.05 × 107 to 5.61 × 109 PSNP/mg biofilm DW with a median 
concentration of 1.05 × 109 PSNP/mg biofilm DW. The average (± standard-deviation, SD) concentration 
was 1.34 × 109 ± 1.10 × 109 PSNP/mg biofilm DW. As a general trend, PSNP concentrations observed in the 
three samples collected along the transect at each station were relatively similar, except for A5, where PSNPs 
were in much lower concentrations in one sample. There was a twenty-eight-fold difference in PSNP 
concentration between the most contaminated station, S2, and the least contaminated station, A5 
[Figure 2]. Overall, PSNP concentrations at the different sampling stations seemed to be mainly related to 
the three water masses rather than to an upstream-downstream longitudinal gradient. Indeed, no significant 
correlation was observed between the distance (km) from the most upstream station (A1) and PSNP 
concentrations (r = 0.26; P > 0.05).

Sampling stations were grouped according to their water mass (central, northern, and southern). The 
central water mass was the least contaminated with PSNPs, where a median concentration of 5.24 × 108 
PSNP/mg biofilm DW and an average concentration of 5.01 × 108 ± 3.06 × 108 PSNP/mg biofilm DW were 
estimated. The southern water mass was the most contaminated, with a median concentration of 3.02 × 109 
PSNP/mg biofilm DW and a mean concentration of 3.18 × 109 ± 1.78 × 109 PSNP/mg biofilm DW. As for the 
northern water mass, it was three times less contaminated than the southern water mass, and twice as 
contaminated as the central water mass. The median concentration in the northern water mass was 1.03 × 
109 PSNP/mg biofilm DW and the average concentration was 1.16 × 109 ± 5.02 × 108 PSNP/mg biofilm DW. 
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Figure 2. Estimated concentrations of nanoplastic (PSNP/mg DW) in the biofilm samples collected across the 14 stations (× 3 sampling 
points) visited at Lake St-Pierre. Codes on the X-axis represent station location where A = archipelago, N = north shore, S = south 
shore. Colors represent water masses, where brown for the northern water body, green for the central water body, and lilac for the 
southern water body. The solid black line represents the median concentration, and the black dot represents the mean concentration. 
Stations are presented from upstream to downstream, with station A1 being the most upstream station. Distances in km from station 
A1 are also indicated. PSNP: Polystyrene-like nanoplastics; DW: dry weight.

Figure 3. Estimated concentrations of nanoplastic (PSNP/mg DW) in the biofilm samples collected across the 14 stations grouped 
according to their respective water mass (central, northern and southern). The central water body includes three stations (A5, A7 and 
S1), the northern water body includes nine stations (A1 to A4, A6, A8, A9, N1 and N2), and the southern water body includes two 
stations (S2 and S3). The solid black line represents the median concentration, and the black dots represent the mean concentration. 
The letters a, b, and c indicate significant differences in estimated concentrations of nanoplastics between water masses. PSNP: 
Polystyrene-like nanoplastics; DW: dry weight.

A Kruskall-Wallis test performed to assess the difference in PSNP concentrations between the three water 
masses showed that there was a significant effect of water mass (P < 0.001) [Figure 3]. The Dunn post-hoc 
test revealed significant differences between central and northern water masses (P = 0.002), southern and 
central water masses (P < 0.001), and northern and southern water masses (P = 0.015). The epiphyton from 
the submerged vegetation collected in the southern water mass appeared to have accumulated six times 
more PSNP/mg biofilm DW than the epiphyton from the central water mass.
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DISCUSSION
Methodological development of the DCVJ probe
Water blanks and digestion controls used in the QAQC assay did not exhibit a fluorescence signal at 
620 nm contrarily to PSN suspensions, meaning that water, reagents, and sample processing did not 
contribute to the observed signal at 620 nm in biofilm samples, i.e., if plastic contamination occurred, it was 
below LOD. Digestion controls and biological controls showed a loss of PSN, especially for the smallest PSN 
size (50 nm), which might imply a size-dependent efficiency of the analytical method. However, given the 
NPs’ tendency to aggregate, even more so as concentration increases[45] and particle size decreases[46], the 
particle loss was considered minor, given the overall PSN concentration and the fact that the primary goal 
was to compare contamination levels between sampling stations. Preliminary tests with biological controls 
helped confirm a potential interaction between KOH, biofilm organic matter, and spiked PSN, which 
slightly decreased the fluorescent signal at 620 nm for both particle sizes. The extent of this interaction 
remains to be quantified, as it is directly linked to (1) biofilm composition, (2) NP concentration, and (3) 
NPs size. Furthermore, the size and concentration of NP particles are well known to strongly influence their 
propension to aggregate in suspension, especially in the absence of surface surfactants[47,48].

Overall, the QAQC assay, in addition to the autofluorescence assay [Supplementary Table 2], demonstrated 
the method’s ability to detect NPs resembling PSN in the complex epiphyton matrix, and enabled a 
comparison of NP contamination between stations and between water masses of LSP. However, there might 
be a marked underestimation of PSNPs detected in biofilm samples, given the loss of PSN used in the 
QAQC assay. Therefore, the DCVJ probe currently provides information on whether or not epiphythic 
biofilms can accumulate NPs from LSP and enables comparison between stations but cannot be used for 
absolute quantification. Further research and method development are needed to improve the quantitative 
assessment of PSN in periphyton samples, such as studying the interaction between organic matter and the 
DCVJ probe, and to link periphyton biochemical properties to potential interactions (such as lipid content). 
The use of the DCVJ probe could be coupled with other analytical methods, such as nanoparticle tracking 
analysis (NTA) or pyrolysis-GC/MS. These methods also require handling and sample processing, with the 
potential introduction of other methodological biases.

Developing protocols and methods to properly analyze and quantify NPs is an ongoing process with 
multiple challenges due to the complex nature of NPs contamination[49,50]. There are currently very few 
methodologies enabling rapid quantitative analysis of plastic particles, and most of them solely focus on 
MPs in environmental water samples[51-53], which are less complex than organic matrices such as periphytic 
biofilms. The DCVJ probe has been successfully applied to quantify PSN in diverse aquatic and terrestrial 
organisms[35,37,54], demonstrating promise for high-throughput analysis of environmental samples and 
organisms. The approach allows for effective means of comparison between treatments or sampling 
stations, although it still needs further development and adjustments to improve quantification depending 
on the nature and biochemical complexity of the samples being analyzed.

Presence of PSNPs in biofilms
Lower concentrations of PSNPs in the central water mass of LSP compared to the lateral water masses 
might be linked to the water residence time and, therefore, to the water flow regime. In this zone, the water 
flow regime is higher, with a residence time of 20 h, while it can reach up to 72 h and even several weeks 
during the summer low-water period in the lateral water masses[55]. High water flow regime, such as in the 
central water mass, may promote the dispersal and movements of particles[56] and thus prevent NP 
accumulation in biofilms. The lower PSNP concentrations observed in the central water mass might also be 
linked to the origin of the water coming from Lake Ontario, where this lentic environment favors particle 
sedimentation. Another factor that can drive NP contamination is point sources[57], and direct effluent 

https://oaepublishstorage.blob.core.windows.net/articlepdfpreview202411/wecn3039-SupplementaryMaterials.pdf


Page 10 of Mouatchô et al. Water Emerg Contam Nanoplastics 2024;3:22 https://dx.doi.org/10.20517/wecn.2024.3914

sources potentially containing plastic pollution may not be as present in this central zone of the lake 
compared to the lateral water masses. For example, station A5 (lowest estimated PSNP concentration) is 
surrounded by a protected area[27], which can help limit inputs of plastic debris.

High concentrations of PSNPs observed in the epiphyton collected in lateral water masses might be 
attributed to the proximity to sources of pollution along the lake shore[58]. This observation is consistent 
with the results by Crew et al. (2020), who assessed MPs in the sediments of the St. Lawrence River and 
found a fourfold difference between MP concentrations in sampling points located around the LSP 
archipelago (n = 3) and the one station located on the north shore of LSP[11]. In lateral water masses, sources 
of pollution seem mainly linked to agricultural land use and urban areas. In the southern water mass, 
elevated NP concentrations were mainly driven by station S2, where the average concentration reached 
4.73 × 109 ± 7.56 × 108 particles/mg DW. This station is located downstream of the Yamaska and Saint-
François rivers, which flow through agricultural watersheds[59,60]. In addition, the Yamaska River is among 
the most polluted rivers in the province of Quebec, partly due to the presence of industrial activities. Indeed, 
the Yamaska River runs through the municipality of Granby, which is home to 271 industries, including 28 
plastic/rubber industries[61]. In the northern water mass, elevated PSNP concentrations were mainly driven 
by stations A8 and N1 with average concentrations of 2.02 × 109 ± 2.76 × 108 particles/mg biofilm DW and 
1.24 × 109 ± 4.31 × 108 particles/mg biofilm DW, respectively. Both stations were located in agricultural 
areas, with station N1 located downstream (1.4 km) of a small agricultural stream that also drains large 
proportions of agricultural lands[62]. Agriculture is one major source of plastic debris into the 
environment[9]; therefore, it is not surprising to observe elevated PSNP concentrations in the epiphyton 
collected on the submerged aquatic vegetation growing along the south and the north shores.

Finally, differences in PSNP concentrations between the northern and southern water masses might reflect 
the general pollution level of their affluents. For instance, the water quality (i.e., nitrogen, phosphorus, 
suspended particle matter, and bacteriological loads) is poorer in the tributaries of the south shore 
compared to those of the north shore[63]. For example, at the St. Lawrence River scale, the annual total 
suspended particle load between 2013 and 2017 was 1.3 times higher in the tributaries of the south shore 
than in the tributaries of the north shore[63]. Higher concentrations of all other parameters (i.e., nitrogen, 
phosphorus and bacteriological loads) were also observed in water samples collected from the south shore 
than in samples collected from the north shore. For instance, Maskinongé River, which is in close proximity 
to station A8 in the northern water body, exhibited a better water quality than Yamaska and St-François 
rivers, which were the main tributaries discharging upstream of the most contaminated station (S2) in the 
southern water body.

Comparing PSNP concentrations in the biofilm growing on submerged vegetation from LSP with NP 
concentrations found in other systems around the world is difficult as, to our knowledge, there are no other 
studies focusing on NPs in this biological compartment. The same goes for other benthic compartments, 
such as the sediments, as empirical data are lacking due to technical limitations to retrieving NPs particles[64] 
or analytical limitations to detecting nanoscale particles[57]. However, laboratory experiments highlighted a 
continuum between MPs and NPs, where MPs subsequently degrade into NPs[3]. For example, Wagner and 
Lambert (2016) investigated the degradation of different plastic types under aqueous conditions and 
observed that PS of 1 × 1 cm squares size generated the highest number of particles (6.4 × 108 particles/mL) 
in the 30-2,000 nm size range[65]. Based on this, the elevated PSNP concentrations observed in the epiphyton 
of LSP seem plausible, considering the elevated concentrations of MPs found in the sediments of the St. 
Lawrence River[11].
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CONCLUSION
The present study is the first to investigate NPs (resembling polystyrene) contamination in the biofilm 
growing on the submerged vegetation. The DCVJ fluorescent probe was used to detect and quantify these 
NPs. This analytical method provided insights into a rapid and cost-effective approach enabling the 
quantification of PSNPs and laid the foundations for the development of field monitoring protocols in a 
context where standardized and accessible protocols are lacking. However, the method needs further 
improvement, particularly in its ability to detect and quantify a broader range of plastic polymers. 
Moreover, the DCVJ probe can currently only be employed as a diagnostic tool for plastic pollution as the 
quantified particles need to be correlated with a calibration standard, in this case, PSN. Therefore, it is 
essential to compare the DCVJ method with other techniques, such as pyrolysis-GC/MS, to obtain absolute 
quantification and to provide valuable complementary information from a qualitative perspective. Finally, 
insights into samples’ biochemical composition (e.g., lipids, amino acids) could help to better understand 
the potential in situ interactions between biofilms and NPs contamination.

Overall, the analysis of biofilm samples collected from submerged vegetation revealed an important 
accumulation of PSNPs, supporting the hypothesis that periphyton can act as a sink for plastic particles. 
Estimated levels of PSNPs were linked to the three water masses of LSP with higher concentrations in 
stations located in lateral waters compared to the central water mass, suggesting an important influence of 
land-based sources from the tributaries. Further research is needed to better assess the link between specific 
anthropogenic activities at the watershed scale and NPs pollution.
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Abstract
Water contamination by heavy metals has emerged as a global environmental problem. Their toxicity, non-
degradability, and persistent nature make them a serious threat to human health, flora, and fauna. Therefore, 
several techniques have been developed for the removal of these pollutants from wastewater. Recently, linear 
aromatic polymers have received increasing attention for wastewater treatment due to the presence of various 
heterocyclic moieties containing electron-donating atoms such as nitrogen, oxygen, or sulfur on their backbone, 
which can be easily coordinated with metals, resulting in excellent affinity for heavy metals. This review article is 
specifically devoted to providing an overview of the various linear-architecture heterocyclic polymers that have 
been synthesized to be used as adsorbent phases for the removal of heavy metals from wastewater over the past 
fifteen years. The importance of incorporating heterocyclic units as efficient chelating sites for ion binding is 
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highlighted. The adsorption mechanisms of different aromatic polymers are presented; their adsorption isotherms 
can primarily be modeled with the Langmuir model and their kinetics follow a pseudo-second-order kinetic model. 
The ways to improve the adsorption capacities of the linear aromatic polymers by increasing their specific surface 
area are discussed in the perspective paragraph, along with strategies to improve their reusability by choosing the 
proper acidic washing step.

Keywords: Adsorption, heterocyclic linear polymers, polyimides, polyamides, heavy metals, wastewater

INTRODUCTION
In recent years, water pollution caused by heavy metal contamination has become a global concern[1]. Due 
to the rapid growth of industrialization and anthropogenic activities including metal plating, mining 
operations, tannery, batteries, chemical, automobile radiator manufacturing, and other industries, a 
dramatic increase in heavy metal pollution has occurred in the aquatic environment[2,3]. Extensive use of 
heavy metals in the above industries results in industrial wastewater rich in heavy metals that mix with 
lakes, rivers, oceans, and other drinking water sources, leading to water pollution[4,5]. There are various kinds 
of heavy metals, but the most predominant in industrial effluents are copper (Cu) (1.45 ± 1.22 mg/L), 
chromium (Cr) (65.81 ± 40.01 mg/L), lead (Pb) (21.28 ± 6.85 mg/L), iron (Fe) (90.52 ± 32.08), zinc (Zn) 
(62.90 ± 8.63 mg/L), cadmium (Cd) (25.65 ± 6.60 mg/L), mercury (Hg) (6.78 ± 3.36 mg/L), and nickel (Ni) 
(0.74 ± 0.80 mg/L)[6,7]. These heavy metal compounds are extremely toxic, persistent, non-biodegradable, 
and highly soluble in aqueous media[8,9]. They, therefore, rapidly penetrate into food chains and accumulate 
in living organisms, causing severe threats to humans and aquatic ecosystems[10,11]. Although the 
consumption of limited amounts of certain heavy metals is extremely essential for human beings due to 
their unique role in the human metabolic system, excessive intake can lead to harmful health effects[12]. For 
example, nickel (Ni) can be useful at non-hazardous levels; it functions as an enzyme activator and is 
involved in many important metabolic processes. However, the excessive ingestion of Ni may cause lung 
and kidney damage, gastrointestinal disorders, dermatitis, and breathlessness[13,14]. Zn is a versatile element 
that plays critical roles in various cellular processes, making it indispensable for all living organisms[15,16]. At 
excess levels, Zn can cause serious health problems such as neuronal and respiratory disorders, vomiting, 
nausea, anemia, and prostate cancer[17]. Although Cu is an essential metal for humans, it is also potentially 
toxic above supra-optimal levels[18]. Cobalt (Co) serves as a metal component of vitamin B12 
(cyanocobalamin), but can be hazardous to the human body following excessive exposure[19]. Heavy metal 
levels in drinking water are strictly controlled by powerful organizations such as the World Health 
Organization (WHO) and the US Environmental Protection Agency (USEPA)[20] [Table 1].

Therefore, efforts have been devoted to researching effective technologies for removing toxic metals from 
wastewater[5]. Numerous water decontamination techniques have been applied, including chemical 
precipitation[21], ion exchange[22], membrane filtration[23], and electrochemical processes[24,25]. However, these 
techniques are difficult to remove heavy metals in low concentrations[26]. Up to now, adsorption has been 
considered the best process for removing damaging metals from water resources, thanks to its higher 
efficiency, simplicity, ease of accessibility, cost-effectiveness, and environmentally-friendly nature[27,28]. The 
additional advantage of adsorption is that adsorbents can be easily regenerated using an appropriate 
desorption process[29-31]. Many adsorbents are employed to trap heavy metals in wastewater. The 
conventional adsorbents are activated carbons, activated clays, zeolites, and silica gels[32-37]. In recent 
decades, many efforts have been made to remove heavy metals, using several types of organic linear 
polymers bearing heterocyclic moieties in their main or lateral chains. Heterocyclic polymer based-
adsorbents are one of the best alternatives for heavy metal adsorption due to the presence of heteroatom 
groups on their chains that can be chelating sites for metals, thus making the resulting polymers effective 
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Table 1. Acceptable heavy metal levels according to WHO and USEPA

Heavy metals WHO USEPA

Cd 3 µg/L 5 µg/L

Hg 6 µg/L 2 µg/L

Cr total 50 µg/L 100 µg/L

Cu 2,000 µg/L 1,300 µg/L

Pb 10 µg/L 15 µg/L

Ni 70 µg/L 100 µg/L

Fe 1,000-3,000 µg/L 300 µg/L

Zn 3,000 µg/L 5,000 µg/L

WHO: World Health Organization; USEPA: US Environmental Protection Agency.

adsorbent phases to remove different metals from wastewater. Moreover, the incorporation of 
heteroaromatic rings on the polymer chains is the most common approach for increasing the chemical and 
thermal stability of the resulting polymers and their hydrophilicity, which is a necessary property to extract 
inorganic pollutants from water media[38,39]. The recent developments in synthesized heterocyclic polymers-
based adsorbents for the extraction of various toxic metals from wastewater are reviewed here. This review 
was based on the querying of the scientific database (Web of Science, Scopus, and Google Scholar) through 
the main keywords: Adsorption, heterocyclic linear polymers, polyimides (PIs), polyamides, heavy metals, 
wastewater, and through a selection of the published papers in the last 15 years. To our knowledge, no other 
review specifically oriented to the use of heterocyclic polymers for the removal of heavy metals from 
wastewater has been published until now. The published reviews, such as the one by Malik et al., have cited 
all types of adsorbents used for heavy metal removal, but only a few examples of polymers have been 
mentioned[5].

HEAVY METALS AND THEIR IMPACT ON HUMAN HEALTH
Heavy metals are part of the natural environment, and their traces are essential for human health. However, 
their excessive use on an industrial scale generates considerable pollution in water systems, due to their 
discharge through industrial wastewater, posing a severe threat to the ecological environment and public 
health. Many heavy metals, including Hg, Cd, Pb, Zn, Cr, As, Cu, Fe, Mn, Ag, Co, and Ni, have been 
identified as the most abundant in water and soil[40]. These metals are highly soluble in water and easily 
accumulate in plants and the human body through the food cycle[41]. Long-term exposure to heavy metals 
leads to serious diseases and an increased risk of some cancers[42,43]. Exposure to high levels of Hg affects the 
central nervous system and can damage the functionality of the brain, kidneys, and liver[44-46]. Cd is known 
as a carcinogenic metal and can cause kidney dysfunction, cardiovascular diseases, lung cancer, 
hypertension, and testicular atrophy[47,48]. Pb is another heavy metal with negative effects on human health, 
such as Alzheimer’s disease, kidney damage, mental retardation, reproductive system dysfunction, and 
cancers[49,50]. Chronic exposure to Zn has been reported to cause fertility disorders, cancer, and cholesterol 
imbalance[51,52]. Arsenic exposure has been linked with heart disease, bronchitis, dermatitis, mental 
disorders, and lung and skin cancers[53,54]. Cr exists as a trivalent ion [Cr(III)] and as a hexavalent ion 
[Cr(IV)], which is the form most harmful to humans, plants, and animals. It can cause lung tumors, 
digestive tract cancer, mutagenicity and embryotoxicity, hemorrhage, and skin irritation[55,56]. Cu toxicity has 
been associated with kidney disorders, vomiting, diarrhea, gastroenteritis, liver damage, and even death[57,58]. 
Excessive silver consumption causes serious toxicological issues, such as changes in blood cells, and liver 
and kidney damage[59].
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ADSORBENTS
Several adsorbents have been used for the adsorption method that can be sorted into three main families: 
industrial adsorbents, bioadsorbents, and polymeric adsorbents. Industrial adsorbents generally present 
specific surface areas greater than 100 m2/g, up to 1,000 m2/g. The most popular industrial adsorbents are 
activated carbons, zeolites, silica gels, and activated clays. Approximately 150.000 t/year of activated zeolites, 
400.000 t/year of activated carbons, 400.000 t/year of activated clays, and 25.000 t/year of silica gels have 
been produced[60]. The most popular industrial adsorbents are activated carbons, zeolites, silica gels, and 
activated clays, all of which demonstrate excellent adsorption capacities for metal removal. Zeolites consist 
of micropores and aluminosilicate compounds that form a network of SiO4 and AlO4

- tetrahedra, linked by 
common oxygen atoms[61]. These materials present a large specific surface area, high cation exchange 
capacity, non-emission of toxic compounds, and excellent heat resistance, which make them suitable for the 
removal of undesired heavy metals[62]. Due to the low ion exchange capacities of natural zeolites, chemical or 
physical methods are frequently used to enhance their adsorption performance[63]. Álvarez et al. compared 
the adsorption efficiency of activated zeolite with that of natural zeolite for removing Cr (VI)[64]. They 
reported that adsorption capacity depended on the type of activation and decreased in the following order: 
activated zeolite with NaOH (82%) > natural zeolite (34%) > activated zeolite with HCl (13%). Mehdi et al. 
also prepared an activated zeolite as an adsorbent material for Ni2+ removal from an aqueous solution[65]. 
The study revealed that the adsorption process was temperature-dependent. The maximum adsorption 
capacity expected from Langmuir isotherm was found to be 28.79 mg/g at 20 °C. In addition, the values of 
Freundlich constant n relating to the adsorption intensity were increased from 2.52 to 3.11, with increasing 
temperature of solution from 20 to 60 °C, indicating better adsorption at a higher temperature.

Adsorption onto activated clay can also constitute an efficient technique for decontaminating water polluted 
by toxic metals. Khalfa et al. studied the removal of several metals Cu2+, Pb2+, Zn2+, and Cd2+ using natural 
and activated clay to assess the effectiveness of these abundant materials in treating wastewater[66]. The 
authors reported that the heavy metal adsorption properties of natural and activated clay were Pb2+ > Cu2+ > 
Cd2+ > Zn2+. They also noted that activated clay has eliminated greater amounts of metals than pure clay. In 
fact, after sulfuric acid treatment of clay, the adsorption capacity of Pb2+, Cu2+, Cd2+, and Zn2+ was found to 
increase from 29.11, 22.30, 21.93, and 20.86 mg/g to 50.94, 33.66, 26.74, and 26.44 mg/g, respectively. 
Dim et al. treated the natural clay using hydrochloric acid for Cr (VI) and Fe (III) adsorption from a 
wastewater medium[67]. The study revealed that the highest removal recorded on activated clay for Cr (VI) 
and Fe (III) was 18.15 and 39.80 mg/g, respectively. Based on the value of n, activated clay showed a greater 
affinity to Cr (VI) (n = 1.76) than Fe (III) (n = 0.356).

Activated carbon is the most commonly used and widely produced adsorbent for wastewater treatment. It 
has recently received significant interest for the removal of heavy metals due to the large surface area, 
suitable surface functional groups, and appropriate pore diameter[68]. Numerous researchers have examined 
the adsorption capacity of activated carbon as a function of changes in preparation factors [Table 2]. It has 
been shown that the nature of raw material, the preparation conditions (temperature, heating rate, and 
duration), and the type of activation method (physical or chemical) have a significant influence on the 
physicochemical properties of activated carbon and therefore on adsorption performance[69-74].

However, the use of activated carbon is limited by its high production cost, poor selectivity, difficult 
functionalization, and low regeneration. Its regeneration requires high energy (500-900 °C) with a 10%-15% 
loss of the carbonaceous material and a limited adsorption capacity. The recovery of the adsorbed heavy 
metals decreases the process cost; nevertheless, eluents should not damage the adsorbent and should be 
cost-effective and eco-friendly. Diluted HCl solutions were used to recover the heavy metals[75]. Therefore, 
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Table 2. Adsorption behavior of activated carbon prepared under different conditions

Used raw material Temperature 
of preparation (°C)

Time of preparation 
(min) Surface area (m2/g) Heavy metal

Adsorption 
capacity 
(mg/g)

1/n(a) Ref.

Rape straw 300 120 699.9 Pb (II) 253.2 0.181 [69]

Sugar beet bagasse 450 120 748 Cr (VI) 52.8 0.592 [70]

Rice straw 400 240 4.39 Cd (II) 37.14 - [71]

Gingko leaf 800 90 310 Cu (II) 59.90 0.3785 [72]

Rice husk 600 10 768.98 Hg0 0.016 - [73]

Pine bark 600 24 Cd (II) 85.8 0.3364 [74]

(a)1/n: The correction factor related to the intensity of adsorption (Freundlich isotherm).

the adsorption onto economic sorbents such as bio-based materials has been the subject of numerous 
studies, due to their availability, inexpensiveness, biodegradability, biocompatibility, and renewability. 
These parameters have a great impact on environmental practices. There are several agricultural by-
products, such as banana peel[76], green tea waste[77], rice husk[78], and treated olive pulp[79], that have been 
employed as bio-adsorbents to remove heavy metals in water.

Polysaccharides are the most abundant carbohydrate and possess excellent properties for use as bio-based 
adsorbents for metals[80-82]. These natural polymers, such as cellulose, carrageenan, alginate, starch, 
cyclodextrin, chitin, and its derivative chitosan, have obtained vast attention as practical and low-cost 
adsorbents as opposed to activated carbons. Many attractive properties of polysaccharides, such as their 
specific structure, high reactivity, chemical stability, and excellent selectivity for metals, have made them 
such smart alternative adsorbents. Moreover, the chemistry of their surface can be modified by grafting 
functional groups onto chains to acquire new adsorption properties. Yu et al. proposed the grafting of 
amino-terminated hyperbranched polyamide (HP) onto the surface of cellulose-bearing aldehyde groups for 
efficient removal of metals[83]. This material shows excellent adsorption performance for Cu2+ with an 
adsorption capacity of 138 mg/g. Guleria et al. developed a poly-(acrylamide-co-acrylic acid) functionalized 
cellulose adsorbent to improve its heavy metal adsorption performance[84]. Triazole groups have also been 
grafted onto cellulose chains by Yin[85] to eliminate Gd(III) and by Mahalakshmi[86] to adsorb efficiently 
Pb2+, Co2+, Ni2+, and Cd2+. This study revealed that incorporating heteroatoms as chelating units in the 
cellulose backbone plays a major role in the adsorption process with the coordination reaction between 
nitrogen atoms in triazole and metals.

Polymeric adsorbents including ion exchange resins, molecularly imprinted polymers (MIPs), and porous 
organic polymers (POPs) have been utilized extensively in the remediation of metals from water[87-89], but the 
usage of linear organic polymers as adsorbents is less reported. Over the last few years, heterocyclic 
polymer-based adsorbents, such as polypyrroles, polyamides, PIs [Table 3], have received increasing 
attention from researchers because of their potential applications in the uptake of various heavy metals and 
the fact that the incorporation of different functional groups in polymer matrices enables them to be used as 
adsorbents capable of efficiently absorbing numerous organic and inorganic pollutants. In addition, these 
polymers can easily be regenerated under mild conditions.

HETEROCYCLIC LINEAR POLYMER-BASED ADSORBENTS
A review of recent adsorbents used in metal removal from contaminated wastewater is presented here, with 
a focus on linear functional polymeric adsorbents. These polymers can be produced from different 
polymerizations of heterocyclic monomers. Furthermore, the impact of different factors such as the pH of 

-
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Table 3. Heavy metal ions adsorption using various linear aromatic polymers

Polymer adsorbent Repetitive unit Metal ion Adsorption capacity 
(mg/g) or %

Affinity 
Parameter 
(1/n)

Ref.

Quinoxaline-based PTIs Cr2O7
2-, Pb2+, 

Hg2+, Cd2+, 
Zn2+, Co2+, 
Mn2+, Cr3+

28%, 33%, 40%, 
44%, 50%, 60%, 
85%, 89% (pH = 8)

- [90]

Phenoxy quinoline-based 
PTAIs

F-, Cr2O7
2-, 

Cr3+, Cd2+, 
Pb2+, Hg2+

9.50, 8.56, 6.60, 
6.66, 7.97, 8.76 
mmol/g (pH = 3). 
5.96, 4.99, 7.99, 
7.90, 8.94, 9.2 
mmol/g (pH = 10)

- [91]

Phenoxy quinoline-based PTIs F-, Cr2O7
2-, 

Cr3+, Cd2+, 
Pb2+, Hg2+

8.91, 7.55, 5.0, 4.2, 
5.5, 5.71 mmol/g (pH 
= 3) 
5.0, 4.0, 6.1, 7.0, 
8.38, 8.8 mmol/g 
(pH = 10)

- [92]

Polyimides containing 
imidazole and xanthene 
pendants

Hg2+, Cr3+, 
Cd2+, Co2+, 
Pb2+

37.9, 32.65, 28.6, 
21.15, 19.80 mmol/g

- [93]

Polyimides containing pyridine 
and xanthene pendants

Cr (VI) 91% - [94-96]

Porphyrin-based PIs Cd2+, Hg2+ 28.59, 27.73 mmol/g - [97,98]

Biosourced polyimides Pb2+, Ni2+, 
Cd2+, Hg2+

0.726, 0.818, 0.488, 
0.084

0.096, 0.064, 
0.102, 0.181

[99]

PXIs Cd2+, Pb2+, 
Cu2+,Ni2+, 
Co2+, Cr (VI)

57.3%, 47%, 45.2%, 
42%, 41.1%,  
39%

- [100]

Polyimides bearing1,3,4-
oxadiazole 
and pyridine units

Co2+, Ni2+ 110.4, 100.5 mmol/g - [101]

Sulfonated copolyimides Pb2+ 99% - [102]

Chlorobenzylidine-based 
polyamides

Pb2+, Cr3+ 274.6, 255.2 mmol/g - [103]
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PAMAs Cu2+, Cd2+, 
Pb2+

470.7, 462.3, 452.1 
mmol/g

0.345, 0.393, 
0.413

[104]

Pyridine-containing 
polyamides

Cu2+, Pb2+ 389.9, 403.1 mmol/g - [105]

1,2,4-triazole-based 
polyamides 

Hg2+ 99% - [106]

Imidazole-based polyimides 
 
Imidazole-based polyamides

 

Cr3+, Co2+, 
Cd2+, Hg2+, 
Pb2+

38.45, 26.20, 20.5, 
18.40, 13.30 mmol/g 
 
43.90, 30.80, 25.10, 
21.60, 19.60 mmol/g

- [107]

Sulfonated polyamides Pb2+, Hg2+ 11.87, 5.17 mmol/g - [108]

PAS

 
 

Hg2+ 
 
Pb2+

47.95 mmol/g 
 
714 mmol/g

0.14 
 
0.059

[109] 

 
[110-113]

Poly(amide-hydrazide-imide)s

 
 

Pb2+, Cd2+, Cu
2+, Zn2+, Hg2+ 
 
Pb2+, Cd2+, Cu
2+, Zn2+, Hg2+

0.99, 075, 0.47, 0.31, 
0.037 mmol/g 
1.70, 0.71, 0.54, 0.29, 
0.43 mmol/g

- [114] 
 
[115]

Poly(2-aminothiazole) Ag+ 336.98 0.233 [116]

1,2,3-triazole based-poly(ionic 
liquid)

Cr (VI) 13.545 0.289 [117]

1,2,3- triazole containing 
polystyrene

Mg2+, Zn2+ 3, 30% - [118]
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Polyazomethines

 
 

Co2+, Cu2+, 
Au3+ 
 
Ni2+, Cu2+, Co2+

21.28, 31.25, 35.71 
 
25.64, 15.38, 31.25

- [119] 
 
[120]

Poly(etherphosphine)s Pb2+, Cd2+, 
Hg2+, Ni2+

- - [121]

Diethylphosphonate-
containing poly(arylene ether 
nitrile)s

Pb2+, Cd2+, 
Hg2+, Ni2+

- [122]

PTIs: Poly(triazole-imide)s; PTAIs: poly(triazole-amide-imide)s; PTIs: poly(triazole-imide)s; PIs: polyimides; PXIs: poly(xanthone-imide)s; 
PAMAs: poly(azomethine amide)s; PAS: polyamide-sulfide.

the solution, the adsorbent dosage, the initial concentration of heavy metals, and the contact time on the 
adsorption capacity of polymers-based adsorbents are studied.

PIs
PIs are one of the most important aromatic polymer classes, offering excellent thermal stabilities, sufficient 
chemical resistance, and high mechanical and electrical properties. However, they present very poor 
hydrophilicity, and therefore, many efforts have been undertaken to incorporate heterocyclic functional 
groups into their backbone or side groups to generate new PIs with enhanced thermal properties and 
improved chelating properties.

Among various heterocycle structures, 1,2,4-triazole has been the subject of numerous studies, mainly due 
to its stability under diverse conditions and the well-established role of triazole units as binding sites for 
metals. Therefore, insertion of the triazole ring into the main chains produces materials with high 
hydrophilicity, enabling them to interact with metals. Bazzar et al. synthesized a series of PIs bearing 1,2,4-
triazole moiety in the principal chain and quinoxaline as a pendant group, according to a two-step 
procedure that involves the condensation of diamines with dianhydrides followed by the imidization 
process[90]. The obtained poly(triazole-imide)s were used as adsorbents of Cr3+, Co2+, Zn2+, Pb2+, Cd2+, Hg2+, 
CrVI, and Mn2+ individually or in mixtures, at a range of pH values (1-14). The removal percentage of metals 
was increased in the order of Cr3+ > Mn2+ > Co2+ > Zn2+ > Cd2+ > Hg2+ > Pb2+, which is contrary to the order of 
their ion radii. The maximum adsorption of 98% was given to the smallest metal ion (Cr3+), while 35% 
removal was observed for the largest metal ion (Pb2+) [Figure 1A].

A series of solutions at different pH values ranging from 1.0 to 14.0 was prepared to study the effect of initial 
solution pH on metal ion removal. As shown in Figure 1B, the percentage of Cr3+ removal was low in the pH 
zone between 1 and 5, and increased with increasing pH, reaching a maximum of 98% at a basic pH of 10. 
While the adsorption efficiency of Cr2O7

2- anion was 80% at pH 1.0 and decreased as pH increased 
[Figure 1C]. This finding can be explained by the fact that in the acidic pH range, nitrogen atoms of the 

-
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Figure 1. (A) The quantity of adsorbed metals (Qt) and adsorption efficiency (%R) at pH = 8 by poly(triazole-imide); (B) effect of pH 
variation on the adsorption amount of Cr3+ cation; (C) effect of pH variation on the amount of adsorption of Cr2O7

2- anion. From[90] with 
permission.

triazole and quinoxaline cycles are protonated, resulting in a repulsive interaction between the positive ions 
and the positively charged polymer surface that reduces the adsorption of the Cr3+ cation. On the other 
hand, the negative-charged Cr2O7

2- is electrostatically attracted to positive bonding groups on the PI surface. 
The solution pH is an important parameter as it can affect the adsorbent’s functional group ionization and 
can determine the attractive or repulsive interaction between the adsorbent and the metals to enhance or 
reduce adsorption efficiency. Ghaemy et al. also reported the influence of pH on metal adsorption ability 
using triazole-based poly(amide-imide) bearing a pendant phenoxy quinoline unit[91]. The polycondensation 
reaction was performed between a diimide-diacid and three commercial diamines in the presence of 
thiamine pyrophosphate as an activator in NMP (N-méthyl-2-pyrrolidone)/Pyridine mixture containing 
LiCl and CaCl2. At acidic media pH = 3, the highest extraction percentages of 95% and 85% were found for 
F- and Cr2O7

2- anions, respectively, and the adsorption of Cr3+ and Cd2+ cations showed the lowest value of 
66% at this pH. The adsorption study revealed that polymer removal performance depended mainly on the 
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structure and hydrophilic character of the diamine moiety in the polymer backbone. The highest adsorption 
percentage was observed with the polymer containing two hydrophilic triazole rings in the repeating unit, 
increasing its hydrophilic character and adsorption capacity. The same authors[92] reported the design of 
another family of phenoxy quinoline-based poly(triazole-imide)s for the efficient removal of metals. The 
triazole and phenoxy quinoline groups were identified as effective chelating and host units for heavy metals. 
According to this research, structural modification of PI by incorporating heterocyclic rings can be an 
interesting approach to improving their adsorption capacity.

Flexible ether linkages, imidazole rings, and xanthene as a pendant group have been successfully added to 
PIs by Amininasab et al.[93]. The use of Imidazole heterocyclic rings and their derivatives is advantageous 
due to their high electron affinity and good thermal stability. The prepared PIs showed an enhanced 
adsorption capacity for adsorbing heavy metals due to the increased presence of –NH and –O groups along 
the adsorbent’s backbone. The adsorption capacities for Hg2+, Cr3+, Cd2+, Co2+, and Pb2+ were 37.90, 32.65, 
28.60, 21.15, and 19.80 mg/g, respectively. For efficiently removing Cr (VI) from wastewater, PIs were 
functionalized with pyridine and xanthene groups[94].

The pyridine heterocyclic ring has been reported to improve the processability, solubility, and adsorption 
performance of PIs due to its aromaticity and polarizability resulting from nitrogen heteroatoms[95], which 
are recognized as the main adsorption sites and effective binding sites for heavy metals to form metal 
complexes which are known as the main adsorption site and as an effective binding site of heavy metals to 
form a metal complex[96]. The adsorption behavior of these polymers at different Cr (VI) concentrations (1, 
5, and 10 mg/L) showed that the adsorption capacity (91%) was higher when the concentration of 
hexavalent Cr in aqueous solution was 5%. Rafiee et al., in turn, described the development of new PIs 
having porphyrin units utilizing four tetracarboxylic dianhydrides and tetramine through a two-step 
imidization technique for the adsorption of Cd2+ and Hg2+[97]. Porphyrins are regarded as an attractive class 
of heterocyclic materials with a high capacity to bind with a diverse array of metals and create stable 
complexes. The nitrogen atoms in the tetrapyrrolic core, due to their electron-donating properties, can serve 
as ligand sites to adsorb various metals, allowing their efficient extraction[98]. Adsorption tests were 
performed by dissolving 5 mg of a single PI in 25 mL of individual aqueous metal ion solutions at pH 7 and 
stirring for 3 days. The results showed that the utilized PI had an excellent adsorption capacity toward Cd2+ 
> Hg2+.

Bio-sourced coPIs were used as adsorbent films which is similar to the order

f Pb2+, Ni2+, Cd2+, and Hg2+ from aqueous solution[99]. These polymers were synthesized by combining, from 
100% to 0%, three monomers (isosorbide-based dianhydride, petroleum-based dianhydride, and cardo 
diamine). It was noted that adsorption efficiency increased as the proportion of isosorbide moieties in the PI 
backbones increased. Thus, the homopolyimide, obtained from 100% of biobased dianhydride and diamine, 
exhibited the highest adsorption efficiency toward metals. This rise is mainly due to the incorporation of 
isosorbide into the polymer structure, which can generate attractive hydrophilicity and wettability, 
increasing their tendency to remove contaminants from water. Comparing the adsorption capacity of 
metals on this polymer, the order was as follows: Pb2+ ≈ Ni2+ > Cd2+ > Hg2+. Based on the 1/n values, the 
adsorption of Ni2+ (0.064) and Pb2+ (0.096) is deemed to be more advantageous, while the adsorption of Hg2+ 
(0.181) is less favorable. In addition, the proposed adsorption mechanism was mainly based on oxygen-
heavy metal interactions [Figure 2].
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Figure 2. The metal-polyimide complex formed via oxygen-heavy metal interaction. From[99] with permission.

Lakouvaj et al. also investigated the extraction of metals including Cr (VI), Co (II), Ni (II), Cu (II), Pb (II), 
and Cd (II) from aqueous solutions using a new class of poly(xanthone-imide)s (PXIs)[100]. The authors 
revealed that the adsorption efficiency (%) increased in the order of Cd2+ > Pb2+ > Cu2+ > Ni2+ > Co2+ > 
Cr(VI), which is similar to the order of their ionic radii. They stated that the carbonyl functional groups in 
PI chains act as coordination sites for chelation with metals [Figure 3].

Mansoori et al., in a similar research, reported the synthesis of PIs containing 1,3,4-oxadiazole and pyridine 
moieties for removing Co2+ and Ni2+[101]. It has been demonstrated that variations in solution pH impact the 
coordination capabilities of PIs toward metals. Consequently, the highest metal uptake capacities for Co (II) 
and Ni (II) were 110.4 and 100.5 mg/g, respectively, at pH 7.0. This finding was reported by Manzoor et al. 
It was shown that variations in solution pH affect the coordination capacities of PIs toward metals[102]. Thus, 
the highest metal uptake capabilities of Co2+ and Ni2+ were 110.4 and 100.5 mg/g, respectively, at pH 7.0. 
Manzoor et al. prepared two aromatic sulfonated copolyimides (SPIs), FBM and OBM, using two distinct 
dianhydrides FDA [4,4’-(hexafluoroisopropylidene)-diphthalic anhydride] and ODPA (4,4’-oxydiphthalic 
anhydride), along with stoichiometric amounts of sulfonated [BDSA (Benzidine-2,2’-disulfonic acid)·TEA 
(triethylamine)] and non-sulfonated [MDA (4,4′-methylenedianiline)] diamines as comonomers, aiming for 
effective Pb adsorption from aqueous solutions[102]. They reported that incorporating anionic sulfonate 
groups into the PI backbone improved hydrophilicity, resulting in enhanced Pb2+ adsorption.

The authors employed quantum chemical simulations using Molecular Operating Environment software 
(MOE) to identify the structural factors affecting the sorption efficiency of Pb2+ onto SPI adsorbents. It was 
observed that OBM has a hydrophilic surface area larger than that of FBM, as shown in Figure 4. The 
enhanced hydrophilicity of the OBM copolyimide contributes to its increased adsorption capacity, which is 
consistent with experimental results, with data showing higher adsorption of Pb ions on the OBM surface 
(99%) compared to FBM (30%).

Polyamides
Heterocyclic polyamides represent one of the most important classes of high-performance materials, which 
are ideal candidates for use as heavy metal ion adsorbent from aqueous solutions. Significant attention has 
been drawn to the synthesis of polyamides containing –CONH–, –CSNH–, –N=CH–, and heterocyclic 
groups that can serve as metal-complexing ligands. The presence of these chelating functionalities in an 
aromatic polyamide backbone is expected to enhance metal ion adsorption capacity and stability for reuse.

Ravikumar et al. synthesized aromatic polyamides and polythioamides incorporating pendant 
chlorobenzylidine rings via direct polycondensation of a dicarboxylic acid with diamines and thioamines, 
respectively, for the removal of toxic metals from water[103].
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Figure 3. Chelation of metals with PXIs[100]. PXIs: Poly(xanthone-imide)s.

Figure 4. Hydrophobic regions (depicted as green dots) and hydrophilic regions (represented by blue and purple areas) of two 
sulfonated aromatic copolyimides, the sulfonated FBM (A) and non-sulfonated OBM (B) complex with Pb. From[102] with permission.

They reported that the amide, carbonyl, and azomethine groups in the polymer backbone enhanced the 
adsorption capacity of Pb2+ and Cr3+ from water. The highest adsorption capacity for Pb2+, 274.6 mg/g, was 
achieved at pH 10, while the maximum adsorption for Cr3+, 255.2 mg/g, occurred at pH 6.

Murugesan et al., on the other hand, examined the elimination of Pb+2, Cu+2, and Cd+2, using aromatic 
poly(azomethine amide)s[104]. Their results showed that the removal of metals varied with pH, peaking at 
pH 6. They also reported an increase in adsorption efficiency as the contact time increased and equilibrium 
was observed in 60 min. The polyamide exhibited maximum adsorption capacities of 470.7 mg/g for Cu2+, 
462.3 mg/g for Cd2+, and 452.1 mg/g for Pb2+. In an additional study[105], they investigated the adsorption 
efficiency of newly developed polyamides incorporating pyridyl and azomethine pendant groups for the 
removal of Cu (II) Pb (II) metals. The highest adsorption capacities of Cu (II) and Pb (II) ions, determined 
by Langmuir models, were determined to be 389.9 and 403.1 mg/g, respectively. Gómez-Valdemoro et al. 
fabricated aromatic polyamides bearing pendant 1,2,4-triazole groups to extract Hg cations from aqueous 
media[106]. The study demonstrated that the polar triazole unit significantly enhanced the hydrophilicity of 
polyamides, rendering these polymers effective solid phases for the high extraction (99%) of Hg2+ from 
aquatic environments. Soleimani et al. have also highlighted the importance of incorporating a heterocyclic 
imidazole ring into polyamide backbones as a hydrophilic chelating agent for heavy metals[107]. They 
reported high percentage removal of 87.80%, 61.60%, 50.20%, 43.09%, and 39.30% for Cr3+, Co2+, Cd2+, Hg2+, 
and Pb2+, respectively. Santiago et al. prepared a series of sulfonated aromatic polyamides and evaluated 
their uptake performance to eliminate Pb and Hg ions[108]. It was found that the polyamides exhibited higher 
adsorption capacities for Pb2+ compared to Hg2+.

Albukhari et al. synthesized a series of four heteroaromatic sulfur-containing polyamides by 
polycondensation of diamine with diacid chlorides for the selective removal of heavy metals from 
wastewater[109]. The obtained polymers demonstrated a remarkably high selectivity for Hg (II) ions, with the 
maximum adsorption capacity reaching 47.95 mg/g by the Langmuir model. The effect of pH (ranging from 
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1 to 9) on the adsorption of Hg+2 was also studied. It has been reported that the highest percentage of Hg+2 
extraction, 98.75%, was achieved at pH 1. This increase was explained by the electrostatic attraction forces 
that can occur between protonated sites formed at pH 1, such as secondary amine groups and carbonyl 
groups in the polymer backbones, with the negatively charged species including HgCl4

-2, neutral HgCl2, and 
another chloroanionic complex HgCl3

-1. In another study, Rezania et al. prepared a polyamide-sulfide (PAS) 
incorporating pyridine and thiazole heterocycles for Pb removal from water[110]. They observed that the 
synthesized polymer is an excellent adsorbent of Pb(II) ions, demonstrating a significant adsorption 
capacity of around 714 mg/g.

Replacing polyamides with copolyamides such as poly(amide-imide)s (PAIs) may be beneficial for 
increasing the polarity of the polymer chain to extract heavy metals with more affinity. Due to the presence 
of both amide and imide units in their polymer repeating units, PAIs exhibit properties that are different 
from those of polyamides and PIs. As a result, this class of polymers provides a good combination of 
excellent thermal stability, processability, and high uptake of heavy metals[111-113].

The adsorption of PAIs was enhanced by incorporating hydrazide functional groups in their backbone. This 
improvement is attributed to the polar characteristics of the hydrazide group (–CO–NH–NH–CO–), which 
readily engages with metals to create complexes[114]. These heterocyclic polymers were prepared by 
polycondensation of a diacid monomer containing imidic rings with various dihydrazides for the extraction 
of heavy metal cations such as Pb, Cd, Cu, and Zn. Among heavy metals, Pb demonstrated the highest 
adsorption capacity at 0.99 mmol/g, while Cd ions were adsorbed with a capacity of 0.75 mmol/g. A 
comparative study was carried out using another family of poly(amide-hydrazide-imide) obtained from the 
reaction of an acid chloride-anhydride monomer with dihydrazides, which resulted in more efficient 
adsorption of Pb2+ (1.70 mmol/g)[115].

Other heterocyclic polymers
Powerful adsorption of silver ions was obtained utilizing a poly(2-aminothiazole)P-2AT prepared via the 
polymerization of 2-aminothiazole with benzoyl peroxide (BPO) as an initiator in 1,4-dioxane at 80 °C for 
24 h[116]. The adsorption tests were performed at different pH levels (3-6), contact times (15-90 min), and 
initial Ag+ concentrations (100-1,200 mg/L) to study the effect of these parameters on adsorption capacity. It 
revealed that adsorption efficiency increased with the increasing initial concentrations and the contact time. 
The maximum adsorption capacity of Ag+ on P-2AT was found to be 336.98 mg/g for 1,200 mg/L Ag (I) 
solution at pH 5 after 90 min of contact. An attractive heavy metal adsorbent based on a poly(ionic liquid) 
bearing 1,2,3-triazole moiety was developed by Puguan and Kim for Cr (VI) extraction[117]. It was prepared 
by Cu-catalyzed cycloaddition CuAAC of α-azide-ω-alkyne monomer in the presence of CuIP (OEt)3 
followed by quaternization and anion exchange. The Langmuir isotherm model described the adsorption of 
Cr (VI) on the poly(ionic liquid) as monolayer adsorption with an adsorption capacity of 13.545 mg/g at 
room temperature and pH 2. The adsorption was the result of van der Waals and electrostatic forces 
between the amines in the triazole ring and the dissociated Cr (VI) in water. The 1,2,3-triazole unit has also 
been grafted into polystyrene chains [Figure 5] to be tested as sorbents for the removal of Mg and Zn 
present in wastewater[118]. These polymers showed a low selectivity for Mg, with an extraction percentage of 
below 3%, while for Zn, the removal percentage was around 30%.

Qureshi et al. synthesized polyazomethine through a polycondensation reaction of dialdehyde and diamine 
for the adsorption of Co2+, Cu2+, and Au3+ from wastewater[119]. The sorption process followed the Langmuir 
monolayer adsorption model, and the adsorption capacities for Co2+, Cu2+, and Au3+ were 21.28, 31.25, and 
35.71 mg/g, respectively. The results indicated a chemisorption/ion-exchange nature of adsorption. The 
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Figure 5. Synthetic Scheme of 1,2,3-Triazoles-Based Polystyrene and its application in the Extraction of Zn and Mg from Wastewater. 
From[118] with permission.

authors varied several parameters, including initial ion concentration (10-50 mg/L), pH levels (2-8), the 
quantity of polymer adsorbent (10-50 mg), and the contact time (10-180 min), to obtain maximum 
adsorption capacity from the optimum adsorbent. The ideal conditions obtained for the highest adsorption 
capacity of Co2+, Cu2+, and Au3+ are at a pH value of 8 for Co2+ and Cu2+ and 2 for Au3+. The corresponding 
adsorption capacities were 4.32, 51.8, and 41.32 mg/g, respectively.

Likewise, a polyazomethine derived from another diamine[120] was also prepared and used for the efficient 
extraction of Ni2+, Cu2+, and Co2+. This material removed up to 77% of Ni2+, 98% of Cu2+, and 72% of Co2+ 
from wastewater. Chabbah et al. developed phosphorous polymers for the detection of Pb2+, Cd2+, Hg2+, and 
Ni2+ heavy metals[121,122]. Their results showed that the synthesized polymers display a performing ability for 
the decontamination of water.

ADSORPTION MECHANISMS
The Langmuir adsorption model assumes that a polymer has a fixed number of binding sites. All the 
binding sites show the same affinity for the adsorbent. Therefore, each site adsorbs only one molecule and 
forms a single monolayer.

The linear form of the Langmuir model can be written as:

1/qe = 1/bqm (1/Ce) + 1/qm     (Eq. 1)

Where qe (mg/g) is the amount of heavy metals adsorbed onto the polymer at equilibrium, Ce (mg/L) is the 
equilibrium concentration, qm (mg/g) denotes the maximum adsorption capacity, and b (L/mg) is the 
Langmuir constant related to free energy. The Langmuir constants qm and b were calculated from the slope 
and the intercept of the Langmuir plot of 1/qe vs. 1/Ce.

The linear form of the Freundlich model is given as:

lnqe = 1/n lnCe + lnkF     (Eq. 2)

Where qe (mg/g) represents the amount of heavy metals adsorbed per unit mass of adsorbent, Ce (mg/L) is 
the equilibrium concentration of heavy metals, and n and kF are Freundlich constants. These constants can 
be determined from the linear plot of lnqe vs. lnCe.
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The Redlich-Peterson isotherm combines Langmuir and Freundlich models. At higher concentrations, it 
approximates the Freundlich model, while at lower concentrations, it aligns with the Langmuir equation. 
The equation is given as:

qe = (KRCe)/(1 + aRCe
b)     (Eq. 3)

where KR is the Redlich-Peterson isotherm constant (L/g), αR is the Redlich-Peterson isotherm constant 
(L/mg), and β is the exponent that lies between 0 and 1. The constant β can characterize the isotherm as: if β 
= 1, the Langmuir will be the preferable isotherm, while if β = 0, the Freundlich isotherm will be the 
preferable isotherm.

The Temkin isotherm model contains a factor that explicitly takes into account the adsorbing species - 
adsorbate interactions. This model assumes the following conditions: (1) the heat of adsorption of all the 
molecules in the layer decreases linearly with the coverage due to adsorbent-adsorbate interactions; and (2) 
the adsorption is characterized by a uniform distribution of binding energies, up to some maximum binding 
energy. The derivation of the Temkin isotherm assumes that the fall in the heat of sorption is linear rather 
than logarithmic, as implied by the Freundlich equation. The Temkin isotherm has commonly been applied 
in the following form:

qe = Bln (ACe)     (Eq. 4)

where B = RT/b and A is Temkin constant.

The kinetics of heavy metal adsorption onto the different fabricated polymers were analyzed at various time 
intervals using the pseudo-first-order and pseudo-second-order kinetic models. The pseudo-first-order 
kinetic model is expressed as:

ln (qe - qt) = -k1t + lnqe     (Eq. 5)

where qt and qe (mg/g) are the amount of heavy metals adsorbed at time t (min) and equilibrium time, 
respectively. The parameter k1 (min-1) denotes the rate constant of the pseudo-first-order kinetic model. The 
rate constant of the pseudo-first-order kinetic model and qe values are derived from the slope and the 
intercept of the linear plots of ln(qe - qt) vs. time (min), respectively. The pseudo-first-order kinetic model 
assumes that one heavy metal ion is sorbed onto one sorption site on the surface of a polymer.

The pseudo-second-order kinetic model can be written as:

1/qt = t/qe + 1/k2qe
2     (Eq. 6)

where k2 (g/mg/min) is the rate constant of the pseudo-second-order kinetic model. This model assumes 
that one heavy metal ion is sorbed onto two sorption sites on the surface of an adsorbent. The rate constant 
of the pseudo-second-order kinetic model and qe are estimated from the intercept and the slope of the linear 
plots of t/qt vs. time (min), respectively.

The adsorption isotherms were best fitted with Langmuir model for the adsorption of heavy metals on 
biosourced PI[99], polyamide sulfide[109], 1,2,3-triazole based-poly(ionic liquid)[117], and polyazomethines[119]. 
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Redlich-Peterson model allowed the best fitting of the adsorption isotherms of heavy metals on 
poly(azomethine amide)s[104]. This point suggests that the polymer surface presents a homogeneous surface 
with specific adsorption sites.

The pseudo-second-order kinetic model allowed the best fitting of the adsorption of heavy metals on 
poly(azomethine amide)s[104], 1,2,3-triazole based-poly(ionic liquid)[117], and polyazomethines[119], suggesting 
that the rate-limiting step of heavy metal adsorption is mainly chemisorption process.

PERSPECTIVES AND CHALLENGES
The main factors characterizing the adsorbent qualities are its affinity, represented by the factor 1/n (with a 
lower value indicating higher affinity), and its adsorption capacity. Some quantitative data for conventional 
adsorbents can be found in the literature [Table 4].

For zeolites[65], 1/n is equal to 0.39 and the adsorption capacity is 28.79 mg/g for Ni (II) ions at 20 °C. For 
activated clays[71], 1/n is equal to 0.56 for Cr (VI) and 2.80 for Fe (III), and adsorption capacities are 18.15 
mg/g and 39.80 mg/g, respectively. For activated carbon, depending on the raw materials [Table 2], 1/n 
varies from 0.181 for Pb (II) to 0.592 for Cr (VI) and adsorption capacities vary from 37.14 mg/g for Cd (II) 
to 253.2 mg/g for Pb (II). The characteristics of heterocyclic linear polymers are compared to those of the 
conventional adsorbents to select the best of them. Biosourced PIs[99] present a value of 1/n equal to 0.064 
for Ni (II) and PASs[110] has a value of 0.059 for Pb (II). Such low values were not obtained with conventional 
adsorbents. Moreover, certain heterocyclic linear polymers demonstrated selectivity for specific heavy metal 
ions; for example, poly(etherphosphine)[121] and diethylphosphonate-containing poly(arylene ether 
nitrile)[122] were selective for Pb(II). This selectivity is particularly relevant for the recovery of pure heavy 
metals in diluted acidic media or complexing media. Concerning the adsorption capacities of heterocyclic 
linear polymers for Pb (II), they could vary from less than 1 mg/g[121] to 403.1 mg/g[105] and 452.1 mg/g[104] 
with respectively a pyridine-containing polyamide and a poly(azomethine amide)s. To enhance the 
adsorption capacities of linear polymeric phases, inorganic compounds such as silica gel, graphene, 
graphene oxide (GO), clay, and monoliths can be coated with them. The resulting materials significantly 
present a larger specific surface area and then a higher adsorption capacity; an example shows that the 
capacity of adsorption of PI for Cu2+ ion increased by a factor of 77 after PI/silica coprecipitation[123]. 
Another way to increase the specific surface area is the electrospinning of the heterocyclic linear polymers. 
Amino-rich functionalized PIs-polyethyleneimine (PEI) fibers with a diameter of 13 µm and a surface 
roughness of Rq = 17.10 nm were successfully synthesized. These fibers present numerous amine groups at 
the surface and were able to adsorb Cr (VI) ions with a capacity of adsorption of 50 mg/g[124]. Electrospun 
Fe3O4/MWCNTs/polyamide 6 nanofibers with a diameter of 101 nm enabled the adsorption of Pb (II) ion 
through the OH groups at their surface; an adsorption capacity of 49.3 mg/g was obtained[125]. Electrospun 
PA6/CaO nanofibers presented an adsorption capacity of 39 mg/g for Pb (II) ions and 33 mg/g for Cr (VI) 
ions[126].

Adsorbent regeneration is important for repeated use in different applications, as well as for reducing the 
quantity of adsorbent material, which in turn lowers the cost of the adsorbent. Studies have shown that 
adsorbents based on aromatic linear polymers can be reused for numerous cycles without significant loss of 
adsorption capacity.

Pyridine-based polyamide designed for removing Pb(II) and Cu(II) ions was successfully regenerated with 
various acids, including H2SO4, HCl, and CH3COOH, and used for seven adsorption-desorption cycles 
[Figure 6][105]. Among these, aq. H2SO4 and aq. HCl proved more effective than aq. CH3COOH for the 
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Table 4. Comparison of the characteristics of heterocyclic polymers to other popular heavy metal absorbents

Adsorbent Heavy metal Adsorption capacity 
mg/g

Affinity (1/n) Ref.

Zeolite Ni 28.79 0.39 [65]

Activated clay Cr 18.15 0.56 [71]

Fe 39.80 2.80 [71]

Activated carbon Pb 253.2 0.181 [69]

Cd 85.8 0.3364 [74]

Biosourced polyimides Ni 0.064 [99]

Polyamide-sulfides Pb 0.059 [110]

Poly(etherphosphine) Pb 1 [121]

Poly(azomethine amide) Pb 403.1 [105]

Pb 452.1 [104]

Functionalized amino-rich PI-PEI fibers Cr 50 [124]

Electrospun Fe3O4/MWCNTs/polyamide 6 nanofibers Pb 49.3 [125]

Electrospun PA6/CaO nanofibers Pb 39 [126]

Cr 33

PI: Polyimide; PEI: polyethyleneimine.

Figure 6. Adsorption-desorption of Pb2+ (A) and Cu2+ (B) onto adsorbent polyamide. From[105] with permission.

desorption of Cu (II) and Pb (II) ions. Additionally, the adsorbent demonstrated sustained efficiency in 
removing Cu (II) and Pb (II) ions, without considerable loss of efficiency even after seven adsorption-
desorption cycles.
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Similarly, polyamide and polythioamide bearing chlorobenzylidine moieties retain their original removal 
capacity for removing Cr2+, Pb2+, Cd3+, and Cu2+ after four consecutive adsorption-desorption cycles[103]. 
Adsorbent regeneration was carried out using an aqueous solution of HCl (2N). The reusability results, 
presented in Table 5, revealed that the capacities of both polyamide P3 and polythioamide P5 remained 
practically unchanged for all metals, even after four cycles of adsorption-desorption.

Bıyıkoğlu et al. also examined the reusability of poly(2-aminothiazole) P-2AT after four adsorption-
desorption cycles[116]. To remove the previously adsorbed Ag+ ion, the P-2AT was treated with 0.1 M HNO3 
solution. As shown in Figure 7, the Ag+ adsorption capacity was almost the same on the second use and 
decreased on the fourth cycle to 23.84 mg/g. This suggests that P-2AT can be used repeatedly to remove Ag 
(I) ions.

Table 5. Metal ion adsorption capacity of polyamide P3 and polythioamide P5 after four cycles of adsorption-desorption[103]

Adsorption capacity (mg/g) of polyamide P3Cycle no.

Pb(II) Cu(II) Cr(II) Cd(III)

1 108.7 102.5 91.8 60.1

2 106.4 102.4 71.1 58.2

3 104.9 100.9 65.7 53.8

4 99.7 98.1 64.7 49.6

Adsorption capacity (mg/g) of polythioamide P5

1 109.4 108.5 82.6 60.1

2 107.5 100.9 71.8 56.5

3 105.9 99.5 71.1 44.6

4 103.8 96.7 65.7 37.8

Figure 7. Adsorption capacity of Ag (I) onto poly(2-aminothiazole) after four adsorption cycles. From[116] with permission.
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CONCLUSION
This study aims to present an overview of heterocyclic polymer-based adsorbents for the extraction of heavy
metals to reduce water pollution. The various parameters affecting the adsorption capacity of heavy metals
are studied. The removal of heavy metals from wastewater through adsorption is a cost-effective alternative
to conventional costly methods, making it an optimal choice for wastewater treatment. Heterocyclic linear
polymers are effective adsorbents of toxic metals due to their chemical and physical stability, their specific
affinity, their adsorption capacity that can be improved, and their easy regeneration. The heterocyclic
functional groups contained in the polymer backbone are responsible for the increased adsorption
efficiency and recyclability of heavy metal ions in aqueous media. These groups act as attractive chelating
sites and tend to eliminate ions through electrostatic interactions. The regeneration of the adsorbent
polymers showed that the adsorption-desorption process is reversible, indicating that aromatic linear
polymers have a strong potential for reuse, as the active sites are physically bonded to the polymer
backbone. The successful use of heterocyclic polymer-based materials also opens up new possibilities for
eliminating hazardous organic pollution from wastewater.
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After selecting the best formula and configuration for the heterocyclic polymers, the further challenge is 
achieving large-scale production at a reduced cost.
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Abstract
Heavy metals such as arsenic can be effectively removed through adsorption. Through material property evaluation 
and adsorption parameter optimization, machine learning (ML) modeling provides an alternative to lengthy 
laboratory experimentation. In this work, adsorption data from an earlier study employing a waste-material 
composite were used. To create prediction models, four non-neural network algorithms - support vector machines 
(SVM), Gaussian process regression (GPR), linear regression, and ensemble approaches - were used and 
contrasted with neural network algorithms. Nine predictors were utilized, ranging from adsorbent composition 
alterations to experimental circumstances. Using principal component analysis (PCA) and feature selection, 
together with the F-test and minimum redundancy maximum relevance (MRMR) algorithms for feature reduction, 
optimization was accomplished. With an R-squared of 0.939, mean absolute error (MAE) of 5.778, and root mean 
squared error (RMSE) of 7.119 for training and an R-squared of 0.942, MAE of 5.450, and RMSE of 6.870 for 
testing, the optimized GPR method offered the best predictive performance. The best R-squared values found for 
other algorithms were: SVM (0.922), linear regression (0.925), and ensemble (0.927). The most important 
variables influencing adsorption efficiency were initial arsenic concentration, time, and the iron salt content. Local 
interpretable model-agnostic explanations (LIME), partial dependence plot (PDP), and Shapley additive 
explanations (SHAP) plots were used to explain these results. This work shows that, based on model-derived 
parameters, non-neural network algorithms may efficiently simulate and optimize arsenic adsorption tests, 
providing a trustworthy substitute for neural network techniques and markedly increasing adsorption efficiency.
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INTRODUCTION
The ecosystem and human health can suffer greatly when toxic heavy metals, even in trace amounts, are 
released into groundwater[1]. Most often, various industrial and agricultural activities, urbanization, and 
other factors release this type of hazardous element into the land, water, and atmosphere[2]. Arsenic (As) is 
one of the most well-known heavy metals for its toxicity. The current estimate of the affected population 
worldwide is approximately 150 million, which is certain to rise as more afflicted places are identified[3]. All 
natural waterways contain arsenic, which can originate from biological processes as well as natural 
processes occurring in the Earth’s crust[4]. There are two primary types of inorganic arsenic: arsenite 
[As(III)] and arsenate [As(V)][5]. Arsenate is the main species present in naturally occurring surface water 
basins, while arsenite is the predominant form in groundwater[6]. While As(III) and As(V) are not equally 
dangerous, As(III) is approximately 60 times more poisonous[7]. Since As(III) frequently exists in neutral, 
undissociated forms, removal of it is quite challenging[8]. Arsenic poses a global health danger to humans. 
Long-term exposure to arsenic, mostly from tainted food and water, can cause serious illnesses such as lung, 
kidney, liver, and skin cancers[9]. The World Health Organization (WHO) has set a maximum allowable 
concentration of arsenic in drinking water at 10 µg/L[10].

Hence, it is still imperative to completely eradicate this toxic heavy metal. In addition to biological 
approaches, coagulation, precipitation, reverse osmosis, filtering, and adsorption are some of the ways that 
have been developed to remove arsenic[11,12]. Adsorption is arguably the most successful strategy among 
these[13]. With modified adsorbents such as chars, activated carbons, activated aluminium, thiol-
functionalized chitin nanofibers, goethite-based adsorbent, zero-valent iron, synthetic siderite, titanium 
dioxide, and many more, adsorption is a commonly used physical separation method for the removal of 
hazardous heavy metals from groundwater[14]. For the removal of both organic and inorganic contaminants, 
adsorption is the method of choice in the water and wastewater sectors due to its ease of handling, low 
sludge production, affordability, and regeneration potential[15]. Adsorbents derived from solid waste are 
frequently employed in water and wastewater treatment procedures[16-18]. Moringa waste, a type of 
agricultural solid waste, can serve as a biosorbent to adsorb heavy metals[19]. Various parts of the Moringa 
oleifera plant, including seeds, leaves, and bark, have also been shown to possess the ability to remove heavy 
metals[20,21]. Metal salts, such as iron and aluminum, are frequently used to remove arsenic[22]. On the other 
hand, porous composite materials formed of metal salts combined with solid waste are employed to extract 
heavy metals. It is crucial to evaluate the many control elements affecting adsorption and overall efficiency 
in order to optimize composite adsorbents. Historically, mathematical models have been employed to 
optimize efficiency and evaluate the influence of parameters[23,24].

Currently, the water and wastewater treatment industry is increasingly employing machine learning (ML) to 
forecast treatment procedures, thanks to improvements in computational efficiency resulting from 
enhanced hardware and software[25-28]. Developing high-performance solid adsorbents typically involves 
intuition-based, factor-by-factor techniques, with response surface procedures serving as the primary means 
of experimental design[29]. The aqueous phase adsorption of heavy metals involves many factors, including 
the interaction between adsorbents and adsorbates and ambient variables[30,31]. A growing number of ML 
algorithms, including artificial neural networks (ANN), tree-based techniques, and support vector 
regression, are being used to simulate and examine the processes of heavy metal adsorption by solid 
adsorbents[32-34]. However, some research has been undertaken without considering appropriateness or 
context[35,36] and several papers omitted the findings of the present experiment and instead only incorporated 
a limited portion of data from previous publications[37,38]. Adsorption isotherms and batch studies are two 
common methods used to analyze the adsorption behavior of heavy metals and organic pollutants in the 
aqueous phase. However, both methods can be laborious and ineffective[39]. ML can be used to automatically 
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map complex systems and produce the mapping relationship between input and output variables[40]. The 
foundation of ML is sufficient and high-quality data, which effect model performance[41]. The ANN was first 
created to replicate the workings of the human brain using a rigorous data analysis technique. 
Consequently, numerous environmental studies pertaining to water pollution have been using an expanding 
number of different ANN methodologies. The ANN technique was effectively applied by Mandal et al. to 
model an As(III) removal process[42]. According to Sakizadeh, ANN have various shortcomings, especially in 
the environmental sciences, despite their effective application in many modeling studies[43]. One of the main 
constraints is the lack of sufficient data records. Training on a limited dataset may result in overfitting, a 
situation in which the model exhibits good generalization ability when it performs well on training data but 
badly on unseen data. In addition to ANN, the applications of other advanced machine learning algorithms 
(MLAs) such as support vector machine (SVM)[44,45] random forest (RF)[46], gradient boosted regression 
tree[47], Bayesian network[48], adaptive network-based fuzzy inference system[49], and Ensemble models[50] have 
been proven to be accurate and useful for different learning problems in multiple domains. A recent study 
investigated the adsorption of arsenic (III) using a porous filter media block (PFMB). The study employed 
classical isotherm and kinetic models alongside ANN modeling to analyze the adsorption process[51]. A 
PFMB made of biochar and moringa bark as bio-adsorbents and enhanced with sodium bicarbonate, ferric 
chloride, aluminum sulfate, and commercial gypsum was examined for its capacity to adsorb arsenic. Seven 
different PFMB samples, each prepared with different amounts of aluminum-iron salts and moringa-based 
bio-adsorbents (biomass and biochar), were used in batch studies. The experimental parameters 
encompassed different agitation rates, pH levels, duration, initial concentration, and quantity of adsorbent. 
This study will employ identical data sets to assess non-neural network approaches in forecasting arsenic 
adsorption and juxtapose them with the neural network model.

This study aims to predict the adsorption capacity of the PFMB using a total of four non-neural network 
machine-learning algorithms. The best non-neural network algorithms will be evaluated and compared with 
neural network results from the previous study. ANN were used in the previous study; although they are 
successful, they are computationally demanding and perform best with huge datasets. In order to overcome 
those constraints, this paper investigates non-neural network approaches for assessing adsorption trials. It 
draws attention to the effectiveness, relevance, and insights offered by non-neural models by contrasting 
neural with non-neural methods. The study provides a unique comparative examination of different 
approaches, with a focus on algorithm selection, model performance optimization, and finding critical 
experimental conditions. The efficacy of four non-neural network strategies - SVM, ensemble approaches, 
Gaussian process regression (GPR), and linear regression - in predicting adsorption capacity and identifying 
contributors in the PFMB will be evaluated. To provide a thorough explanation of the model results, the 
study will make use of Shapley additive explanations (SHAP), partial dependence plot (PDP) analysis, and 
local interpretable model-agnostic explanations (LIME).

METHODS
Data collection and preprocessing
A total of 507 data sets were gathered from batch experiments conducted in a previous study to facilitate 
ML analysis[51]. The dataset included nine predictive parameters, with arsenic uptake capacity serving as the 
response parameter [Table 1]. Modeling was performed using MATLAB R2023b, implementing four non-
neural network algorithms: linear regression, SVM, ensemble methods, and GPR.

The first step in non-neural network modeling after data gathering is data preprocessing, which cleans and 
formats the data. Data preprocessing is an essential phase in the ML process that involves cleaning, 
transforming, and preparing raw data for training ML models[52]. This phase has a major impact on the final 
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Table 1. Data collection for the non-neural network analysis

Parameters Ranges Nos Role

Initial concentration of arsenic [As(III)] in ppm (initial conc.) 0.25-4.0 507 Predictor

Amount of adsorbent used (g per 50 mL solution) (adsorbent) 0.25-1.0 507 Predictor

pH of the solution (pH) 2.5-11.3 507 Predictor

Shaking speed in revolutions per minute (rpm) (shaking) 100-200 507 Predictor

Contact time in minutes (time) 30-300 507 Predictor

FeCl3·6H2O used in PFMB preparation (g per 50 g of media) (Fe/Iron salt) 0.25-0.75 507 Predictor

[Al2(SO4)3] used in PFMB preparation (g per 50 g of media) (Al salt) 0.25-0.75 507 Predictor

Moringa bark biomass included in PFMB (g per 50 g of media) (M. Biomass) 0.25-0.75 507 Predictor

Moringa bark biochar included in PFMB (g per 50 g of media) (M. Biochar) 0.25-0.75 507 Predictor

Adsorption capacity for As(III) in micrograms per gram (µg/g) (arsenic uptake) 507 Response

PFMB: Porous filter media block.

models’ efficacy and performance. Among the crucial phases in data preprocessing are data cleaning, data 
transformation, feature engineering, data normalization, scaling, normalizing, and encoding categorical 
information into numerical representations, which are common transformations[53,54]. Each predictor’s 
significance was examined independently using the F-test technique, and the features were ranked based on 
the analysis of the p-values obtained from the F-test findings. In ML and data analysis, the minimum 
redundancy maximum relevance (MRMR) test is a feature selection technique that helps find a subset of 
characteristics with high relevance to the target variable while preserving low redundancy among the 
features chosen. The best feasible set of characteristics that can maximally and mutually diverge from one 
another and accurately represent the response variable was chosen using the MRMR algorithm. Principal 
component analysis (PCA) is a dimensionality reduction approach used in feature importance analysis that 
can be used to characterize the association between descriptors and output variables[55]. Information gain is 
used to demonstrate the significance of the descriptors[56]. Most of the information present in a big set of 
variables can be retained when converting it into a smaller set of variables using PCA[57]. A new variable that 
corresponds to a linear combination of the original variables is the resultant main component[58]. In 
regression learners, dimensionality reduction can produce regression models that lessen the risk of 
overfitting. Next, the data are divided into testing and training sets. The model is trained using algorithms 
such as ensemble techniques, GPR, SVM, and linear regression on the training data. Reliability is ensured 
using validation techniques such as cross-validation, and the model’s performance is assessed on the testing 
set. Lastly, the model’s predictions are interpreted and important characteristics influencing arsenic 
adsorption are identified using respective techniques [Figure 1].

Non-neural network algorithms
Adsorption behavior can be modeled by researchers using ML techniques, considering a range of 
parameters including arsenic concentrations, adsorbent properties, and environmental factors. Non-neural 
network ML algorithms have shown great promise in the field of arsenic adsorption modeling utilizing 
PFMBs[59]. Cost-effective and practical descriptors for assessing adsorbent properties and predicting 
adsorption efficiency encompass macro-level factors such as operational parameters (adsorbent dosage, 
adsorbate concentration, contact time, and stirring speed)[60] and synthesis conditions (composition and 
proportion of raw materials, synthesis duration, and pH)[61]. In model training, output variables that are 
easily accessible and have cost-effective experimental attributes, such as adsorption capacity, removal rate, 
and efficiency, are commonly used[62,63]. The main goal of regression analysis is to identify a linear, planar, or 
hyperplanar model that minimizes the gap between the observed and predicted values[64,65]. ML can be 
classified into four main types based on the nature of the datasets and their corresponding labels: 
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Figure 1. Schematic flow chart of ML toolbox. ML: Machine learning; SVM: support vector machines; GPR: Gaussian process regression; 
MRMR: minimum redundancy maximum relevance; RMSE: root mean squared error; MAE: mean absolute error; SHAP: Shapley additive 
explanations; PDP: partial dependence plot.

supervised, unsupervised, semi-supervised, and reinforcement learning[66]. The objective of this study is to 
utilize supervised ML to target the adsorption capacity. The techniques used for estimating adsorption 
capacity and identifying major contributing factors include ensemble methods, GPR, SVM, and linear 
regression. These techniques provide robust frameworks for these purposes [Table 2].

Linear regression is a simple and widely used statistical method for modeling the relationship between a 
dependent variable (target) and one or more independent variables (features) by fitting a linear equation to 
the observed data. A linear relationship between the independent variable X and the dependent variable y is 
assumed by the linear regression model. The model can be expressed as follows:

y = β0 + β1·x1 + β2·x2 + … + βn·xn + ϵ

When the error term is represented by ϵ, the coefficients for the independent variables are xi, the intercept 
term is β0, and the coefficients for the independent variables are βi. According to linear regression, there 
must be a linear relationship between the variables, a normally distributed distribution of the errors, and a 
constant variance (homoscedasticity) of the errors. Among various available techniques, linear, interactions 
linear (IL), robust linear, and stepwise linear (SL) regression were evaluated in this study. The two best-
performing models, interaction linear regression and stepwise linear regression, were chosen for further 
evaluation with varying input features, both with and without the application of PCA.

SVM regression concentrates on identifying a hyperplane that captures a given fraction of the data inside a 
margin around the predicted values[57], in contrast to classic regression models that seek to directly reduce 
the mean squared error. Finding the hyperplane that best fits the data while permitting some variation or 
error is the goal of SVM regression[67]. SVM maps the input space derived from the independent variables in 
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Table 2. Algorithms evaluated for each model

GPR SVM Linear regression Ensembles of trees

Rational quadratic GPR Linear SVM Linear Boosted trees

Squared exponential GPR Quadratic SVM Interactions linear Bagged trees

Matern 5/2 GPR Cubic SVM Robust linear Optimizable trees

Exponential GPR Fine/medium/coarse SVM Stepwise linear

Optimizable GPR Optimizable SVM

GPR: Gaussian process regression; SVM: support vector machines.

a kernel function and focuses mostly on the border between classes[68]. The epsilon (ε), kernel function, and 
penalty parameter are all connected to the prediction accuracy of SVR. The parameter ε, which is utilized 
for training data fitting, governs the function of the ε-insensitive zone width. From available different 
presets, linear, quadratic, cubic, fine/medium/coarse and optimizable SVM were evaluated and the best one 
was selected as SVM. SVM, which operates based on statistical learning theory, is regarded as an exacting 
ML methodology[69]. SVM has been considered for regression analysis because of its great flexibility and a 
small number of tuning factors[70].

Ensemble methods, a supervised ML modeling technique for simulating the heavy metal adsorption 
process, are tree-based techniques[62]. It incorporates a variety of techniques, including decision trees, 
gradient boosting (GB), and RF, and can adapt to both classification and regression scenarios[71]. One of the 
ensemble learning methods, the boosting technique, is used to train the GB method[72]. By minimizing the 
prediction error for a regression problem, boosting is usually used to combine several weak prediction 
models into a final strong model with improved predictive performance. Bootstrap sampling is used in the 
RF algorithm to randomly choose the input variables and split the training data so that the trees develop 
independently of one another[73]. Cross-validation and other similar approaches are frequently used in 
hyperparameter tuning[74]. Among various Ensembles of trees, boosted trees, bagged trees, and optimizable 
trees were evaluated in this study before selecting the best one to train and model.

GPR is a non-parametric Bayesian regression technique that uses a distribution over functions to model the 
connection between input data and output values. When providing uncertainty estimates for forecasts, it is 
an effective way to capture intricate and non-linear interactions. A covariance (kernel) function and a mean 
function constitute a Gaussian Process. A key factor in GPR is the kernel function selection. It is crucial to 
select the right hyperparameters, such as those found in the kernel function. To increase the likelihood of 
the observed data, these hyperparameters are frequently optimized for GPR. Among various available 
techniques, rational quadratic, squared exponential, Matern 5/2, exponential, and optimizable GPR were 
tried and evaluated in this study.

Parameters optimization and model selection
Each of the four regression approaches, namely GPR, SVM, linear regression, and ensemble methods, offers 
a variety of pre-existing algorithms to choose from. The algorithms underwent rigorous testing and were 
evaluated based on their predictive accuracy. The algorithm with the highest effectiveness for each method 
was chosen, and feature selection techniques were subsequently utilized to improve the performance of the 
model. The feature selection approach entailed systematically lowering the least significant features to 
discover the ideal subset for each regression model, by assessing different combinations. Later on, PCA was 
utilized both with and without feature selection to assess its influence on model correctness. The integration 
of feature selection and PCA resulted in improved model accuracy. Ultimately, an optimization strategy was 
employed to further refine the model, utilizing the most effective combinations of PCA and feature selection 
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Figure 2. Evaluation and optimization of model (GPR). GPR: Gaussian process regression; PCA: principal component analysis; MAE:
mean absolute error; RMSE: root mean squared error.

[Figure 2]. In order to achieve optimization, three techniques were taken into consideration: Bayesian
optimization, grid search, and random search. Eventually, Bayesian optimization was chosen to fine-tune
the models.

Evaluation of model and validation
In order to overcome the constraints and possible shortcomings of ML models utilized in arsenic
adsorption research from aqueous solutions, evaluation and validation are essential. Inadequate or non-
representative datasets, sensitivity to hyperparameters, or problems such as underfitting or overfitting can
all pose problems for these models. To maximize the model’s performance and adaptability for adsorption
investigations under various experimental settings, rigorous validation guarantees the accuracy of
predictions. In order to ensure the data’s excellent quality, preprocessing procedures were employed. Both
the trial-and-error methodology and hyperparameter tuning approaches, specifically Bayesian optimization
in this case, were employed to fine-tune the hyperparameters. Regression models are assessed using several
approaches, such as the coefficient of determination (R2), mean absolute error (MAE), and root mean
squared error (RMSE)[75]. Training ML models requires avoiding both overfitting and underfitting[76]. By
adding a regularization loss function and expanding the training dataset, overfitting can be prevented[77]. On
the other hand, lowering regularization parameters and raising the model’s complexity - for example, by
utilizing larger polynomial terms or more features - can lessen underfitting[78]. Three types of validation
schemes are available: cross-validation, holdout validation, and resubstitution. Resubstitution is incapable of
preventing overfitting, whereas holdout validation is more effective for large datasets. Cross-validation is an
effective approach for evaluating a model’s ability to generalize and handle variations[79]. Ten percent of the
data in this study were allocated for testing, while the remaining 90% were used to train the model randomly
using five-fold cross-validation[80]. After the training process, a random selection of 10% of the data was set
aside to test the model and confirm its validation. ML models are often interpreted using the PDP, SHAP,
and LIME. By visualizing the correlation between certain input properties and the anticipated result, PDP
offers valuable insights into how modifications to particular variables impact the model’s predictions. SHAP
provides consistent and thorough explanations for the entire dataset by quantifying the contribution of each
feature to the model’s prediction using cooperative game theory. Rather than discussing the complete
model, LIME concentrates on elucidating specific predictions. It achieves this by constructing a localized,
simplified model approximation around the specific prediction being examined. When used in tandem,
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these techniques improve comprehension of intricate ML models and make them more accessible and 
useful. R2, RMSE and MAE equations are as follows: (1), (2), and (3). In these Equations, y represents the 
response value (sorption capacity), y represents the average response value, y is the model predicted value, 
and N is the observation number.

RESULTS AND DISCUSSION
Data collection and preprocessing
The initial data analysis involved calculating the mean, minimum, maximum, and standard deviation. 
Additionally, preprocessing processes were performed when required. No missing values were present. The 
histogram plot of all predictors is shown in Figure 3. In order to be suitable for regression analysis, data 
must undergo preprocessing techniques such as standardization, normalization, and modification. From the 
histogram plot, data transformation was done to make it normally distributed as much as possible. Figure 4 
shows the correlation coefficient values of arsenic adsorption capacity with nine variables among them. 
There was no presence of collinearity among the nine variables examined in the study. The significance 
levels of the different factors were consistent, and the Pearson correlation coefficients revealed a similar 
level of linkage among these variables.

These plots did not include fixed parameters beyond those used in the plot. The strongest correlation 
between the adsorption capacity and the starting concentration amount was observed. Since there are more 
ions available for adsorption, a higher initial concentration of arsenic leads to higher adsorption. 
Furthermore, it might decrease at low adsorbent concentrations, which would leave fewer sites available for 
adsorption[81,82]. The correlation plot revealed that the amount of iron salt utilized in the production of 
PFMB, together with the duration of the batch experiment, were identified as the two most significant 
elements impacting the outcome. The plot of adsorbent quantity utilization demonstrates an initial increase 
with higher amounts, followed by a subsequent drop with further increases in quantity. Once a location 
becomes accessible for adsorption, it can significantly enhance the effectiveness of removal.

Oversaturation can lead to ineffective adsorption since more adsorption sites might go unused, which 
would reduce overall efficiency[83,84]. The observed decline in correlation was partly caused by variations in 
the relationship between the parameters, which were shown by the correlation plot. For example, 125 rpm 
was the shaking speed that resulted in the best adsorption efficiency, but both lower and higher speeds 
decreased adsorption[51]. As shaking speed increased, desorption increased and adsorption decreased at 
lower speeds. Additionally, as iron salts were more successful in adsorbing heavy metals, the adsorption 
capacity was negatively correlated with adsorbent quantities and the substitution of iron salts for aluminum 
salts[85]. Interestingly, despite the fact that biomass and charcoal were supposed to improve porosity, their 

(1)

(2)

(3)

 

presence had no discernible effect on adsorption. Research has shown that biosorbents made from Moringa 
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Figure 3. Histogram plot of 09 predictors (507 nos).

Figure 4. Correlation coefficient plot for predictors and response.
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Figure 5. The analysis of feature importance using (A) MRMR and (B) F-test algorithms. MRMR: Minimum redundancy maximum 
relevance.

oleifera are effective in adsorption; nevertheless, compared to iron salts, metal salts may degrade composite 
performance[86]. Furthermore, interactions between the adsorbent and particular types of arsenic are 
significantly influenced by the point of zero charge (PZC). Higher pH values, usually between 5 and 10, 
improve adsorption, according to the link between pH and adsorption effectiveness[87]. Excellent As(III) 
adsorption capabilities were demonstrated by mesoporous iron oxide in the pH range of 5-9, with peak 
adsorption occurring at pH 8.0[88].

The analysis of feature importance using the MRMR and F-test algorithms is displayed in Figure 5. After 
that, the nine predictors were divided into three groups: composition of the adsorbent, condition of the 
pollutant, and experimental condition. The findings from both algorithms were quite similar, showing that 
the state of the pollutant had a greater influence on adsorption than any other factor, accounting for over 
50% of the total. The adsorbent composition had the least significant impact on adsorption.

ML models
SL and IL were the two methods used in the linear regression model. Using the F-test and MRMR to assess 
each feature’s relevance, the nine features were reduced to the top five. In addition, PCA was used. Based on 
the evaluation, it was determined that the IL model with six essential features produced the best results for 
training and validation when neither PCA nor the robust form were used. The three unused features were 
biochar, biomass, and Al salt. With a training duration of 7.7448 s, this model was able to predict 8,800 
observations per second. Evaluation parameters for the most efficient model were as follows: RMSE 7.867, 
MSE 61.89, R-squared 0.92503, and MAE 6.4483 for training validation; and RMSE 8.6876, MSE 75.475, R-
squared 0.9194, and MAE 7.4623 for testing [Figure 6].

The quadratic SVM was found to be the most effective model for our adsorption analysis during the 
training and testing phases of the SVM algorithm. The appropriate algorithms were chosen, and then 
feature selection, PCA, and optimization were carried out. The quadratic SVM, which employed an 
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Figure 6. GPR, GPR with PCA, and GPR optimize algorithms were used with variating input features to (A) R squared; (B) RMSE; and 
(C) MAE. Model of GPR optimize algorithm was tested with (D) R squared; (E) RMSE; and (F) MAE. GPR: Gaussian process regression; 
PCA: principal component analysis; RMSE: root mean squared error; MAE: mean absolute error.

automatic epsilon, automatic box constant, automatic kernel size, and quadratic kernel function, was the 
best SVM model. PCA was used, without optimization, keeping nine numerical components with all nine 
features that were chosen. The model’s prediction speed was about 4,200 observations per second, and its 
training time was 4.7034 s. We next compared these outcomes with those of other models. For training and 
validation, the most efficient SVM model showed RMSE of 8.0644, MSE of 65.034, R-squared of 0.92188, 
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and MAE of 6.5322; for testing, the results showed RMSE of 8.2772, MSE of 68.513, R-squared of 0.91671, 
and MAE of 6.7366 [Figure 6].

We used the bagged tree, boosted tree, and optimizable tree algorithms in the ensemble regression analysis. 
After applying feature selection, PCA was employed with every feature that had been chosen. The ensemble 
methods were then optimized, and the outcomes were contrasted to assess the performance of the 
regression. With an R-squared value of 0.92739, it was verified that the optimization ensembles including all 
9 characteristics produced the best outcomes without the use of PCA. The strong predictive performance of 
this model is indicated by the close alignment of test results and training time validation findings. Table 3 
lists all of the parameters that were used in the best ensemble model. An optimizable ensemble, the most 
efficient model, showed the following assessment metrics: RMSE was 7.7964, MSE was 60.784, R-squared 
was 0.92739, and MAE was 6.0745 for training and validation; RMSE was 6.85, MSE was 46.923, R-squared 
was 0.94389, and MAE was 5.414 for testing [Figure 6].

The GPR algorithm was used for regression analysis and modeling. Three presets were used: Matern 5/2 
GPR, rational quadratic GPR, and squared exponential GPR. The Matern 5/2 preset yielded the best results 
out of all of them and was kept for additional examination. After that, feature selection was used to examine 
the top 8, 7, 6, and 5 features with and without PCA. To preserve numerical values and the 95% variance, 
PCA was used. Thereafter, an optimizable GPR model was used and contrasted with alternative GPR 
models. The optimizable GPR with all 9 characteristics and no PCA produced the best results [Figure 6]. 
Table 4 provides a thorough breakdown of the parameters used in the optimized GPR model. The 
optimized GPR model demonstrated the subsequent assessment measures, making it the most efficient 
model: In testing, RMSE was 6.8707, MSE was 47.207, R-squared was 0.94289, and MAE was 5.45; in 
training and validation, RMSE was 7.1194, MSE was 50.686, R-squared was 0.93956, and MAE was 5.7789.

Comparison of ML models
Upon evaluating the efficacy of distinct ML methods in forecasting arsenic (III) adsorption capacity through 
the utilization of PFMBs, significant insights become apparent. The optimal GPR model performed better 
than the others, with the highest R2 values (0.94289 for the test and 0.93956 for validation) and the lowest 
RMSE (7.1194 for validation and 6.8707 for the test), demonstrating higher accuracy and dependability 
[Table 5]. For this approach, the test and training outcomes are likewise close, indicating the model’s 
accuracy. Figure 7 displays the true reaction and forecast, demonstrating how the perfect prediction and 
true values line up. According to the optimization iteration, after about 30 iterations, the lowest MSE 
difference between the observed and model values was reached. With an R2 of 0.94389 and a test RMSE of 
6.85, the improved ensemble model performed admirably, closely trailing the GPR in terms of predictive 
power. Comparing the parameters of a neural network model with a non-neural network model (GPR) 
using similar data sets showed that the neural network performed better than the GPR model during the 
validation stage. However, in the testing phase, the non-neural network model exhibited superior efficiency. 
The allocation of data varied among the training, validation, and testing stages for each model. Within the 
neural network, 70% of the dataset was allocated for training purposes, while 15% was designated for 
validation and the other 15% was set aside for testing. Conversely, in the case of non-neural network 
models, 90% of the data were utilized for training the model, which involved validation using five-fold 
cross-validation. The remaining 10% was set aside specifically for testing purposes. This comparison 
demonstrates that non-neural network techniques can be equally effective as neural network algorithms 
when used in these experimental data sets. In comparison to GPR and the ensemble model, the SVM with 
PCA showed lower R2 values (0.92188 for validation and 0.91671 for test) and somewhat higher error 
metrics (validation RMSE of 8.0644 and test RMSE of 8.2772), despite being effective. Using fewer features 
led to less accurate predictions, as evidenced by the interaction linear model with the best six features 
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Table 3. The parameters were used for the best Ensemble algorithms

ML 
model

Prediction 
speed

Training 
time Preset Method Minimum 

leaf size
Nos of 
learners

Learning 
rate

Nos of 
predictors 
used

iterations Training 
time limit

Ensemble ~600 obs/s 225.76 s Optimize Boosted 
trees

1 14 0.38311 9 30 False

ML: Machine learning.

Table 4. The parameters were used for the best GPR algorithms

ML 
model

Prediction 
speed

Training 
time

Signal 
standard 
deviation

Optimize 
numeric 
parameters

Basic 
function

Kernel 
function

Kernel 
scale Sigma iterations Training 

time limit

GPR 
optimize

~1,300 
obs/s

1,305.9 s 20.4671 Yes Constant Nonisotropic 
rational 
quadratic

0.12835 0.0020662 30 False

GPR: Gaussian process regression; ML: machine learning.

Table 5. Four ML algorithms with best model input conditions and results

Algorithms 
used

Feature 
used

RMSE 
(validation)

R squared 
(validation)

MAE 
(validation)

MAE 
(test)

RMSE 
(test)

R squared 
(test)

SVM (PCA) All 9 8.0644 0.92188 6.5322 6.736 8.2772 0.91671

GPR (optimize) All 9 7.1194 0.93956 5.7789 5.45 6.8707 0.94289

Ensemble 
(optimize)

All 9 7.7964 0.92739 6.0745 5.414 6.85 0.94389

Interaction linear Best 6 7.867 0.92503 6.4483 7.4623 8.6876 0.9194

Neural network[51] All 9 6.75 0.955 7.76 0.928

ML: Machine learning; RMSE: root mean squared error; MAE: mean absolute error; SVM: support vector machines; PCA: principal component 
analysis; GPR: Gaussian process regression.

Figure 7. (A) Model plots of optimizable GPR minimum MSE plot, and (B) prediction vs. true response plot of optimized GPR. GPR: 
Gaussian process regression; MSE: mean squared error.

having the greatest error metrics (validation RMSE of 7.867 and test RMSE of 8.6876). The investigation, 
taken as a whole, emphasizes the value of ensemble approaches and feature optimization in reaching high 
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Figure 8. Shapley plot for training [(A) for index:289], and for test [(B) for index: 30] with response plot of the model optimized GPR. 
GPR: Gaussian process regression.

predicted accuracy for adsorption capacity.

Model explanations
In this investigation, the contributions of individual variables to the adsorption capacity predictions were 
interpreted using SHAP. The SHAP values suggest that the initial concentration of arsenic and the time of 
contact have the most significant beneficial impact on adsorption efficiency. This highlights the critical roles 
that these factors play in the process. Furthermore, the interactions between features were emphasized using 
SHAP value distributions. For example, the combined impacts of temperature and pH had a greater 
influence on adsorption capacity than each variable alone. These observations are consistent with 
theoretical interpretations of adsorption dynamics, confirming the resilience of the model and improving 
our understanding of the underlying mechanisms. SHAP analysis was carried out utilizing both conditional 
and interventional approaches for a particular training data point (index 289), where the true value was 
94.52 and the predicted value was 101.4, and a test data point (index 30), with a true value of 89 and a 
predicted value of 84.84 [Figure 8]. The use of iron salt and the starting concentration of arsenic were 
shown to have the greatest effects in both situations, whereas the amount of adsorbent had the opposite 
impact. The dependability of the model’s explanations is supported by the consistency of these outcomes 
across approaches. These results were visually verified by the SHAP plots, which displayed the various 
contributions to the model’s predictions and how well they matched the actual values[89,90]. PCA was used to 
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Figure 9. PDP of the optimized GPR model. PDP: Partial dependence plot; GPR: Gaussian process regression.

reduce components to improve accuracy and simplify the model. PCA was applied in both available ways: 
by specifying explained variance and the number of components. For this study, all regression analyses 
showed better results when specifying the number of components than the explained variance. The figure 
shows the number of components required to explain 95% of the variance in the data.

The optimized GPR model was used to illustrate the association between nine important factors and the 
anticipated adsorption capacity of arsenic (III) onto PFMBs using PDPs [Figure 9]. The PDPs have detected 
some noteworthy tendencies, which are as follows: A direct correlation was observed between the sorption 
efficiency and the starting arsenic concentration, as the adsorption capacity increased rapidly from 40 to 
120 µg/g with an increase in the initial arsenic concentration ranging from 0.5 to 4 ppm. However, the 
sorption efficiency decreased from 75 to 55 µg/g when the quantity of adsorbent was raised from 0.25 to 1 g 
per 50 mL. The adsorption capacity exhibited a slight increase from 60 to 70 µg/g and 60 to 75 µg/g, 
respectively, with varying shaking speeds (100 to 200 rpm) and pH levels (3 to 12). The pH range specified 
denotes the optimal range for achieving maximum efficiency. The addition of iron salt (used as 0.25 to 0.75 
g per 50 g) enhanced the adsorption capacity from 50 to 90 µg/g. However, the addition of aluminum salt 
somewhat decreased it from 68 to 65 µg/g. The addition of 0.25 to 0.75 g of biochar and biomass reduced 
the adsorption capacity from 70 to 60 µg/g. Capacity rose from 50 to 90 µg/g when the adsorption duration 
was extended from 30 to 300 min. These results draw attention to the intricate interactions between 
variables and offer suggestions for improving adsorbent formulations and testing setups[91,92].
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Figure 10. LIME plots for training [(A) index:186], and for test [(B) index: 46] with response plot of the model optimized GPR using 
linear and decision tree model. LIME: Local interpretable model-agnostic explanations; GPR: Gaussian process regression.

Here, optimized GPR predictions on adsorption capacity were analyzed using artificial predictor data with 
5,000 samples, and LIME was used to provide an explanation. At index 46, where the experimental 
adsorption capacity was 93.27 and the model anticipated 87.36, we looked at the test data while maintaining 
a focus on local data locality with 1,500 neighbors and a kernel width of 0.75. Indicating that the linear 
model offered a closer approach to the model’s prediction, the LIME explanation values were 86.56 for the 
linear model and 63.89 for the tree-based model. As can be seen in Figure 10, the LIME explanations for the 
training data at index 186, with an experimental value of 114 and a model prediction of 116.4, were 112.04 
for the linear model (with a kernel width of 0.95) and 113.38 for the tree-based model. This implies that 
although the tree-based model can also give plausible explanations depending on the situation, the linear 
model constantly provides closer approximations.

CONCLUSIONS
Arsenic removal is sometimes difficult and expensive; however, using inexpensive adsorbents is a viable way 
to produce safe water. An efficient method for estimating adsorbent capacity without requiring a lot of trial-
and-error laboratory testing is ML modeling. In this work, we employed non-neural network algorithms as 
a feasible substitute for conventional neural network techniques in modeling arsenic adsorption studies. The 
data used in this work came from earlier batch tests on the adsorption of arsenic using a PFMB made of 
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biomass, aluminum salt, gypsum-based iron salt, and moringa bark biochar. Predictive models were created 
using four non-neural network algorithms: ensemble techniques, linear regression, GPR, and SVM. Nine 
predictors were considered, including variations in the adsorbent composition, such as the proportions of 
iron salt, aluminum salt, moringa biochar, and moringa biomass, as well as experimental circumstances 
such as pH, shaking speed, initial concentration, adsorbent amount, and time. Every algorithm underwent 
optimization via feature selection and PCA application. F-test and MRMR algorithms were utilized for 
feature reduction. Using R-squared, MAE, and RMSE values for comparative study, it was shown that the 
optimized GPR algorithm performed the best in terms of prediction. The most important variables in 
adsorption efficiency were the initial arsenic concentration, time, and iron salt content in the adsorbent. 
This was further clarified using SHAP, LIME, and PDP plots, which also demonstrated the effectiveness of 
the most efficient model. This paper shows that adsorption tests can be efficiently modeled by non-neural 
network techniques, and the performance of adsorbents may be optimized by using parameters that are 
generated from the model. By adding more controllable parameters or predictors, such as more specific 
physicochemical characteristics and experimental settings, the model’s effectiveness can be further 
increased. For the effective removal of heavy metals or other contaminants, this methodology provides a 
useful way to optimize composite adsorbents in removal technologies. In order to optimize the efficacy of 
the adsorbent composition and potentially expand its use in a variety of environmental cleanup initiatives, 
future research should investigate the integration of these extra components.
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Abstract
With increasing population and waste generation, organic waste disposal has presented an unprecedented 
challenge. Valorization of the waste for wastewater treatment emerges as a feasible way to recycle or upcycle the 
waste. Agricultural and non-agricultural waste has been successfully converted into biosorbents to remove various 
pollutants. Through reviewing 126 papers, this review aims to provide a comprehensive overview of the 
effectiveness and mechanisms of biosorbents from organic waste in adsorbing different organic and inorganic 
waste. Most recent studies have focused on using biosorbents to remove dyes, pharmaceuticals, and heavy metals. 
The biosorbents were synthesized primarily through drying and pulverization, or pyrolysis. Some biosorbents have 
been chemically treated with acids, alkalis, or salts to increase their surface functional groups. Furthermore, 
different biomass materials have also been combined to synthesize biocomposite sorbents. The extraction of 
lignocellulose and chitin from biomass as biosorbents is also common. Biosorption occurs via chemisorption and 
physisorption, with the former more prevalent among organic pollutants and the latter among inorganic pollutants. 
The Langmuir isotherm model, which indicates monolayer sorption, and the pseudo-second-order kinetic model, 
which implies chemisorption as rate-limiting, best describe most of the biosorption data. Biosorption is governed 
mainly by pH, temperature, initial pollutant concentrations, dosage and size of biosorbents, and contact time. This 
review highlights the need to standardize optimization procedures and develop cost-effective and scalable 
biosorption systems. It highlights the potential of biosorbents, especially biochar, as potential substitutes for 
activated carbon in the column adsorption process of tertiary wastewater treatment.
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INTRODUCTION
Organic waste is a term used to describe biodegradable materials that originate from plant or animal 
sources. This category includes a wide variety of items such as uneaten food, coffee grounds, fruit and 
vegetable peels, eggshells, yard waste, fallen leaves, branches, weeds, cut flowers, pet food, livestock manure, 
untreated wood, and paper or packaging stained with food [Figure 1][1]. Annually, the world produces 2.01 
billion tonnes of municipal solid waste, with a conservative estimate suggesting that at least 33% of this is 
not managed in an environmentally friendly way. Despite making up only 16% of the global population, 
high-income countries are responsible for about 34%, or 683 million tonnes, of the world’s waste[2]. By 2050, 
global waste is projected to increase to 3.40 billion tonnes, which is more than twice the expected 
population growth during the same period. The amount of waste produced in low-income countries is 
predicted to rise more than threefold by 2050. Middle- and low-income countries contribute 53% and 57% 
of food and green waste, respectively, with the proportion of organic waste increasing as the level of 
economic development decreases[2].

Each year, an estimated 11.2 billion tonnes of solid waste is collected globally. The decomposition of the 
organic portion of solid waste contributes to about 5 percent of global greenhouse gas emissions[3]. It 
produces a substantial amount of methane, a powerful greenhouse gas that plays a significant role in climate 
change. Organic waste can also contain substances such as antibiotics, chemicals, and pathogens that can 
infiltrate the soil and groundwater as the waste decomposes[4]. The appropriate handling of organic waste is 
vital for the sustainability of our environment. Valorization of organic waste into products with commercial 
values has been probed as the global shift toward the circular economy gains momentum[5,6]. Organic waste 
can be valorized through conversion into raw materials for energy sources or incorporation into finished 
goods. The latter is usually achieved by recycling and upcycling, which involve salvaging and reprocessing 
the waste into new, useful items[4]. Composting and aerobic digestion could convert organic waste into 
organic fertilizers and soil additives that add nutrients to the soil, as well as biogas, serving as a renewable 
energy source[7]. Organic waste contains a variety of essential phytochemicals, antioxidants, enzymes, and 
other bioactive compounds that can be extracted. Crop residues and by-products from food can provide the 
materials for manufacturing biofuels, bioplastics, and other biomaterials[8].

Organic waste can also be valorized as biosorbents. Biosorbents are materials of biological origin that can be 
used for sorption, particularly in removing contaminants from wastewater. Biosorption is generally a 
passive process that does not require energy[9]. The capacity of a biosorbent to eliminate contaminants relies 
on its kinetic equilibrium and surface characteristics. Since organic waste is made of cellular structures, 
contaminants are adsorbed to these structures when organic waste is employed as biosorbents[10]. 
Biosorbents play a crucial role in environmental cleanup efforts and are seen as a cost-effective solution for 
extracting toxic heavy metals from industrial wastewater, contributing to environmental remediation. They 
are capable of effectively eliminating toxic heavy metal ions, such as mercury, arsenic, lead, cadmium, and 
chromium, from polluted water[9]. Biosorbents can also remove other pollutants, such as dyes, pesticides, 
phenolic compounds, and fossil fuels. In wastewater treatment, these sorbents can be packed in an 
adsorption column where effluent with contaminants is fed into the column from the top[11]. The 
biosorbents adsorb the contaminants, and the clean effluent exits the column at the bottom. This process 
can be reversed to flush out the contaminants adsorbed. The biosorbents can then be reused or discarded 
and replaced[11].

Despite the rising interest in valorizing organic waste as biosorbents, the existing review is fragmented. 
Karim et al. reviewed the potential use of fibrous food waste for the biosorption of heavy metals. However, 
fibrous food waste is only a type of organic waste[12]. Though heavy metals have been the primary focus of 
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Figure 1. Examples of agricultural and non-agricultural organic waste. Agricultural organic waste originates from agricultural activities 
such as crop and fruit farming, while non-agricultural organic waste comes from food waste, yard waste, and various organic materials 
from natural habitats.

studies related to biosorbents, other types of pollutants in wastewater deserve attention. Okoro et al. were 
interested in reviewing the use of nanomaterial-based biosorbents to eliminate certain organic pollutants in 
wastewater. These nano-biosorbents comprise algae, bacteria, chitosan/chitin, and fungi[13]. Except for 
chitosan, which can be extracted from seafood waste, particularly the shells of crustaceans, other 
biosorbents are not considered organic waste. Additionally, seafood waste is one of the many different types 
of organic waste generated. The use of agricultural waste to produce biosorbents has garnered much review 
attention[14-16]. Agricultural waste, typically including waste from farms, poultry houses, and slaughterhouses, 
is a major constituent of organic waste but not its entirety. Organic waste also encompasses non-agricultural 
waste, such as food waste, yard waste, wood waste, and paper waste. Moreover, there is more interest in 
reviewing the ability of agricultural waste-derived biosorbents to remove heavy metals than other 
pollutants[15-17]. Park et al. gave an overview of the history, raw materials, and mechanisms of biosorption, as 
well as the synthesis of biosorbents. The overview did not examine the different types of organic waste that 
can be used for biosorbent synthesis and their specific adsorption performances and mechanisms in 
aqueous environments. Additionally, the overview was published over 10 years ago[18].

This review, therefore, aims to provide more comprehensive coverage of a wider array of organic waste for 
the biosorption of different pollutants from wastewater. Specifically, it aims to examine the efficiency and 
mechanisms of biosorbents derived from different types of organic waste in removing various pollutants 
from wastewater. It contributes to a better understanding of the feasibility of various biosorbents in treating 
wastewater while highlighting the latest innovations in their applications for wastewater treatment and 
future research directions.

METHODS
This review employed a narrative approach to comprehensively present the biosorbents derived from a wide 
array of organic waste for wastewater treatment. The literature search was conducted using databases 
primarily consisting of Web of Science, Scopus, and ScienceDirect. The keywords used in the search include 
adsorbent, biosorbent, organic, waste, water, wastewater, treatment, and household. To refine the search, 
the keywords were combined into key phrases such as organic adsorbent for water treatment, biosorbent for 
wastewater treatment, adsorbent from household waste, and adsorbent from organic waste. A total of 249 
articles were retrieved from the databases and were screened using these criteria: (1) the articles must have 
been published in the past 10 years, with those in the past 5 years prioritized; (2) they must be related to 
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adsorbents from organic waste; (3) they must include the use of the biosorbents to treat various wastewater 
contaminants, ideally with the efficiency and mechanism specified. The screening resulted in 126 articles to 
be included in this review.

AGRICULTURE-DERIVED ORGANIC WASTE
Agricultural waste crops that have undergone physical and chemical treatments can be utilized to eliminate 
contaminants from wastewater. The adsorption capacity of the biosorbents is influenced by their chemical 
composition and physical properties, such as density, porosity, particle size, specific surface area, and the 
size and distribution of pores[19]. These factors determine the ability of the biosorbents to adsorb a wide 
variety of ions and molecules[9]. Through appropriate functionalization, the selectivity of the biosorbents can 
be “engineered”. This enables customization of their affinity toward the intended pollutants and allows for 
their use in multiple applications[20]. For instance, acid modification of walnut shells was found to improve 
their biosorption of metals through the enhancement of sulfur-containing functional groups on their 
surfaces that facilitate complexation with metals[21] [Figure 2]. Agricultural waste may consist of crop waste, 
such as corn straw, rice and wheat, and sugar cane, as well as fruit waste, such as peels, pits, and shells. 
These types of waste are usually rich in cellulose, hemicellulose, and lignin, making them good candidates 
for activated carbon production [Figure 1][16].

Biosorbents can be physically synthesized from dried pulverized organic waste or chemically by converting 
organic waste to activated carbon [Figure 3]. The feasibility and adsorption efficiency of activated carbon 
production depends on the carbon content of the waste and the carbonization process[11]. The carbonization 
procedure frequently involves a combination of thermochemical and/or chemical methods to produce cost-
effective materials with high adsorption capabilities [Figure 3]. The production of activated carbon 
primarily involves pyrolysis, a thermochemical method conducted at elevated temperatures or combined 
methods that include the use of chemical substances and a somewhat reduced operating temperature 
[Figure 3][23]. At times, pyrolysis becomes the sole technique for carbonizing raw materials, especially when 
the biomass contains harmful compounds. However, if a combined carbonization approach is employed, 
intricate chemical reactions can take place effectively. Typically, the most desirable properties are achieved 
by activating with bases, acids, and mineral acid salts[24].

The thermochemical method is essentially a thermal treatment, which involves heating at temperatures 
ranging from 827 to 1,027 °C using air, steam, or supercritical CO2. Meanwhile, the combined method 
requires both thermochemical and chemical procedures[25]. While pyrolysis results in less environmental 
pollution and has a lesser environmental impact, biosorbents with superior adsorption characteristics are 
typically produced through chemical activation[25]. Comparatively, the physical method of producing 
biosorbent is simpler, often involving drying, crushing, and pulverizing of biomass or subjecting the 
biomass to ultrasound treatment [Figure 3]. This method can be combined with chemical treatments, as 
with pyrolysis, to enhance the biosorbent’s functional groups [Figure 3][16].

Adsorption of organic pollutants
Wastewater contains a myriad of organic pollutants, including pesticides, pharmaceutical and personal care 
products, polycyclic aromatic hydrocarbons (PAHs), dyes, and microplastics. Dyes are significant 
contaminants for wastewater from textile, paper-making, leather, and cosmetic industries, though their 
presence in municipal wastewater is not generally significant. Furthermore, they have received substantial 
attention in studies on applying biosorbents for organic pollutant removal[10,14,26]. They are, thus, included in 
the list of organic pollutants in this review. Some of the organic pollutants are persistent organic 
pollutants[27]. These are artificial organic chemical compounds that are either intentionally or 
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Figure 2. Various functional groups on the surface of biosorbents[22].

Figure 3. Synthesis of biosorbents. Organic waste can be physically or chemically treated to obtain the biosorbent materials, which are 
subsequently subjected to surface treatments or modifications to increase the adsorption capacity.

unintentionally produced. They pose a significant environmental threat due to their toxicity, persistence, 
ability to be transported over long distances, bioaccumulation, and potential harmful effects on living 
organisms[26]. The United States Environmental Protection Agency (USEPA) has defined the organic 
priority pollutants, which comprise multiple substances such as halogenated hydrocarbons, organochlorine 
pesticides, monocyclic aromatics, phthalate acid esters, PAHs, polychlorinated biphenyls, etc.[28]. Organic 
micropollutants are another group of organic pollutants characterized by their small sizes and low 
environmental concentrations. They could be persistent or non-persistent. Microplastics, polychlorinated 
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biphenyls, and certain pharmaceutical products are examples of persistent organic micropollutants[29]. These 
pollutants can be removed from wastewater via adsorption, with activated carbon being the most common 
sorbent.

Biosorbents from husks and shells
Biosorbents can serve as a sustainable alternative to activated carbon. As aforementioned, there is a wide 
variety of agriculture-derived waste types, such as husks, shells, peels, and stone fruits. Husks and shells are 
plentiful agricultural by-products that possess significant stability, extensive specific surface area, and good 
mechanical strength. They are primarily made up of lignin and polysaccharides[11]. Numerous studies have 
demonstrated the effectiveness of sorbents derived from these materials under experimental conditions for 
the biosorption of metal ions and organic compounds comprising bisphenol A, carbamazepine, diclofenac, 
naproxen, quinoline, and tetracycline[14]. They have also been used to reduce chemical oxygen demand 
(COD) and remove dyes. The capacity of crude and modified coconut shells, as well as waste coconut fiber, 
to remove various pollutants from wastewater samples has been studied. These pollutants include Congo 
Red (98.9%), Rhodamine-B (99.2%), phenol (64%), and diamond green (85%)[30-33]. Studies found that these 
biosorbents performed well in treating complex samples such as landfill leachate and industrial effluents, 
where multiple pollutants can be eliminated concurrently[34,35] [Table 1]. When landfill leachate samples 
were subjected to 5- to 25-time dilution, the efficiency of removing COD and dye using rice husk increased 
significantly[34] [Table 1].

However, a study also showed that the efficiency of removing certain pharmaceuticals like carbamazepine 
and diclofenac from both ultrapure water and wastewater effluents was lower in real samples compared to 
simulated ones. This lower efficiency could be due to the presence of solid substances and soluble organic 
compounds in wastewater, which give rise to a matrix effect, evident when the presence of numerous 
components in a sample affects the accuracy of measuring the analyte concentration[50,51]. Another study 
demonstrated the effective removal of crystal violet (97%) using Camellia oleifera shells modified with citric 
acid. The removal was due mainly to surface adsorption, intraparticle diffusion, and chemical interactions 
between the dye and the surface functional groups of the biosorbent[36]. Furthermore, it has been highlighted 
that rice husk can be used in constructed wetlands augmented with microorganisms to remove textile dyes 
from industrial wastewater. The efficiency of removing Black-5 azo dye using the biosorbent varied with the 
pH of the pollutant solution, achieving elimination efficiencies of 84%, 52%, and 55% at pH 4, 7, and 10, 
respectively[37]. This indicates the potential of using biosorbents together with other strategies to improve 
pollutant removal efficiency.

Biosorbents from fruit and vegetable peels
Additionally, fruit and vegetable peels are popular alternatives for biosorbents. Examples of common waste 
peels used for this purpose include avocados, bananas, lemons, oranges, pomegranates, and potatoes. These 
waste peels are commonly used for biosorption probably because they are widely consumed globally[14]. Due 
to their availability, they provide a cost-effective option for biosorbent production. Research has shown that 
raw banana peels and orange peels have a wide range of practical uses in treating wastewater. For instance, 
raw banana peels have been found to be effective in removing various organic contaminants such as PAHs, 
phenol, benzoic acid, salicylic acid, and Rhodamine-B dye from both simulated and real wastewater 
samples, with efficiencies more than 90%, except for phenol (60%) and benzoic acid (88.7%)[38,40,52,53].

Similarly, orange peel has displayed its potential in removing methylene blue and reducing total dissolved 
solids (TDS) and COD in real wastewater samples at efficiencies of 90%, 92.3%, and 88.8%, respectively[41] 
[Table 1]. In all these applications, the main interaction explaining the effectiveness of these materials has 
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Table 1. Adsorption performance of biosorbents from agricultural waste for organic pollutants

Biosorbent Contaminant Initial pollutant 
concentration pH Temperature Reaction

time Sorption capacity Removal (%) Ref.

Sulfuric acid-activated coconut husk Rhodamine-B 200-1,000 mg/L 7 30-50 oC 120 min 16,666.7 mg/g 99.2% [31]

Coconut shell Phenol 50-250 mg/L NA 25 oC 2 h 18.1 mg/g 64% [32]

Coconut shell Brilliant green dye 10-100 mg/L 2-12
(optimal 8)

NA 100 min NA 85% [33]

H3PO4-activated rice husk COD, color, NH4
+ 880 mg/L COD; 18 

mg/L NH4
+

NA 30 oC 24 h NA 80% COD; 90% color; 
100% NH4

+
[34]

Citric acid-modified Camellia oleifera shell Crystal violet 50-300 mg/L 7 20-40 oC 5 h 141.8 mg/g (40 oC) 97% [36]

Rice husk mixed with soil at a 1:1 ratio Black-5 azo dye 100 mg/L 4 25 oC 48 h NA 84% [37]

Banana peel Naphthalene, fluorene, 
phenanthrene

20 mg/L 7 25 oC 1.33 h 333.3 mg/g naphthalene; 
285.7 mg/g fluorene; 217.4 
mg/g phenanthrene

95% naphthalene; 98% 
fluorene; 98% 
phenanthrene

[38]

Pomegranate peel C.I. reactive yellow 125 mg/L 2 25 oC 1-100 min 209.7 mg/g (at 53.9 min) 75% [39]

NaOH-treated avocado peel Alcian blue; brilliant 
blue; neutral red; 
methylene blue

5-200 mg/L 2-12 30 oC 0-25 h 31 mg/g Alcian blue; 3.2 
mg/g brilliant blue; 6.9 
mg/g neutral red; 62.1 
mg/g methylene blue

99.6% Alcian blue; 
99.5% brilliant blue; 
99.8% neutral red; 
99.7% methylene blue

[40]

HNO3-activated orange peel Methylene blue 5-60 mg/L NA 25 oC 5-120 min NA No mixing: 84.2% (5 
min); 88.7 (120 min) 
With mixing: 90.2% (5 
min); 94.2% (120 min)

[41]

Raw orange peel (A); orange peel modified with 
instant controlled pressure drop (B); orange peel 
modified with NaOH and instant controlled pressure 
drop (C); orange peel modified with NaOH, citric 
acid, and instant controlled pressure drop (D)

RR-272; phenol RR-272 (50-800 
mg/L); phenol (0-
2,000 mg/L)

pH 5 (RR-
272); pH 7 
(phenol)

25 oC NA RR-272: 2.1 mg/g (A); 15.2 
mg/g (B); 12.2 mg/g (C); 
39.8 mg/g (D) 
Phenol: 4.6 mg/g (A); 17.8 
mg/g (B); 34.3 mg/g (C); 
14.9 mg/g (D)

640% (RR-272, raw 
orange peel); 1,812% 
(phenol, raw orange 
peel) 
(The percentage refers 
to adsorption capacity in 
comparison to orange 
peel)

[42]

Raw cactus peel BR46 200 mg/L 6 25 oC 180 min 82.6 mg/g NA [43]

Barley straw with H3PO4 and microwave treatments Norfloxacin 10-100 mg/L 7.03 25-55 oC 1-168 h 349 mg/g (25 oC); 359 
mg/g (35 oC); 387 mg/g 
(45 oC); 441 mg/g (55 oC)

95.5% (25 oC); 93.3% 
(35 oC); 95.4% (45 oC)

[44]

Corncob and sugarcane bagasse biochar Chlortetracycline 200 mg/L 3-7 25 oC 48 h 36.1 mg/g (pH 7, corncob); 
25.7 mg/g (pH 7, 
sugarcane bagasse)

59.6% (pH 5, corncob); 
84,5% (pH 4, sugarcane 
bagasse)

[45]

Citric acid functionalized magnetic graphene oxide 
coated corn straw (CA-mGO; CA-mGO5CS; CA-
mGO10CS)

Methylene blue 1,000 mg/L 8 25 oC 3 h 276.5 mg/g (CA-mGO); 
300.3 mg/g (GA-mGO10
CS); 315.5 mg/g (GA-
mGO5CS)

77% (CA-mGO); 82.4% 
(CA-mGO10CS); 84% 
(CA-mGO5CS)

[46]
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Rice straw and Phanerochaete chrysosporium Methylene blue 400 mg/L 5 37 oC 24 h (straw); 12 
days (straw + P. 
chrysosporium

140.4 mg/g 88% (28.4% 
biodegraded and 59.6% 
adsorbed)

[47]

Mango stones treated with iron oxide magnetic 
nanoparticles

Chloroquine; sertraline 20 mg/L 5-6 43 oC 24 h 49.4 mg/g (chloroquine); 
64.8 mg/g (sertraline)

86% (contaminant 
mixture)

[48]

Algerian date stone Methylene blue 10-100 mg/L 7 25-55 oC 10-120 min 6.7 mg/g (25oC) 98.8% (60 min) [49]

NA: COD: chemical oxygen demand; RR-272: reactive red 272.

been identified as chemisorption, where the contaminant molecules form strong chemical bonds with the surface of the biosorbents. A study showed that 
using NaOH and citric acid to modify orange peel in moderate conditions, along with thermal activation, greatly increased the efficiency of phenol biosorption 
by over 18 times and enhanced the removal of reactive-red dye (RR-272) by more than 6 times, indicating that chemical modification could potentially 
enhance the efficiency of biosorption[42] [Table 1]. Specifically, NaOH modifies and improves the structural properties of biosorbents, increasing their surface 
area and porosity, while citric acid can introduce more functional groups onto the surface of biosorbents. Akkari et al. utilized dried ground raw cactus fruit 
peel as an inexpensive and eco-friendly sorbent to eliminate basic red 46 (BR46) from water-based solutions. They found that the maximum adsorption 
capacity was 82.58 mg/g. The biosorption isotherm was better represented by the Freundlich model, while the kinetic biosorption data were well described by 
the pseudo-second-order model. The Freundlich model describes the adsorption process on heterogeneous surfaces, which is not limited to a monolayer. The 
pseudo-second-order kinetics suggest chemisorption as a likely mechanism. Moreover, their reuse study demonstrated that the biosorbent could be 
regenerated after three successive cycles using HCl as a chemical reagent. As with other studies, the biosorption process was spontaneous and exothermic[43] 
[Table 1].

Biosorbents from straws and corn cobs
Rice, wheat, and barley straws, as well as corn cobs, are frequently utilized as biosorbents. They are obtained from the fibrous remains of the plant body and 
are rich in lignin, cellulose, and hemicellulose. These agricultural residues have sparked considerable interest due to being valuable by-products of the plant 
cultivation process. They are notable not only for their abundant supply but also for their cost-effectiveness and widespread availability[54]. Barley straw was 
treated with phosphoric acid and exposed to microwave radiation to create a modified adsorbent. 0.5 mg of the modified barley straw was then tested for its 
effectiveness in removing 100 mg/L of norfloxacin at a neutral pH. The results showed a sorption capacity of 349 mg/g at 25 °C, 359 mg/g at 35 °C, 387 mg/g at 
45 °C, and 441 mg/g at 55 °C[44] [Table 1]. Two types of agricultural waste, corn cob and sugar cane, were utilized to remove the organic pollutant 
chlortetracycline. The reported removal efficiency for both biosorbents was over 90% at an optimal reaction time of 20 h[45] [Table 1]. Corn straw modified with 
citric acid and graphene oxide proved effective in adsorbing at least 80% of methylene blue at pH 8[46] [Table 1].

Using biosorption in conjunction with biodegradation provides another efficient option for eliminating methylene blue from wastewater. For example, when a 
mixture of 1.0 g of rice straw and a 5 mL suspension of the white rot fungus (Phanerochaete chrysosporium) spore was used, 88% of methylene blue with an 
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initial concentration of 400 mg/L was removed at pH 5.0. This removal process involved 28.4% of the total 
removed dye being broken down by P. chrysosporium, while the remainder was subjected to biosorption by 
fungal cells and biodegraded rice straw[47] [Table 1]. Similarly, a study conducted with a combination of rice 
straw and Bacillus subtilis showed at least 90% of methylene blue with a starting concentration of 400 mg/L 
was removed by 0.5 g of rice straw mixed with 0.2 mL of spore suspensions. The pH of the process was 
maintained at 7. The presence of both P. chrysosporium and B. subtilis led to an increase in the specific 
surface area of the straw and the generation of more functional groups, resulting in a considerable 
enhancement in removing methylene blue. Additionally, microbial biodegradation played a crucial role in 
the overall dye-removal process[55].

Biosorbents from stone fruits
Biosorbents can also be produced from stone fruits, particularly the seeds of fruits such as avocados, 
apricots, and peaches, due to their properties. Like other biosorbents derived from crops, fruit stones have 
high cellulose, hemicelluloses, and lignin content. The surface hydroxyl groups on these biosorbents can 
facilitate the introduction of various functional groups to enhance biosorption [Figure 2][10]. A study utilized 
oven-dried ground mango stones treated with iron oxide magnetic nanoparticles (MS-Fe3O4) to eliminate 
chloroquine and sertraline from polluted water[48] [Table 1]. Both contaminants required an optimal 
adsorbent dosage of 0.01 g. The pH level significantly affected their adsorption on MS-Fe3O4, with the most 
effective outcomes observed within a pH range of 5-6. Analysis of kinetic data suggested that the pseudo-
second-order model provided the best fit, with equilibrium attained at 16 and 4 h for chloroquine and 
sertraline, respectively. Isotherm studies indicated maximum adsorptive capacities of 49.42 mg/g for 
chloroquine and 64.79 mg/g for sertraline at 318 K, highlighting the favorable impact of elevated 
temperatures. The Sips model was observed to explain the adsorption more precisely. It combines elements 
from the Langmuir and Freundlich isotherms and is particularly useful for fitting adsorption data in cases 
where the adsorption surface is not uniform. It is, therefore, appropriate for systems with both homogenous 
and heterogenous adsorption sites at low and high adsorbate concentrations, respectively[48]. In another 
study, Algerian date pits were examined for their utility as a biosorbent to eliminate methylene blue from 
water solutions. The Freundlich model was determined to provide the most accurate representation of the 
adsorption isotherm. Upon conducting a kinetic study, it was observed that the pseudo-second-order model 
effectively described the adsorption process[49] [Table 1]. However, most of the studies on the use of stone 
fruits as biosorbents center on the biosorption of metal ions. This is further illustrated in the subsequent 
section.

Biochar and organically derived activated carbon
In addition to drying and pulverization, biosorbents can also be synthesized through carbonization to 
produce biochar or activated carbon. Carbonization can be performed on a wide variety of organic waste, 
and like non-carbonized biosorbents, they can be chemically treated to enhance sorption and 
recyclability[56]. An investigation was conducted to evaluate the effectiveness of using activated carbon 
derived from coconut shells to remove pentachlorophenol added to aqueous solutions passing through a 
column. The biosorbent exhibited a notable sorption capacity of 36.82 mg/g, particularly noteworthy for its 
efficacy under neutral pH and relatively gentle and economically feasible conditions, involving a 6-hour 
duration of contact and a temperature of 37 °C[57]. Naghdi et al. highlighted the effectiveness of activated 
carbon derived from pine wood in removing carbamazepine, which is commonly found in surface waters, 
even at very low concentrations ranging from 0.5 to 20 µg/L. This significant adsorption capacity was 
observed across a broad pH range of 3.0 to 8.0. The study also revealed that nanobiochar exhibited an 
adsorption capacity of 0.074 μg/g after 3 h of contact time. Furthermore, the results indicated that increasing 
the pH from 3 to 8 led to an improvement in the adsorption efficiency[58]. In a spiked sample containing an 
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initial methylene blue and Rhodamine B concentration of 1,000 mg/L at neutral pH, the cationic dyes were 
effectively captured using 20 mg of porous carbon derived from banana peels. This carbon material 
exhibited impressive sorption capacities of 744.39 mg/g for methylene blue and 520.29 mg/g for Rhodamine 
B, showcasing its potential for efficient dye sequestration[59]. In a study, carbonized yam peels were used to 
create a magnetic adsorbent to remove 2,4-dichlorophenoxyacetic acid (2,4-D). The activated carbon was 
modified using magnetite nanoparticles. The results showed higher adsorption at high 2,4-D concentration, 
low pH, and room temperature. The process was found to be exothermic and spontaneous. The magnetized 
activated carbon can be easily separated from water, and it retained 60% of its adsorption capacity after five 
cycles[56].

Implications
A wide variety of agricultural waste has been demonstrated to be potential adsorbents for various organic 
pollutants, particularly dyes and pharmaceuticals, and in some cases, COD in general. This waste often 
contains functional groups such as hydroxyl, carboxyl, and amino groups, which can facilitate the 
adsorption of a wide range of contaminants [Figure 2]. Using this waste aligns with circular economy 
principles, as it reduces waste, promotes resource recovery, and minimizes reliance on non-renewable 
resources[60]. The perishable nature of agricultural waste does introduce some challenges but generally does 
not significantly limit its potential as an adsorbent. In fact, with proper processing and treatment, perishable 
agricultural waste can be effectively transformed into stable, high-performance adsorbents[60]. Perishable 
agricultural waste can be converted into biochar or activated carbon through pyrolysis or carbonization. It 
can also be dried and pulverized. These processes transform short-lived organic materials into valuable, 
long-lasting adsorbents.

However, these biosorbents have varied biosorption efficiencies under different conditions and when 
applied to different pollutants. In practical use, owing to the different physicochemical characteristics of 
wastewater, optimization experiments are crucial to increase the performance of these biosorbents 
[Figure 4]. Biosorption has shown the flexibility of integrating with other methods, such as biodegradation, 
for better performance. Biosorbents can be synthesized physically, thermochemically, or via both methods, 
with different potential chemical treatments to enhance their surface functional groups for better 
performance. In most instances, biosorption of organic pollutants is characterized by the Langmuir or 
Freundlich isotherms and the pseudo-second-order kinetics, with chemisorption being more predominant.

Adsorption of inorganic pollutants
There are comparatively more studies conducted on the adsorption of inorganic pollutants, particularly 
metal ions, using biosorbents from agricultural waste. The remarkable performance of these biosorbents has 
been confirmed through their ability to eliminate over 90% of metals, including Cu2+, Cd2+, Pb2+, and Zn2+ 
[Table 2][61,62]. Among the tested metals, Pb2+ appears to be the most examined[71,63]. The primary mechanism 
driving biosorption is physisorption.

Biosorbents from husks and shells
A study compared the effectiveness of using 0.5 g/L of dried and ground almond, hazelnut, peanut, 
pistachio, and almond shells to extract Cd, Pb, and Hg from polluted water. Hazelnut shells demonstrated 
the highest potential for this purpose when tested with single and multiple contaminants in mineral water 
[Table 2][63]. Variations in the effectiveness of the different shells were attributed to the varying proportions 
of their cellulose, hemicellulose, and lignin. The presence of a complex heavy metal mixture in the water 
caused a decrease in Cd removal, likely due to reduced electrostatic interaction and complexation with 
anions such as Cl-. When all three contaminants were present in the water, they competed with each other, 
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Figure 4. Optimization of a biosorbent’s performance typically takes into account the temperature, pH, and ionic strength of the 
reaction medium, the initial pollutant concentration, the dosage and size of the biosorbent, and the contact time between the sorbate 
and biosorbent.

with lead demonstrating a greater affinity for the sorbent than mercury[63].

Walnut shell powder was subjected to chemical modification using sodium hydroxide and citric acid to 
create modified biosorbents with numerous pores serving as binding centers[64]. Analysis of Cr6+ adsorption 
at pH 2 using isotherm and kinetic models revealed that the adsorption behavior of Cr6+ was effectively 
explained by the Langmuir model, indicating the formation of a monolayer of the adsorbate on the surface 
of the biosorbents. The citric acid-modified biosorbent exhibited the highest maximum adsorption capacity 
for Cr6+ at 75.26 mg/g, followed by the sodium hydroxide-modified biosorbent at 69.56 mg/g, and walnut 
shell powder at 64.82 mg/g [Table 2][64]. Sodium hydroxide-treated dried and pulverized rice hulls were 
employed for the concentration, extraction, and reclamation of metal ions in both batch and column 
operations. The treatment notably enhanced the effectiveness of removing various metal ions[72]. The 
process was rapid for several ions (Ba, Co, Cd, Cu, Ni, Sr, and Zn), showing promise for efficiently 
removing low-level metal ions at high throughput. The primary removal mechanism is presumed to be the 
electrostatic attraction between the rice hulls and the metal ions. A pH level of 5 was found to be optimal for 
the biosorption of most metal ions[72]. This forms a significant difference from the adsorption of organic 
pollutants using husks and shells, which often relies on interactions such as van der Waals forces, hydrogen 
bonding, and hydrophobic interactions. However, polar organic pollutants also exhibit electrostatic 
interactions with biosorbents. Like organic pollutants, chemical modifications tend to improve the 
adsorption efficiency of biosorbents for metal ions.

Biosorbents from fruit and vegetable peels
The removal of Cd2+, Cr3+, and Pb2+ ions from real industrial wastewater at pH 6 using banana peel resulted 
in high biosorption efficiencies. Specifically, the removal efficiencies were 97.77% for Cd2+, 98.9% for Cr3+, 
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Table 2. Adsorption performance of biosorbents from agricultural waste for inorganic pollutants

Biosorbent Contaminant Initial pollutant 
concentration pH Temperature Reaction

time Sorption capacity Removal (%) Ref.

Rice husks Cu2+ 100-500 mg/L 2-7 25 oC 240 min 12.8 mg/g 100% (4 g biosorbent, 100 mg/L Cu2+) [61]

Risk husks treated with
CS2 to enhance sulfur-
bearing groups

Cd2+ 250 mg/L 7 15 oC 120 min 138.9 mg/g 90% [62]

Peanut, hazelnut, 
pistachio, walnut and 
almond shells

Cd, Pb, and Hg in 
single-element 
solutions

2 µmol/L 6.5-
7

22 oC 48 h Hazelnut shell (408-449 µg/g 
Cd; 693-767 µg/g Pb; 656-731 
µg/g Hg)

Peanut shell (97% Cd, 92% Pb, 65% Hg); hazelnut shell 
(98% Cd, 97% Pb, 90% Hg); pistachio shell (88% Cd, 91% 
Pb, 77% Hg); walnut shell (93% Cd, 72% Pb, 77% Hg); 
almond shell (81% Cd, 89% Pb, 79% Hg)

[63]

Walnut shell powder 
modified with alkali and 
citric acid

Cr6+ 20-120 mg/L 2 25 oC 40 min 64.82 mg/g (unmodified); 
69.56 mg/g (alkali-modified); 
75.25 mg/g (citric acid-
modified)

73.4% (unmodified); 69% (alkali-modified); 63.8% (citric-
acid-modified)

[64]

Banana peel Cd2+, Cr3+, Pb2+ Cd2+ (0.0003 mg/L); 
Cr3+ (0.05 mg/L); Pb2+ 
(0.1 mg/L)

6 25 oC 60 min Cd2+ (2.23 mg/g); Cr3+ (1.1 
mg/g); Pb2+ (3.1 mg/g)

Cd2+ (97.8%); Cr3+ (98.9%); Pb2+ (96.9%) [65]

Banana peel Th, U U (55.8 mg/L); Th (18.8 
mg/L)

4.1 25 oC 25 h U (8.99 mg/g); Th (0.0362 
mg/g)

U (70%); Th (100%) [66]

Orange peel and 
Aspergillus niger

Cd2+, Pb2+ 50-250 mg/L 5-6 30 oC 300 min Simulated sample: Cd2+ (370.4 
mg/g, pH = 5); Pb2+ (286 
mg/g, pH = 6)

Simulated sample: Cd2+ (96%, 300 min); Pb2+ (90%. 300 
min) 
Competitive sorption: Cd2+or Pb2+ (65%, 60 min)

[67]

Unmodified and citric 
acid-treated Byrsonima 
crassifolia endocarp

Cd2+, Ni2+ 25-100 mg/L 5 30 oC 24 h Unmodified in single solution: 
Cd2+ (1.71 mg/g); Ni2+ (0.95 
mg/g) 
Modified in single solution: Cd2+ 
(3.10 mg/g); Ni2+ (2.45 mg/g)

All biosorbents in binary solutions: Cd2+ (7.5-75%); Ni2+ 
(8.5%-97.4%)

[68]

Peach stone modified by 
citric acid

Cd2+, Cu2+, Pb2+ 6-120 mg/L 2-7 30 oC 180 min Cd2+ (37.5 mg/g), Cu2+ (32.2 
mg/g), Pb2+ (118.8 mg/g)

Cd2+ (89.6%), Cu2+ (97.2%), Pb2+ (93.4%) [69]

Avocado seeds As3+ 5-30 mg/L 6 25-40 oC 120 min 93.75 mg/g 65% at 20 mg/L As3+ [70]

and 96.9% for Pb2+ [Table 2][65]. It is worth noting that raw banana peels were found to have the same purification efficiency when used as a separation medium 
for thorium and uranium in laboratory and mine wastewater samples from South Africa [Table 2][66]. Orange peel has shown great potential for various 
applications, including the removal of metal ions such as Cu2+, Fe2+, and Mn2+[73]. In a study, a hybrid sorbent consisting of orange peel and the fungus 
Aspergillus niger demonstrated a 65% elimination efficiency in the simultaneous removal of Cd2+ and Pb2+ ions from real water samples with a pH of 5.5. This 
remarkable performance was achieved using just 0.5 mg of the hybrid sorbent [Table 2][67]. A study utilized banana, orange, and potato peels to create 
biosorbent beads for removing heavy metals from a solution. The beads showed higher uptake of As and Pb at neutral pH but decreased uptake of Cd, Cu, Hg, 



Page 13 of Tang. Water Emerg Contam Nanoplastics 2024;3:25 https://dx.doi.org/10.20517/wecn.2024.53 27

and Ni at higher pH. At equilibrium, the beads could remove up to 92%, 87%, 84%, and 90% of Cd, Cu, Hg, 
and Ni, respectively. The adsorption was primarily physisorption, following the pseudo-first-order model. 
Banana peel and orange peel beads were more efficient than potato peel beads due to their higher surface 
heterogeneity[74]. Another study used melon peel as a biosorbent to effectively remove Cu, Cd, and Pb from 
water. The NaOH-modified melon peel biosorbent showed increased functional groups and surface area, 
which are important for heavy metal adsorption. The Langmuir isotherm model fitted the heavy metal 
biosorption better. Maximum capacities for adsorbing a single metal (Cu, Cd, and Pb) were 77.76, 76.16, 
and 191.93 mg/g, respectively[75].

Biosorbents from straws
As for crop-derived sorbents, three types of rice straw-based biosorbents - raw rice straw, alkali-treated rice 
straw, and rice straw biochar - were analyzed for their ability to adsorb Cd2+ and Zn2+. Raw rice straw 
showed the highest adsorption, with 20.9% for Cd2+ and 8.4% for Zn2+[76]. The optimum pH for Cd2+ 
adsorption was 5 for all three adsorbents, while the optimum pH for Zn2+ was 4. The adsorption capacity 
best fitted the Freundlich isotherm for all adsorbents, indicating a heterogeneous property and a favorable 
adsorption process[76]. In a recent study, an environmentally friendly straw-based adsorbent was developed 
via acrylamide and citric acid surface modification to remove Cr2O7

2- and Cu2+ from water. The adsorption 
capacities of the modified biosorbent for Cr2O7

2- and Cu2+ in a mixed system saw significant increases (196% 
and 151%, respectively), attributed to a collaborative effect through electrostatic attraction. Both the 
functional groups and adsorbed pollutants served as adsorption sites[77].

Since crop-based biosorbents are rich in lignin, hemicellulose, and cellulose, studies have also been 
conducted to extract these materials for biosorption. Yu et al. investigated the performance and stability of 
carboxyl group-modified straws and their cellulose, lignin, and hemicellulose extracts for removing Pb2+[78]. 
It was revealed that modification significantly improved both the adsorption capacity and stability of the 
materials, with modified hemicellulose showing the highest adsorption capacity, followed by both modified 
lignin and straw and, finally, modified cellulose. The optimal pH range for Pb2+ adsorption was found to be 
between 4.0 and 5.0, with modified cotton and rape straw being more stable than modified maize straw 
within this range[78]. Mohammadabadi and Javanbakht used ultrasonic and gelation-solidification methods 
to extract lignin to synthesize a biocomposite as a biosorbent for lead[79]. The biocomposite beads were 
effective in lead removal from water under various conditions. Its maximum adsorption capacity was 
reported to be 344.83 mg/g at an initial lead concentration of 210 mg/L, a temperature of 328 K, and a pH 
level of 5. The study also investigated the adsorption kinetics and isotherms and found that they followed 
the pseudo-second-order kinetic model, as well as the Langmuir and Temkin isotherms[79]. This aligns with 
frequently reported Langmuir isotherm in other biosorption studies, though other isotherm models were 
also reported at times.

Biosorbents from stone fruits
As with organic pollutants, attempts have been made to synthesize biosorbents for inorganic pollutants 
from seeds and fruit stones. Monroy-Figueroa studied the effectiveness of using natural and chemically 
modified Byrsonima crassifolia endocarp for removing Cd2+ and Ni2+ ions[68] [Table 2]. Treating the biomass 
with citric acid improved its ability to adsorb these ions under competitive conditions. The citric acid 
modification increased the functional groups on the biosorbent’s surface through reactions with 
lignocellulosic materials. The process involves an ion-exchange mechanism, potentially involving surface 
carboxylic, hydroxyl, phenolic groups, and Ca2+ replacement. This is supported by the findings that the 
main elements found in the biomass were C, O, and Ca2+[68]. The peach stone modified with citric acid has 
been found to effectively remove Cu2+ at a sorption capacity of 118.8 mg/g, Pb2+ at 93.4 mg/g, and Cd2+ at 
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89.6 mg/g from solutions. This was observed under conditions of an initial metal ion concentration of 
200 mg/L, pH 5, and an adsorbent mass of 0.1 g [Table 2][69]. Additionally, when avocado pits were modified 
with citric, sulfuric, or tartaric acid, they exhibited enhanced sorption capacities between 3.3 and 21.8 mg/g 
for Cd2+, Cu2+, Ni2+, Pb2+, Zn2+, as compared to untreated avocado seeds, with sorption capacities between 2.5 
and 5.6 mg/g[70].

While acids, whether mineral or organic, are commonly used to functionalize the surfaces of biosorbents, 
basic functionalization has also been reported. For instance, Šoštarić et al. utilized apricot stone waste, 
which was treated with a 1.0 mol/L NaOH solution, to remove Cu2+, Pb2+, and Zn2+ (with an initial 
concentration of 400 mg/L) from a solution at a pH of 5.0[80]. The process involved using 0.5 g of biosorbent, 
resulting in the elimination of 81% of Cu2+, 87% of Pb2+, and 97% of Zn2+[80]. A recent study used jackfruit 
seed powder to efficiently remove As5+, Cd2+, and Cr6+ from water. The study optimized various conditions 
and found that the powder worked best at an adsorbent weight of 0.5 g, initial metal concentrations of 
40 μg/L (As5+), 30 mg/L (Cd2+), and 30 mg/L (Cr6+), temperatures between 25 and 30 °C, and a pH range of 
7-7.5[81]. The results aligned well with Langmuir (As5+, Cd2+, Cr6+), Freundlich (As5+, Cr6+), and Dubinin-
Radushkevich (Cd2+, Cr6+) isotherm models, indicating that heavy metal biosorption may not be limited to a 
specific isotherm model[81]. Nonetheless, the Langmuir isotherm has been more consistently mentioned than 
other isotherms. A study used dried and powdered Phyllanthus emblica fruit stones to remove Pb2+ and Cd2+ 
from water through adsorption. The biosorbent removed 80% of both heavy metal ions within 60 min at pH 
6. The process was determined to be endothermic, spontaneous, and feasible[82].

Biochar and organically derived activated carbon
Like organic pollutants, biosorbents are commonly subjected to chemical modifications, particularly 
treatments with acids and alkalis, to increase their sorption capacities. The lignocellulosic components of 
agricultural waste have been extracted for the biosorption of inorganic pollutants. Thermochemical 
treatment has also been employed to synthesize biosorbents in the form of biochar for inorganic pollutant 
removal. A type of magnetic biochar derived from banana peels exhibited high biosorption potential for 
Cu2+ (75.9 mg/g), Hg2+ (83.4 mg/g), and Zn2+ (72.8 mg/g) in individual systems at pH 6 within 3 h[83]. 
However, in multi-component systems, Hg2+ significantly inhibited the biosorption of Cu2+ and Zn2+. 
Additionally, the biochar showed higher biosorption affinity toward Hg2+ compared to Cu2+ and Zn2+[83]. 
Dieme et al. evaluated the effectiveness of activated charcoal composed of a combination of cashew shells, 
millet stalks, and rice pomace[84]. This charcoal was enhanced by a coating of Fe3+ ions to increase its 
chemical reactivity. The study focused on its ability to remove oxyanion As (V), and the results showed that 
the charcoal had an adsorption capacity ranging from 0.236 to 0.301 mg/g[84]. Erabee et al. studied the 
performance of activated biochar from coconut shells, modified with KMnO4, in adsorbing ammonia 
nitrogen (NH3−N) and S2- ions from leachate[85]. They found that the positively charged surface of the 
sorbent influenced the efficient binding of NH3−N and S2-, leading to biosorption capacities of 0.1979 and 
0.0065 mg/g, respectively[85].

Wang et al. (2019) explored the pyrolysis of pinewood biomass and natural hematite mixtures at different 
temperatures (300, 450, and 600 °C) under a nitrogen (N2) environment to create nanocomposites, 
designated as P1, P2, and P3, respectively[86]. The findings indicated that P1 could adsorb up to 0.0194 mg/g 
of Cd2+ and 0.0228 mg/g of Cu2+, P2 could adsorb up to 0.0155 mg/g Cd2+ and 0.0109 mg/g Cu2+, and P3, 
0.0146 mg/g Cd2+, and 0.0125 mg/g Cu2+. It was observed that increasing the pH from 3 to 5 enhanced the 
sorption of both Cd2+ and Cu2+, while higher ionic strength resulted in decreased Cd2+ sorption. Notably, 
Cd2+ sorption was reduced by over four times in the presence of Cu2+ in a binary system[86]. While the study 
indicates the effect of pyrolysis temperature on the adsorption capacity of a biosorbent, it also shows that 
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individual pollutants in a multi-component system could mutually affect the respective adsorption 
efficiencies. Furthermore, fifteen types of Caragana korshinskii biochar were synthesized by pyrolysis at 
varying temperatures and times in an oxygen-free environment[87]. The results indicated that the pyrolysis at 
650 °C for 3 h yielded biochar with the best performance. The maximum adsorption capacities were 
220.94 mg/g for Pb2+ and 42.43 mg/g for Cd2+. The amounts of biochar producing the optimal adsorption 
were 3 g/L for Pb2+ and 2.2 g/L for Cd2+[87]. At pH ranges of 3-6 and 6-7.5, adsorption was optimum for Pb2+ 
and Cd2+, respectively. The adsorption fitted the Langmuir and Freundlich isotherm models, as well as the 
pseudo-second-order kinetic model. The adsorption mechanisms were characterized by cationic-π 
interactions, electrostatic adsorption, intraparticle diffusion, ion exchange, physisorption, and precipitation, 
among others[87].

Implications
Similar to organic pollutants, the optimal conditions for biosorption of inorganic pollutants considerably 
vary, depending on the types of biosorbents and pollutants, thus prompting optimization studies specific to 
wastewater types [Figure 4]. Most of the studies on inorganic biosorption have been conducted on heavy 
metals due mainly to their toxic effects and environmental concerns. The biosorbents can be tailored via 
chemical treatments, pyrolysis at different temperatures, combining to form composites, and extraction of 
specific materials such as lignocellulosic components from biomass. While the Langmuir and Freundlich 
isotherms generally describe the adsorption behavior, the former is more commonly mentioned. 
Physisorption, particularly electrostatic interactions, is the predominant sorption mechanism. However, 
that does not rule out chemisorption, especially surface complexation, which is also common between 
inorganic pollutants and biosorbents. The presence of other metal ions has been reported to affect the 
adsorption of certain metal ions in binary or multi-component systems, confirming that a biosorbent may 
not be equally effective in removing different inorganic species from wastewater. This is also the largest 
limitation of biosorbent.

The studies reviewed highlight the potential matrix effect in real wastewater due to the complex mixture of 
substances therein that can influence the action and efficiency of biosorbents. This could be due to 
competitive adsorption, where different contaminants in wastewater can compete for the same binding sites 
on biosorbents, and the presence of organic matter, which can coat the biosorbent surface, blocking active 
sites or changing the surface charge[88]. In addition, high concentrations of dissolved ions can impact 
biosorbent performance, resulting in “screening effects”, which diminish the electrostatic interactions 
between biosorbents and charged contaminants, especially sorption involving ion exchange. Additionally, 
when multiple contaminants are present, biosorbents may exhibit varied affinities toward different 
substances[63]. For instance, Oladipo et al. reported that Cu2+ and Zn2+ biosorption was substantially 
hampered in the presence of Hg2+ in a multi-component aqueous system, while Wang et al. observed a 
reduction of Cd2+ biosorption in a binary system[83,86]. Additionally, Aranda-García et al. found that the 
biosorption efficiency of Ni2+ by a biosorbent from oak acorn shell decreased as the ionic strength in the 
solution rose from 2 to 2,000 mM. Higher ionic strength likely introduces competing ions, particularly 
divalent ions like Ca2+ and Mg2+, which have a greater negative effect on Ni2+ uptake than monovalent ions 
such as Na+ and K+[89].

The presence of matrix effects in wastewater highlights a major drawback of the current designs of 
biosorption studies, which often employ single-contaminant systems. These systems may not represent the 
multi-component nature of real wastewater. Pertile et al. pointed out that a NaOH-activated biosorbent 
from cones at a concentration of 0.1 mol/L adsorbed 96% Ni and 19% Zn from the wastewater of a 
neutralization station containing other heavy metals over a 20-min treatment. Despite these significant 
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reductions, the treated water did not conform to the required emission limits for safe discharge into the 
sewer system[90]. This limits the practical applications of biosorbents and underscores the importance of 
their modifications and optimization for enhanced performance.

NON-AGRICULTURE-DERIVED ORGANIC WASTE
Though agricultural activities generate a myriad of organic waste, this waste can also come from non-
agricultural sources. For instance, household waste containing food scraps and yard waste is a significant 
source of organic waste. Industrial and municipal solid waste, such as pulp, paper, and textile materials, is 
also rich in organic matter [Figure 1]. These types of waste have the potential to be converted into 
biosorbents. Nonetheless, studies on the production of biosorbents from non-agricultural organic waste are 
fewer than those on biosorbents from agricultural waste. The methods for converting these types of waste 
into biosorbents are the same as those for agricultural waste, often involving physical, chemical, and 
thermochemical methods, with or without chemical treatments.

Adsorption of organic pollutants
Huge amounts of fish scales are discarded as solid waste from seafood processing plants and fish markets. 
This biowaste can be used as a biosorbent in the treatment of wastewater. Devasena et al. investigated the 
use of waste fish scales as a biosorbent to treat pollutants in seafood processing plant wastewater[91]. The 
treatment showed over 70% removal of nitrite, phosphate, and biological oxygen demand (BOD), and over 
95% removal of ammonia and COD. The best adsorption for BOD, COD, and ammonia was attained when 
a biosorbent dosage of 1 g/100 mL was used, with a contact time of 90 min. The adsorption was 
characterized by the Langmuir and Freundlich isotherm models[91]. A study examined the process of 
removing methylene blue from a water solution using fish scales modified with Fe3O4 nanoparticles[92]. The 
biosorbent’s structure contained collagen fibers, apatite crystals, and nano-magnetite particles. Methylene 
blue adsorbed onto the biosorbent through physisorption, which was best characterized with the Sips 
isotherm equation. Its maximum adsorption capacities estimated with the Langmuir and Sips models were 
68.72 and 60.87 mg/g, respectively. Its adsorption kinetics fitted the pseudo-second-order model[92]. Neves et 
al. examined the impact of NaCl and surfactant on the removal of reactive blue 5G dye using unmodified 
fish scales[93]. Using phenomenological modeling, the researchers found that despite the nonporous nature 
of the fish scales, they displayed a notable adsorption capacity of approximately 291 mg/g. This high 
adsorption capacity is attributed to the strong affinity between the adsorbent and the adsorbate, as well as 
the adsorption of dye aggregates onto the biosorbent. The addition of NaCl and a surfactant raised the 
sorption capacity to 291 and 299 mg/g, respectively[93]. These findings highlight fish scales as a viable 
biosorbent.

Food waste containing pollutants is a major concern for disposal. Traditional methods for handling food 
waste are not effective when the waste contains harmful chemicals such as As3+. Vakili et al. recommend 
using an alkali pre-treatment process to decontaminate the waste and reutilize it as an adsorbent for 
wastewater treatment[94]. The research findings indicate that treating the contaminated food waste with 
0.8 M NaOH at 60 °C for 4 h successfully removes As3+ with an impressive removal efficiency of 99.8%. The 
alkali-treated waste displayed a strong adsorption capacity for methylene blue, achieving an adsorption 
capacity as high as 534.6 mg/g when the pH was 9 and the adsorbent dosage was 40 g/L[94]. The adsorption 
aligned with the intraparticle diffusion and Temkin models. Additionally, the adsorbent can be reused for 
not less than 4 cycles without losing its efficiency in removing methylene blue substantially, thus 
highlighting its practical potential[94]. Attempts were made to utilize brewery residue for organic pollutant 
removal. A study investigated the use of brewery residue (Saccharomyces pastorianus) to remove methylene 
blue from water[95]. The findings showed that immobilizing Saccharomyces pastorianus in sodium alginate 
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resulted in effective dye removal. Microencapsulation of the residue, a pH of 9, a biosorbent dose of 5.28 g/
L, and a contact time of approximately 100 min resulted in the most effective sorption[95]. The Langmuir 
model best represented the biosorption isotherm. The maximum biosorption capacity estimated with the 
model was 188.7 mg/g at room temperature. The biosorption mechanism was chemical or physical in nature 
and was found to be influenced by biosorbent particle size[95].

Attempts to use the shells of marine organisms to adsorb organic pollutants show varying results. The 
potential of using the shells of Corbicula fluminea as a natural sorbent for treating toxic olive oil mill waste 
was studied[96]. The results showed that the shells were not effective in adsorbing chemicals from mill waste, 
particularly aromatic structures, after a 14-day treatment. An increase in pH and COD levels of the mill 
waste and spectroscopy data implied that the shell dissolved partially[96]. In a different study, snail shell dust 
from Bellamya bengalensis was utilized to treat industrial wastewater[97]. The study examined variations in 
multiple water quality parameters, including BOD, COD, dissolved oxygen, pH, and the levels of inorganic 
ions, after the treatment. The results indicated that with a 15 g/L application rate over 4 days, all parameters 
except dissolved oxygen displayed a significant decrease in concentration, in contrast to the findings of the 
previous study using the shells of Corbicula fluminea[97]. A study used shrimp shell chitin to remove COD 
and polyphenols from olive mill wastewater[98]. The optimized conditions for maximum removal were found 
to occur at a pH of 12, an adsorbent concentration of 10 g/L, a contact time of 24 h, and a stirring speed of 
420 rpm. The maximum adsorption capacity for polyphenols reached 69.47%, while the maximum COD 
removal achieved 43%, contrary to another study on olive mill wastewater decontamination using Corbicula 
shells[96,98]. Kinetic studies showed that the pseudo-second-order model provided a better fit for the 
adsorption behavior than the intraparticle diffusion and pseudo-first-order models[98]. This implies that the 
types of shells used could have opposing or different effects on the same kind of wastewater. Chitin could be 
the main material in shells that confers its adsorbent characteristics[11]. Generally, when shells are pulverized 
to a smaller particle size, the surface area increases, and more chitin is exposed. The findings from an 
adsorption study revealed that finer waste oyster shell powder (average 8.15 µm) adsorbed Congo red and 
methylene blue to a substantially greater extent, with an increase of 48.3% and 62.5%, respectively, 
compared to the ordinary shell powder (average 27.75 µm). Notably, the adsorbent can remove more Congo 
red than methylene blue, because of the presence of cationic chitin[99].

There has been increasing interest in using Eichhornia crassipes, an aquatic weed, to remove synthetic dyes 
due to its wide availability. Saufi et al. explored the potential of the dried leaves and roots of E. crassipes in 
removing Rhodamine B[100]. Their findings indicated that the leaves had a greater capacity for adsorbing 
Rhodamine B compared to the roots. Additionally, they observed that increasing the initial dye 
concentrations and the duration of contact between the biosorbent and dye solution led to enhanced 
removal of the dye by both the roots and leaves. The adsorption data were effectively represented by the 
pseudo-second-order kinetic model and the Langmuir isotherm model[100]. In a study by Kulkarni et al., the 
biosorption capacity of dried roots of E. crassipes for crystal violet dye was examined[101]. It was reported that 
higher temperatures intensify the bond between the dye molecules and the bonding sites within the roots of 
E. crassipes (when sprayed). The adsorption behavior was tested with the Langmuir and Freundlich 
isotherm models. The authors concluded that the Freundlich model fitted the biosorption equilibrium data 
better. Additionally, they found that the pseudo-second-order model offered the best representation of the 
biosorption kinetic data[101]. Patil et al. studied the use of live roots of E. crassipes to remove crystal violet 
from water[102]. They found that the Freundlich isotherm model best described the biosorption process, 
indicating multilayer biosorption on an energetically heterogeneous surface. They also observed that the 
pseudo-second-order model was most suitable for describing the adsorption kinetics[102].
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The pseudo-second-order model seems to primarily govern the kinetics of organic pollutant biosorption 
using various non-agricultural biosorbents. While the Langmuir isotherm predominantly describes the 
adsorption behavior, other isotherms, such as Freundlich and Sips, are also frequently mentioned. Other 
than the variability caused by different biosorbents and pollutants, this review highlights the possibility of 
magnetizing the biosorbents to facilitate their separation, and immobilizing the microbial consortia in 
certain waste such as brewery waste for biosorption. In addition, some biosorbents may not be suitable for 
certain types of wastewater and may worsen contamination. This prompts the careful selection of 
biosorbents according to the purpose for optimal performance.

Adsorption of inorganic pollutants
A study revealed that mussel shells can effectively remove ammonium from water. Optimal adsorption was 
observed to occur over 90 min using 700 mg/25 mL of ground mussel shells, with an initial ammonium 
concentration of 40 mg/L and a pH level of 8[103]. The maximum adsorption capacity was 2.33 mg/g, with an 
efficiency of 46.6%. The adsorption process was well described by the Freundlich isotherm model and both 
pseudo-first-order and pseudo-second-order kinetics[103]. Esmaeili et al. (2020) successfully employed the 
calcined shell of the Solamen vaillanti snail for the extraction of Cu2+, Co2+, and Pb2+ from a solution[104]. The 
optimal conditions for the removal process were observed at a pH of 5 for Co2+ and Pb2+ and a pH of 4 for 
Cu2+. Optimal adsorption occurred at a temperature of 25 °C, with an initial metal ion concentration of 
10 mg/L and an adsorbent dose of 2 g/L, over a contact time of 60 min. Moreover, the Langmuir model 
indicated the highest adsorption capacities for Pb2+, Co2+, and Cu2+ to be 26.04, 29.41, and 33.55 mg/g, 
respectively[104]. Similar to the extraction of lignocellulosic materials from crop residues as biosorbents, 
specific shell components can also be extracted for the synthesis biosorbents. Ali et al. conducted a study 
where they used chitosan nanoparticles derived from shrimp shells for the adsorption of Fe2+ and Mn2+ from 
wastewater[105]. Through batch experiments, it was found that the maximum adsorption capacity for Fe2+ was 
99.8% at 116.2 mg/g, and for Mn2+ was 95.3% at 74.1 mg/g. The pH levels of 4 and 5 were optimal for Fe2+ 
and Mn2+ adsorption, respectively, where the initial ion concentration was 40 mL/g. Optimal adsorption 
occurred over a contact time of 100 min with an adsorbent dose of 10 g/L[105]. As with other studies[103,104], the 
adsorption was best described by the pseudo-second-order and the Langmuir models.

Foroutan et al. explored the process of extracting Pb2+ from an aqueous solution using Vanami shrimp 
peel[106]. They achieved an impressive removal efficiency of 98% by optimizing various factors, including 
maintaining a pH of 6, a temperature of 30 °C, a contact time of 130 min, employing an adsorbent dose of 
5 g/L, and starting with a Pb2+ concentration of 60 mg/L. Utilizing the Langmuir model, they were able to 
determine the maximum adsorption capacity, measuring at 24.331 mg/g[106]. In a study using the Taguchi 
method, oyster shell powder was used to remove Cd2+ from water[107]. Optimal removal was recorded when 
the biosorbent was calcined at 900 oC, and the reaction pH was 10. Biosorbent calcination at 900 oC or 
higher temperatures led to a larger surface area. The study also found pH to contribute most significantly to 
the adsorption performance of the biosorbent, followed by temperature, pollutant concentration, biosorbent 
dosage, and contact time[107]. This study also highlights the potential of thermochemical methods, in this 
case calcination, in synthesizing or improving the performance of biosorbents.

Other than organic pollutants, fish scales also show potential for removing inorganic pollutants. A study 
focused on using waste fish scales as a biosorbent to remove Cr3+ metal ions through batch experiments[108]. 
The highest removal of Cr3+, at 99.8%, occurred using 0.8 g of the biosorbent, a solution pH of 5, and a 
contact time of 90 min, with an initial Cr3+ concentration of 150 mg/L. The Langmuir isotherm model best 
described the experimental data, with a maximum adsorption capacity of 18.3 mg/g. Additionally, the 
adsorption kinetics were observed to follow the pseudo-first and second models well[108]. Conversion of fish 
scales to biochar through a thermochemical approach has been conducted. Devasena et al. focused on using 
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waste fish scales to create biosorbents for treating pollutants in fish processing wastewater[91]. The findings 
showed that fish scale biochar effectively reduced BOD by 87% and COD by 84% within 150 min. The ideal 
pH range was identified as 6-8, and the experimental results aligned well with the Langmuir isotherm and 
pseudo-second-order kinetic models[91]. Fish scale biochar was also used in another study aiming to assess 
its effectiveness in removing toxic Cd2+ from contaminated water. Key design parameters and biosorption 
performance were investigated through batch and fixed-bed experiments. Batch experiments revealed that 
the maximum adsorption capacity of the biosorbent was 99.14 mg/g, and it was monolayer (Langmuir) in 
nature. The removal efficiency was 95.4% under a batch mode and 99% under a dynamic flow mode. The 
biosorbent retained a biosorption capacity of more than 78 mg/g and a recovery rate of 99% after 10 
sorption/desorption cycles. Cd2+ was found to be immobilized by the –NH, –OH, and carboxyl groups[109].

In a study, food waste was combined with iron to yield Fe-loaded food waste biochar, which was then 
examined for its capacity to adsorb phosphate from water[110]. The study involved adjusting the temperature, 
pyrolysis time, and iron concentrations. The findings demonstrated that the biochar effectively captured 
phosphate, with the adsorption process explained by pseudo-second-order and Elovich kinetic models. The 
Freundlich and Redlich–Peterson isotherm models provided a more precise representation of the phosphate 
adsorption onto the biochar compared to the Langmuir isotherm model[110]. In another study, a similar iron-
infused food waste biochar was employed to adsorb Se6+ from water[111]. The study revealed that the duration 
of pyrolysis did not significantly affect the Se6+ adsorption capacity of the biosorbent, but the temperature 
and Fe concentration were influential factors. Pyrolysis over 3.5 h, at 495.0 °C, with 0.44 M Fe added, 
resulted in optimal adsorption[111]. Se6+ adsorption best fitted the pseudo-second-order and pseudo-first-
order kinetic models. Additionally, the Freundlich model was a better fit for the equilibrium adsorption data 
compared to the Langmuir model. The biosorbent can adsorb Se6+ at a capacity as high as 11.7 mg/g[111].

Though not as prevalent as other organic waste, dead or loose seaweeds floating in water or accumulating 
on beaches can constitute a portion of the waste. The potential of seaweeds as biosorbents has been 
explored. In a study, the ability of Sargassum tenerrimum to remove Cr6+ was examined through batch 
experiments[112]. Biosorption was observed to be maximum at 25 oC and pH 2, with a biosorbent particle size 
of 0.6 mm. The Langmuir isotherm model satisfactorily described the adsorption behavior and gave a 
maximum adsorption capacity of 37.7 mg/g dry biomass. Employing the biosorbent for batch treatment of 
real tannery wastewater under optimal conditions revealed a Cr6+ removal efficiency of around 88%[112]. Al-
Homaidan et al. (2018) investigated the use of three types of green algae, namely Enteromorpha intestinalis, 
Microspora amoena, and Cladophora glomerata as biosorbents to remove Cr6+ from the water via batch 
experiments[113]. They found that C. glomerata had the highest removal efficiency of up to 66.6% at pH 2.0 
and 45 °C over 60 min when a dosage of 1.0 g dried algal cells/100 mL and a starting Cr6+ level of 20 mg/L 
were used. They also determined that the Freundlich model provided a better fit for the equilibrium 
data[113]. Additionally, a biosorbent derived from Jania adhaerens was employed to adsorb Cu2+ from 
water[114]. The kinetics data were suitably described using the pseudo-second-order model. The Langmuir 
model best represented the adsorption isotherm and demonstrated the highest adsorption of 67 mg/g. The 
biosorption was facilitated by amine, carboxyl, and sulfonate functional groups [Figure 2]. A main 
mechanism underlying the biosorption was identified to be ion exchange[114].

Again, here, the Langmuir and the pseudo-second-order models satisfactorily describe the isotherm and 
kinetics of most of the studies reviewed. A study on various factors influencing biosorption found the 
influence of pH to be the strongest[107]. The presence of salts and surfactants in the aqueous solutions can 
also affect or increase biosorption efficiency, implying that modifying wastewater could be an option to 
improve biosorption.
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DISCUSSIONS
Adsorption has gained significant attention compared to other wastewater treatment methods because of its 
effectiveness in removing various contaminants, cost-effectiveness, and simplicity. In particular, biosorbents 
have been highlighted for their potential, as they are often derived from agricultural by-products, making 
them more affordable and sustainable than activated carbon, another commonly used adsorbent[115]. They 
are biodegradable and some can be regenerated for reuse, simplifying disposal and management. However, 
biosorbents may suffer variable performance, influenced by the type of biosorbent used, the nature of the 
pollutants, and environmental conditions. Furthermore, they may have lower adsorption capacities than 
activated carbon[15,116]. A study comparing the adsorption capabilities of commercial adsorbents and 
biosorbents for fluoxetine in water found that among commercial options, granulated activated carbon 
(233.5 mg/g) topped the list, followed by zeolite 13× (32.11 mg/g) and zeolite 4A (21.86 mg/g). For low-cost 
biosorbents, the order was spent coffee grounds (14.31 mg/g), then pine bark (6.53 mg/g), and cork waste 
(4.74 mg/g)[117]. This indicates the superior adsorption capacities of commercial adsorbents. However, a cost 
analysis showed that commercial adsorbents had a higher cost per gram of fluoxetine removed, with zeolite 
4A costing 6.85 €/g, zeolite 13× costing 3.13 €/g, and granulated activated carbon costing 1.07 €/g. In 
comparison, low-cost biosorbents offered lower costs: pine bark was 0.92 €/g, cork waste was 0.41 €/g, and 
spent coffee grounds were the least expensive at 0.16 €/g[117]. Biosorbents were generally more cost-effective 
for the same amount of contaminant removed.

The variability of biosorbents is also demonstrated in this review, where the adsorption capacities of 
different biosorbents vary with different pollutants, as shown in Table 3. Avocado peel stands out as an 
effective biosorbent for dyes, while H3PO4-activated rice husk could remove all ammonium from water. Rice 
husk also eliminated Cu2+ in an experiment. Hazelnut shells and banana peels perform excellently as 
adsorbents of multiple heavy metals. Chitosan nanoparticles, Vannamei shrimp peels, fish scales, and fish 
scale biochar are also good adsorbents of metal ions [Table 3]. Chitosan is derived from the exoskeletons of 
crustaceans, confirming the potential of shrimp peels as a biosorbent. Additionally, the abundance of these 
waste types makes them good candidates for biosorbent production. For instance, approximately 8.4 million 
tonnes of avocados were produced worldwide in 2021, and with the peel accounting for about 10%-15% of 
an avocado’s total weight, it is estimated that 840,000 to 1.26 million tonnes of avocado peel waste is 
produced annually. The annual generation of risk husk is estimated at 100 million tonnes, while that of 
banana peel is approximated at 36 to 48 million tonnes[118]. Valorizing these waste materials as low-cost 
biosorbents could substantially reduce the volume of organic waste bound for landfills. Turning these waste 
materials into biosorbents substantially extends their lives, and this process typically requires only drying to 
reduce the moisture content without the need for extensive and energy-consuming preservation procedures, 
such as freezing.

In some instances, the carbonization of the biosorbent materials increases their performance. A study 
comparing the effectiveness of Euryale ferox Salisbury seed coat and its activated carbon in removing Pb2+ 
ions revealed that the activated carbon achieved an impressive removal efficiency of 99.9% for Pb2+, while 
the seed coat itself only managed to remove 89.5% of the ions at neutral pH[119]. Another study reported that 
biochar was notably more efficient than woodchip in reducing COD, total organic carbon, and fecal 
indicator bacteria. The reasons for this could be its higher porosity, larger surface area, and greater chemical 
stability after carbonization[120]. Additionally, biochar can be customized through additional treatment to 
target specific pollutants. Different feedstocks can be mixed to produce biochar, further alleviating the 
concern for raw material supply for biosorbent production[121]. Mixing feedstocks may enhance functional 
group diversity, which can improve the adsorption of a wider range of contaminants from wastewater.
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Table 3. Best-performing biosorbent with more than 90% removal efficiency based on pollutant type

Pollutant Biosorbent Removal (%)

Rhodamine-B Sulfuric acid-activated coconut husk 99.2%

NH4
+ H3PO4-activated rice husk 100%

Crystal violet Citric acid-modified Camellia oleifera shell 97%

Naphthalene 
Fluorene 
Phenanthrene

Banana peels 95% 
98% 
98%

Alcian blue 
Brilliant blue 
Neutral red 
Methylene blue

Avocado peels 99.6% 
99.5% 
99.8% 
99.7%

Norfloxacin Barley straw with H3PO4 and microwave treatments 95.5%

Cu2+ Rice husks 100%

Cd 
Pb 
Hg

Hazelnut shells 98% 
97% 
90%

Cr2+ 
Cr3+ 
Pb2+ 
Th

Banana peels 97.8% 
98.9% 
96.9% 
100%

As3+ Food waste treated with NaOH 99.8%

Fe2+ 
Mn2+

Chitosan nanoparticles 99.8% 
95.3%

Pb2+ Vanami shrimp peels 98%

Cr3+ Fish scales 99.8%

Cd2+ Fish scale biochar 99%

Carbonization to produce biochar incurs additional costs. An analysis of life cycle environmental and 
economic performance performed by Alhashimi and Aktas revealed that biochar presents a more favorable 
energy demand and a reduced global warming potential compared to activated carbon. Specifically, biochar 
has an energy requirement of 6.1 MJ/kg, while activated carbon’s demand is significantly higher at 
97 MJ/kg[122]. Regarding greenhouse gas emissions, biochar generates an average of -0.9 kg CO2eq/kg, in 
stark contrast to activated carbon’s emissions of 6.6 kg CO2eq/kg. When assessing heavy metal adsorption as 
the primary function, biochar typically exhibits lower environmental impacts, displaying a significant 
difference of about one order of magnitude between the two materials. This conclusion holds even after 
accounting for the environmental effects associated with transporting biochar over long distances[122]. 
Additionally, the cost associated with using biochar to adsorb chromium and zinc is lower than that for 
activated carbon. For lead and copper, however, the adsorption costs were found to be similar for both 
materials[122].

In actual wastewater treatment, biosorbents, including biochar, can be applied in column biosorption in 
tertiary treatment, where wastewater is passed through a column packed with biosorbents. As the water 
flows through, pollutants are adsorbed onto the materials. This system is suitable for continuously treating 
large volumes of wastewater in industrial or municipal settings[123]. Biosorbents can be used in stabilization 
ponds or filtration systems to improve the removal of suspended solids and pollutants[124]. In some cases, 
more biochar is needed than activated carbon to treat the same amount of wastewater, primarily due to 
differences in their adsorption capacities and characteristics, thus resulting in more waste biosorbent 
generated. This waste could be reduced by enhancing the reusability of the biosorbents or channeling it for 
anaerobic digestion to recover energy while reducing waste volume[15]. Its uses for composting and soil 
amendment are controversial due to the presence of contaminants and the reentry of these contaminants 
into the environment. For the same reason, the use of activated sludge has been controversial. It is a 
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regulated waste in countries such as China, Germany, and the Netherlands[125]. Thompson et al. also stated 
that biochar from biosolids performed worse environmentally than powdered activated carbon and wood 
biochar because of the energy requirement for drying biosolids and the additional adsorbent needed[126]. 
Furthermore, due to its inorganic content, it has not been included in this review. It is noteworthy that the 
matrix effect of wastewater could limit the effectiveness of biosorbent, as discussed in Section 
“Implications”.

CONCLUSION
A large inventory of organic waste has shown the potential of being converted into biosorbents. In fact, 
most studies show that organic waste, particularly agricultural waste, can be used for biosorption, and the 
efficiency can be improved with optimization of pH, temperature, biosorbent dosage, and contact time 
according to the physicochemical properties of the wastewater treated. Modifications, such as pulverization, 
chemical treatments, pyrolysis, calcination, immobilization, and composite production, can also be made to 
the biosorbents, whether individually or in combination. Despite their versatility and flexibility, certain 
barriers to their wide application must be addressed. Their major limitations are (1) biosorbents may 
experience decreased efficiency after several regeneration cycles, and their regeneration could be complex 
and costly; (2) biosorbents may lack specificity in their actions and may be suitable when it comes to 
removing a specific contaminant from the wastewater; (3) used biosorbents contribute to secondary waste 
that needs to be treated or disposed of carefully; (4) the performance of biosorbents vary considerably for 
different types of pollutants under different operational conditions; and (5) utilization of biosorbents may 
require specialized technology and equipment.

To overcome these barriers, it is recommended that (1) the efficiency and cost-effectiveness of regeneration 
techniques, often including chemical, thermal, or biological approaches, can be enhanced to improve the 
recyclability of biosorbents; (2) more studies can be dedicated to functionalization and modification of 
biosorbents to increase their performance in removing certain pollutants; (3) the biosorption process can be 
optimized to reduce chemical and energy requirements, hence operational costs; (4) the optimization 
procedures are standardized by addressing the major factors influencing biosorption, and this can be 
facilitated with artificial intelligence; (5) user-friendly and scalable biosorption systems can be developed, 
for instance, by designing biosorption modules that can be added to the existing wastewater treatment 
facilities. This includes the development of column technologies to pack the biosorbents. This review 
highlights the potential use of biosorbents, especially biochar, as a substitute for high-cost, energy-intensive 
activated carbon in the column adsorption process of tertiary wastewater treatment or filtration systems of 
small-scale water treatment. It also sheds light on the possibility of combining different feedstocks for 
biochar production to ensure an adequate supply of raw materials. It contributes to the circular economy by 
turning waste into resources. In relation to the recommendations, future studies could focus on improving 
the regeneration potential of biosorbents, the synthesis of biosorbents with better performance, and their 
applications in pilot- or full-scale wastewater treatment, as well as the use of artificial intelligence for 
optimization of the treatment process.
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Abstract
Microplastic (MP; plastic particles < 5 mm) pollution is pervasive in the marine environment, including remote 
polar environments. This study provides the first pan-Antarctic survey of MP pollution in Southern Ocean sea ice 
by analyzing sea ice cores from several diverse Antarctic regions. Abundance, chemical composition, and particle 
size data were obtained from 19 archived ice core samples. The cores were melted, filtered, and chemically 
analyzed using Fourier-transform infrared spectroscopy and 4,090 MP particles were identified. Nineteen polymer 
types were found across all samples, with an average concentration of 44.8 (± 50.9) particles·L-1. Abundance and 
composition varied with ice type and geographical location. Pack ice exhibited significantly higher particle 
concentrations than landfast ice, suggesting open ocean sources of pollution. Winter sea ice cores had significantly 
more MPs than spring and summer-drilled cores, suggesting ice formation processes play a role in particle 
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incorporation. Smaller particles dominated across samples. Polyethylene (PE) and polypropylene (PP) were the 
most common polymers, mirroring those most identified across marine habitats. Higher average MP 
concentrations in developing sea ice during autumn and winter, contrasting lower levels observed in spring and 
summer, suggest turbulent conditions and faster growth rates are likely responsible for the increased incorporation 
of particles. Southern Ocean MP contamination likely stems from both local and distant sources. However, the 
circulation of deep waters and long-range transport likely contribute to the accumulation of MPs in regional gyres, 
coastlines, and their eventual incorporation into sea ice. Additionally, seasonal sea ice variations likely influence 
regional polymer compositions, reflecting the MP composition of the underlying waters.

Keywords: Microplastic, marine debris, sea ice, plastic pollution, Antarctica, Southern Ocean

INTRODUCTION
Despite the ubiquity of microplastics (MPs; plastic particles < 5 mm) in the global oceans and their noted 
presence within remote polar regions, the majority of polar reports have come from the Arctic Ocean, 
where significant levels of MPs have been recorded in surface waters[1], snow[2], and sea ice[3,4]. In the 
Southern Ocean, the subtropical front (STF) and the Antarctic circumpolar current (ACC) have long been 
considered active barriers[5], specifically to buoyant MPs at the sea surface[6,7], thus potentially limiting MP 
contamination being transported to the Southern Ocean from lower latitudes. However, since their 
discovery in the Southern Ocean, there have been an increasing number of contrasting MP reports in the 
region[8-10], suggesting higher exchange across the ACC than previously thought[11]. Plastic contamination 
has been noted in Antarctic surface waters[12,13], sea ice[14,15], snow[16], and deep-sea sediments[17]. The 
geography and oceanographic processes in the Arctic and Antarctic vary widely, and thus, we focus solely 
on the Antarctic in this work when speculating on incorporation and transport mechanisms. To date, there 
has been a significant lack of comprehensive research surrounding MPs in Antarctic sea ice, with only three 
previous studies (totaling four ice cores) having been published to date. One of the three studies is our 
initial work, which first indicated the presence of MPs in Southern Ocean sea ice[14]. However, our 
methodology was significantly different, making cross-study comparisons difficult. Cunningham et al. 
(2022) did not identify MPs down to their polymeric composition, only noting their presence and 
confirming the particles were synthetic in nature[18]. Similarly, Materic et al. (2022) analyzed one ice core for 
nanoplastics[15], and thus, our studies are incompatible for comparison. As such, this research truly provides 
a foundation for subsequent sea ice MP studies and future comparisons.

The remoteness of the ice-covered Southern Ocean and its total encompassment within the ACC provide 
unique insights regarding marine debris in isolated regions and its transport to areas largely devoid of 
human activity. Global contaminants have been known to reach the Southern Ocean via long-range 
atmospheric transport (LRAT) and oceanic currents[19,20]. The ACC is an eastward-flowing current, dividing 
the Southern Ocean from the surrounding Indian, Atlantic, and Pacific oceans[21]. If MPs from lower 
latitudes are transported past the ACC - or locally sourced from research, tourist, and fishing activities - 
they can be pulled toward the continent by southern-flowing tracts of regional gyres such as in the Ross or 
Wedell Sea[13,22,23] and drawn further into coastal waters as a result of localized eddies, storm-forced surface 
waves, wave-driven advection such as Stoke’s drift, and frontal meandering[11,24]. MPs directed nearest the 
continent can then interact with the westward-flowing Antarctic coastal current, leading to further dispersal 
and their exposure to local processes like tidal interactions, eddies, and seawater convection[25]. Therefore, it 
should be noted that while it is easier for plastics to enter the Antarctic than previously thought, it is 
unlikely that MP debris is being moved out of the Southern Ocean at a rate of equal exchange once it has 
found its way there, but rather is being captured by marine mediums and cycled through Antarctic food 
webs.
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The Antarctic sea ice growth cycle is one of the largest seasonally driven events on Earth, exhibited by the 
vast changes to sea ice extent from ~3 million km2 in late austral summer to ~19 million km2 at its height in 
early spring[26]. Antarctic sea ice has been suggested to serve as a temporal sink for MP debris[14], and the 
large seasonal variability in sea ice coverage may facilitate a large and recurring particle flux for MP debris 
into the global ocean. Sea ice has been suggested to serve as a temporal sink for MPs in polar regions. In 
autumn and winter, MP particles may be harvested from surface waters during frazil ice formation, where 
they adhere to and are scavenged by ice crystals as the crystals rise in the water column to become 
incorporated in newly formed sea ice[27]. As ice continues to form, MPs can become incorporated into 
growing sea ice via basal accretion until their release in spring when sea ice melts[6]. Additionally, in a well-
established ice column, the ice-water interface allows for the sieving of particulate matter in and out of the 
ice[28,29]. Lastly, MP accumulation may occur by means of LRAT of snow or aerosols[16]. Small, lightweight 
particles (often fibrous) are easily carried by southward-moving air masses where they can be deposited 
onto the ice and incorporated into its upper layers, e.g., by snow metamorphic processes, including snow-
ice formation[2,30].

To our knowledge, no study has assessed the abundance of MP pollution in sea ice from a pan-Antarctic 
perspective. This study sought to assess the distribution, abundance, polymer composition, and size spectra 
of MPs to determine if MP contamination varied significantly across sampling sites, geographical regions, 
and ice types. We conducted the first comprehensive analysis of MP particles in Antarctic sea ice from near-
shore fast ice and open-ocean pack ice. Antarctic landfast ice is sea ice attached to the coastline or grounded 
icebergs, remaining stationary, while pack ice consists of free-floating sea ice that drifts with wind and ocean 
currents. Sampling both allows us to compare the sources, transport mechanisms, and temporal deposition 
of MPs, as landfast ice is stationary and may capture local inputs over time, while pack ice is dynamic and 
integrates materials from diverse regions, offering insights into the distribution and fate of MPs in polar 
environments. We conducted MP analysis on 19 sea ice cores from 10 individual research expeditions 
across distinct Southern Ocean regions: The Antarctic Peninsula, the Bellinghausen Sea, the Weddell Sea, 
Queen Maud Land, Prydz Bay, Wilkes Land, Mawson Sea, the Ross Sea, and McMurdo Sound, and sampled 
during austral summers spanning 2004-2022 [Figure 1]. From this analysis, we report the average MP 
concentration in Antarctic sea ice and analyze the spatial variability of MPs around the Southern Ocean to 
attain a broader understanding of MP contamination in the Southern Ocean.

MATERIALS AND METHODS
Core collection
The 19 archived sea ice cores used for this study were collected between 2004 and 2022 [Figure 1]. Cores 
were drilled in austral autumn/winter (March-Aug), spring (Sept-Nov), and late summer season (Dec-Feb) 
under trace-metal-clean conditions. Of these, 10 cores were first-year pack ice and 9 were first-year landfast 
ice [Table 1]. Cores drilled during the DML campaign were collected using a Kovacs Mark II corer with an 
internal diameter of 9 cm, while the rest of the cores were drilled with an electropolished stainless steel 
corer, suited for trace metal analysis[31], with an internal diameter of 8 or 14 cm. Ice cores were stored in PE 
plastic bags for transport and freezer storage and decontaminated for MP analysis, as outlined below.

Laboratory processing
All chemicals and reagents used in this study were pre-filtered over 1.2 µm Whatman GF/C (glass 
microfiber, 47 mm) filters to mitigate MP contamination from packaging. A DupontTM Tyvek full-coverage 
suit (Bioclean-D non-sterile coverall with hood, manufactured by Cleanroom Garments) was worn during 
all ice-core cutting and handling in the field, ensuring consistency with the attire used in trace-metal-clean 
sea ice coring. For laboratory work, 100% cotton clothing was worn as a precaution to minimize 
contamination from polymer-blend and synthetic textile fibers. Additionally, cotton fibers were excluded 
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Figure 1. Map of sampling sites for Antarctic ice cores collected from 2004-2022 coupled with mean sea ice concentrations across 
associated summers. Winter and spring sea ice extent are combined (light gray), while summer sea ice extent is shown in dark gray.

from all analyses to further reduce potential contamination. All glassware was pre-rinsed with ethanol and 
washed in a glassware-only dishwasher, followed by acid rinses with 1% HCl solution. All glassware was 
covered in aluminum foil to prevent contamination. Nitrile gloves were not worn during the study, except 
when handling hazardous chemicals, due to evidence suggesting they can contaminate samples and cause 
false positives[32]. During each sample transfer step, glassware was thoroughly rinsed with MilliQTM water to 
ensure particles had not adhered to the walls of any containers.

As the ice cores were archived samples, processing occurred across three different institutions: the 
Norwegian Polar Institute (NPI; Tromsø, Norway), the Institute for Marine and Antarctic Studies (IMAS; 
Hobart, Tasmania), and the Université Libre des Bruxelles (ULB; Brussels, Belgium). Therefore, ice core 
handling varied slightly based on laboratory infrastructure. The following is a brief overview of the ice-core 
processing method used to isolate and identify MPs.

All ice cores were cut with individual consideration for the ice crystal structure and ice algal biomass 
(chlorophyll a and particulate organic carbon) within the ice. The cutting of the 19 cores resulted in a total 
of 60 ice-core horizons for processing and analysis. To ensure there was no contamination due to ice-core 
storage in LDPE bags for transport and storage, the outside of the core (approx. 1-2 mm) was scraped off 
with a ceramic knife (Kyocera) pre-cleaned with MilliQTM water. Core horizons were melted in glass 
containers at room temperature. Oxidative digestions using 2% sodium dodecyl sulfate (SDS; BDH 
Laboratory Supplies, England) solution and 35% hydrogen peroxide (H2O2; Chem-Supply) were performed 
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Table 1. Ice core data for the 19 archived sea ice cores used for analysis

Core ID Original 
campaign Sample location Sampling 

date
Latitude 
(°N)

Longitude 
(°E)

Core length 
(m)

Ice 
type

Brussels3 SIMBA Bellingshausen Sea 11 Oct 2007 -70.06 -93.68 0.59 Pack

Liege5 SIMBA Bellingshausen Sea 21 Oct 2007 -70.04 -94.08 0.98 Pack

Ispol5 ISPOL Weddell Sea 19 Dec 2004 -68.06 -55.30 0.95 Pack

Awecs493 AWECS Weddell Sea 21 June 2017 -66.44 0.12 0.58 Pack

Awecs496 AWECS Weddell Sea 24 June 2017 -67.46 -0.02 0.59 Pack

Rekt REKT Queen Maud Land 12 Jan 2021 -70.18 5.61 1.73 Fast

Dml2 DML Queen Maud Land 12 Jan 2022 -69.66 6.47 1.385 Fast*

Dml4 DML Queen Maud Land 13 Jan 2022 -69.84 8.49 1.65 Fast*

Dml5 DML Queen Maud Land 13 Jan 2022 -69.84 9.62 1.26 Fast*

Dml6 DML Queen Maud Land 14 Jan 2022 -69.86 11.62 1.85 Fast*

Davis5 DAVIS Prydz Bay, Davis Station 29 Nov 2015 - 68.57 77.96 1.68 Pack

Sipex4 SIPEX II Mawson Sea 7 Oct 2012 -65.08 121.67 0.75 Pack

Sipex7 SIPEX II Mawson Sea 19 Oct 2012 -65.15 118.55 0.80 Pack

Casey2 AAV2 O’Brien Bay, Wilkes Land 23 Dec 2016 -66.30 110.50 1.30 Fast

Totten1 AAV2 Moscow University Ice Shelf, 
Wilkes Land

31 Dec 2016 -66.80 119.50 1.05 Fast

Pipers7 PIPERS Terra Nova Bay Polynya, Ross Sea 1 May 2017 -74.97 166.95 0.29 Pack

Pipers22 PIPERS Central Ross Sea 28 May 2017 -71.07 176.02 0.45 Pack

Yrs3 YROSIAE Cape Evans, McMurdo Sound 8 Dec 2011 -77.63 166.38 1.48 Fast

Yrs9 YROSIAE Cape Evans, McMurdo Sound 7 Nov 2012 -77.38 166.23 1.7 Fast

Ice type* indicates cores that were drilled as part of free-floating pack ice, but ice texture analysis and high platelet content indicate they may have 
originated as landfast sea ice.

over the course of 48 h at 50 °C to reduce biological material in each sample. Next, the treated meltwater 
was filtered through silica sand (50-70 µm particle size, Sigma-Aldrich) and the filtrate was discarded to 
waste. Density separations were then performed on the sand mixture (and potentially entrapped MPs) by 
being placed in a supersaturated NaCl solution (NaCl > 99%, Sigma-Aldrich), stirred for approximately 
15 min, and left to settle for about 3 h. NaCl was chosen based on its sufficiency in MP isolation following 
Quinn et al. (2017), even for denser polymers such as polyvinyl chloride (PVC) and polyethylene 
terephthalate (PET)[33]. The supernatant was filtered onto Whatman anodisc aluminum oxide filters (0.2 µm 
porosity, 25 mm diameter). Each filter was then placed in an oven to dry for 24 h at 50 °C, following an 
established oxidative digestive protocol shown to have minimal impact on polymers[34].

Cores processed at NPI (Rekt, Dml2, Dml4, Dml5, Dml6) and ULB (Brussels3, Liege5, Ispol5, Awecs493, 
Awecs496, Pipers7, Pipers22, Yrs3, Yrs9) were cut in cold rooms; therefore, additional cold gear was 
necessary. Thin PE gloves were worn over wool gloves. This additional precaution was not found to increase 
MPs found in blanks at either institution (see next section). Additionally, ULB cores were cut using a 
powered band saw, and the outside ice layer of each core horizon was removed with the band saw blade.

Blanks and recovery tests
As cores were cut under slightly different circumstances, laboratory blanks were run at all three institutions 
in triplicate to ensure reliable MP data from our environmental samples. At each institution, blank ice cores 
were created with ultrapure MilliQTM water and cylindrically frozen. They were then processed identically to 
our real samples, allowing us to identify potential laboratory contamination and avoid polymer 
overestimation. Noted total MPs in blanks by institution are as follows: one polyurethane (PUR) and one 
polystyrene (PS) particle at NPI (mean 0.22 ± 0.38 particles·L-1), one polyamide (PA) and five PP particles at 
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IMAS (mean 0.67 ± 0.67 particles·L-1), one PUR, one PS, and two PP particles at ULB (mean 0.44 ± 0.38 
particles·L-1). These particle numbers were subtracted from their relevant samples for final calculations and 
statistical tests.

Three additional blanks, referred to as “spiked blanks”, were prepared for recovery rate testing. These blanks 
were made by spiking 1 L of MilliQTM water with 50 blue PE beads (20-27 μm diameter; 1.08 g·mL-1) 
(Cospheric LLC). The recovery samples were processed in the same manner as the previous blanks and 
environmental samples. The PE beads were identified and counted using a light microscope, and the 
average recovery rate was determined to be 96 (±3)%. One of the filters was used for micro-Fourier-
transform spectroscopy (µFTIR) analysis to verify that the Purency Microplastic Finder (PMF; Purency; 
version 4.17) accurately detected the beads and corresponded with visual observations.

µFTIR/chemical imaging and data analysis
Data were collected via μFTIR spectroscopy. A Hyperion 3000 microscope attached to a Vertex 70 
spectrometer (both Bruker Optics) was used for chemical imaging of all sample filters. Sample analysis was 
conducted with OPUS 8.7 software (Bruker), using 128 scans for the background and 16 scans for each 
frame, with an IR microscope objective of ×3.5 magnification. The 64 × 64 FPA detector was selected (no 
binning), resulting in 64 × 64 spectra per frame (784 × 784 µm2) with a pixel resolution of ~12.25 × 
12.25 µm2. Each filter was analyzed by combining 16 × 16 FPA frames to create a hyperspectral image 
containing over 5 million spectra per filter (12.544 × 12.544 mm2).

The collated OPUS data were exported as an ENVI file and particle analysis was conducted with PMF, an 
automated analysis software for μFTIR imaging. Machine learning is used in conjunction with an integrated 
spectral library to directly compare OPUS spectral data and the spectra of known polymers. A baseline 
confidence rate (hit level) of 90% was set for PA to ensure the software could differentiate true PA particles 
from similar-looking biological spectra, while 60% was set for all remaining polymer types. For each particle 
categorized as an MP, software-provided particle area was used to calculate the equivalent spherical 
diameter (ESD) of each MP. Polymer-dependent false-color images were then generated by PMF to map 
polymer types, sizes, and locations on each sample filter.

To determine whether variables had normal distributions prior to correlation analyses, the Shapiro-Wilk 
test was conducted. The non-parametric Mann-Whitney-U test was performed to determine if there was a 
significant difference in median MP abundances by sampling season and ice type, as well as investigating 
differences in median particle size between pack and fast ice, and across the ice core’s sampling seasons. All 
tests were performed using the statistical analysis software R (version 4.4.1).

RESULTS AND DISCUSSION
MP abundance in entire sea ice cores
MP contamination was identified in every sampled sea ice core [Figure 2]. In total, 4,090 MP particles were 
found in this study, averaging a concentration of 44.8 (± 50.8, median = 23.3) particles·L-1. There was a 
significant difference in median particle abundance between autumn/winter vs. spring cores (P = 0.038) and 
autumn/winter vs. summer cores (P = 0.019), though there was no statistical difference found between 
spring and summer concentrations (P = 0.529).

Cores collected during austral spring (Brussels3, Liege5, Davis5, Sipex4, Sipex7, Yrs9) and summer (Ispol5, 
Rekt, Dml2, Dml4, Dml5, Dml6, Casey2, Totten1, Yrs3) reported median MP quantities of 10.1 and 16.4 
particles·L-1, respectively [Figure 2]. These are much lower quantities than those recorded in our winter 
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Figure 2. (A) MP concentrations (particles·L-1) grouped by season (winter samples colored in blue, spring in green, and summer in red) 
and ice type (*denotes landfast ice cores); and (B) presented as the total concentration of MPs per ice core delineated by region: BS, 
WS, QML, DAV, MS, and RS. MP: Microplastic; BS: Bellinghausen Sea; WS: Weddell Sea; QML: Queen Maud Land; DAV: Davis Station; 
MS: Mawson Sea; RS: Ross Sea.

cores (Awecs493, Awecs496, Pipers7, Pipers22) at 130.6 particles·L-1. Landfast cores showed a lower median 
concentration of MPs at 13.4 particles·L-1, compared to pack ice, which had a median of 35.8 particles·L-1, 
though this was not found to be statistically significant (P = 0.133).

Across all 19 cores, we calculate an average integrated MP concentration of 2.2 × 105 (± 2.6 × 105) 
particles·m-2 in Antarctic sea ice. Our results do not suggest differences in MP counts between years, with no 
clear temporal trend or variation based on sampling location. Instead, the time of year appears to be the 
major driver of MP dynamics in sea ice. Integrated concentrations by seasonality are as follows: 3.3 × 105 
(± 2.8 × 105) particles·m-2 in autumn and winter ice, 9.7 × 104 (± 4.3 × 104) particles·m-2 in spring, and 2.3 × 
105 (± 3.2 × 105) particles·m-2 in summer. The median integrated concentration of MPs in pack ice is 1.2 × 
105 particles·m-2, compared with 1.8 × 105 particles·m-2 in fast ice, though this difference was not statistically 
significant (P = 0.242).
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Polymeric composition
A total of 19 polymer types were identified across all samples (see Table 2 for polymer abbreviations and 
contributions). Polymer types in pack versus fast ice were largely the same. Polyoxymethylene (POM) (19 
particles), silicone (2 particles), and polyphenylsulfone (PPSU) (1 particle) were only noted in fast ice 
samples, while polyetheretherketone (PEEK) (1 particle) was only found in pack ice; the presence of all 
other polymers was noted in both ice types. PP and PE consistently dominated across the majority of ice 
core horizons, with only one exception in which PET was the dominant polymer (Pipers22).

Polymer abundance across pack and fast ice was similar but exhibited a few notable differences. The top ten 
polymers identified for both ice types were the same (PE, PP, PET, PUR, PAN, PVC, PS, PBT, PA, ABS). 
Pack ice had slightly higher relative concentrations of all polymers, but most notably PET and PUR, which 
comprised ≈21% of MPs, compared to ≈11% in fast ice. Compositionally, over 18% of MPs found in fast ice 
were PAN (350/1,927 particles) compared to 4% in pack ice (88/2,163 particles).

Overall, polymer composition across individually sampled sea ice cores was highly variable. However, when 
regionally grouped, the relative contribution of each polymer was fairly similar between regions [Figure 3].

Particle size
Over 80% of identified particles were ≤ 1,000 µm2 and the average particle area for all polymers was 1,033.73 
(± 4,501.83) µm2. ESD of particles ranged from 13.0 to 506.6 μm, with a mean ESD of 27.4 (± 23.7) μm. A 
significant difference in median particle size was found between pack and landfast ice cores (P = 0.0015). 
The mean particle area of landfast cores was 769.4.0 (± 1,640.7) µm2, and a mean ESD of 25.6 (± 18.0) μm. 
Pack ice exhibited a larger mean particle area of 1,258.5 (± 5,747.6) µm2, and a mean ESD of 28.9 
(± 27.7) μm. The median particle area by season is as follows: 365.1 µm2 in winter cores, 315.1 µm2 in spring 
cores, and 265.2 µm2 in summer cores. As such, significant differences were found between the median 
particle area for autumn/winter vs. summer cores (P = 2.6 × 10-5) and for spring vs. summer cores (P = 
0.002); however, no significant difference in median particle area was found between winter and spring 
cores (P = 0.366).

We found that, in general, particles increased in abundance with decreasing size [Figure 4], and this 
remained true for both pack and fast ice. The smallest noted particle size was 121 μm2 in area (several 
different polymers) and constituted over 51% of all identified particles (2,099/4,090). The largest particle 
found in our samples was a piece of PS with an area of 201,561 μm2. In fact, PS had the largest mean area 
across samples [Table 2].

Spatial and seasonal variability
The spatial and seasonal presence of MPs in sea ice is variable, as seen in Figure 2. Our analysis indicates 
that coastal sea ice exhibits lower MP abundances than open ocean sea ice. Ice textures are indicative of sea 
ice growth history, and could help elucidate the mechanisms of MP incorporation, enrichment, and release, 
as well as the varying levels of MP contamination across drill sites. Pack ice generally has higher frazil ice 
contributions compared to landfast ice which is mostly made of columnar ice[35]. The more turbulent 
conditions associated with open ocean regions due to strong winds and wave action lend themselves to 
frazil ice formation[36], in which randomly shaped ice crystals rise from up to 100 m depth[37] through the 
water column in autumn and winter, congealing into slush or pancake ice at the ocean surface. We suspect 
that MPs may get scavenged by frazil ice crystals as they rise to the sea surface, similar to processes 
suggested for algae and Fe incorporation[38-41]. Alternatively, frazil ice crystals may use MPs as condensation 
nuclei and subsequently rise to the ocean surface[42], leading to MP incorporation into newly formed ice. It 
has also been suggested that the number of times an ice crystal encounters a particle will determine how 
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Table 2. Total polymeric composition and particle size data for all 19 sea ice cores

Abbr. Polymer Particle 
count

Mean area (stdev) 
(µm2)

Total area 
percentage

Mean ESD (stdev) 
(µm)

PP Polypropylene 1,338 1,049 (± 3,649) 33.4% 28 (± 24)

PE Polyethylene 969 758 (± 1,424) 18.2% 26 (± 18)

PAN Polyacrylonitrile 438 1,750 (± 5,134) 17.5% 35 (± 31)

PET Polyethylene terephthalate 376 862 (± 1,485) 9.4% 27 (± 19)

PUR Polyurethane 298 899 (± 1,948) 7.7% 28 (± 19)

PVC Polyvinyl chloride 228 702 (± 1,882) 6.4% 23 (± 20)

PS Polystyrene 200 1,972 (± 14,480) 3.8% 29 (± 41)

PBT Polybutylene terephthalate 55 368 (± 358) 0.5% 20 (± 9)

ABS Acrylonitrile butadiene Styrene 53 1,551 (± 3,246) 0.5% 35 (± 27)

PA Polyamide 47 326 (± 1,087) 0.4% 16 (± 13)

PMMA Polymethyl mathacrylate 19 662 (± 1,032) 0.3% 23 (± 18)

EVOH Ethylene-vinyl alcohol
copolymer

19 192 (± 157) 0.09% 15 (± 5)

POM Polyoxymethylene 19 140 (± 30) 0.06% 13 (± 1)

EVAc Ethylene vinyl acetate 12 885 (± 1,886) 0.3% 26 (± 22)

PPSU Polyphenylsulfone 8 133 (± 0) 0.02% 13 (± 0)

PC Polycarbonate 5 816 (± 658) 0.1% 30 (± 12)

CA Cellulose acetate 3 221 (± 77) 0.02% 17 (± 3)

silicone Silicone 2 199 (± 94) < 0.001% 16 (± 4)

PEEK Polyetheretherketone 1 265 < 0.001% 19

Figure 3. Polymer composition by geographic region and by ice type, where n equals the total particle abundance.

much material gets entrained in sea ice[43], and that convection of sea ice brines and under-ice water, as well 
as wave action, contribute to particle entrapment[44]. In contrast, landfast ice often forms in calmer 
conditions and exhibits higher inclusions of columnar ice growing at the bottom of an existing ice cover[45]. 
The bioaccumulation of MPs by algal growth and associated exopolymeric substances (EPS) in the skeletal 
layer could explain the incorporation of MPs into columnar ice, as suggested in the case of iron, 
macronutrients, and ice algae[39,46-49]. Additionally, some of the landfast cores (Yrs and Dml) consisted of 
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Figure 4. (A) Relative MP particle size distribution from all analyzed stations (np = 4,090). Dark blue bars represent particles by length. 
Light orange bars represent the geometric mean of particle size based on length and width. Particle lengths and widths were measured 
using PMF; (B) Polymer size abundance across all sea ice samples shown as ESD on a logarithmic scale. MP: Microplastic; PMF: Purency 
Microplastic Finder; ESD: equivalent spherical diameter.

platelet ice, which facilitates further incorporation mechanisms for MPs. Basal melting can occur when 
glacial ice comes into contact with relatively warmer waters, leading to underlying supercooled seawater, 
which may create favorable conditions for platelet ice formation, buoyant rise, and accumulation under the 
adjacent landfast sea ice[50] along with potential entrapment of any MPs present.

We noted that cores collected in spring and summer had significantly lower MP quantities than in winter. 
Because samples were not obtained from one site across different seasons, it is difficult to make assumptions 
about the seasonal MP flux during the sea ice growth/melt cycle. However, ice sampled in late winter/early 
spring is likely to have the highest levels of MP contamination, as suggested for other sea ice variables such 
as macronutrients and trace metals[51-53]. This was true for our study as the autumn and winter cores 
(Awecs493, Awecs496, Pipers7, Pipers22) exhibited the highest mean MP concentrations of all samples 
[Figure 2]. Sea ice growth rate is fastest in winter and the ice itself is often more frazil-dominant, which, as 
discussed above, could result in autumn/winter ice cores having higher incorporation rates of MPs than 
cores collected later in the year. Additionally, turbulent sea ice growth conditions in winter could help 
explain why the average MP size was significantly larger in winter cores compared to summer cores. Based 
on mean particle size results from Chen et al. (2023), larger particles are more easily entrapped in ice, and 
the fast and tumultuous growth conditions for sea ice in winter might assist with particle incorporation into 
a growing ice column[54]. Furthermore, our theory on MP flux in the seasonal ice cover is supported through 
a deeper look at cores sampled later in the sea ice season. As sea ice melts in spring, ice porosity increases, 
and brine channels can expand and connect with underlying seawater, where particulate matter such as 
algae (and suspected MPs) may get released from the ice[55]. Casey2 and Totten1 from late summer in the 
eastern Antarctic are a prime example of this. Both cores were collected off Wilkes Land in late December, 
by which point the ice exhibited highly permeable textures with typical characteristics of decaying ice, such 
as large brine channels and melt holes[56]. These two cores were among those with the lowest mean 
concentrations of MPs. Time series are needed to test these hypotheses. Alternatively, mesocosm 
experiments could be conducted to simulate both sea ice growth and melt phases (e.g., Geilfus et al., 
2019)[27].
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Transport mechanisms
MPs in the Southern Ocean may originate from both local and distant sources. While the ACC is thought to 
keep the Southern Ocean from accumulating MPs from northern latitudes[19], it has been suggested that 
both its surface and sub-surface waters are penetrable to MPs[13,57]. Passive MP transport is heavily 
influenced by ocean currents and mixing such as meridional overturning circulation (MOC) and Southern 
Ocean upwelling. Baroclinic wind instability transports mass to the poles and yields southward eddy 
advection[58]. Therefore, MPs in surface waters in mid to low latitudes in the upper cell of the MOC are 
being drawn down into the Southern Ocean and across the axis of the ACC. We noted higher abundances 
of MPs in pack ice than fast ice may support the theory that contamination is likely coming from northern 
latitudes, rather than as a direct result of local and intercoastal activities from research bases or fishing 
ventures. The presence of MPs in Southern Ocean air samples further indicates that MPs can be transported 
by diffuse sources[18,59]. The dominance of smaller MPs across our samples was consistent with other 
Antarctic MP studies that found MP abundance decreased with increasing size[12,60]. Concurrently, the 
majority of MPs are less than 10 µm in length, indicating that atmospheric and oceanic long-range transport 
may assist in MP accumulation across our sea ice sampling sites[59,61]. In addition, snow deposition may also 
play a role in depositing MPs into sea ice as MP fragments and fibers are likely to be incorporated into snow 
mixtures due to their low particle density and pre-enrichment in materials entrained by winds, as it has 
been observed on the continent at DML stations and reported elsewhere in the literature[16,62]. However, 
small MP sizes could simply indicate that particles - whether they originate from local sources or not - are 
being mechanically degraded over time via marine consumption[63] or in highly dynamic atmospheric and 
oceanic conditions[61,64] and re-enriched into sea ice and surface waters during subsequent seasons. The 
abundance of MPs in the autumn/winter cores of the Weddell and Ross Seas could indicate that these large 
oceanic gyres allow for the accumulation of MP contamination during sea ice formation, rather than their 
re-dispersal in more open ocean regions. Both these regions are characterized as major areas where 
northern-sourced deep waters cross the ACC before upwelling southward and toward the surface[23]. The 
upwelling of deep waters in the Weddell and Ross gyres is a good source candidate of MPs for the surface 
waters (hence the pack sea ice) in the Southern Ocean since the highest concentration of MPs is found 
between 200 and 600 m depth in offshore waters of the World’s ocean (e.g., Choy et al., 2019)[65]. For 
example, Isobe et al. (2017) observed higher MP concentrations in surface waters south of the Polar Front 
than in waters north of it[12]. This hypothesis is further supported by the significantly higher MP 
concentration found in offshore waters of the Weddell Gyre (where deep-water upwelling prevails) 
compared to waters on the Weddell Sea continental shelf by Leistenschneider et al. (2024)[66]. On the 
contrary, waters on the Antarctic Shelf may be protected from this MP contamination by the Southern 
Ocean slope front, just north of the continental slope, which partially protects the continental shelf from the 
intrusion of deeper waters. Further research on pathways of particle transport in the Southern Ocean and 
sea ice is needed to garner a deeper understanding of contamination levels, and to accurately predict MP 
sinks as plastic production continues to increase.

In conjunction with seasonal ice characteristics, sampling locations may also help explain the disparity 
between volumetric MP concentrations in the autumn/winter cores versus the summer/spring cores. We 
suspect accumulation trends may result from a combination of faster sea ice growth during autumn/winter 
(and thus more efficient MP entrapment), proximity to external sources of pollution transported by means 
of wind, subsurface waters (particularly for neutrally buoyant MPs), and local hydrographic features. An 
MP accumulation model[6] showed that the Antarctic was initially reasonably well protected from MPs 
sourced externally to the Southern Ocean, but at the end of the 50-year time span, MP contamination had 
heavily penetrated the Southern Ocean and was present around the entire Antarctic coastline, with MP 
abundance remaining most dense in Pacific Ocean sectors during winter. This corresponds with our 
findings, as Pipers7 and Pipers22 sampled during winter near the Ross Sea[67] accounted for the highest 
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particle abundances across all our cores (163.1 and 153.8 particles·L-1, respectively). The remaining cores 
collected during the sea ice growth phase in the Weddell Sea (Awecs493 and Awecs496)[68] also exhibited 
higher MP concentrations than any spring/summer cores. As the model progressed, the region with the 
highest winter accumulation was the Bellinghausen Sea. Brussels3 and Liege5 were drilled during austral 
spring in this region and maintained significantly higher MP abundances than any other spring/summer 
cores (average of 98.4 and 31.1 particles·L-1, respectively). Researchers noted that sea ice permeability was 
significantly reduced for Brussels3 in particular, which could explain the high concentration of particles 
within this core[69], despite cycles of warming beginning in early spring, thus retaining MPs that were 
enriched during winter. In contrast, cores drilled in East Antarctica during the sea ice melt phase (Davis5, 
Sipex4, Sipex7, Casey2, Totten1) exhibited the lowest mean concentrations of MPs among all samples. This 
could be because the largest hydrological features in the eastern Antarctic remain the ACC and the 
Antarctic Coastal Current, and the region lacks a large gyre system that can potentially entrap MPs. 
Simultaneously, we speculate that this could be a result of low vessel traffic, and greater distance from 
tourist and research hotspots. Cunningham et al. (2022) demonstrated that air masses and wind are 
transport mechanisms for MP entering the Southern Ocean and noted that MPs in their study were likely to 
have originated from South America[18], which would likely be the case for some of our Weddell Sea ice 
cores. Perhaps because the eastern Antarctic is further removed from the southern land masses of Africa 
and South America, airborne MP pollution is not as significant of a factor. This, coupled with the lower 
rates of tourism and marine activities, could explain the lower MP counts in these cores.

Potential sources for MPs in sea ice
We suspect MP particles are scavenged from surrounding environmental media and incorporated into the 
sea ice matrix during its growth phase. Based on comparisons with MP studies in surface and subsurface 
waters, sea ice is a temporary sink for MPs. The mean concentrations of particles·L-1 across our cores were 
consistently four to six orders of magnitude higher than concentrations in seawater [Table 3]. Note that at 
the time of the current study, there are no comparable reports of MP concentrations in the Bellinghausen or 
Mawson Seas. In general, the lack of standardized methods for MP extraction from seawater and chemical 
identification remains a hindrance to consistent cross-study comparisons. Additionally, most studies in the 
Antarctic are focused on regions with long-standing research stations or those experiencing higher levels of 
anthropogenic pressures. As such, there have been mixed reports of MP presence in Antarctic surface 
waters, with some studies finding high levels of MPs in offshore surface waters[19] while others reporting 
little to no presence of MPs at all[7,73]. Thus, MP incorporation during initial sea ice growth may coincide 
with the higher abundances of MPs we noted in our autumn/ winter cores compared to those sampled 
during spring and summer. It may also account for why studies reporting contamination continually note 
MPs in Antarctic sub-surface waters[60] and sediments[17,74] but vary widely in their findings for upper-surface 
waters in both coastal and offshore regions.

Air masses may also contribute MPs in sea ice. To date, little remains known about the presence of airborne 
MPs in Antarctica, though it remains highly probable that at least some portion of MPs found in Southern 
Ocean Sea ice arise from atmospheric contributions. Backwards, air mass trajectories from the first study of 
MPs in Antarctic snow indicated that MPs entering the Southern Ocean likely arrive via long-range 
transport, most notably from South America, upwards of 6,000 km away from their sampling sites in the 
Ross Sea region, though local sources from Scott Base and McMurdo Station contributed as well[16]. 
Similarly, air mass trajectories conducted for a cruise from East Asia to Antarctica indicate that MPs likely 
originated from the continents of South Asia and Oceania[61], with non-fibrous MP concentrations 
decreasing with increasing latitude. Finally, the ocean-atmosphere exchange of MPs may also contribute 
locally to our sea ice concentrations[75]. Particles - particularly in coastal surface waters - can be re-entrained 
in the atmosphere via sea mist[75]. With these combined conclusions, it may be that long-range transport 
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Table 3. Study summaries of MP concentrations in Antarctic seawater and air masses compared to findings in sea ice in the 
corresponding regions for our study sites

Ref. Location Sample 
medium

Mean MP concentration 
(particles·L-1)

Regional sea ice concentration 
(particles·L-1)

Leistenschneider et al., 
2024[66] 
Leistenschneider et al., 
2021[70]

Weddell 
Sea

Surface waters 
Subsurface 
waters

1.0 × 10-5 
4.35 × 10-2

57.1

Pakhomova et al., 2022[71] Weddell 
Sea

Subsurface 
waters

4.3 × 10-4 57.1

Cincinelli et al., 2017[72] Ross Sea Subsurface 
waters

1.7 × 10-4 85.8

Zhang et al., 2022[60] Ross Sea 
Davis Sea

Subsurface 
waters 
Subsurface 
waters

1.85 × 10-3 
1.91 × 10-3

85.8 
1.1

Aves et al., 2022[16] Ross Sea Air 29 85.8

MP: Microplastic.

facilitates MP contamination across the STF, where a portion of airborne MPs become incorporated into 
surface waters for inclusion into growing ice. An additional portion of MP particles that remain or become 
airborne could integrate into sea ice via snow deposition. Cunningham et al. (2022) found MP types 
consistent in air masses and seawater, and thus, they similarly speculate that atmospheric and oceanic 
processes influence Antarctic MP presence in tandem[18].

It is difficult to pinpoint specific sources of MP contamination. However, the MP fragments found in our 
samples are typically abundant in the marine environment and have several uses in and out of a marine 
context. PP, PE, PUR, PVC, PET, and PS are the most abundant marine MPs, comprising approximately 
80% of total plastic production[76], and all six polymers were found in high abundance in our study, totaling 
78.9% of all MPs identified [Table 2]. The most abundant polymer types were PP and PE and were present 
in all 19 ice cores. This coincides with PP and PE being the most abundant marine MPs globally and around 
the Southern Ocean[7,66,72], and aligns with global production rates[77,78]. PP and PE are commonly associated 
with maritime and fishing activities and land-based beach litter, and this, combined with their low density, 
makes them readily abundant in surface waters[79]. Additionally, PP was the most abundant polymer found 
in atmospheric deposition samples inland of the Ross Sea region (coastal Victoria Land), and was linked to 
potential human activities at nearby research stations[80]. PET accounted for 49% of polymers found in a 
study of Antarctic snow, with the authors suggesting that both local and distant sources could be 
contributing to this phenomenon[16]. PET and PA are commonly used in textiles and have high correlations 
with wastewater[81,82]; thus, while all polymers could penetrate the Southern Ocean via long-range transport, 
there is potential that these polymers originate from local Antarctic stations or - what is more likely - 
vessels. Interestingly, PAN and PVC were also found in relatively high quantities across our samples, ranked 
in the top three for marine polymers of concern[83]. Despite their densities being higher than that of 
seawater, they have been found in other Southern Ocean samples[7,84]. For cores collected over shallower 
water depths, we suspect that plastic-laden marine sediments may be resuspended during storms or other 
turbulent conditions, allowing for the incorporation of these denser MPs into sea ice. Compositionally, 
PAN was the third most prevalent polymer in fast ice, accounting for over 22% of all MPs, compared to just 
6% for pack ice. Ultimately, the high variability in abundance and polymeric composition across our 
samples makes it difficult to draw conclusions regarding the immediate sources of this debris.
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CONCLUSION
Here, we have provided the first pan-Antarctic study of MPs in Southern Ocean sea ice. MP concentrations 
across our ice cores were high, particularly when compared to concurrent regional seawater studies, 
indicating sea ice is a reservoir for plastic pollution in the Southern Ocean. High MP concentrations in 
growing sea ice during autumn and winter, compared to lower average MP abundances in spring and 
summer, indicate that turbulent and faster growth processes are a likely driver for particle incorporation. 
The increase in ice porosity and the widening of brine channels as sea ice melts could allow for a return of 
MPs to surrounding surface waters, suggesting that while sea ice is a sink for MPs, it is a highly seasonal 
one. It is suspected that Southern Ocean MP contamination is originating from both local and distant 
sources, but that circulation of northerly deep waters and long-range transport have a heavy impact on MP 
accumulation across Southern Ocean regional gyres, coastlines, and their eventual inclusion into sea ice. 
Finally, due to strong seasonal components in the Southern Ocean sea ice cycle, regional polymer 
compositions are likely largely dependent on the MP composition of underlying waters.

MPs in the Southern Ocean have the potential to accumulate over time. While we know MPs are 
incorporated into the ice during sea ice growth in autumn and winter, the fate of MPs remains unknown 
once they are released from the ice again. The low density and small sizes of MPs give them the ability to 
remain in surface waters to be further broken down by consumption[63] or re-incorporated into sea ice 
during the following growth season. Even particles that have sunken out of the surface waters to settle in 
sediments can be resuspended in the water column during storms[39,85] in shallower coastal areas, and thus 
again have the potential to become entrapped in a growing ice column. Currently, there is a lack of data to 
conduct analyses on Southern Ocean MP accumulation trends. This could be remedied by conducting time-
series sampling, where sea ice is analyzed from subsequent years to determine if there is accumulation over 
time, as well as further analysis of Southern Ocean sediments to determine if they are an ultimate sink for 
MPs. The Southern Ocean is known for its variable and highly dynamic conditions, which may make it 
difficult to pinpoint individual transport and enrichment mechanisms for MPs in sea ice. However, this 
work provides a step toward particle flux modeling of MPs in sea ice and their effects on the rest of the 
biogeochemical cycle, both locally and more broadly, around the Southern Ocean.
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and Conclusion. 
No more than 250 
words.

3-8 
keywords

The main content should 
include four sections: 
Introduction, Methods, 
Results and Discussion.

Short
Communication

Short Communications are short papers that 
present original and significant material for 
rapid dissemination. Short articles include, but 
are not limited to: discovery or development of 
new materials, cutting-edge experiments and 
theory, novelty in simulation and modeling, 
elucidation of mechanisms.

1500
max

Unstructured 
abstract. No more 
than 250 words.

3-8 
keywords

/

Commentary A Commentary is to provide comments on 
a newly published article or an alternative 
viewpoint on a certain topic.

2500
max

Unstructured 
abstract. No more 
than 250 words.

3-8 
keywords

/

Editorial An Editorial is a short article describing 
academic news or opinions of Editorial Board 
members.

1000
max

None required. None 
required.

/

Letter to Editor A Letter to Editor is usually an open post-
publication review of a paper from its readers, 
often critical of some aspect of a published 
paper. Controversial papers often attract 
numerous Letters to Editor.

800
max

Unstructured 
abstract (optional). 
No more than 250 
words.

3-8 
keywords 
(optional)

/

Opinion An Opinion usually presents personal thoughts, 
beliefs, or feelings on a topic.

1200
max

Unstructured 
abstract. No more 
than 250 words.

3-8 
keywords

/

Perspective A Perspective provides personal points of view 
on the state-of-the-art of a specific area of 
knowledge and its future prospects. Links to 
areas of intense current research focus can also 
be made. The emphasis should be on a personal 
assessment rather than a comprehensive, critical 
review. However, comments should be put into 
the context of existing literature. Perspectives 
are usually invited by the Editors.

2000
max

Unstructured 
abstract. No more 
than 250 words.

3-8 
keywords

/

Technical 
Guide

A Technical Note is a short article giving a brief 
description of a specific development, technique 
or procedure, or it may describe a modification 
of an existing technique, procedure or device 
applied in research.

1200
max

Unstructured 
abstract (optional). 
No more than 250 
words.

3-8 
keywords

/
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2.3 Manuscript Structure
Trials, observational studies, systematic reviews, meta-analyses and qualitative research should be described and reported 
according to standard guidelines, as presented by the Equator Initiative, such as CONSORT, STROBE or PRISMA 
guidelines.

2.3.1 Front Matter
2.3.1.1 Title
The title of the manuscript should be concise, specific and relevant, with no more than 16 words if possible. When gene or 
protein names are included, the abbreviated name rather than full name should be used.

2.3.1.2 Authors and Affiliations
Authors’ full names should be listed. The initials of middle names can be provided. Institutional addresses and email 
addresses for all authors should be listed. At least one author should be designated as corresponding author. In addition, 
corresponding authors are suggested to provide their Open Researcher and Contributor ID upon submission. Please note 
that any change to authorship is not allowed after manuscript acceptance.

2.3.1.3 Abstract
The abstract should be a single paragraph with word limitation and specific structure requirements (for more details please 
refer to Types of Manuscripts). It usually describes the main objective(s) of the study, explains how the study was done, 
including any model organisms used, without methodological detail, and summarizes the most important results and their 
significance. The abstract must be an objective representation of the study: it is not allowed to contain results which are not 
presented and substantiated in the manuscript, or exaggerate the main conclusions. Citations should not be included in the 
abstract.

2.3.1.4 Graphical Abstract
The graphical abstract is essential as this can catch first view of your publication by readers. We recommend you to submit 
an eye-catching figure. It should summarize the content of the article in a concise graphical form. It is recommended to use 
it because this can make online articles get more attention. The graphic abstract should be submitted as a separate document 
in the online submission system. Please provide an image with a minimum of 730 × 1,228 pixels (h × w) or proportionally 
more. The image should be readable at a size of 7 × 12 cm using a regular screen resolution of 96 dpi. Preferred file types: 
TIFF, PSD, AI, JPG, JPEG, EPS, PNG, ZIP and PDF files.

2.3.1.5 Keywords
Three to eight keywords should be provided, which are specific to the article, yet reasonably common within the subject 
discipline.

2.3.2 Main Text
Manuscripts of different types are structured with different sections of content. Please refer to types of manuscripts to make 
sure which sections should be included in the manuscripts.

2.3.2.1 Introduction
The introduction should contain background that puts the manuscript into context, allow readers to understand why the 
study is important, include a brief review of key literature, and conclude with a brief statement of the overall aim of the 
work and a comment about whether that aim was achieved. Relevant controversies or disagreements in the field should be 
introduced as well.

2.3.2.2 Methods
Methods should contain sufficient details to allow others to fully replicate the study. New methods and protocols should be 
described in detail while well-established methods can be briefly described or appropriately cited. Experimental participants 
selected, the drugs and chemicals used, the statistical methods taken, and the computer software used should be identified 
precisely. Statistical terms, abbreviations, and all symbols used should be defined clearly. Protocol documents for clinical 
trials, observational studies, and other non-laboratory investigations may be uploaded as supplementary materials.

2.3.2.3 Results
This section contains the findings of the study. Results of statistical analysis should also be included either as text or as 
tables or figures if appropriate. Authors should emphasize and summarize only the most important observations. Data on 
all primary and secondary outcomes identified in the section Methods should also be provided. Extra or supplementary 
materials and technical details can be placed in supplementary documents.

2.3.2.4 Discussion
This section should discuss the implications of the findings in context of existing research and highlight limitations of the 
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study. Future research directions may also be mentioned. A paragraph describing the limitations of the study presented 
should be explicitly included in the Discussion.

2.3.2.5 Conclusion
It should state clearly the main conclusions and include the explanation of their relevance or importance to the field.

2.3.3 Back Matter
2.3.3.1 Acknowledgments
Anyone who contributed towards the article including those who provided professional writing services or materials, should 
be acknowledged. Authors should obtain permission to acknowledge from all those mentioned in the Acknowledgments 
section. This section is not added if the author does not have anyone to acknowledge.

2.3.3.2 Authors’ Contributions
Each author is expected to have made substantial contributions to the conception or design of the work, or the acquisition, 
analysis, or interpretation of data, or the creation of new software used in the work, or have drafted the work or substantively 
revised it.
Please use Surname and Initial of Forename to refer to an author’s contribution. For example: made substantial contributions 
to conception and design of the study and performed data analysis and interpretation: Salas H, Castaneda WV; performed 
data acquisition, as well as provided administrative, technical, and material support: Castillo N, Young V.
If an article is single-authored, please include “The author contributed solely to the article.” in this section.

2.3.3.3 Availability of Data and Materials
In order to maintain the integrity, transparency and reproducibility of research records, authors should include this section 
in their manuscripts, detailing where the data supporting their findings can be found. Data can be deposited into data 
repositories or published as supplementary information in the journal. Authors who cannot share their data should state 
that the data will not be shared and explain it. If a manuscript does not involve such issue, please state “Not applicable.” in 
this section.

2.3.3.4 Financial Support and Sponsorship
All sources of funding for the study reported should be declared. The role of the funding body in the experiment design, 
collection, analysis and interpretation of data, and writing of the manuscript should be declared. Any relevant grant numbers 
and the link of funder’s website should be provided if any. If the study is not involved with this issue, state “None.” in this 
section.

2.3.3.5 Conflicts of Interest
Authors must declare any potential conflicts of interest that may be perceived as inappropriately influencing the 
representation or interpretation of reported research results. If there are no conflicts of interest, please state “All authors 
declared that there are no conflicts of interest.” in this section. Some authors may be bound by confidentiality agreements. 
In such cases, in place of itemized disclosures, we will require authors to state “All authors declare that they are bound by 
confidentiality agreements that prevent them from disclosing their conflicts of interest in this work.”. If authors are unsure 
whether conflicts of interest exist, please refer to the “Conflicts of Interest” of OAE Editorial Policies for a full explanation.

2.3.3.6 Ethical Approval and Consent to Participate
Research involving human subjects, human material or human data must be performed in accordance with the Declaration 
of Helsinki and approved by an appropriate ethics committee. An informed consent to participate in the study should also 
be obtained from participants, or their parents or legal guardians for children under 16. A statement detailing the name of 
the ethics committee (including the reference number where appropriate) and the informed consent obtained must appear 
in the manuscripts reporting such research.
Studies involving animals and cell lines must include a statement on ethical approval. More information is available at 
Editorial Policies.
If the manuscript does not involve such issue, please state “Not applicable.” in this section.

2.3.3.7 Consent for Publication
Manuscripts containing individual details, images or videos, must obtain consent for publication from that person, or in 
the case of children, their parents or legal guardians. If the person has died, consent for publication must be obtained from 
the next of kin of the participant. Manuscripts must include a statement that a written informed consent for publication was 
obtained. Authors do not have to submit such content accompanying the manuscript. However, these documents must be 
available if requested. If the manuscript does not involve this issue, state “Not applicable.” in this section.

2.3.3.8 Copyright
Authors retain copyright of their works through a Creative Commons Attribution 4.0 International License that clearly 
states how readers can copy, distribute, and use their attributed research, free of charge. A declaration “© The Author(s) 
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2025.” will be added to each article. Authors are required to sign License to Publish before formal publication.

2.3.3.9 References
References should be numbered in order of appearance at the end of manuscripts. In the text, reference numbers should 
be placed in square brackets and the corresponding references are cited thereafter. Only the first five authors’ names are 
required to be listed in the references, other authors’ names should be omitted and replaced with “et al.”. Information from 
manuscripts accepted but not published should be cited in the text as “Unpublished material” with written permission from 
the source. The names of journals should be italicized.

References should be described as follows, depending on the types of works:
Types Examples
Journal articles by 
individual authors

Weaver, D. L.; Ashikaga, T.; Krag, D. N. Effect of occult metastases on survival in node-negative breast 
cancer. N. Engl. J. Med. 2011, 364, 412-421. DOI: 10.1056/NEJMoa1008108

Organization as author Diabetes Prevention Program Research Group. Hypertension, insulin, and proinsulin in participants with 
impaired glucose tolerance. Hypertension 2002, 40, 679-686. DOI: 10.1161/01.HYP.0000035706.28494.09

Both personal authors 
and organization as 
author

Vallancien, G.; Emberton, M.; Harving, N.; van Moorselaar, R. J.; Alf-One Study Group. Sexual 
dysfunction in 1,274 European men suffering from lower urinary tract symptoms. J. Urol. 2003, 169, 
2257-2261. DOI: 10.1097/01.ju.0000067940.76090.73

Journal articles not in 
English

Zhang X.; Xiong H.; Ji T. Y.; Zhang Y. H.; Wang Y. Case report of anti-N-methyl-D-aspartate receptor 
encephalitis in child. J. Appl. Clin. Pediatr. 2012, 27, 1903-1907. (in Chinese)

Journal articles ahead 
of print

Odibo, A. O. Falling stillbirth and neonatal mortality rates in twin gestation: not a reason for complacency. 
BJOG. 2018, Epub ahead of print [DOI: 10.1111/1471-0528.15541]

eBook Hammond, C. The Basics of Crystallography and Diffraction, 4th ed.; Oxford University Press, 2015. 
DOI: 10.1093/acprof:oso/9780198738671.001.0001

Book in print Frankel, F. Picturing Science and Engineering; MIT Press, 2018.
ebook chapter Hammond, C. Crystal Symmetry. In The Basics of Crystallography and Diffraction, 4th ed.; 

International Union of Crystallography Texts on Crystallography, Vol. 21; Oxford University Press, 
2015; pp 99−134. DOI: 10.1093/acprof:oso/9780198738671.003.0004

ebook with editors Mom the Chemistry Professor: Personal Accounts and Advice from Chemistry Professors Who Are 
Mothers, 2nd ed.; Woznack, K., Charlebois, A., Cole, R. S., Marzabadi, C. H., Webster, G., Eds.; 
Springer, 2018. DOI: 10.1007/978-3-319-78972-9

ebook series Cable, M. L. Life in Extreme Environments: Lanthanide-Based Detection of Bacterial Spores and Other 
Sensor Design Pursuits. Ph.D. Dissertation, California Institute of Technology, Pasadena, CA, 2010. 
http://resolver.caltech.edu/CaltechTHESIS:05102010-145436548 (accessed 2019-09-10).

Thesis or dissertation Tian D, Araki H, Stahl E, Bergelson J, Kreitman M. Signature of balancing selection in Arabidopsis. 
Proc Natl Acad Sci U S A. Forthcoming 2002.

Thesis or dissertation 
in print

Enander, R. T. Lead particulate and methylene chloride risks in automotive refinishing. Ph.D. Thesis, 
Tufts University, Medford, MA, 2001.

Website World Health Organization Home Page. https://www.who.int/ (accessed 2019-02-21).
Newspaper Beauge, J. School district sued over burns girl suffered during chemistry class demonstration. PennLive 

(Harrisburg, PA), November 17, 2018, updated November 17, 2018. https://www.pennlive.com/
news/2018/11/school_district_sued_over_burn.html (accessed 2019-02-22).

Conference abstract Okita, J.; Iwamoto, T.; Kira, M. Novel synthetic route for hydrosilyllithiums. In Book of Abstracts, 2000 
International Chemical Congress of Pacific Basin Societies (PACIFICHEM 2000), Honolulu, HI; Paper 
INOR 216.

Conference 
proceedings

Nilsson, A.; Petersson, F.; Persson, H. W.; Jönsson, H.; Laurell, T. Manipulation of suspended particles in 
a laminar flow. In Micro Total Analysis Systems 2002, Proceedings of the μTAS 2002 Symposium, Nara, 
Japan, November 3−7, 2002; Baba, Y., Shoji, S., van den Berg, A., Eds.; Kluwer Academic Publishers: 
Dordrecht, The Netherlands, 2002; Vol. 2, pp 751−753. DOI: 10.1007/978-94-010-0504-3_50

Database SpectraBase. Bio-Rad Laboratories. https://spectrabase.com/ (accessed 2020-01-05).
Patent Stern, M. K.; Cheng, B. K. M. Process for preparing N-(p-nitroaryl)amides via reaction of nitrobenzene 

with nitriles. US 5380946, 1995.
Preprint Yamamoto T. S.; Inui R.; Tada Y.; Yokoyama S. Prospects of detection of subsolar mass primordial black 

hole and white dwarf binary mergers. arXiv 2004, arXiv:2401.00044. Available online: https://arxiv.org/
abs/2401.00044 (accessed 29 December 2023).

2.3.3.10 Supplementary Materials
Additional data and information can be uploaded as Supplementary Materials to accompany the manuscripts. The 
supplementary materials will also be available to the referees as part of the peer-review process. Any file format is 
acceptable, such as data sheet (word, excel, csv, cdx, fasta, pdf or zip files), presentation (powerpoint, pdf or zip files), image 
(cdx, eps, jpeg, pdf, png or tiff), table (word, excel, csv or pdf), audio (mp3, wav or wma) or video (avi, divx, flv, mov, mp4, 
mpeg, mpg or wmv). All information should be clearly presented. Supplementary materials should be cited in the main text 
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in numeric order (e.g., Supplementary Figure 1, Supplementary Figure 2, Supplementary Table 1, Supplementary Table 2, 
etc.). The style of supplementary figures or tables complies with the same requirements on figures or tables in main text. 
Videos and audios should be prepared in English, and limited to a size of 500 MB.

2.4 Manuscript Format
2.4.1 File Format
Manuscript files can be in DOC,DOCX and Latex formats and should not be locked or protected.

2.4.2 Length
The word limit is specified in the item “Types of Manuscripts”. There are no restrictions on number of figures or amount of 
supporting documents. Authors are encouraged to present and discuss their findings concisely.

2.4.3 Language
Manuscripts must be written in English.

2.4.4 Multimedia Files
• The journal supports manuscripts with multimedia files. The requirements are listed as follows:
• Video or audio files are only acceptable in English. The presentation and introduction should be easy to understand. The 
frames should be clear, and the speech speed should be moderate.
• A brief overview of the video or audio files should be given in the manuscript text.
• The video or audio files should be limited to a size of up to 500 MB.
• Please use professional software to produce high-quality video files, to facilitate acceptance and publication along with 
the submitted article. Upload the videos in mp4, wmv, or rm format (preferably mp4) and audio files in mp3 or wav format.

2.4.5 Figures
• Figures should be cited in numeric order (e.g., Figure 1, Figure 2) and placed after the paragraph where it is first cited;
• Figures can be submitted in format of tiff, psd, AI or jpeg, with resolution of 300-600 dpi;
• Figure caption is placed under the Figure;
• Diagrams with describing words (including, flow chart, coordinate diagram, bar chart, line chart, and scatter diagram, 
etc.) should be editable in word, excel or powerpoint format. Non-English information should be avoided;
• Labels, numbers, letters, arrows, and symbols in figure should be clear, of uniform size, and contrast with the background;
• Symbols, arrows, numbers, or letters used to identify parts of the illustrations must be identified and explained in the 
legend;
• Internal scale (magnification) should be explained and the staining method in photomicrographs should be identified;
• All non-standard abbreviations should be explained in the legend;
• Permission for use of copyrighted materials from other sources, including re-published, adapted, modified, or partial 
figures and images from the internet, must be obtained. It is authors’ responsibility to acquire the licenses, to follow any 
citation instruction requested by third-party rights holders, and cover any supplementary charges.

2.4.6 Tables
• Tables should be cited in numeric order and placed after the paragraph where it is first cited;
• The table caption should be placed above the table and labeled sequentially (e.g., Table 1, Table 2);
• Tables should be provided in editable form like DOC or DOCX format (picture is not allowed);
• Abbreviations and symbols used in table should be explained in footnote;
• Explanatory matter should also be placed in footnotes;
• Permission for use of copyrighted materials from other sources, including re-published, adapted, modified, or partial tables 
from the internet, must be obtained. It is authors’ responsibility to acquire the licenses, to follow any citation instruction 
requested by third-party rights holders, and cover any supplementary charges.

2.4.7 Abbreviations
Abbreviations should be defined upon first appearance in the abstract, main text, and in figure or table captions and used 
consistently thereafter. Non-standard abbreviations are not allowed unless they appear at least three times in the text. 
Commonly-used abbreviations, such as DNA, RNA, ATP, etc., can be used directly without definition. Abbreviations in 
titles and keywords should be avoided, except for the ones which are widely used.

2.4.8 Italics
General italic words like vs., et al., etc., in vivo, in vitro; t test, F test, U test; related coefficient as r, sample number as n, 
and probability as P; names of genes; names of bacteria and biology species in Latin.

2.4.9 Units
SI Units should be used. Imperial, US customary and other units should be converted to SI units whenever possible. There 
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is a space between the number and the unit (i.e., 23 mL). Hour, minute, second should be written as h, min, s.

2.4.10 Numbers
Numbers appearing at the beginning of sentences should be expressed in English. When there are two or more numbers 
in a paragraph, they should be expressed as Arabic numerals; when there is only one number in a paragraph, number < 10 
should be expressed in English and number > 10 should be expressed as Arabic numerals. 12345678 should be written as 
12,345,678.

2.4.11 Equations
Equations should be editable and not appear in a picture format. Authors are advised to use either the Microsoft Equation 
Editor or the MathType for display and inline equations.

2.5 Submission Link
Submit an article via https://www.oaecenter.com/login?JournalId=wecn.

3. Research and Publication Ethics
3.1 Research Involving Human Subjects
All studies involving human subjects must be in accordance with the Helsinki Declaration and seek approval to conduct the 
study from an independent local, regional, or national review body (e.g., ethics committee, institutional review board, etc.). 
Such approval, including the names of the ethics committee, institutional review board, etc., must be listed in a declaration 
statement of Ethical Approval and Consent to Participate in the manuscript. If the study is judged exempt from ethics 
approval, related information (e.g., name of the ethics committee granting the exemption and the reason for the exemption) 
must be listed. Further documentation on ethics should also be prepared, as Editors may request more detailed information. 
Manuscripts with suspected ethical problems will be investigated according to COPE Guidelines.

3.1.1 Consent to Participate
For all studies involving human subjects, informed consent to participate in the studies must be obtained from participants, 
or their parents or legal guardians for children under 16. Statements regarding consent to participate should be included in a 
declaration statement of Ethical Approval and Consent to Participate in the manuscript. If informed consent is not required, 
the name of the ethics committee granting the exemption and the reason for the exemption must be listed. If any ethical 
violation is found at any stage of publication, the issue will be investigated seriously based on COPE Guidelines.

3.1.2 Consent for Publication
All articles published by OAE are freely available on the Internet. All manuscripts that include individual participants’ 
data in any form (i.e., details, images, videos, etc.) will not be published without Consent for Publication obtained from that 
person(s), or for children, their parents or legal guardians. If the person has died, Consent for Publication must be obtained 
from the next of kin. Authors must add a declaration statement of Consent for Publication in the manuscript, specifying 
written informed consent for publication has been obtained.

3.2 Research Involving Animals
Experimental research on animals should be approved by an appropriate ethics committee and must comply with 
institutional, national, or international guidelines. OAE encourages authors to comply with the AALAS Guidelines, 
the ARRIVE Guidelines, and/or the ICLAS Guidelines, and obtain prior approval from the relevant ethics committee. 
Manuscripts must include a statement indicating that the study has been approved by the relevant ethical committee and the 
whole research process complies with ethical guidelines. If a study is granted an exemption from requiring ethics approval, 
the name of the ethics committee granting the exemption and the reason(s) for the exemption should be detailed. Editors 
will take account of animal welfare issues and reserve the right to reject a manuscript, especially if the research involves 
protocols that are inconsistent with commonly accepted norms of animal research.

3.3 Research Involving Cell Lines
Authors must describe what cell lines are used and their origin so that the research can be reproduced. For established cell 
lines, the provenance should be stated and references must also be given to either a published paper or to a commercial 
source. For de novo cell lines derived from human tissue, appropriate approval from an institutional review board or 
equivalent ethical committee, and consent from the donor or next of kin, should be obtained. Such statements should be 
listed on the Declaration section of Ethical Approval and Consent to Participate in the manuscript.

Further information is available from the International Cell Line Authentication Committee (ICLAC). OAE recommends 
that authors check the NCBI database for misidentification and contamination of human cell lines.

3.4 Research Involving Plants
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Experimental research on plants (either cultivated or wild), including collection of plant material, must comply with 
institutional, national, or international guidelines. Field studies should be conducted in accordance with local legislation, 
and the manuscript should include a statement specifying the appropriate permissions and/or licenses. OAE recommends 
that authors comply with the IUCN Policy Statement on Research Involving Species at Risk of Extinction and the Convention 
on the Trade in Endangered Species of Wild Fauna and Flora.

For each submitted manuscript, supporting genetic information and origin must be provided for plants that were utilized. For 
research manuscripts involving rare and non-model plants (other than, e.g., Arabidopsis thaliana, Nicotiana benthamiana, 
Oriza sativa, or many other typical model plants), voucher specimens must be deposited in a public herbarium or other 
public collections providing access to deposited materials.

3.5 Publication Ethics Statement
OAE is a member of the Committee on Publication Ethics (COPE). We fully adhere to its Code of Conduct and to its Best 
Practice Guidelines.

The Editors of this journal enforce a rigorous peer-review process together with strict ethical policies and standards to 
guarantee to add high-quality scientific works to the field of scholarly publication. Unfortunately, cases of plagiarism, data 
falsification, image manipulation, inappropriate authorship credit, and the like, do arise. The Editors of Water Emerging 
Contaminants & Nanoplastics take such publishing ethics issues very seriously and are trained to proceed in such cases 
with zero tolerance policy.

Authors wishing to publish their papers in Water Emerging Contaminants & Nanoplastics must abide to the following:
• The author(s) must disclose any possibility of a conflict of interest in the paper prior to submission.
• The authors should declare that there is no academic misconduct in their manuscript in the cover letter.
• Authors should accurately present their research findings and include an objective discussion of the significance of their 
findings.
• Data and methods used in the research need to be presented in sufficient detail in the manuscript so that other researchers 
can replicate the work.
• Authors should provide raw data if referees and the Editors of the journal request.
• Simultaneous submission of manuscripts to more than one journal is not tolerated.
• Republishing content that is not novel is not tolerated (for example, an English translation of a paper that is already 
published in another language will not be accepted).
• The manuscript should not contain any information that has already been published. If you include already published 
figures or images, please get the necessary permission from the copyright holder to publish under the CC-BY license.
• Plagiarism, data fabrication and image manipulation are not tolerated.
• Plagiarism is not acceptable in OAE journals.

Plagiarism involves the inclusion of large sections of unaltered or minimally altered text from an existing source without 
appropriate and unambiguous attribution, and/or an attempt to misattribute original authorship regarding ideas or results, 
and copying text, images, or data from another source, even from your own publications, without giving credit to the source.

As to reusing the text that is copied from another source, it must be between quotation marks and the source must be cited. 
If a study’s design or the manuscript’s structure or language has been inspired by previous studies, these studies must be 
cited explicitly.

If plagiarism is detected during the peer-review process, the manuscript may be rejected. If plagiarism is detected after 
publication, we may publish a Correction or retract the paper.

Falsification is manipulating research materials, equipment, or processes, or changing or omitting data or results so that the 
findings are not accurately represented in the research record.

Image files must not be manipulated or adjusted in any way that could lead to misinterpretation of the information provided 
by the original image.

Irregular manipulation includes: introduction, enhancement, moving, or removing features from the original image; 
grouping of images that should be presented separately, or modifying the contrast, brightness, or color balance to obscure, 
eliminate, or enhance some information.

If irregular image manipulation is identified and confirmed during the peer-review process, we may reject the manuscript. 
If irregular image manipulation is identified and confirmed after publication, we may publish a Correction or retract the 
paper.
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OAE reserves the right to contact the authors’ institution(s) to investigate possible publication misconduct if the Editors find 
conclusive evidence of misconduct before or after publication. OAE has a partnership with iThenticate , which is the most 
trusted similarity checker. It is used to analyze received manuscripts to avoid plagiarism to the greatest extent possible. 
When plagiarism becomes evident after publication, we will retract the original publication or require modifications, 
depending on the degree of plagiarism, context within the published article, and its impact on the overall integrity of the 
published study. Journal Editors will act under the relevant COPE guidelines.

4. Authorship
Authorship credit of OAE journals should be solely based on substantial contributions to a published study, as specified in 
the following four criteria:
1. Substantial contributions to the conception or design of the work, or the acquisition, analysis, or interpretation of data 
for the work;
2. Drafting the work or revising it critically for important intellectual content;
3. Final approval of the version to be published;
4. Agreement to be accountable for all aspects of the work in ensuring that questions related to the accuracy or integrity 
of any part of the work are appropriately investigated and resolved.

All those who meet these criteria should be identified as authors. Authors must specify their contributions in the section 
Authors’ Contributions of their manuscripts. Contributors who do not meet all the four criteria (like only involved in 
acquisition of funding, general supervision of a research group, general administrative support, writing assistance, 
technical editing, language editing, proofreading, etc.) should be acknowledged in the section of Acknowledgement in the 
manuscript rather than being listed as authors.

If a large multiple-author group has conducted the work, the group ideally should decide who will be authors before the 
work starts and confirm authors before submission. All authors of the group named as authors must meet all the four 
criteria for authorship.
AI and AI-assisted technologies should not be listed as an author or co-author.

5. Reviewers Exclusions
You are welcome to exclude a limited number of researchers as potential Editors or reviewers of your manuscript. To 
ensure a fair and rigorous peer review process, we ask that you keep your exclusions to a maximum of three people. If you 
wish to exclude additional referees, please explain or justify your concerns—this information will be helpful for Editors 
when deciding whether to honor your request.

6. Editors and Journal Staff as Authors
Editorial independence is extremely important and OAE does not interfere with editorial decisions.

Editorial staff or Editors shall not be involved in the processing their own academic work. Submissions authored by 
editorial staff/Editors will be assigned to at least three independent outside reviewers. Decisions will be made by other 
Editorial Board members who do not have conflict of interests with the author. Journal staffs are not involved in the 
processing of their own work submitted to any OAE journals.

7. Policy of the Use of AI and AI-assisted Technologies
7.1 AI Authorship
Generative AI and AI-assisted technologies (e.g., large language models) are increasingly employed in content creation. 
However, their use in manuscript preparation is strictly limited:

• Prohibited applications: These tools must not be used to perform core research tasks, including generating scientific 
insights, analyzing/interpreting data, or drawing scientific conclusions.
• Permitted applications: They may only be used to enhance manuscript readability and language quality.
All AI technologies must be used under human oversight, as they may produce inaccurate or biased content. AI tools cannot 
be listed as authors/co-authors or cited as such. Authors retain full responsibility for all content, including AI-generated 
material.

Exceptions for methodological use:
If AI tools are integral to the research design/methodology, authors must:
1. Document usage transparently in the Materials and Methods section, specifying:
• Tool/model name
• Version/extension number
• Manufacturer
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2. Include a declaration titled “Declaration of Generative AI Use” before the reference section, stating:
“During the preparation of this work, the author(s) used [TOOL NAME] due to [reason]. The author(s) reviewed and edited 
all AI-generated content and accept full responsibility for the published material.”
Note: No declaration is required for basic grammar/spelling checkers or reference managers.

7.2 Generative AI in Visual Content
OAE prohibits the use of generative AI/AI-assisted tools to create or modify images, including:
• Graphical abstracts
• Cover images
• Figures within manuscripts

Permitted adjustments limited to:
• Brightness/contrast correction
• Color balance optimization
provided these edits do not obscure, delete, or misrepresent original image data.

7.3 AI Use in Peer Review
Confidentiality requirements:
• Reviewers must not upload manuscripts/materials to AI platforms, as this:
1. Violates OAE’s confidentiality policies
2. Risks intellectual property infringement
3. May compromise personal data in identifiable content

Review integrity standards:
• Peer review must remain human-driven – AI tools cannot replace critical scholarly judgment.
• Reviewers must not use AI for manuscript evaluation due to risks of:
1. Inaccurate/incomplete assessments
2. Algorithmic bias

Declaration requirement: Reviewers retain full accountability for their reports, if any aspect of the manuscript’s evaluation 
was supported in any way by an AI tool, reviewers must explicitly disclose it in their report.

OAE will periodically reassess this policy to align with technological advancements and academic standards.

8. Conflict of Interests
OAE journals require authors to declare any possible financial and/or non-financial conflicts of interest at the end of 
their manuscript and in the cover letter, as well as confirm this point when submitting their manuscript in the submission 
system. If no conflicts of interest exist, authors need to state “The authors declare no conflicts of interest”. We also 
recognize that some authors may be bound by confidentiality agreements, in which cases authors need to sate “The 
authors declare that they are bound by confidentiality agreements that prevent them from disclosing their competing 
interests in this work”.

9. Editorial Process
9.1 Initial check
9.1.1 Initial manuscript check
New submissions are initially checked by the Managing Editor from the perspectives of originality, suitability, structure 
and formatting, conflicts of interest, background of authors, etc. Poorly-prepared manuscripts may be rejected at this stage. 
If your manuscript does not meet one or more of these requirements, we will return it for further revisions.

9.1.2 Publishing ethics
All manuscripts submitted to Water Emerging Contaminants & Nanoplastics are screened using iThenticate powered 
by CrossCheck to identify any plagiarized content. Your study must also meet all ethical requirements as outlined in our 
Editorial Policies. If the manuscript does not pass any of these checks, we may return it to you for further revisions or 
decline to consider your study for publication.

9.2 Editorial assessment
Once your manuscript has passed the initial check, our editorial team will assign it to an Academic Editor, i.e., the Editor-
in-Chief in the case of regular submissions, the Guest Editor in the case of Special Issue submissions, or an Editorial 
Board member in case of a conflict of interest, who will be notified of the submission and invited to check and recommend 
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reviewers. The Academic Editors may reject manuscripts that they deem highly unlikely to pass peer review without 
further consultation.

9.3 Process
Water Emerging Contaminants & Nanoplastics operates a single-blind review process. The technical quality of the research 
described in the manuscript is assessed by a minimum of three independent expert reviewers. The Academic Editor is 
responsible for the final decision regarding acceptance or rejection of the manuscript. For controversial manuscripts, the 
Editor-in-Chief is responsible for making the final decision.

9.4 Decisions
Your research will be judged on technical soundness only, not on its perceived impact as judged by Editors or referees. 
There are three possible decisions: Accept (your study satisfies all publication criteria), Invitation to Revise (more work is 
required to satisfy all criteria), and Reject (your study fails to satisfy key criteria and it is highly unlikely that further work 
can address its shortcomings).

10. Contact Us
Managing Editor
Serein Hu
Email: watercontaminants@oaemesas.com

Locations
Los Angeles Office
245 E Main Street Ste 107, Alhambra CA 91801, USA
Tel: +1 323 9987086

Xi’an Office
Suite 1504, Plaza A, Xi’an National Digital Publishing Base, No. 996 Tiangu 7th Road, Gaoxin District, Xi’an 710077, 
Shaanxi, China
Tel: +86 (0)29 8954 0089
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